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Interactions between sediments and water 

Summary of the 9th International lASWS Symposium 

Ellen L. Petticrew^ Ian G. Droppo^ & Brian Kronvang^ 

^Geography Program, University of Northern British Columbia, Canada 
^National Water Research Institute, Environment Canada 
^National Environmental Research Institute, Denmark 



Introduction 

The important role of sediment in aquatic systems has 
garnered much attention in the last few decades from 
both an applied and a research perspective. Recogni- 
tion of the environmental influence of both sediment 
and sediment-associated chemical (nutrients and con- 
taminants) transfers and storage on aquatic ecosystems 
has generated much concern within both research and 
regulatory agencies. Studies have been undertaken by 
a variety of individuals in a wide range of disciplines 
as the environmental problems are found in rivers, 
lakes, wetlands, estuaries and oceans and affect the 
biological, chemical, physical and social components 
of the system. Since 1976 an interdisciplinary group 
of international researchers have met tri-annually to 
share their knowledge about sediment water inter- 
actions. The International Association for Sediment 
Water Science held its ninth symposium on the Inter- 
actions Between Sediments and Water in May of 2002 
in Banff, Canada. This paper presents the highlights 
and a summary of that symposium. 



Background 

In the 1970s a growing concern over the changing con- 
dition and fate of aquatic systems led to a research 
emphasis on the interactions of sediments and water. 
Sediments act as both a pollutant in natural habit- 
ats as well as a vector for the transfer of chemicals 
such as nutrients and contaminants. The sediment- 
water research was being undertaken worldwide and 
throughout a wide variety of disciplines but the ques- 
tions, approaches and concerns were similar, so a 
group of scientists arranged to meet to share their 
knowledge and problems in Amsterdam in 1976. Thus 
began the International Association for Sediment Wa- 
ter Science (lASWS), which brought together a wide 



range of researchers from disciplines including limno- 
logy, oceanography, hydrology, biogeochemistry, geo- 
morphology, sedimentology, aquatic ecology, aquatic 
chemistry and environmental engineering. The sym- 
posium that began in Amsterdam, Netherlands (1976) 
has continued on a three-year cycle, meeting in 
Canada (1981), Switzerland (1984), Australia (1987), 
Sweden (1990), U.S. (1993), Italy (1996) and China 
(1999). These tri-annual symposiums provide a forum 
for interdisciplinary discussions with the aim of better 
integrating knowledge of the biological, physical and 
chemical processes between sediments and water. The 
scale of the meeting is such that the exchange of ideas, 
techniques and approaches is fostered encouraging 
this integration and enabling future collaboration. 



Symposium venue and structure 

The 9th International Symposium on the Interactions 
between Sediments and Water was held in Banff, 
Canada between May 5 and 10, 2002. At the 9th 
symposium, 140 delegates attended, representing 31 
countries. Of this group of researchers attending the 
Canadian symposium, 24 were students representing 
countries as distant as Korea, Australia and the U.K. 
Banff, Canada was an excellent venue for a sediment 
and water symposium, as it provided a superb visual 
setting among sedimentary mountains and gravel bed 
rivers. These past and present sediment-water activ- 
ities were a constant reminder of the scientific focus 
from our vantage point at the Banff Springs Hotel, 
nestled in the Rocky Mountains along the Bow River. 
Delegates and accompanying persons took a full day 
field trip into the mountains mid-week to view and 
hear about the geologic and general history of Banff 
National Park, a UNESCO World Heritage Site and 
Yoho National Park, the location of the Burgess 
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Shales. Commentary on the wildlife, ecology and park 
management issues were provided as well. 

Symposium focus 

Generally, the lASWS explores issues concerning as- 
pects of fresh and salt-water systems and their sed- 
iments. At the 9th Symposium three themes within 
this broad interest area were selected, the evaluation 
and/or restoration of disturbed watersheds, linkages 
between terrestrial and aquatic environments, and the 
role of sediment and water interactions in evaluating 
change in aquatic habitats. Three concurrent sessions, 
one representing each of the themes comprised 110 
presentations in 29 sessions. Of these, five sessions 
focused on sediment budgets, three sessions on bio- 
logical and sediment interactions, eight sessions on 
sediment associated contaminants or nutrients, six on 
disturbed catchments, two on sediment-water dynam- 
ics and one on risk assessment. A well-attended poster 
session had 28 presentations covering the full range of 
themes. 

Theme A - assessing and/or restoring disturbed 
watersheds 

The first theme was introduced with a plenary talk by 
Dr. Gordon Grant of the United States Department of 
Agriculture, Forest Service, who spoke on “Emerging 
Issues for Water, Sediment and Rivers - an Interna- 
tional and Cross-Cultural Comparison”. This initial 
presentation set the stage for the meeting by presenting 
an overview of how strongly water and sediment issues 
are conditioned by their social and geomorphic set- 
tings. A range of international settings were provided 
as case studies. 

One of the main foci within this theme was the 
environmental impact of physical catchment disturb- 
ances, including dam implementation and removal, 
mining activities and urbanization. The Electric Power 
Research Institute (EPRI) sponsored the two sessions 
on the impact of dams. The research presented evalu- 
ated the extent and severity of sedimentation problems 
in reservoirs, with various best management practices 
evaluated to minimize the impact of dams on sedi- 
ment transport and riparian zone degradation. Con- 
taminant evaluations and remediation options were 
also discussed with the impact of sedimentation and 
sediment remediation on the benthic and fish com- 
munities presented from specific projects. EPRI is 
currently working on developing guidelines for sedi- 



ment management specifically related to the impact of 
dams. 

The source and fate of metals within watersheds 
influenced by mining activities was another focus. 
Modeling was emphasized as an appropriate tool for 
evaluating the significance of various processes as- 
sociated with sediment contaminant interactions and 
transport. Two common concerns were the require- 
ment for more data for model validation and the need 
to more fully understand the processes at work in these 
disturbed basins. 

The emphasis of the research presentations on urb- 
anized basins was towards identifying and measuring 
the source, fate and effect of sediment related con- 
taminants. The role of variable flow regimes on the 
movement and storage of these sediments was also ad- 
dressed. Papers in these sessions incorporated a range 
of chemical, biological and physical indicators to 
assess these anthropogenically modified catchments. 

Two sessions on particle behavior emphasized how 
relevant particle dynamics are in controlling material 
fluxes in aquatic systems. This included both inorganic 
and organic matter. While the process-oriented studies 
of particle behavior were predominantly undertaken at 
small scales, the effect of these behaviours on sedi- 
ment transfers and storage act on much larger scales 
thereby linking these results to the larger concerns of 
catchment sediment transfers and sediment associated 
contaminant transport. 

While many of the talks in this theme identified a 
need for predictive ability regarding impacts for res- 
toration or assessment, a specific session on sediment 
related risk assessment addressed the current state of 
some available approaches. The lack of a more quant- 
itative approach was recognized as a limitation for 
ecologically-based risk assessment. Uncertainty and 
cost-benefit tradeoffs associated with modeling an- 
thropogenic impacts again emphasizes a requirement 
for more site specific data if more quantitative models 
are to be used or developed in the future. 

Theme B - sediment-water linkages in terrestrial and 
aquatic environments 

The second theme comprised two foci, the first being 
sediment budgets which addressed issues of catchment 
sediment supply, transfer and storage. The source, fate 
and effect of sediment related nutrients and contam- 
inants was the other focus of the terrestrial-aquatic 
linkage theme. The plenary speech was delivered by 
Dr. Olav Slaymaker from the University of British 
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Columbia Geography Department. He discussed the 
strengths and weaknesses of using sediment budgets 
as a conceptual tool for integrated watershed manage- 
ment. A main point was that most studies emphasize 
only one of the three components of mass transfer 
(elastics, solute and nutrients) while the problems 
that currently exist in catchment management require 
knowledge and information of all three. 

The critical importance of accuracy and precision 
in measurements of sediment fluxes was emphasized 
in several talks, discussions and posters. Errors as- 
sociated with the measurement of inputs and outputs 
need to be minimized but also they must be quantified. 
The inevitable result of not having these values results 
in the error being transferred to the unknown terms, 
potentially increasing their perceived importance. It 
was clear that our ability to distinguish sampling and 
analytical variability from true spatial variability needs 
to be improved if we expect to understand the natural 
processes. This requirement also reflects on the need 
to ensure the selection of representative field sites so 
that we are better able to characterize the tme spatial 
variability. 

Techniques presented in these sessions were broad 
and from a range of disciplines. They included geo- 
chemical fingerprinting, GIS, remote sensing, isotopic 
dating and numerical modeling. Several presentations 
dealing with sediment budgets reflected back on points 
identified in the first plenary talk by Gordon Grant 
in that differences in socio-political and/or cultural 
responses to anthropogenic disturbance were identi- 
fied as important factors in changing sediment delivery 
over given time periods through recent history. 

Inevitably the transfers of sediment through 
aquatic environments incorporates the flux of contam- 
inants and nutrients. The papers presented in these 
sessions highlighted the importance of considering 
and integrating processes occurring at different spatial 
and temporal scales to understand the transport and 
retention of nutrients and contaminants in rivers, lakes 
and marine environments. While the efforts to study 
aquatic systems (rivers, lakes and oceans) are gener- 
ally independent the methods and questions are often 
very similar. 

Theme C - evaluating change in saline and/or 
freshwater habitat 

The third theme incorporated papers and posters 
on biological and hydrodynamic interactions in 
sediment-water systems, often in the context of 



sediment-associated contaminants. While the oppor- 
tunity to address long-term change was an option, 
the bulk of the papers dealt with spatial or short- 
term changes in sediment and/or water conditions. Dr 
Markus Huettel from the Max Planck Institute for 
Marine Microbiology was the plenary speaker for this 
third theme. He addressed the hydrodynamic impact 
of biogeochemical processes in aquatic sediment. He 
presented data from a number of experiments em- 
phasizing that the diffusive boundary layer near the 
sediment-water interface changes as a function of 
microtopography, benthic activity and sediment poros- 
ity, resulting in complex biogeochemical transport 
processes. 

In the three sessions addressing bio-sediment in- 
teractions, the range of biological systems included 
bacteria, benthic organisms, macrophytes and fish. As 
an example of the connectivity between sessions, the 
macrophyte papers integrated the hydrodynamic pro- 
cesses with biological components of the system to 
determine their influence on sediment storage and/or 
quality. Several of these talks and some posters con- 
nected back to the first theme, restoration of wa- 
tersheds, as they dealt with the response of fish 
populations to altered sediment regimes associated 
with riparian restoration techniques. Applied aspects 
of sediment remediation both from a biological and 
chemical perspective were also presented in several of 
this theme’s sessions. 

Another group of papers dealt with the geochem- 
ical changes of particles in water. The applied and 
theoretical components of this work demonstrated the 
value of integrating chemical bench research with 
field-based sediment-contaminant issues. Some of the 
field-based research projects were complimented by 
specific techniques and approaches to quantify hydro- 
dynamic processes at the sediment-water interface. 
The rationale for much of this work was to gain more 
detailed information on the magnitude and scales of 
transport, deposition and erosion processes associated 
with sediment and sediment-associated contaminants 
in aquatic systems. 

Symposium proceedings 

This symposium proceedings represent 43 of the 138 
papers delivered in Banff, Canada. They are presen- 
ted and ordered here according to the three themes 
outlined above. The full set of published abstracts 
for the meeting is located on the lASWS website: 
www.wsc.monash.edu/au/iasws/ninthconference.html. 
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Summary 

Following what we felt was a successful symposium 
in Canada, we look forward to meeting again to dis- 
cuss advances in sediment-water issues at the 10th 
Symposium. It is to be held at Lake Bled, Slovenia in 
September, 2005. Anyone wishing to obtain informa- 
tion or join the International Association for Sediment 
Water Science can contact the lASWS secretary Dr 
Carolyn Oldham at c.oldham@cwr.uwa.edu.ca. 
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Abstract 

We tested the hypothesis that urbanization alters stream sediment regimes and homogenizes fish assemblages in 
30 sub-basins of the Etowah River. Sediment variables included average particle size (mean phi) of the stream 
bed, percent fines (<2 mm) in riffles, and baseflow turbidity (NTU). Homogenization was quantified as ratios of 
endemic to cosmopolitan species richness (EriQ) and abundance (Ea:Ca). High NTU and fine stream beds were 
associated with homogenized assemblages (i.e., lower E:C ratios). Mean phi and NTU were significantly correlated 
with E:C ratios (r = —0.74 to —0.16) and, when combined using multiple regression, accounted for 73% of the 
variance in ratios. Stream slope strongly covaried with mean phi (r = —0.92) and percent fines in riffles (r = 
—0.79), but multiple regression models showed that urbanized sites had finer beds and riffles than predicted by 
slope alone. Urban land cover was the primary predictor of NTU (r^ = 0.42) and, combined with slope in multiple 
regression, explained 51% of the variance in NTU. Our results indicate that stream slope is a background variable 
predicting particle size and E:C ratios in these streams. Urbanization disrupts these relationships by transforming 
clear streams with coarse beds into turbid streams with finer beds. These conditions favor cosmopolitan species, 
ultimately homogenizing fish assemblages. Bed texture was linked to urbanization; however, NTU was the best 
indicator of urban impacts because it was statistically independent from slope. 



Introduction 

Urban development is a pervasive form of environ- 
mental disturbance that globally threatens stream sys- 
tems. Urbanization causes major changes in stream 
hydrology, geomorphology, water quality, and stream 
communities (Baer & Pringle, 2000). Degradation 
of stream ecosystems occurs at low levels of urban 
land cover, and a growing body of evidence suggests 
that the impact of urbanization is more severe than 
other land uses such as agriculture or forestry (Paul 
& Meyer, 2001). Urbanization has been associated 
with declines in fish richness, diversity, density, and 
biotic integrity (Paul & Meyer, 2001), but its role in 
homogenizing fish assemblages is unstudied. 

Homogenization generally refers to the replace- 
ment of regionally distinct faunas with a few invasive 
species tolerant of human disturbance (McKinney & 



Lockwood, 1999). These invasive species are usually 
characterized as widespread, generalist, cosmopol- 
itan or ‘weedy’ species that gain access to degraded 
habitats either through range expansion or human in- 
troduction. They replace narrowly distributed, often 
specialized, endemic taxa that are sensitive to hab- 
itat alteration (McKinney & Lockwood, 1999). This 
process is well documented for terrestrial systems 
and organisms such as birds and plants (McKinney 
& Lockwood, 1999), but is relatively understud- 
ied for aquatic systems and fishes. Recently, Rahel 
(2000) found that extensive homogenization of fishes 
in the conterminous United States was due largely to 
introductions of fishes for angling and aquaculture. 
Scott & Helfman (2001) attributed homogenization 
of assemblages in Southern Appalachian streams to 
range expansion of native cosmopolitans and riparian 
disturbance, and they hypothesized that differential 
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tolerance of endemic and cosmopolitan species to 
excessive sedimentation contributed to the process. 

In this study, we quantified relationships between 
urbanization and homogenization in the Etowah River 
basin, a system with exceptional levels of fish 
endemism and a long history of land disturbing activ- 
ities (e.g., mining and agriculture) (Burkhead et al., 
1997). In an earlier study of these streams, Walters 
(2002) found that endemics were benthic specialists 
positively associated with steep gradients and coarse 
stream beds, but that endemics declined with increas- 
ing urban land cover. The mechanism of decline was 
not identified, but altered sediment regime was im- 
plicated. Urbanization substantially increases stream 
sediment inputs through upland erosion or increased 
bank scour (Wolman, 1967), and we predict that 
changes in sediment regime contribute to the decline 
of endemics fishes. We predict that cosmopolitans will 
increase because they are adapted to lowland river 
systems that often have higher turbidities and finer 
stream beds than upland streams and that, as upland 
streams become more sediment-laden, they become 
more hospitable to cosmopolitan species. Specifically, 
we address the questions: (1) Do ratios of endemic to 
cosmopolitan fishes decline with increasing turbidity 
and finer stream beds; and (2) Are increasing turbidity 
and finer stream beds associated with urbanization in 
a basin with a history of soil disturbing activities? 



Materials and methods 

We sampled 30 Piedmont streams draining basins of 
11-126 km^ in the Etowah River basin immediately 
north of Atlanta in northern Georgia, U.S.A. Large- 
scale human disturbance of the region began around 
1830 and included gold mining, deforestation, and 
row crop agriculture (Burkhead et al., 1997). Much 
of the area was reforested after around 1930. Extens- 
ive urbanization of the area began around 1980 and 
the Atlanta metropolitan area is currently one of the 
most rapidly developing regions in the United States 
(U.S. Department of Agriculture, 2000). The Etowah 
drains part of the Southern Appalachian Highlands, a 
region widely recognized as a global hotspot of tem- 
perate freshwater fish diversity and endemism (Warren 
et al., 2000). The Etowah has 91 native fishes in 18 
families including 11 species endemic to the larger 
Alabama River drainage, which includes the Etowah 
basin (Burkhead et al., 1997). 



Eishes were sampled in summer 1999 and 2000 by 
electrofishing reaches 40 times stream width. Sampled 
reaches ranged in length from 200 to 400 m, and de- 
tailed sampling methodology is available in Walters 
(2002). Homogenization was calculated as the ratios 
of endemic to cosmopolitan species richness (Er:Cr) 
and abundance (Ea:Ca). Low values indicate domin- 
ance by cosmopolitan species and a high degree of 
homogenization. We defined cosmopolitan species as 
fishes native to at least 10 major drainages (Warren 
et al., 2000) and endemics as species whose distri- 
butions are limited primarily to the highland region 
of the Alabama River drainage (Mettee et al., 1996) 
(Appendix 1). 

Stream slope and bed sediment variables were 
measured in reaches scaled to 20 times average base- 
flow stream width. Slope was calculated as the average 
gradient of the water surface between the tops of 
riffles and was surveyed with an electronic total sta- 
tion (TOPCON® GTS-311). Mean phi of the stream 
bed was determined from visual counts conducted sys- 
tematically along 5 longitudinal transects within the 
wetted channel (Walters, 2002). Mean percentage of 
fines in riffles (particles <2 mm by sieved weight) was 
calculated from three-liter soil samples taken from the 
top 10 cm of three riffles in each reach. Geometric 
mean turbidity (nephelometric turbidity units, NTU) 
was calculated from six baseflow samples collected 
throughout the year. To ensure comparable baseflow 
conditions, we limited sampling to periods without 
significant rainfall during the previous 72 h. 

Land cover data were derived from Landsat TM 
images from June 1987 and July 1997 (Lo & Yang, 
2000). Two urban land cover types were classified. 
High-density urban (HDU) was 80-100% construc- 
tion material and included commercial developments 
and multi-lane highways. Low-density urban (LDU) is 
50-80% construction material and is characterized by 
single or multiple family housing developments and 
smaller roads. The percentage of LDU and HDU were 
summed to calculate total basin urban land cover (U). 
Totals from 1987 were subtracted from 1997 totals 
to calculate the percentage of basin area converted to 
each urban category. These urban conversion variables 
indicated the intensity of urbanization for each basin 
over the decade. 

We used Pearson correlation analysis to assess the 
relationship of homogenization to sediment and urban 
variables. Appropriate transformations were applied 
to achieve normality of independent and dependent 
variables prior to statistical analysis. Stream slope 
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and basin area were included in these analyses be- 
cause they were predictive of some elements of fish 
assemblage structure and because slope covaried with 
some bed texture variables (Walters, 2002). We used 
forward stepwise regression to develop three sets of 
models linking the fishes and independent variables. 
First, we developed models of sediment and E:C ra- 
tios. Second, we modeled sediment variables using 
stream size, slope, and urban land cover. Finally, we 
modeled E:C ratios combining urban, geomorphic, 
and sediment variables. The latter hierarchical mod- 
els assessed the relative predictive power of variables 
measured at basin, reach, and microhabitat (i.e., fines 
in riffles) scales to explain variation in E:C ratios. 



Results 

Species richness ranged from 10 to 30 species across 
sites with a range of 0 to 38% endemic species and 0 
to 65% endemic abundances. Cyprinids, centrarchids, 
and percids were the most common fishes and fre- 
quently accounted for >70% of site species richness 
and abundance. Reach slope varied from 0.001 to 0.01, 
mean phi ranged from -6.4 (cobble) to 0.4 (sand), and 
baseflow turbidity varied from 2.7 to 17.8 NTU. Urban 
land cover (U) varied from 5 to 37% and mean U 
across sites nearly doubled from 8 to 15% from 1987 
to 1997. Low-density urban (LDU) was the dominant 
type of development and accounted for about 87% of 
total U. 

The E:C ratios were highly autocorrelated (r = 
0.94) and showed a similar response to sediment 
and urban variables (Table 1). Homogenization ratios 
were negatively correlated with NTU, fines in riffles, 
and mean phi indicating that endemic species decline 
and cosmopolitan species increase in turbid streams 
with fine-textured beds. The E:C ratios increased 
with stream slope and were negatively correlated with 
urban land cover. Urban land cover was a poor pre- 
dictor of bed texture, but was positively correlated 
with baseflow NTU. In contrast, stream slope was a 
strong predictor of both bed texture variables and was 
negatively correlated with NTU. 

Mean phi and baseflow NTU explained nearly 75% 
of the variance in E:C ratios (Table 2). In the phi scale, 
smaller particles have larger values, so the negative 
correlations indicated that E:C ratios increased as the 
size of bed sediment increased. Much of the variation 
in local bed texture and NTU was explained by a com- 
bination of reach slope and urban land cover. Slope 



was the primary predictor of mean phi, but urban 
land cover was associated with finer stream beds and 
riffles than predicted by slope alone. Finer stream beds 
were associated with LDU development from 1987 to 
1997, and fines in riffles increased significantly with 
HDU. Urban land cover was the primary predictor of 
NTU, but lower baseflow NTU was also associated 
with steeper streams. 

We could not include both mean phi and slope 
in the stepwise procedure because they covaried too 
strongly. Compared with bed sediment, slope is essen- 
tially invariant to changes in catchment land use in the 
context of our study. Thus, we treated slope as a back- 
ground variable controlling bed texture and used it for 
the stepwise analysis. Even though NTU and 1997 
U were also related, correlation strength (r = 0.65) 
was low enough to include both variables in the ana- 
lysis. The stepwise procedure indicated that baseflow 
NTU was the strongest predictor of homogenization 
ratios followed by slope, and 1997 U. Hierarchical 
models explained 81% and 77% of the variance in 
Er:Cr and Ea:Ca, respectively. Percent 1997 U entered 
into the models along with NTU suggesting that addi- 
tional urban influences (other than elevated turbidity) 
contribute to homogenization of the fish assemblages. 



Discussion 

Our results agree with the general hypothesis that 
large-scale human disturbance homogenizes regional 
faunas (McKinney & Lockwood, 1999). Urbanization 
alters stream habitats making them more favorable for 
cosmopolitan species. Reach-level variation in stream 
slope controlled bed texture, which is the primary pre- 
dictor of E:C ratios. We used multiple linear regression 
to account for the nonanthropogenic influence of slope 
and to isolate the urban effect. This analysis indicated 
that urban development disrupted the relationships 
between fishes, bed sediment, and slope in at least 
two ways. Urbanization was associated with smal- 
ler bed-particle sizes and increased baseflow NTU. 
Thus, urbanization tended to transform clear streams 
with coarse beds into turbid streams with finer beds, 
favoring cosmopolitan species over endemic taxa. 

Baseflow NTU was a better indicator of urban 
effects on fishes than measures of bed sediment. Al- 
though urban land cover explained significant variance 
in bed texture, the changes were subtle compared to 
the overriding influence of stream slope. Prior to in- 
tense human disturbance, the study area was forested 




Table 1. Correlation matrix of ratios of endemic to cosmopolitan richness (EfiCr) and abundance (EaiCa), stream 
sediment variables, basin area and reach slope, and basin urban land cover {n = 30 sites). All correlations are Pearson’s 
r. Land cover abbreviations: U = Urban; HDU = High Density Urban; LDU = Low Density Urban. Correlations 
significant atp < 0.05 are in bold; p < 0.01 are in bold and italics; p < 0.001 are in bold, italics, and underlined. Only 
1997 urban variables are shown because the 1987 and 1987-1997 land cover variables showed similar trends 





EriCr 


Ea:Ca 


NTUl 


Mean 

phi 


% fines^ 


Basin area 

(W) 


Slope 


U 


1997% 

HDU LDU 


EriCr 


1 


















Ea:Ca 


0.94 


1 
















NTUl 


-0.75 


-0.74 


1 














Mean phi 


-0.75 


-0.76 


0.53 


1 












% fines^ 


-0.69 


-0.62 


0.40 


0.79 


1 










Basin area 


-0.25 


-0.17 


-0.13 


0.24 


0.23 


1 








Slope 


0.70 


0.67 


- 0.40 


-0.92 


-0.79 


- 0.37 


1 






1997 U 


-0.62 


-0.62 


0.65 


0.34 


0.31 


-0.11 


-0.17 


1 




1997 HDU 


-0.48 


- 0.45 


-0.62 


0.07 


0.21 


-0.22 


0.04 


0.84 


1 


1997 LDU 


-0.63 


-0.64 


0.64 


0.39 


0.32 


-0.08 


-0.20 


0.99 


0.78 1 























^ Geometric mean turbidity at basefiow. 
^Percent fines <2 mm (by weight) in riffles. 



and streams reportedly were clear during low flows 
(Burkhead et al., 1997). Thus, high baseflow NTU 
indicates a departure from the natural condition and 
may identify streams that suffer from chronic sediment 
disturbance. The sources of lines contributing to base- 
flow NTU were not identifled. Likely sources include 
baseflow transport of line bed material introduced dur- 
ing flood flows and persistent near-stream disturbances 
such as road and housing construction. 

Our study reports correlations and thus does not 
isolate causal mechanisms driving the response of 
Ashes to changes in bed and suspended sediment. 
However, differences in life history traits among the 
two flsh groups provide some clues about why cosmo- 
politan species appear to thrive under these conditions. 
The endemic species are, for the most part, benthic 
habitat specialists that inhabit riffles and runs, spawn 
in coarse gravel, and are specialist feeders on benthic 
macroinvertebrates (Etnier & Starnes, 1993). Bed sed- 
imentation can negatively affect these species by bury- 
ing riffle habitat, reducing egg and fry survivorship, 
and lowering prey densities through habitat destruc- 
tion or increased drift (Waters, 1997). Cosmopolitan 
species exhibit a number of traits that make them 
more resilient to bed sedimentation. For example, 
centrarchids and ictalurids spawn in nests construc- 
ted in line sediments. Many cosmopolitans are habitat 
generalists that frequent pools and runs and have less 
dependence on riffle habitat. In addition, these species 



are often omnivores or trophic generalists that rely less 
on production of benthic macroinvertebrates. 

Elevated baseflow turbidity may impact trophic 
pathways and spawning success of endemic species. 
Turbidity induces drift of invertebrates and depletes 
local populations (Waters, 1997). In addition, turbid- 
ity reduces the capture success and reactive distance 
of drift feeding Ashes (Waters, 1997; Sweka & Hart- 
man, 2001). Turbidity can affect spawning behavior by 
dismpting spawning cues or curtailing spawning activ- 
ity for species that exhibit striking nuptual coloration 
(Seehausen et al., 1997; Burkhead & Jelks, 2001), a 
common trait among Etowah endemics. Burkhead & 
Jelks (2001) showed that suspended sediment delayed 
spawning and reduced egg laying in Cyprinella tri- 
chroistia, one of the endemics in our study. Their 
experiment mimicked turbidities associated with high 
stream flows (e.g., a spike in suspended sediment con- 
centration followed by a gradual attenuation as lines 
settled out of suspension). Our results were based 
on baseflow turbidity. High baseflow NTU indicates 
chronic turbidity problems that could inhibit spawning 
activity of some Ashes indeflnitely. 



Conclusion 

Homogenization is a serious threat to global biod- 
iversity (McKinney & Lockwood, 1999; Rahel, 2000). 
Our study documented the homogenization of an en- 
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Table 2. Multiple linear regression models (using forward stepwise procedure) 
of endemic to cosmopolitan richness and abundance (EriQ and EaiCa) and 
sediment variables. Land cover abbreviations are for low-density urban (LDU), 
high-density urban (HDU), and total urban (U). The F value shown is for the 
entire model 



Independent 

variable 


Variables in 
model 


Trend 


Cumulative p 

r2 


F 




Sediment models of homogenization 




Er:Cr 


Mean phi 


- 


0.57 


<0.001 






NTU 


- 


0.74 


<0.001 


38.84 


Ea:Ca 


Mean phi 


- 


0.58 


<0.001 






NTU 


- 


0.73 


<0.001 


37.88 




Slope and land cover models of sediment variables 


Mean phi 


Slope 


- 


0.84 


<0.001 






1987-97 LDU 


-H 


0.90 


<0.001 


120.10 


% fines 


Slope 


- 


0.62 


<0.001 






1997 HDU 


-h 


0.68 


0.04 


28.37 


NTU 


1997 U 


-H 


0.42 


<0.001 






Slope 


- 


0.51 


0.04 


14.00 




Hierarchical models of homogenization 




Er:Cr 


NTU 


- 


0.57 


<0.001 






Slope 


-h 


0.76 


<0.001 






1997 U 


-h 


0.81 


0.01 


37.00 


Ea:Ca 


NTU 


- 


0.54 


<0.001 






Slope 


-h 


0.71 


0.005 






1997 U 


- 


0.77 


0.01 


28.81 



demic, highland stream fish fauna, and our results 
indicated that homogenization was related to increased 
levels of sedimentation associated with urban devel- 
opment. Forestry and agriculture were historically the 
major forms of anthropogenic disturbance of land- 
scapes worldwide; however, urbanization is on the 
rise (Baer & Pringle, 2000). Erosion from urban de- 
velopment is particularly acute (Wolman, 1967), and 
we detected the urban effect on sediment regime even 
though the Etowah basin had a prior history of large- 
scale mining and agricultural disturbance. Limiting 
sediment inputs to streams and developing effective 
tools for monitoring sediment pollution are two key 
steps in conserving endemic stream fauna. Baseflow 
NTU is simple and inexpensive to collect, and our res- 
ults indicate that it is a promising indicator of chronic 
sedimentation in highland streams. 
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Appendix 1. Endemic and cosmopolitan Ashes collected in the Etowah River system. Value in parentheses is the number of southern U.S. 
drainages in which widespread species are native (Warren et ah, 2000). Endemics have ranges that are primarily limited to highlands in the 
Alabama River basin 



Family name 
Scientific name 


Common name 


Family name 
Scientific name 


Common name 


Endemic Highland Species 

Cyprinidae 


Cosmopolitan Species (continued) 

Ictaluridae 


Cyprinella trichroistia 


tricolor shiner 


Ameiurus brunneus 


snail bullhead (10) 


Hybopsis lineapunctata 


lined chub 


A. natalis 


yellow bullhead (40) 


Notropis chrosomus 


rainbow shiner 


A. nebulosus 


brown bullhead (30) 


N. xaenocephalus 


Coosa shiner 


Ictalurus punctatus 


channel catfish (40) 


Phenacobius catostomus 

Cottidae 


riffle minnow 


Noturus leptacanthus 

Poeciliidae 


speckled madtom (14) 


Cottus carolinae zopherus 


Coosa banded sculpin 


Gambusia affinis 


western mosquitofish (24) 


Percidae 




G. holbrooki 


eastern mosquitofish (15) 


Etheostoma etowahae 


Etowah darter 


Centrarchidae 




E. jordani 


greenbreast darter 


Ambloplites ariommus 


shadow bass (15) 


E. scotti 


Cherokee darter 


Lepomis auritus 


redbreast sunfish (16) 


Percina palmaris 


bronze darter 


L. cyanellus 


green sunfish (36) 


P sp. cf P macrocephala 


‘bridled darter’ 


L. gulosus 


warmouth (47) 


Cosmopolitan Species 


L. macrochirus 


bluegill sunfish (35) 


Cyprinidae 




L. megalotis 


longear sunfish (37) 


Campostoma oligolepis 


largescale stoneroller (15) 


L. microlophus 


redear sunfish (35) 


Notemigonus crysoleucas 


golden shiner (51) 


Micropterus punctulatus 


spotted bass (30) 


Notropis longirostris 


longnose shiner (10) 


M. salmoides 


largemouth bass (47) 


Pimephales vigilax 


bullhead minnow (32) 


Pomoxis nigromaculatus 


black crappie (44) 


Semotilus atromaculatus 


creek chub (41) 


Percidae 




Catostomidae 




Etheostoma stigmaeum 


speckled darter (17) 


Minytrema melanops 
Moxostoma duquesnei 
M. erythrurum 
M. poecilurum 


spotted sucker (40) 
black redhorse (21) 
golden redhorse (26) 
blacktail redhorse (12) 


Percina nigrofasciata 


blackbanded darter (15) 
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Abstract 

Terrestrial sediments transported off disturbed watersheds can threaten downstream estuarine and coastal environ- 
ments. Practitioners in the field of environmental management need to be able to assess how activities that disturb 
the land are likely to impact on downstream estuarine and coastal receiving waters. Such assessments usually 
take the form of estimating risk, which has two components: the extent of undesirable consequences and the 
probability of occurrence of those consequences. The consequence in this case is primarily the ecological damage. 
In order to estimate risk, a methodology was developed around the use of a deterministic computational model of 
watershed/estuarine sediment transport. Model simulations are run which cover the physically realistic range of the 
controlling variables (e.g., wind speed, wind direction, sediment runoff). The model results are related to estuary 
damage and combined with the probability of occurrence for each scenario, providing a means of quantifying 
risk. In addition, answers to ‘long-term average’, ‘most likely’ and ‘worse case’ type questions can be made. The 
procedure has the advantages of being easily implemented, transparent and repeatable. It is also more efficient 
than a standard Monte-Carlo procedure. The risk associated with changes in landuse can be examined without 
repeating model simulations. The example used to illustrate the method is that of a developing watershed in which 
proposed building activities are expected to alter the sediment yield to the downstream estuary during floods, which 
in turn is expected to smother shellfish beds. By elucidating risk associated with each development scenario, the 
management debate can be focused on choice of an acceptable risk level. 



Introduction 

Terrestrial sediments eroded from disturbed water- 
sheds are threatening New Zealand’s estuaries and 
coastal environments. For example, Norkko et al. 
(1999) has shown that sediment deposition greater 
than 2 cm in the aftermath of a flood can obliter- 
ate intertidal benthic biota in estuaries. Also, core 
sampling by Swales et al. (2002) provided evidence 
that bed sediment in the Pakuranga estuary (Auckland) 
has changed from predominantly sand to predomin- 
antly mud since 1960, which is when the catchment 
associated with that estuary began to be urbanised. The 
impacts described by Norkko et al. (1999) are ecolo- 
gical, but there may be other environmental, social or 
financial implications. As an example of financial im- 
pact, navigation channels are filling more rapidly with 
mud and require more regular dredging. Practitioners 
in the field of environmental management therefore 



need to be able to assess how activities that disturb the 
land are likely to impact on downstream estuarine and 
coastal receiving waters. Such assessments usually 
take the form of estimating risk, which may be defined 
as “the combination of extent of particular undesir- 
able consequences and the probability of occurrence 
of those consequences”. Risk analysis is regularly ap- 
plied to a wide range of subjects such as finance, 
insurance and manufacturing (Hertz & Thomas, 1983; 
Megill, 1985), but literature addressing the risk of 
sediment impact in estuaries is sparse. 

The first component of risk can be viewed as a 
measure of damage to the estuary. Linked watershed- 
stream-estuary computational models, which can pre- 
dict sediment transfer from source to the sea with 
various degrees of accuracy and sophistication, can 
provide an efficient means of analysing and predicting 
sediment transfer and attendant ecological damage. 
But that is only half the answer - how should models 
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be used to estimate the probability of occurrence of 
the consequences? Our aim in this paper is to develop 
and demonstrate, by way of a case study, a method- 
ology for applying deterministic models to estimate 
both components of risk. 



Modelling approaches 

Coastal/estuarine models are typically applied to 
either hindcast or forecast. The timescale of the sim- 
ulated period is usually chosen to enclose an ‘event’ 
(e.g., tidal cycle, windstorm, rainstorm). The model 
results in a predictable or ‘determined’ solution over 
the time period, hence this kind of simulation can 
be called ‘event deterministic’. If the objective of the 
modelling exercise is to simulate a given event, for 
whatever reason, then a single model scenario will be 
sufficient. In this sense, the event may be described 
in loose qualitative terms as, for example, a "spring 
tide with strong onshore winds and heavy rain" and 
the associated scenario is the representation of these 
conditions within the model. A more likely goal will 
be to identify the event that gives a worst-case res- 
ult of some kind (e.g., maximum sedimentation in a 
sensitive habitat in the aftermath of a flood). For this 
case, several scenarios, each representative of a cor- 
responding natural event, will need to be simulated by 
the computational model. Other goals might include 
calculating the ‘average’ result over a number of scen- 
arios (which might be equated with a long term effect), 
or estimating the risk associated with each scenario. 
For all but the first modelling exercise, a set of several 
scenarios is required to be simulated. The question 
then arises: how should the scenarios be chosen? 

A model scenario is defined by a set of parameters, 
which remain constant from scenario to scenario (for 
example, estuary bathymetry) and variables, which 
vary from scenario to scenario (for example, tidal 
range, wind forcing, freshwater and sediment input). 
Variables may, or may not, also change in value 
throughout a particular simulation. Scenarios may be 
chosen intuitively, based on previous personal exper- 
ience or knowledge, with values for the variables set 
by reference to known ‘commonly occurring’ nat- 
ural events. Alternatively a more comprehensive set 
of scenarios, representative of all possible, probable 
or informative events, may be chosen using synthetic 
scenarios (representing artificially constructed events). 
These can be chosen pseudo-randomly, by a standard 
Monte-Carlo engine, or systematically. The systematic 
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Figure 1. Flowchart showing how a risk matrix [R] is obtained from 
passing a simulation matrix [S] through a computational model, us- 
ing a cost function to calculate the damage, and combining this with 
a probability matrix [P], 

approach uses all the possible combinations of values 
for each of the input variables to generate a matrix 
of unique scenarios, without any reference to prob- 
ability that scenarios will actually occur. In contrast, 
the Monte-Carlo method chooses scenarios based on 
probability of occurrence, such that scenarios with a 
higher probability of occurrence are chosen more of- 
ten, therefore the resulting scenarios are not unique. 
A large number of scenarios are typically chosen to 
ensure good representation and coverage. If a complex 
model, such as an estuarine hydrodynamic/sediment 
transport model that requires large CPU resources, is 
used to simulate the set of scenarios, then the Monte- 
Carlo method may become impractical or restricted 
to implementation on parallel computers. Under these 
circumstances the systematic approach becomes use- 
ful: the model can be used to simulate each unique 
scenario and probabilities are ‘applied to’ the model 
simulation results. Because this is more efficient than 
the Monte-Carlo method, greater flexibility and range 
of application are gained, as will be demonstrated. 

Procedure outline 

A systematic procedure (summarized in Fig. 1) to 
investigate aspects of risk in sediment-impacted estu- 
aries is now presented. 

An n-dimensional simulation matrix [S] drives the 
procedure, n being the number of non-correlated vari- 
ables that control processes deemed pertinent to sedi- 
ment transport and sedimentation. Each cell within [S] 
represents a scenario, defined by a value for each of 
the variables and parameters. The scenarios are input 
to an event deterministic model, thus generating an 
output matrix, [O]. Each cell of [O] holds the model 
result of a scenario in [S]. For a complete understand- 
ing of sediment impacts on an estuary, more than one 
type of output is usually required (for example, the 
sediment in suspension, the sediment flushed from the 
estuary, and the sediment deposition in a particular 
location). Thus several output matrices are typically 
generated, differentiated here by the subscript ‘otype’. 
Under some circumstances, the damage to the estuary 



[S]- 






► | model [Ootype]- 
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can be calculated from a cost function (f). The fin- 
ancial cost required to dredge navigation channels is 
a simple example. Ecological damage might include 
the area consumed by mangrove spread or percentage 
decline in shellfish productivity. The risk associated 
with damage is then written as: 

[R] = /[O] X [P], (1) 

where [R] is the matrix of risk, / [O] is the damage 
and [P] is the probability matrix, which provides the 
probability of occurrence for each scenario. [P] is ob- 
tained by multiplying the probability density functions 
(PDF’s) for each variable, which in turn can simply be 
calculated from historical records of measured data, 
or from model predictions (e.g. a catchment model, 
or atmospheric model). Typically a probability distri- 
bution curve is fitted to available data. For example, 
Pearson (1992) shows how an EVl or EV2 (Gum- 
bel) distribution fits the annual maximum flood peak 
discharge for the Waimakariri River in New Zealand, 
using data from 1981 to 1990. Extrapolating this dis- 
tribution provides, for example, the peak discharge 
of a 50-year return period flood (Annual Exceedance 
Probability, AFP, of 0.02). 

How the simulation matrix is constructed is of fun- 
damental importance to the efficiency of the procedure 
and to the quality of the final risk assessment. The first 
step is to identify which variables (processes) domin- 
ate the control of sediment movement and deposition 
within the estuary in question. Each variable adds a 
further dimension to the simulation matrix, thereby in- 
creasing the number of scenarios to be simulated by an 
additional power. The required number of simulations 
is of order where v is the number of values used to 
represent the physically realistic range of a character- 
istic variable, i.e. the number of cells along dimension 
i of [S] is V/. The magnitude of v/ and n is a com- 
promise between the resolution used to discretize the 
distribution of each variable i over its complete range, 
the physical reality of the sediment transport and de- 
position model, and the computational resources (CPU 
and memory) available. 

Special attention is required when constructing [S] 
if two or more of the variables are correlated. In a 
very general sense, oceanographic variables arise from 
either tidal (astronomical) forcing or, ultimately, met- 
eorological forcing. However, at the estuary scale, an 
approximation may be made by assuming that some 
variables are uncorrelated. For example, for a given 
estuary it could be assumed that sediment runoff is not 
correlated to the wind speed and direction, the former 



being strongly dependent on other factors (e.g. local 
topography, soil type) and only weakly dependent on 
the wind speed and direction. For two variables that 
must be treated as correlated, a series of coupled-pair 
values must be used along a dimension of [S], de- 
scribing the surface obtained from the two correlated 
variables. For example, a value of wind speed and dir- 
ection form a coupled pair. Corresponding values in 
[P] relate to the joint probability that the two values 
will occur simultaneously. 

Risk assessment can also benefit from additional 
analysis of [O] and [P], enabling prediction of: 

• The worse-case scenario, defined as the least desir- 
able outcome or that which causes most damage. 
It is the scenario corresponding to Max [Ootypel or 
Min [Ootypel- 

• The most likely scenario, i.e. that which occurs 
most often, is the scenario corresponding to Max 

[P]. 

• The long-term average of a given output type 
(denoted by the double overbar) is calculated from: 

Otype = E ([Otype] X [P]/Ar) , (2) 

where At is the duration of the scenario and the 
summation is over all the scenarios in the simula- 
tion matrix. This approach was used by Soulsby 
(1997) to calculate the long-term average of the 
(gross) sand transport rate, when driven by a com- 
bination of a tidal current and a wave bed-orbital 
velocity. The ‘most effective’ scenario is similarly 
calculated from Max ([P] x [Ootypel), and provides, 
for example, the scenario which contributes the 
most sediment to long-term in-filling of an estuary. 

• The probability of a given set of scenarios (spe- 
cified by subscript ‘sim’), for example those res- 
ulting in ‘acceptable’ limits of deposition, can be 
calculated based on the results of an output matrix 
using an expression such as: 

For [Ootype,siml > xP = Ep siml, (3) 

where x is a limit which defines a set of results 
from [Ootypel and P is the probability of this set 
occurring. 

Illustrative example: Okura estuary 

To illustrate the procedure it was applied to an estuary 
in the North Island of New Zealand, demonstrating 
the potential impact of a fictitious watershed devel- 
opment plan. Focated 25 km north of Auckland, the 
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Figure 2. Output matrix for the Okura estuary example, showing the sediment deposition (kg m predicted for one particular 
sub-environment. 



Okura estuary is a flooded river valley on the northeast 
coast of New Zealand and predominantly drains native 
bush and farm pasture into the Hauraki Gulf. A single 
main channel is flanked by intertidal flats over the full 
3.5 km length of the estuary, opening out to a 600 m 
wide entrance. Three streams discharge into the head 
of the estuary, delivering fine, terrigenous material. 

For this example, only two meteorological for- 
cings, deemed here to be independent, were used as 
variables; wind forcing and sediment runoff. Wind 
speed and wind direction (the two components of wind 
forcing) are correlated variables and therefore must 
be treated as a coupled pair. The physically realistic 
range of wind direction (0-360°) was split into 4 non- 
equal intervals, chosen by reference to measured wind 
data. Measured wind speed ranged from 0 to 1 1 m s“^ 
and was represented by 3 intervals. For each scenario 
both the wind speed and direction were assumed to be 
constant over time and space. 

The Watershed Assessment Model (WAM, Bottcher 
et al. 1998) was used to predict a 25-year time series 
of sediment runoff from the existing catchment. The 
maximum sediment runoff for the proposed develop- 
ment was then estimated and the combined range of 
zero to 38 kg s“^ was divided into 10 intervals. Again, 
for this simplified test case, the delivery rate of sedi- 
ment was assumed to remain constant, and was split 
evenly between the three streams entering the estuary. 
Previous test cases showed that temporal variation had 
little impact on sedimentation within the estuary. 

Each scenario in the simulation matrix was sim- 
ulated using a hydrodynamic and sediment transport 
model of the estuary (3DD and P3DD; Black et al., 
1999) to generate output matrices. For this example, 
the particular output matrix to be analysed holds val- 
ues of sediment deposited in each sub-environment of 



the estuary, a subenvironment being an area classi- 
fied by physical or ecological characteristics. Figure 2 
shows one such output matrix. 

We now show how different aspects of risk can be 
assessed. 

Risk analysis 

In this example, the risk is associated with a proposed 
watershed development. However, instead of running 
the model for a number of proposed development 
options, which would be computationally expensive, 
we can construct new probability matrices and apply 
these to the damage matrix, obtained from the output 
matrix just generated. The key is that the range of 
values for each variable remains within those simu- 
lated in the Simulation Matrix, but the likelihood of 
occurrence for each scenario changes for the proposed 
development options. In this example, we investigate 
a single development option in which the wind forcing 
does not change, but both the mean, and the max- 
imum values of sediment runoff increase, as shown by 
the probability density functions for both the existing 
landuse and proposed development (see Fig. 3). 

We will now demonstrate how the risk analysis 
proceeds by posing, and answering, some specific ex- 
ample questions. 

1 . How does the risk of cockle mortality due to sed- 
iment burial change between existing landuse and 
the proposed development plan? 

For a given subenvironment, the percentage of 
cockles killed by burial can be linearly related to 
the thickness of sediment smothering the cockle bed 
(Norkko, pers. com.). The risk can then be calculated 
for both the existing landuse and the proposed devel- 
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Figure 3. Probability density functions of sediment runoff for both 
the existing landuse and a proposed watershed development. 

opment using Equation (1). Figure 4 shows that under 
the existing landuse the level of risk is low, whereas 
under the proposed development, the level of risk is 
markedly increased under higher runoffs and lower 
wind speeds. 

2. On average, how much sediment is deposited in the 
estuary each year? 

The annual sedimentation rate is calculated from 
Equation (2). For the existing landuse, 46000 tonnes 
of sediment will deposit on the estuary bed per year. 
This will increase to 81 000 tonnes under the proposed 
development plan. 

3. What is the probability that an event will occur in 
which deposition will cover over 50% of the total 
estuary area? 

This is given by Equation (3) otype being the ‘per- 
centage area in which deposition occurs’ and x being 
50%. For the existing landuse, over half the estuary 
will be affected by deposition in only 3% of events - 
this increases to 19% under the proposed landuse. 



Conclusion 

The method presented is a transparent and repeatable 
way of estimating risk, and is more efficient than 
a Monte Carlo procedure. Given the model output, 
the analysis with the probability matrix is relatively 
simple and can be performed on a standard spread- 
sheet, making the technique of immediate practical 
value to environment planners, providing comprehens- 
ive information in which to improve decision-making. 
Applying the probability matrix after the model sim- 





Figure 4. Risk of cockle mortality, due to sediment burial, for both 
the existing landuse and the proposed development. 



ulations allows different landuse options to be in- 
vestigated without having to re-run the computational 
model. 

Research is now focused on verifying the ap- 
proach, addressing historical influences and account- 
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ing for the sequence in which events occur. For 
example, sediment runoff is strongly dependent on 
the wetness of the soil prior to a rain event. Im- 
proved modelling of the processes governing sediment 
transport throughout its lifespan of transport from 
the catchment to its eventual fate in the oceans is 
also being addressed, through dynamically linking 
watershed-stream-estuary models. 
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Abstract 

The objective of this project was to evaluate the changing composition and stmcture of the sediment-associated 
organic matter (OM) stored in the gravel bed of highly productive salmon-bearing streams and, determine if the 
OM changes affect the morphology and settling rates of the sediment. In July of 2001, a dozen infiltration gravel 
bags were buried in the channel bed of O’Ne-eil Creek in northern British Columbia (Canada) to collect fine 
sediment and the associated organic matter for chemical and morphological analysis. The bags were removed over 
a 10 week period which incorporated summer low flows, salmon spawning, salmon die-off and the onset of autumn 
low flow conditions. Our results indicate two visibly different structures in the organic matter film overlying the 
mineral material of the floes. A web-like structure was noted during mid-spawn while a film-like covering was 
observed in pre-spawn and post-fish periods. The strength of the film-like covering is surmised to be associated 
with the larger gravel-stored floe sizes noted at these times. Chemical analysis of these biofilms indicated higher 
metal complexation properties during the spawning periods as opposed to before or after salmon were present. 
The changing OM contributions were associated with changes in floe size, density and settling rates. The physical 
disturbance to the gravels associated with spawning salmon was also correlated with altered characteristics of the 
gravel-stored floes. 



Introduction 

Organic matter loadings to streams increase the prob- 
ability of gravel bed storage of sediment as organic 
compounds aggregate with inorganic fine sediment 
(<63 fim) to generate floes with modified settling 
rates (Droppo, 2001). Increased aggregate storage in 
intergravel spaces physically impedes interstitial flow 
while the decay of organic matter increases oxygen 
demand. Therefore, intergravel storage of organic and 
inorganic aggregates can be detrimental to benthic or- 
ganisms and problematic for the success of incubating 
fish eggs. Studies in pristine fish-bearing streams in- 
dicate that gravel-stored aggregates, or floes, exhibit 
faster settling rates than floes suspended in the water 
column (Petticrew & Droppo, 2000) and that the floes 
are notably larger following spawning periods when 
massive fish die-offs occur. While the physical activity 



of fish cleaning the gravels to prepare for spawning 
reduces the storage of fine sediments, the effect of the 
instream organic matter contribution from the extens- 
ive fish die-off on sediment composition and storage 
has not been evaluated. The observed nutrient burst as- 
sociated with salmonid die-off (Johnston et ak, 1998) 
and its effect on the generation of biofilms (Wold & 
Hershey, 1999) are presumed to be of importance in 
the creation of instream aggregates which have the 
potential to be stored in the gravel bed. To date, the 
changing composition of the organic matter associated 
with gravel-stored sediments and the related effects of 
this on settling properties has only been speculated 
upon (Petticrew & Droppo, 2000). In this paper, we 
evaluate the chemical and morphological changes in 
organic matter associated with fine grained sediment 
stored in the intergravel pores of a productive sal- 
mon bearing stream before, during and following the 
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spawning period as a means of determining the role of 
the fish in floe formation. As well we investigate mor- 
phological characteristics (settling rates, density, size) 
of the gravel-stored fines to determine if any changes 
are associated with the activities of the returning fish. 

O’Ne-eil Creek is a highly productive sockeye sal- 
mon (Oncorhynchus nerka) stream in the Takla Lake 
area of northern interior British Columbia (Canada). 
The lower 1.8 km of this 20 km stream is intensively 
used for sockeye spawning with annual returns varying 
between 1000 and 53 000 over the last 20 years (Petti- 
crew, 1996). In 2001, a total of 13 893 salmon returned 
to spawn in O’Ne-eil Creek. Our sample riffles were 
located between 1400 and 1550 m from the stream 
mouth, where approximately 200 fish were noted on 
the riffles at the peak of spawn. The stream width was 
between 10 and 12 m and water depths were between 
25 and 40 cm. 



Methods 

On July 13, 2001 twelve infiltration gravel bags were 
buried in ~25 cm holes dug into the gravel bed of 
O’Ne-eil Creek following the methods of Lisle & Eads 
(1991). The folded bags were covered by cleaned 
gravel which was washed through a 2 mm sieve us- 
ing stream water. Ropes were attached to the bag for 
retrieval purposes allowing collection of both gravel 
and infiltrated finer sediment (<2 mm). The bags were 
removed in pairs over the following 10 weeks to coin- 
cide with the fish activities: pre-spawn (PS) - July 17; 
early spawn (ES) - July 28; mid-spawn (MS) - August 
3 ; die-off (DO) - August 12 and 16. In late September 
when all visible evidence of fish carcasses was gone 
from the stream a final set of bags were retrieved, these 
are identified as post-fish (PE) samples. 

When the infiltration bags were removed from 
the stream, the finer, infiltrated sediment was separ- 
ated from the gravel by washing with distilled water 
through a 2 mm sieve. The large gravel material was 
kept for standard sieve size analysis. The infiltrated 
sediment (<2 mm), which was washed into a bucket, 
was stirred to re-suspend all grain sizes. The material 
was settled for 10 s to allow removal of sand sized ma- 
terial from the top layer of water. A 250 ml sub- sample 
of sediment was taken from this top layer of water, to 
allow the collection of the fine-grained particles (silt 
and clay) and slower settling, large composite particles 
(floes or aggregates). The <2 mm sediment sample in 
the bucket was taken back to the laboratory and settled. 



dried, weighed, ashed and sieved to obtain grain size 
curves. The fine-grained sub-sample was returned to 
the lab and used for organic matter and image analysis. 

Morphology and elemental composition of the 
organic matter 

The morphology (structure) and elemental composi- 
tion of the organic samples were investigated using 
a Philips™ XLS 30 scanning electron microscope 
(SEM) equipped with ED AX™ energy dispersive sys- 
tem (EDS). Preparation of the samples included air- 
drying on a SEM tin stub, and sputter- coating with 
Au for 60 s. The Au-coated samples were observed 
under the SEM for morphology of the organic matter 
stored in the gravel beds. The elemental composition 
of this organic matter was semi-quantitatively determ- 
ined from an energy dispersive spectrum collected for 
400 s from at least five points on observable films of 
organic matter on the surface of the mineral material. 
The semi-quantitative chemical composition was es- 
timated using ZAE, a standard-less energy dispersive 
technique, where the estimates of the chemical com- 
position were corrected for factors including Z (atomic 
number), A (absorption), and E (fluorescence) for each 
element of interest. 

We characterized the changes in organic matter 
composition of the gravel-stored sediments in two 
ways using the ZAE results. Eirst, the apparent total 
acid content (ATAC) of the organic matter was cal- 
culated using Equation (1), where the ATAC equals 
the potential cation exchange capacity as measured by 
the amount of metals adsorbed onto the organic matter 
(McBride, 1994): 

ATAC (moles+^g“^) = X(((Wt%M * 1000)/ 
MWm)*«+), (1) 

where Wt%M = weight percentage of the metal from 
SEM-EDS, MWm = atomic weight (g) of the metal, 
n+ = oxidation number of the metal. 

Secondly, the affinity of organic matter for each 
metal was estimated from the relative metal saturation 
of the cation exchange sites as given by: 

Metal saturation (%) = (mM^+/ATAC) * 100, 

( 2 ) 

where M^+ = metal of interest adsorbed on exchange 
sites, m = moles of metals expressed as single positive 
charge (moles+) 
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Functional groups in the organic matter 

Another technique used to assess the changes in the 
composition of the organic matter over the period of 
study involved a Centaurus™ microscope attached 
to a Nexus 670™ Fourier Transform Infra-red (FT- 
IR) spectrometer. This allowed us to investigate the 
changes in functional groups of the organic matter 
stored in the gravel beds. We used a ZnSe Attenuated 
Total Reflection (ATR) objective as an accessory to 
the microscope. The ATR technique is non-destructive 
and allows the analysis of a small area (10 /xm x 10 
/xm) of a sample. The infrared beam penetrates the or- 
ganic matter to a depth of 0.66-2.0 /xm (at 1000 cm“ 
and allowed us to determine the functional groups in 
the film of organic matter. Several drops of the 250 ml 
fine sediment sub-sample were placed on a glass slide 
and the microscope stage was raised until the sample 
just touched the ZnSe ATR objective. For each sample, 
we collected an infrared spectrum from 64 scans ran- 
ging from wavenumber 4000 to 675 cm“ ^ (wavelength 
(X) = 2.5-15 /xm). We also air-dried the samples on a 
reflective sample holder to allow for a comparison of 
wet and dried samples. 

Floe morphology and settling rates 

The fine sediment sub-sample, depleted of sand-sized 
particles, was introduced into a settling tube (1.51 x 
0.14 X 0.06 m) filled with filtered creek water (13.4 
1). Time -lapsed digital images of settling particles 
were taken using a Firewire-based CCD, controlled 
by an Intel PC running Northern Eclipse (Empix Ima- 
ging) software. For each gravel bag, 100-250 indi- 
vidual particles were identified and tracked between 
chronological images to determine settling velocities 
and densities (Petticrew & Droppo, 2000). Images 
taken during the settling process were also used to 
size a larger population (1000-2500 particles) of fine 
sediments. The number, area, perimeter, roundness, 
elongation, diameter and volume of each particle were 
determined using the image analysis software. 

Statistical analyses 

To determine the influence of salmonid spawning and 
die-off on the composition and structure of the or- 
ganic matter stored in gravel beds, the main factors 
in the statistical analyses were based on chronolo- 
gical groupings of the data into five classes: pre- spawn 
(PS); early spawn (ES), peak or mid-spawn (MS), die- 




Figure 1. Electron micrographs of (a) pre-spawn (b) mid-spawn 
and (c) post-fish samples of fine sediment collected from interstitial 
waters of a gravel bed river. 



off (DO), and post-fish (PF). Data for the structure 
and chemical composition of the organic matter were 
analyzed using one-way ANOVA using Statistica™ 
Version 5 (StatSoft Inc., 1995). Post hoc compar- 
ison of significantly different means was made using 
planned LSD test statistics. Because of large sample 
sizes (n = 92-204) in each group of settling properties, 
non-normally distributed data were not transformed. 
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Results 

Structure and composition of gravel- stored organic 
matter 

The results of the electron microscopy indicate that 
the morphology of the organic matter stored in gravel 
beds exhibits two main types of structures. The PS 
and PF samples exhibit a ‘film-like’ structure while 
the MS samples have a ‘web-like’ structure. These 
structures coat the fine clay and silt-sized inorganic 
components of the floes (Fig. la-c). The ‘film-like’ 
coating in pre-spawn samples shows a tendency to curl 
to strands ~1 .0-5.0 /xm in diameter (Fig. la) while the 
‘film-like’ structure in post-fish samples is more ex- 
tensive and coats larger surface areas of the inorganic 
floes (~50 /xm^ in Fig. Ic). The less dense, web-like 
pattern of organic matter in the mid-spawn sample is 
composed of small strands (~0.1 /xm in diameter) en- 
closing many inorganic particles (Fig. lb). While not 
shown in this image the MS samples also exhibit some 
regions of ‘film-like’ structures. 

Chronological changes in the elemental compos- 
ition of the gravel-stored organic matter, as determ- 
ined from the film and web-like structures of the 
samples, are noted in the semi-quantitative estimates 
from the scanning electron microscope (Table 1). The 
C contents follow the order DO > PF > PS > MS, 
while mid-spawn samples have the highest contents of 
monovalent cations (Na+ and K+). Except for Cu^+, 
MS and DO samples have higher divalent cations 
(Mg^+, Ni^+, and Cu^+) than PS and PF samples. The 
contents of Al^+ decreases in the MS and DO samples 
while Si"^+ exhibits the opposite trend. The apparent 
total acid content is significantly lower in MS and DO 
samples as compared to PS and PF samples (Table 2). 
The affinity for the adsorption of divalent cations as 
shown by the divalent metal saturation shows Cu^+ 
> Ni^+ > Mg^+ for PS, DO and PF samples while 
for MS samples, Cu^+ > Mg^+ > Ni^+ is observed 
(Table 2). 

Functional groups in organic matter 

Our second method of assessing changes in the or- 
ganic matter composition (IR spectra), also showed 
differences over the time period of sampling (Fig. 2). 
Infrared spectra from ‘wet’ and ‘air-dried’ samples 
showed IR absorption bands in the following regions 
(wavenumber): 1170-950 cm“^ (k = 8.5-10.5 /xm) 
indicating stretching of C-O in polysaccharides as 



well as Si-O of silicates; 1470 cm ^ (k = 6.8 /xm) 
and 720-730 cm-^ (k = 13.9-13.7 /xm) for C-H 
bending; 1660-1630 cm“^ (k = 6.0-6. 1 /xm) for 
the C=0 stretching bonds of amide group, quinone 
and/or H-bonded conjugate ketones; 1700 cm“^ (k = 
5.9 /xm) for the C=0 stretching vibration from free 
carboxylic acid and from esters; 3230-3377 cm“^ (k 
= 8.5-10.5 /xm) for the OH-stretching of water; and 
2900 cm“^ (X = 3A /xm) for aliphatic C-H stretching 
(Stevenson, 1994; Ambles, 2001; Frimmel, 2001). 

Changes in the composition of organic matter with 
time are noticeable by the decreased transmittance at 
1094 cm“^ (A, = 9.1 /xm) wavenumber in ES com- 
pared to PS and PF samples in IR spectra from ‘wet’ 
samples. This reflects increases in the polysaccharide 
and silicate stmctures in the ES as compared to the 
end points of our sampling period (PS and PF). An- 
other difference among these samples is evident in the 
decreased transmittance at 1700 cm“^ (A = 5.9 /xm) 
wavenumber in PS and PF compared to ES samples in 
IR spectra of air-dried samples. This indicates an in- 
crease in carboxyl groups during the active spawning 
relative to the pre and post-spawning periods. 



Settling properties of floes 

The mean diameter of the settling particles was sig- 
nificantly larger during the PS and the PF periods. 
Smaller diameter floes were noted for the three weeks 
that fish and/or fish carcasses were observed in the 
stream (Table 3). Note that the particle diameter of the 
PS and PF samples are statistically similar but their 
settling rates and densities are significantly different. 
From the full data set it is apparent that later in the 
season, similarly sized floes settle faster and have a 
higher particle density. The MS particles exhibit the 
smallest average size over the full sample period but 
settle significantly faster and are significantly denser 
than particles observed to be of similar size collected 
during the period when fish are present in the stream. 
Also presented in Table 3 is the proportion of inor- 
ganic sediment <63 /xm trapped in the gravels relative 
to the total amount of infiltrated (<2 mm) sediment. 
The largest proportions of <63 /xm inorganics accu- 
mulate in the gravels in the pre and post fish period. 
Values are lower during the period when fish are clean- 
ing the gravels for spawning, but increase during the 
period of die-off. 




Table 1. Mean (and standard deviation) of the semi-quantitative estimates* of the elemental composition 
(weight%) of biofilm observed on floes collected at various stages of fish activities (n = 5) 
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C 


Na+ 


K+ 


Mg2+ 


Ni2+ 


Cu2+ 


Ee3+ 


aE+ 


Si4+ 


Pre-Spawn 


66.7a 


I.4Ia 


0.29b 


0.20ab 


2.80c 


3.01b 


3.61b 


9.77a 


0.41a 


(PS) 


(6.80) 


(1.22) 


(0.16) 


(0.23) 


(0.83) 


(1.70) 


(1.29) 


(1.80) 


(0.11) 


Mid-Spawn 


64.5a 


4.16b 


0.37c 


1.90c 


2.05b 


7.40c 


3.79b 


1.42b 


2.16c 


(MS) 


(1.6) 


(0.63) 


(0.12) 


(0.46) 


(0.19) 


(0.85) 


(0.62) 


(0.33) 


(0.34) 


Die-Off 


72.1b 


0.65a 


0.20ab 


0.37a 


3.64d 


4.44bc 


5.81c 


2.3b 


1.17b 


(DO) 


(1.8) 


(0.30) 


(0.06) 


(0.22) 


(0.65) 


(1.98) 


(1.25) 


(1.00) 


(0.59) 


Post-Eish 


67.3ab 


0.96a 


0.11a 


0.41b 


0.94a 


11.3a 


1.65a 


9.1a 


0.44a 


(PE) 


(2.4) 


(0.99) 


(0.02) 


(0.54) 


(0.21) 


(1.92) 


(0.30) 


(1.44) 


(0.27) 



In each column, means followed by similar letter are not significantly different (p>0.05). 
* Using energy dispersive system (SEM-EDS). 



Table 2. Mean (and standard deviation) total acid content (moles+ kg“^) and metal saturation (%) of the 
organic matter observed on floes collected at various stages of fish activities. Data collected using energy 
dispersive system (SEM-EDS) (n = 5) 





Acid 


Na+ 


K+ 


aE+ 


Mg+2 


Ni2+ 


Cu2+ 


Pe3+ 


Si^+ 


Pre- Spawn 


16.11a 


4.05a 


0.46b 


66.97a 


1.01a 


5.94b 


5.67a 


12.26b 


3.65a 


(PS) 


(1.57) 


(3.64) 


(0.25) 


(5.77) 


(1.17) 


(1.81) 


(2.65) 


(4.71) 


(0.97) 


Mid-Spawn 


13.20b 


13.77b 


0.72b 


11.84b 


11.94b 


5.31b 


17.57b 


15.43b 


23.42c 


(MS) 


(1.70) 


(1.77) 


(0.19) 


(1.69) 


(1.81) 


(0.61) 


(1.27) 


(1.80) 


(1.80) 


Die-Off 


10.57c 


2.68a 


0.49a 


23.99c 


3.04a 


11.81c 


12.98b 


29.69c 


15.41b 


(DO) 


(1.13) 


(1.25) 


(0.12) 


(9.98) 


(1.87) 


(2.51) 


(4.86) 


(6.49) 


(6.73) 


Post-Eisb 


16.31a 


2.51a 


0.19a 


62.06a 


1.92a 


1.95a 


22.7b 


5.44a 


3.76a 


(PF) 


(2.32) 


(1.32) 


(0.04) 


(3.49) 


(2.30) 


(0.28) 


(4.92) 


(0.76) 


(1.98) 



In each column, means followed by similar letter are not significantly different (p>0.05). 



Discussion 

Enhanced microbial and algal growth has been ob- 
served in streams as a result of salmon carcass-derived 
nutrients in a variety of locations and with a range 
of fish types (Richie et al., 1975, Wold & Hershey, 
1999). Johnston et al. (1998) worked in three Takla 
area streams and found that salmon density was signi- 
ficantly correlated to the amount of isotopic carbon in 
stream epilithion, indicating the utilization of salmon- 
derived carbon by instream organisms. In this study, 
we observe that the presence or absence of fish is asso- 
ciated with changes in the accumulation/drying pattern 
of organic film on mineral surfaces (i.e., ‘web-like’ 
in MS samples compared to ‘film-like’ in PS and PF 
samples) in gravel beds. These structures are likely the 
results of differences in chemical composition of or- 
ganic matter present in the stream. The decomposition 
of fish carcasses will deliver a pulse of proteinaceous 
and carbohydrate materials to the stream. Schulten & 



Schnitzer (1998) found that proteinaceous materials 
comprise up to 40% of humic substances found in soils 
and sediments, so it is not difficult to surmise that the 
material delivered from the die-off of salmon would 
be incorporated into the sediments. Evidence of this 
is the higher amount of C=0 bonds associated with 
carboxylic acids and/or esters found in the early spawn 
samples. These temporal changes in organic matter 
composition may be influencing the organic film form- 
ation on mineral surfaces, thereby resulting in the 
contrasting appearance of ‘web-like’ and ‘film-like’ 
structures. 

Other properties of the organic matter influenced 
by the addition of organic compounds from fish car- 
casses include ‘complexation properties’. The higher 
affinity of MS samples for Mg^+ compared to Ni^+ 
could be due to the higher amounts of R-COOH 
groups from the organic compounds added to the river 
during the decomposition of fish carcasses. Mg^+ is a 
‘hard’ acid that preferentially binds with ‘hard’ base 
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W aven u m ber (cm '^) 

Figure 2. Infrared spectra for fine sediment samples collected from interstitial waters of a gravel bed river during pre-spawn, early spawn and 
post-fish periods. Observed differences between sample times are highlighted by arrows. Both wet and air-dried samples are presented. 



such as R-COO“ while Cu^+ and Ni^+ are ‘softer’ 
acids that bonds with ‘soft’ bases (McBride, 1994). 
Recently in the soils literature, Pignatello (1998) elu- 
cidated the importance of nanoporosity in organic mat- 
ter ‘hole-filling’. Although, Pignatello (1998) stressed 
the role of nanopores in the adsorption of organic com- 
pounds, these pores could also adsorb (or trap) metal 
ions whose ionic radii are in the picometer range and 
are much smaller than the ~0.5-1.0 nm nanopores. 
In addition, Pignatello (1998) added that that adsorp- 
tion of di- and trivalent cations (e.g., Mg^+, Al^+ and 
Fe^+) increased the condensation of organic matter 
into dense organic polymer mesh. This same process 
may be responsible for the variable structures (web 
versus film) we observed. This is supported by the 
pattern of changing metal saturation associated with 
the cation exchange capacity of the OM we evaluated. 
Recall that the lowest values were during MS and DO 
when web-like structures existed and the highest val- 
ues were during PS and PF when denser organic film 
persisted. 



The influence of fish activities on both the struc- 
ture and composition of organic matter stored in gravel 
beds of salmon-bearing streams is manifested in the 
chemical, morphological and settling properties of the 
floes. Both the physical activity of spawning, when the 
fish dig their redds and the addition of a large pulse 
of organic matter from the carcasses of dying salmon 
seems to influence the size, appearance and chem- 
ical content of gravel-stored sediment. The PS and PF 
gravel-stored floes are more abundant and larger than 
during the period when fish are present in the stream. 
The resuspension of gravel-stored sediment by fish 
during the cleaning of the spawning sites could be ex- 
pected to break apart loosely bound floes to reduce the 
average size. The pulse of organic matter introduced 
to the stream from the decay of >13 000 fish in this 
stream would have contributed tremendous amounts 
of OM to the system potentially reducing floe dens- 
ity. Relative amounts of carbon indicate the highest 
amounts during die-off (DO) when the lowest particle 
densities are noted. Electron microscope images of PS, 
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Table 3. Mean (and standard deviation) particle diameter (mm), settling rate (mm s ^) and particle density 
(g cm“^) of floes collected at various stages of fish activities 



Activities 


n 


Particle diameter 
(mm) 


Settling rate 
(mm sec“^) 


Particle density 
(g cm“^) 


Percent weight 
of inorganics 
<63 /xm* 


Pre-Spawn (PS) 


92 


0.332b (0.109) 


2.170a (1.38) 


1.047a (0.033) 


5.75 


Early Spawn (ES) 


202 


0.261a (0.112) 


2.117a (0.816) 


1.092b (0.068) 


3.48 


Mid-Spawn (MS) 


102 


0.244a (0.089) 


2.449b (1.03) 


1.116c (0.079) 


1.79 


Die-Off (DO) 


153 


0.262a (0.095) 


2.122a (0.989) 


1.032a (0.048) 


4.34 


Post-Fish (PF) 


204 


0.316b (0.157) 


3.677b (1.59) 


1.121c (0.033) 


4.85 



n = number of observations. 

In each column, means followed by similar letter are not significantly different (p>0.05). * Note that n = 2 
for all samples except die-off when n = 4. 



MS and PF samples showed that the biofilm coating 
the inorganic particles is more extensive in PS and PF 
samples potentially reflecting stronger floe structure. 
The ‘web-like structure’ of biofilm in MS may not 
be as effective as ‘film-like’ in maintaining floe struc- 
ture. The combination of the physical movement of 
the gravels by spawning fish and the less dense biofilm 
may result in weaker floe structure and therefore smal- 
ler average floe sizes during the period when fish and 
carcasses are present. 

It is useful to note that particle size analysis 
(by Coulter Counter) of the disaggregated, inor- 
ganic particle populations of these same fine-grained 
samples have constituent particle sizes <73 /xm. This 
means that the sediment sub-sample taken with an 
effort to remove sands was effective and that the 
particles between 73 and 800 /xm which were ob- 
served in the settling tube and used for chemical 
analysis are all in fact composite structures. These 
floes which remained in the sampled surface water 
have settling rates less than sands as their densit- 
ies are decreased due to increases in organic mat- 
ter and/or modification of their porosity and shape. 
Given the maximum size of the constituent particles 
is 73 /xm and the maximum size of the observed floes 
is ~800 /xm, a floe factor of ~1 1 is calculated for the 
gravel- stored floes. 



Conclusions 

A temporal evaluation of the organic matter of gravel- 
stored floes indicated that changes in the physical 
structure and the chemical composition were influ- 
enced by the activity of salmon in the gravel bed 
stream. The effect of both the changing organic matter 



contributions and composition as well as the physical 
activity of the spawning salmon was to alter the size, 
density and settling rate of the gravel-stored floes in 
O’Ne-eil Creek. 
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Abstract 

The traditional approach to understanding early diagenetic processes in sediments has generally been to analyze 
pore water and solid phases from a single core on depth scales of centimeters. The resulting data is then modeled us- 
ing the approximations of lateral homogeneity and steady-state conditions. However, the continuing advancement 
of the field of benthic biogeochemistry and development of new microelectrode analytic techniques are clearly 
demonstrating that in many sedimentary environments a more sophisticated approach to measure the spatial and 
temporal variability is necessary. Although no one approach is appropriate for all situations, a scaling method is 
presented, with examples, in this study for determining appropriate sampling intervals in time and space that has 
considerable utility for investigating early changes in sediment geochemistry in complex natural systems. This 
approach is derived from scaling techniques that have been developed by physical oceanographers for the study of 
processes in the water column where many analogous sampling problems are encountered. 



Introduction 

For over a third of a century, one-dimensional steady- 
state diagenetic models have been the dominant ap- 
proach used for interpreting observations of sediment 
geochemistry and understanding early diagenetic and 
biogeochemical processes in sediments (e.g., Berner, 
1964, 1974, 1980; Boudreau, 1997). However, there 
has been a rapidly growing body of evidence that in 
many, if not most, instances this approach is not an 
accurate representation of what is occurring in coastal 
environments (e.g., Shuttleworth et al., 1999; Eldridge 
& Morse, 2000). Spatial heterogeneities occur on 
scales that range from individual sediment grains to 
regional basins, and important non-steady-state pro- 
cesses can occur over time ranges from minutes to 
centuries (e.g., Hebert & Morse, 2003). How best to 
design sampling patterns and diagenetic models for 
sediments from complex natural systems presents a 
major challenge that has generally not been well ad- 
dressed by sediment biogeochemists. Our own exper- 
ience in several research projects consists of attempts 
to describe temporal changes which are all too often 
overwhelmed by lateral heterogeneity (e.g.. Cooper & 
Morse, 1996; Eldridge & Morse, 2000). The basic 



problem then becomes how to establish an optimal 
sampling step size that will maximize the amount of 
useful information returned and minimize the number 
of samples needed to describe the dominant variab- 
ility? A practical example of the application of this 
approach is, when designing a study, calculating what 
level of effort will be required to successfully test a set 
of hypotheses. 

A potentially powerful approach to this problem, 
which has its origins in signal theory, has been de- 
veloped and tested by physical oceanographers faced 
with generically similar problems associated with the 
dynamic processes that occur in the water column 
(Denman & Feeland, 1985; Povlain & Niiler, 1989). 
This approach uses correlation statistics and ‘scale 
theory’ to determine, for a selected parameter or set 
of parameters, the optimal size of spatial or temporal 
steps which can describe the dominant variability of 
the parameter(s). Scale theory is a rapidly developing 
field in both the natural and social sciences. It deals 
primarily with grain (or resolution) and extent in space 
and/or time. Scaling deals with the translation or extra- 
polation of information between different scales. (For 
an excellent review and discussion, with applications 
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to the conceptually similar field of landscape ecology, 
see Wu, 1999; Wu & Qi, 2000; Wu et al, 2000.) 

In this study, we first present the scaling method 
with examples of how it is used in water column 
studies. Subsequently, this method is applied to data 
gathered in our laboratory using microelectrodes to 
study non-steady-state early diagenetic processes at 
high spatial and temporal resolution in coastal sedi- 
ments. The technique defines the dominant length (or 
time) scale as the first zero-crossing of the normalized 
auto-covariance function of the space (or time) series. 
Typically, a reference or background field in the form 
of a mean, linear trend, or higher-order polynomial, 
is first removed from the raw series. The specific type 
of reference field that is used depends on the charac- 
teristics and properties of the system and parameters 
being analyzed. The resultant scale length is then used 
to plan sampling strategies on subsequent surveys. 
Thus, a critical aspect of this approach is the necessity 
to obtain initial representative data sets for analysis 
which are ‘oversampled’. Although such reconnais- 
sance work appears to add to the sampling burden, in 
the end it will generally result in the minimum effort 
necessary to provide a reliable answer or model. Fur- 
ther, it can help to avoid the problems associated with 
aliasing the variability of signals at smaller spatial (or 
temporal) distances than the sampling step size. 



Method of scale analysis with example from 
physical oceanography 

An example is presented to demonstrate the method 
used to estimate spatial scales using the first zero- 
crossing of the normalized auto-covariance function 
(Denman & Freeland, 1985; Li et al., 1996). In 
this example, near-surface temperature data across the 
continental shelf in the northeast Gulf of Mexico are 
presented (DiMarco et al., 2002). The term ‘data’ is 
used to represent temperature, however, the data may 
be any spatially or temporally varying property, i.e., 
salinity, molecular concentration, or current velocity. 
This example has been chosen to demonstrate the pro- 
cess of initially oversampling a region to establish the 
relevant scales of variability. 

Figure 1 (upper) shows a section of near-surface 
temperature along a hydrographic line during a recent 
cruise in the northeast Gulf of Mexico (Jochens et 
al., 2002) during which the spatial sampling interval 
was approximately 0.5 km. The horizontal axis is the 
distance from the shallowest station and moves fur- 
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Figure 1. (Upper) Near-surface (3 m) temperature along a line dur- 
ing cruise N4 as a function of distance along transect. Dash line is 
quadratic fit. Insert shows map of region, cruise track and location of 
temperature measurements (pluses). (Lower) Autocorrelation func- 
tion of residual temperature showing position of first zero crossing 
(indicated by vertical line). 



ther offshore with increasing distance. The map insert 
shows the locations of the observations. After initial 
quality control was completed, the data were then in- 
terpolated to a regular grid consisting of 512 points 
in preparation for later analysis using the fast Four- 
ier transform (FFT). A least squares quadratic fit was 
then estimated for the gridded series and subtracted, 
leaving a residual series. This quadratic fit represents 
the background or reference field of large scale spatial 
patterns or trends and is shown in Figure 1 (upper) as 
a smooth dotted line. Its removal allows for the ana- 
lysis of the shorter (higher wave number) mesoscale 
energetic spatial variability. In the present case the 
background field is simply the offshore temperature 
gradient associated with the relationship of cool/fresh 
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Figure 2. (Top, left) Raw (solid) and fitted (dashed) sulfide concentration versus probe depth for vegetated profile. Ratio of variance in residual 
(defined as raw minus fitted series) and raw series is 0.248. (Top, right) Auto-correlation function of residual as function of spatial lag. First 
zero-crossing, dashed vertical lines, indicates spatial scale. (Bottom, left and right) As above, for unvegetated profile. 



water on the inner continental shelf and salty warm 
waters of the deep Gulf of Mexico. Li et al. (1996) 
compared several different polynomial fits of the ref- 
erence field before selecting the quadratic fit to define 
the reference field. 

The Wiener- Khintchine theorem (Hsu, 1984) 
states that the auto-covariance function of a series 
is the Fourier transform of the spectral energy dens- 
ity of that series. Therefore, first the spectral energy 
density of the residual series was calculated and then 
the auto-covariance function estimated and normal- 
ized by dividing by the standard deviation of the 
residual series. Figure 1 (lower) shows the normal- 
ized auto-covariance function (NACF) of the residual 
temperature data shown in the upper panel. The spa- 
tial scale is defined as the distance to the first zero 
crossing of the NACF Using the first zero crossing 
of the NACF to define the spatial scale was examined 
by Li et al. (1996) in their study of spatial hydro- 
graphic scales on the Texas-Louisiana Shelf west of 
the Mississippi River delta. In this example, the spatial 
scale as estimated by the first zero-crossing was about 
25 km; a typical value for near-surface temperature in 
the northeast Gulf of Mexico (DiMarco et al., 2002). 



Sediment geochemistry methods 

Solid-state, gold-mercury amalgam microelectrodes 
were used to simultaneously measure concentrations 
of dissolved O 2 , Fe^+, Mn^+, and H 2 S (Brendel & 
Luther, 1995) in sediment cores at about 100 /xm depth 
resolution. Here only H 2 S concentrations are repor- 
ted for use in the example applications of the scaling 
method. The study areas were a seagrass meadow 
and adjacent unvegetated sediment at Idaho Point in 
Yaquina Bay, Oregon and Redfish Bay near Corpus 
Christi, Texas. 



Results and discussion 

Figure 2 shows the results of applying the above meth- 
odology to two sulfide profiles that compare vegetated 
and unvegetated core samples from Yaquina Bay. A 
quadratic (second-order) fit was first made to the raw 
data. As before, the NACF was then estimated from 
the residual series after subtracting the quadratic fit 
from the raw data. The fitted curve in this case repres- 
ents the background field of sulfide concentration. The 
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Figure 3. (Top) Raw (solid) and fitted (dashed) sulfide concentration versus probe depth for anoxic core sample after 166 h. Ratio of residual to 
raw series variance is 0.65. (Bottom) Auto-correlation function of residual as function of spatial lag. First zero-crossing, dashed vertical lines, 
indicates spatial scale. 



partitioning of variance into background and residual 
fields can be interpreted as separating the measure- 
ments into competing or independent mechanisms. 
Usually the background field can be interpreted as be- 
ing caused by mechanisms with much larger spatial 
scales than the range being sampled. The residual field 
then possesses scales smaller than the sample range, 
but larger than the sampling interval. In this way, by 
partitioning and observing the relative variance, the 
relative strength of the different mechanisms can be 
quantified. 

For the vegetated core, the background sulfide 
concentration is elevated near the sediment-water in- 
terface where there is an increased rate of sulfate 
reduction. The variability superimposed on the back- 
ground may be due to the heterogeneity of the seagrass 
in the core sample. As can be observed in Figure 2, 
the spatial scale (distance to the first zero crossing) 
associated with this variability is roughly 10 mm. The 
ratio of variance of the residual field to the original 
field is roughly 0.25 or, equivalently about 25% of 
the variance of the original profile. This spatial scale 
is probably a reflection of the influence of infaunal 
organisms such as macrofauna. For the unvegetated 
core, the background sulfide field is more linear with 
sediment depth and has reduced magnitude near the in- 
terface than the vegetated case. The spatial scale of the 
residual variability, however, is approximately 12 mm 
(comparable to the vegetated case), but accounts for 
almost 44% of the variability, i.e., variance ratio of 
the residual raw field is 0.44. The difference in mag- 
nitude of the amount of variance represented by the 
fitted field, i.e., 25% and 44%, reflects the difference 
in character of the two cores. The comparable mag- 
nitude of the spatial scales (10 and 12 mm) reflects the 



inherent variability due to the local heterogeneity of 
the cores. 

The profile shown in Figure 3 is for the Redfish 
Bay core that was left with anoxic overlying water for 
166 h. Originally, this core had a very low (<1 /xM) 
sulfide concentration near the sediment- water inter- 
face. Sulfide concentration gradually increased in the 
sample with time. After 166 h, the sulfide concentra- 
tion became almost uniformly >10 fiM throughout 
the upper 100 mm of sediment. The quadratic fit to 
the sulfide data is slightly bowed (dashed line) and 
accounts for 35% of the variance. The spatial scale of 
the residual is roughly 9 mm and is associated with the 
remaining 65% of the variance. 



Conclusions 

The approach to scaling early changes in sediment 
chemistry presented in this study is relatively easy to 
use with pore water data. It provides a quantitative 
means of assessing the depth intervals necessary to 
account for most of the variability in concentrations 
and can quantitatively divide variability into large and 
fine scale processes. As this approach is applied to a 
wider variety of both biogeochemical parameters and 
environments it will be interesting to learn what char- 
acteristic size scales emerge and to attempt to relate 
these to the processes which produce them. 



Acknowledgements 

This work was sponsored in part by the Minerals Man- 
agement Service of the U.S. Department of the Interior 
under MMS OCS contractNo. 1435-01-97-CT-30851. 




29 



Other funding was received from the U.S. Environ- 
mental Protection Agency and Louis and Elizabeth 
Scherck Chair in Oceanography 



References 

Berner, R. A., 1964. An idealized model of dissolved sulfate dis- 
tribution in recent sediments. Geochim. Cosmochim. Acta. 28: 
1497-1503. 

Berner, R. A., 1974. Kinetic models for the early diagenesis of nitro- 
gen, sulfur, phosphorus and silicon in anoxic marine sediments. 
In Goldberg, E. D. (ed.). The Sea V. John Wiley & Sons, New 
York: 427-450. 

Berner, R. A., 1980. Early Diagenesis. Princeton University Press, 
Princeton, NJ. 241 pp. 

Brendel, P. J. & G. W. Luther, III, 1995. Development of a gold 
amalgam voltammetric microelectrode for the determination of 
dissolved Ee, Mn, O 2 , and S(-II) in porewaters of marine and 
freshwater sediments. Environ. Sci. Technol. 29: 751-761. 

Boudreau, B. P, 1997. Diagenetic Models and Implementation. 
Spring-Verlag, New York. 414. pp. 

Cooper, D. C. & J. W. Morse, 1996. The chemistry of Offatts Bayou, 
Texas: A seasonally highly sulfidic basin. Estuaries 19: 595-611. 

Denman, K. L. & H. J. Ereeland, 1985. Correlation scales, objective 
mapping and a statistical test of geostrophy over the continental 
shelf. J. mar. Res. 43: 517-539. 

DiMarco, S. E, W. D. Nowlin, Jr. & R. O. Reid, 2002. Horizontal 
spatial scales of hydrographic data and current velocity in the 
Northeast Gulf of Mexico. Unpublished manuscript. 



Eldridge, P. M. & J. W. Morse, 2000. A diagenetic model for 
sediment-seagrass interactions. Mar. Chem. 70: 89-104. 

Hebert, A. B. & J. W. Morse (2003). Microscale effects of light on 
redox zonation in seagrass vegetated sediments. Mar. Chem. 8: 
1-9. 

Hsu, H. P, 1984. Applied Eourier Analysis. Hartcourt, Brace, 
Jovanovich, San Diego, CA. 223 pp. 

Jochens, A. E., W. D. Nowlin, Jr., S. E. DiMarco, R. O. Reid 
& M. K. Howard, 2002. Northeast Gulf of Mexico Chemical 
Oceanography and Hydrography Study: Synthesis Report. OCS 
Study mmS 2002-xxx, U.S. Dept, of the Interior, Mineral Man- 
agement Service, Gulf of Mexico OCS Region, New Orleans, 
LA. 

Li, Y, W. D. Nowlin, Jr. & R. O. Reid, 1996. Spatial-scale analysis 
of hydrographic data over the Texas-Louisiana continental shelf. 
J. Geophys. Res. 101: 20595-20605. 

Povlain, P.-M., 1989. Statistical analysis of the surface circulation 
of the California Current system using satellite-tracker drifters. 
J. Phys. Oceanogr. 19: 1588-1603. 

Shuttleworth, S. M., W. Davison & J. Hamilton-Taylor, 1999. 
Environ. Sci. Technol. 33: 4169-4175. 

Wu, J., 1999. Hierarchy and scaling: extrapolating information 
along a scaling ladder. Can. J. Remote Sens. 25: 367-380. 

Wu, J. & Y. Qi, 2000. Dealing with scale in landscape analysis: an 
overview. Geogr. Info. Sci. 6: 1-7. 

Wu, J., D.E. Jelinski, M. Luck & P. T. Tueher, 2000. Multiscale 
analysis of landscape heterogeneity: scale variance and pattern 
metrics. Geogr. Info. Sci. 6: 1-19. 




Hydrobiologia 494: 31-35, 2003. 

B. Kronvang (ed.), The Interactions between Sediments and Water. 
© 2003 Kluwer Academic Publishers. 



31 



Relationship between Pb/Cd adsorption and metal oxides on snrface 
coatings at different depths in Lake Jingyuetan 

Y. Lf, B. Y. Zhangi *, G. H. Huang^ ^ D. Dong^ & X. Hua^ 

^Environmental Systems Engineering Program, Eaculty of Engineering, University of Regina, Regina, 

SK, S4S 0A2, Canada 

^College of Environmental Science and Resources, Jilin University, Changchun, 130061, China 
^ China-Canada Center of Energy and Environment Research, Hunan University, Changsha, 410082, China 
(* Author for correspondence) Tel: +1-306-585-5631. Eax: +1-306-585-4855. E-mail: zhang 1 lb @uregina.ca 



Key words: aquatic environment, iron oxides, manganese oxides, Pb and Cd adsorption, surface coating 



Abstract 

Adsorption of heavy metals to metal oxides on surface coatings of sediments in aquatic environments is one of 
the most important factors governing their toxicity. Many previous studies were carried out to examine relation- 
ships between characteristics of surface coatings and heavy metal adsorption. However, a number of uncertainties 
existed in the related mechanisms. Especially, the effect of depth, at which surface coatings are developed, was 
not seriously considered. In this study, surface coatings were collected on glass slides at different depths in the 
Jingyuetan Lake, which is located in the northeast of China, and the related chemical characteristics (Fe and Mn 
oxides in the surface coatings) were analyzed. Pb and Cd adsorption onto the surface coatings was measured under 
controlled laboratory conditions. Nonlinear regression analyses and Langmuir adsorption isotherms were used to 
estimate contributions of Fe and Mn oxides developed at different depths. The results indicated that a strong linear 
relationship existed between the depth of water and the contents of iron/manganese oxides. The depth of water 
can also influence the Langmuir parameters (Lmax) of Pb and Cd adsorbed onto the surface coatings, by reducing 
values of Lmax from water surface to the bottom and reaching the lowest level when approaching the sediments. 
For surface coatings at different depths in the lake, analyses of correlation between the Lmax and the coating 
constituents indicated that adsorption of Pb and Cd by Mn and Fe oxides are statistically significant. Based on 
results of this study, the role of water depth in governing processes of Pb and Cd adsorption to metal oxides in 
homogeneous surface coatings was verified. 



Introduction 

Influence of sediments on the transport of heavy 
metals through adsorption reactions with oxides of 
iron and manganese in aquatic environments has 
prompted great interest in the past decades (Kru- 
askopf, 1956; Jenne, 1968; Wintney, 1975). However, 
most of research works considered sediments as a unit 
and neglected their detailed structures. It has been 
proved that there exists a layer of surface coatings at 
the exterior of sediments in all kinds of natural aquatic 
environments (Wimpenny, 1996). The layer is expec- 
ted to be essential in governing heavy metal transport, 
since it must be crossed by heavy metals before they 
reach the substrate. Therefore, studies on interactions 



between surface coatings and heavy metals adsorption 
would be useful for gaining insight of the adsorp- 
tion process and developing models for predicting 
distribution of heavy metals in natural environments. 

Nelson et al. (1995) conducted a set of well- 
controlled laboratory experiments using a reactor sys- 
tem to investigate heavy metal adsorption. The com- 
plexity of adsorption process, the diversity of physical 
conditions affecting surface coatings forming, and the 
variability of chemical compositions in natural water 
led to difficulties in extending most of these labor- 
atory works to natural systems. Dong et al. (2000) 
performed field experiments to develop surface coat- 
ings in natural water and to study reactions of Pb and 
Cd adsorption. Furthermore, different natural water 
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bodies were tested to develop surface coatings and to 
compare the associated Pb and Cd adsorption (Dong 
et al., 2002). However, these surface coating studies 
were conducted based on surface water samples (e.g., 
at the depth of about 30 cm below water surface), 
which could not reflect aquatic environments around 
the sediment layers. 

In this study, surface coatings were developed 
at different depths including the layer close to the 
sediments. Pb and Cd adsorption onto the surface 
coatings were quantified using the Langmuir isotherm. 
The objective was to gain more insight into how 
the depth factor would influence heavy metal adsorp- 
tion to metal oxides on the surface of homogeneous 
substrates. 



Materials and methods 

Development and characterization of natural surface 
coatings 

The Jingyuetan Lake, a typical lake in northern China, 
was chosen as the field site for collecting surface coat- 
ings. Glass slides (4.8 x 7.5 x 0.1 cm) were fixed 
on polypropylene racks (Fluoroware, Chaska, MN, 
U.S.A.), and then submerged in water at different 
depths (0.3, 0.8, 1.3, 1.8, 2.3 m) for a period of 2 
weeks in April 2001. The maximum lake depth of the 
research zone was 2.8 m and the average temperature 
of the water was 15 °C during the sampling period. 
Prior to placement into the water, glass slides and 
racks were pre-cleaned with detergent, soaked for 24 
h in soap solution, acid washed for 24 h in 6:1 (v/v) 
H20:HN03, and then rinsed in distilled-deionized wa- 
ter (ddH20), followed by a second 24-h acid wash and 
a final rinse in ddH20 (Nelson et al., 1995). 

After retrieval from waters, glass slides with at- 
tached surface coatings were transported to the labor- 
atory (submerged in water) for chemical characteriza- 
tion. The glass slides with developed surface coatings 
were rinsed by ddH20, and then put into 100-mm 
glass petri dishes with 25-ml 10% HNO3 to extract 
total metal (Fe, Mn) oxides for 24 h under room tem- 
perature (Dong et al., 2000). Here it was assumed that 
Fe and Mn speciation existed in forms of oxides in 
the surface coatings. Acid extracts were analyzed by 
FA AS using a WYX-9004 (Shenyang, China). Fif- 
teen slides were used to determine the Fe/Mn oxides 
concentrations on the surface coatings at five different 
depths in triplicate. 



Table 1. Composition of MMS solution used in metal adsorption 
experiments 



Component or species 


Concentration 

(/xM) 


Concentration 

(mg/ 1 ) 


MMS medium* 


CaCl 2 -H 20 


200 


30 




MgS04-7H20 140 


35 




(NH 4 ) 2 S 04 


910 


120 




KNO 3 


150 


15 




NaHC 03 


10 


0.84 




KH 2 PO 4 


5 


0.70 


Pb speciation** 


Pb2+ 


89% 






PbS 04 


9% 






PbOH+ 


1 % 




Cd speciation** 


Cd 2 + 


89% 






CdCl+ 


1.5% 






CdS 04 


4.6% 






CdNO^ 


4.9% 





*Ionic strength adjusted to 0.05 mol/1 w/NaN 03 ; pH adjusted to 

6.0 before autoclaving. 

**Pb and Cd speciation calculated by MINEQL for a total Pb/Cd 

concentration of 1 .0 /xmol/ 1 . 

Measurement ofPb and Cd adsorption onto the 
surface coatings 

Adsorption of Pb and Cd onto the surface coatings was 
obtained by measuring adsorption of Pb and Cd from 
solutions with defined metal speciation and initial Pb 
and Cd concentrations ranging from 0.2 to 2.0 /xmol/1. 
The equilibrium solutions were prepared by dilution 
of 1000 mg/1 Pb(N03)2 and Cd(N03)2 reference solu- 
tions using a minimal mineral salts (MMS) solution 
(Dong et al., 2000) with ionic strength adjusted to 0.5 
mol/1 with NaN03 (Table 1). Pb and Cd speciation in 
the defined solutions was calculated using MINEQL 
(Westall et al., 1976). Because of low inorganic ligand 
concentrations, free Pb^+ and Cd^+ ions would com- 
prise 89% of the total dissolved metal (Table 1). Two 
slides with surface coatings were placed in polypro- 
pylene racks and submerged into each of five 800-ml 
solutions with five different Pb and Cd concentra- 
tions. These solutions were contained in 1-1 beakers 
under a condition of 25 ± 1 °C. The solutions were 
stirred continuously with magnetic stirrers for 24 h, 
maintaining the pH at 6.0 ± 0.1 by manual opera- 
tion to regulate the addition of 0.01 mol/1 HNO3 and 
NaOH. After equilibrium, slides with surface coatings 
were removed from Pb and Cd solutions, rinsed with 
metal-free MMS solution, and extracted into 25 ml of 
10% HNO3 (trace metal grade) for 24 h in 100-mm 
glass petri dishes. Pb and Cd in equilibrium solu- 
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Table 2. Concentrations of metal oxides in the surface coatings 
developed at different depths 



Depths 

(m) 


Fe oxides* 
(/xmol Fe/m^) 


Mn oxides* 
(/xmol Mn/m^) 


0.3 


43 ± 1 


33 ± 0.8 


0.8 


35 ± 3 


25 ± 2 


1.3 


23 ± 0.7 


20 ± 0.7 


1.8 


18 ± 2 


16 ±2 


2.3 


16 ±0.4 


13 ±0.3 



*Mean of three samples ±one standard deviation. 



tions and extracts were measured by atomic adsorption 
spectrometer (AAS) using an AA-6701F (Shimadzu, 
Japan) equipped with an ASC-6100 auto-sampler and 
a GFA-6500 graphite furnace. Fifty slides were used 
here for duplicate Pb/Cd adsorption onto surface coat- 
ings at each depth with five different initial Pb/Cd 
concentrations. 



Pb and Cd adsorption isotherms 

Amounts of Pb and Cd adsorbed to the surface coat- 
ings could be estimated with non-linear regression 
analyses of the isotherm data. The regression analysis 
was expressed as a Langmuir adsorption isotherm: 

r„axg[M^+] 

1 + ^[M2+]’ 

where F is the adsorption of M^+ by the surface coat- 
ings per unit surface area (/xmol/m^); Fmax is the 
maximum adsorption of by the surface coatings 

per unit surface area (/xmol/m^); K is the Langmuir 
equilibrium coefficient (l//xmol); and [M^+] is the 
concentrations of free Pb and Cd ions in solution 
(/xmol/1). Taking reciprocal both sides of (1) gives: 

1111 

_ = . ^ ( 2 ) 

r Fmax^ Fmax 

Let l/(Fmax K) be equal to b (the slope), and 1/Fmax 
be equal to a (intercept). The equation appears a linear 
relationship between 1/F and 1/[M^+]. 

Metal adsorption onto bare glass slides at each 
metal concentration is subtracted from the observed 
metal adsorption. Adsorption onto each surface coat- 
ing is expressed per unit nominal surface area of the 
glass slides containing the surface coating, not the 
total surface area of the adsorbing phase. 



Results and discussion 

Components analysis of developed surface coatings 
on slides 

Concentrations of Fe and Mn oxides in the surface 
coatings developed at different depths in the Jingy- 
uetan Lake are summarized in Table 2. The amount 
of iron oxides ranging from 43.00 ± 0.96 to 15.98 ± 
0.40 /xmol/m^ was slightly greater than that of man- 
ganese oxide ranging from 33.14 ± 0.82 to 12.85 ± 
0.25 /xmol/m^ in the surface coatings. Significant lin- 
ear relationship appeared between depths of water and 
contents of iron (or manganese) oxides ; the correlation 
coefficients are 0.9938 for Fe oxides and 0.9989 for 
Mn oxides, with a significance level of p = 0.01. The 
total iron and manganese oxides in the surface coat- 
ings decreased significantly when the depth changed 
from 0.3 to 2.3 m under water. So far, no related stud- 
ies were conducted to determine whether the Fe and 
Mn oxides were formed by oxidation in the surface 
coatings, or formed in the water first and then depos- 
ited onto surface of the coatings. However, at least, the 
factor of lighting is helpful in governing the amount 
of metal oxides in the coatings. The light became less 
and less when approaching deeper water layers. Con- 
sequently, the coatings would appear thinner (Rao et 
al., 1997) on substrates with similar surface area and 
roughness, leading to impacts on concentrations of 
components within the coatings. 

Pb and Cd adsorption onto the surface coatings 

Previous experiments with Pb and Cd adsorption 
measured together and separately showed that Cd did 
not interfere with Pb in adsorbing onto the surface 
coatings, and vice versa (Dong et al., 2000). This 
permitted simultaneous measurement of Pb and Cd 
adsorption in the subsequent experiments. 

In this study, adsorption of Pb and Cd onto dif- 
ferent surface coatings at pH 6.0 and 25 °C followed 
Langmuir adsorption isotherms. Adsorption of Pb was 
about one order of magnitude greater than that of Cd 
at the same depth in the lake (Figs 1 and 2). When the 
concentration of Pb standard solution was fixed, the 
amount of Pd adsorption onto the surface coatings de- 
creased significantly along with the increase of depth 
at which surface coatings developed (Fig. 1). At the 
depth close to the sediment layer, the Pd adsorption 
reached the lowest level. Figure 2 shows a similar 
pattern about the Cd adsorption. Langmuir parameters 
(Fmax and K) were estimated through linear regression 
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Initial Pb Concentration {\iM) 



Figure 1. Pb adsorption onto the surface coatings. 




Figure 2. Cd adsorption onto the surface coatings. 



for all isotherm data under different depths in the lake 
(Table 3). The correlations were all significant with 
a significance level of p = 0.01. According to the 
Langmuir parameters (Tmax) of Pb and Cd and the 
depth of water, a noted trend of linearization appeared; 
the correlation coefficients are 0.98 for Tpb”^^^ (depth 
relation) and 0.96 for Tcd”^^^, with p = 0.01. 



Table 3. Estimated Langmuir parameters for Pb and Cd adsorption 
onto the surface coatings obtained at different depths based on a 
linear regression analysis * 



Depth 






Pb 






Cd 


(m) 


Tmax 


K 


Estimated coef. 
(r) 


Pmax 


K 


Estimated coef. 
(r) 


0.3 


175 


1.3 


0.99 


19 


5 


0.97 


0.8 


137 


0.7 


0.96 


13 


4 


0.97 


1.3 


101 


0.5 


0.99 


11 


3 


0.98 


1.8 


85 


0.5 


0.96 


9 


3 


0.98 


2.3 


71 


0.5 


0.98 


8 


0.8 


0.98 



*The coefficient statistically significant at p = 0.01. 



Correlations between Tmax and components in the 
surface coatings 

Previously, the roles of different components in con- 
trolling the adsorption of metals onto surfaces in nat- 
ural lake waters (Sigg, 1985), lake sediments (Tessier 
& Campbell, 1987), and biofilms (Nelson et ak, 1995) 
were quantified. However, there remains some uncer- 
tainty about the roles of iron oxides versus manganese 
oxides in controlling adsorption of trace metals onto 
natural heterogeneous materials. Dong et al. (2000) 
addressed this problem by using selective extraction 
technique to separate Fe and Mn oxides and organic 
materials in the surface coatings developed at the 
depth of 0.3 m in the Cayuga Lake, New York, U.S.A., 
and evaluating the relative contributions of Fe and Mn 
oxides on the surface coatings to Pb and Cd adsorp- 
tion. The results suggested that Cd adsorption onto the 
coatings was dominated by Fe oxides, with less roles 
attributed to adsorption by Mn oxides; adsorption of 
Pb was dominated by Mn oxides, with less roles in- 
dicated for adsorption to Fe oxides. In another study 
(Dong et ak, 2002), surface coatings were developed 
at the same depth of 0.3 m in five natural water bodies 
in China, where heavy metal adsorption was meas- 
ured. The results showed that there was a systematic 
increase in Pb adsorption (Fmax) onto the surface coat- 
ings with increased content of Mn oxides, as well as 
in Cd adsorption (Fmax) with increased content of Fe 
oxides (Table 4). 

In this study, correlation analyses between Lang- 
muir parameter (F^ax) and components in the surface 
coatings (Table 4) indicated that the adsorption of Pb 
and Cd by both Mn and Fe oxides were statistic- 
ally significant. Thus, Pb adsorption onto the surface 
coatings was dominated by both Mn and Fe oxides. 
Meanwhile, Cd adsorption was also governed by Mn 
oxides together with Fe oxides. There was insignific- 
ant difference about the roles of Mn and Fe oxides 
in controlling Pb and Cd adsorption when comparing 
results of the above two studies, in which an excel- 
lent agreement existed at the same depth. Thus, depth 
was an important controlling factor that influenced the 
roles of metal oxides in the adsorption of Pb and Cd. 



Conclusions 

In this study, adsorption of Pb/Cd to metal oxides on 
the surface coatings at different depths of aquatic en- 
vironment was studied. Surface coatings developed at 
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Table 4. Correlation coefficients (r) between Fmax and components in the surface coatings 



Parameters* 


Coefficients (r)* 


Parameters** 


Coefficients (r)** 


Fpb“^^-Fe Oxides 


0.99* 


Fpb“^-Fe Oxides 


0.42** 


rpb“^''-Mn Oxides 


1.00* 


rpb“^-Mn Oxides 


0.96** 


F(^^max-Fe Oxides 


0.99* 


Fcd“^^-Fe Oxides 


0.96** 


rcd“^''-Mn Oxides 


1.00* 


rcd“^''-Mn Oxides 


0.73** 



The coefficient statistically significant at p = 0.01. 

*Data from surface coatings developed at five different depths in Jinyuetan Lake through this study. 
**Data from surface coatings developed at five different natural water bodies (Dong et al., 2002). 



different depths in the Jingyuetan Lake were chosen 
as objects to adsorb heavy metals (Pb and Cd). Non- 
linear regression analyses and Langmuir adsorption 
isotherms were used to estimate contributions of Fe 
and Mn oxides at different depths. The results demon- 
strated a strong linear relationship between the depth 
of water and the contents of iron/manganese oxides. 
At the same depth, Langmuir isotherms were determ- 
ined, indicating that adsorption of Pb onto the surface 
coatings was about one order of magnitude greater 
than that of Cd. At different depths, Langmuir para- 
meters (Fmax) of Pb and Cd kept decreasing from the 
surface to the bottom, and reached the lowest when 
approaching the sediment layer. The analyses of cor- 
relations between Fmax and Fe (or Mn) oxide in the 
coatings indicated that adsorption of Pb and Cd was 
dominated by Mn and Fe oxides. As to the roles of 
Fe and Mn oxides in governing Pd and Cd adsorp- 
tion, the results revealed some difference from the 
previous studies conducted at the depth of 0.3 m, in- 
dicating that the depth was a significant factor that 
affected heavy metal adsorption to metal oxides in 
homogeneous surface coatings. 
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Abstract 

Scavenging of dissolved organic matter (DOM) by particulate metal oxides like Fe(OH) 3 (s) is one of three pro- 
cesses that can influence the concentration and composition of DOM in aquatic systems. The other two possible 
processes include photodegradation and biodegradation. In combination, these processes alter the concentration 
and composition of DOM systematically with increasing time, measured as hydrologic residence time (HRT). The 
objective of this research was to determine the change in Fe(OH) 3 (s)-scavengable dissolved organic carbon (DOC) 
with increasing HRT (0-80 yr). In addition, DOC from allochthonous and autochthonous sources were included 
in this study. The susceptibility of DOC from surface waters to scavenging by Fe(OH) 3 (s) was found to decrease 
as a function of HRT, from approximately 90% to 79%. The lowest HRT system was operationally considered 
equivalent to allochthonous DOC, while autochthonous DOC was scavenged similarly to DOC from the 80 yr 
HRT system. These results indicate that scavenging of bulk DOC may be limited by metal loading in aquatic 
systems, and that the bulk of Fe(OH) 3 (s) -reactive DOC is from allochthonous sources. In addition, all surface 
waters treated with Fe(OH) 3 (s) contained approximately 1 mg 1“^ of DOC that was resistant to scavenging (SD = 
0.50, n = 5), which suggests that a refractory fraction of DOC persists in surface waters. 



Introduction 

Most sediment-water research that involves organic 
matter (OM) focuses on the interaction between 
particles and nutrients or particulate-metal sorption 
processes (Urban et ak, 1990; Aufdenkampe et ak, 
2001). This research provides a unique perspective 
to sediment-water research because the emphasis is 
on particulate interactions with dissolved organic mat- 
ter (DOM). More specifically, this paper addresses 
the relationship between iron (Fe)-scavenging and 
concomitant variation in the composition of DOM. 

DOM, measured and hereafter referred to as dis- 
solved organic carbon (DOC), is important in the 
structure and function of aquatic ecosystems (Tipping 
et ak, 1991; Curtis, 1998; Lean, 1998). The sources of 
DOC include leachate from terrestrial plants and soils 
(allochthonous DOC) and leachates and exudates from 
aquatic plants (autochthonous DOC). Allochthonous 



DOC provides the largest contribution of DOC to 
aquatic systems and is typically of a higher molecular 
weight, as compared to autochthonous DOC (Curtis, 
1998; McKnight & Aiken, 1998; Engelhaupt & Bi- 
anchi, 2001; McKnight et ak, 2001). However, DOC 
in aquatic systems can be transformed and fraction- 
ated by environmental processes including; photo- 
lysis, bacterial degradation and scavenging (Moran et 
ak, 2000; Osburn et ak, 2001; Aufdenkampe et ak, 
2001). Thus, the structural and functional role of DOC 
changes overtime (Engstrom, 1987; Rasmussen et ak, 
1989; Meili, 1992). 

We have conducted studies on the relationship 
between changes in DOC composition and environ- 
mental transformation and fractionation processes. As 
part of these studies it has been determined that DOC 
composition in aquatic systems is significantly correl- 
ated to metal complexation (Richards et ak, 2001). 
Changes in the metal complexing function of DOC 
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directly influence Fe-scavenging. Interaction between 
DOC and Fe is important in determining the rate of 
Fe-scavenging in surface waters because complexation 
of metals by DOC increases metal stability (Curtis, 
1993). DOC has a high affinity for Fe(OH) 3 (s) and 
can be effectively scavenged by adsorption (Davis & 
Gloor, 1981; Gu et al., 1994, 1995). However, the 
capacity of DOC to complex trace metals generally ap- 
pears to be in excess of metal concentration for many 
surface waters (Urban et al., 1990). 

Here we report on systematic changes in the po- 
tential for interaction between DOC and synthetic 
Fe(OH) 3 (s). We collected surface water samples along 
a hydrologic flowpath of about 80 yr to attain a gradi- 
ent of DOC from environmental loading and trans- 
formation/fractionation processes. Further, we include 
and compare samples of allochthonous and autoch- 
thonous DOC. 



Site description 

Samples were collected from a headwater creek (un- 
named) and three downstream lakes (Duck, Wood and 
Kalamalka Lakes) in the Okanagan Lake watershed 
of the upper Columbia River (Southern Interior of 
British Columbia, Canada, Fig. 1). Cumulative hy- 
drologic residence time (CHRT) increases along the 
flowpath because hydrology of the lake chains is dis- 
charge dominated, as the climate at the elevation of 
the lakes is semi-arid (Fig. 1). Thus, the lakes are 
analogous to batch reactors positioned in series. 

The headwater creek sample, with a CHRT of less 
than 1 yr, is operationally considered as allochthonous 
DOC, being derived almost entirely from terrestrial 
sources. Autochthonous DOC was produced in an 
acrylic mesocosm (1 m^) that was filled with DOC- 
free deionized water, amended with salts and nutrients 
and inoculated with plankton from Duck Lake that 
were filtered onto a glass fiber filter (Whatman GF/C). 
The mesocosm was not setup with the intention of 
accurately reproducing in situ conditions, but rather 
to maximize productivity of autochthonous DOC for 
comparison purposes. Reagent grade salts were added 
to simulate 1/1 0th of the concentrations of global av- 
erage river water because it was determined in earlier 
investigations that full concentrations were unneces- 
sarily high to simulate eutrophic conditions (Stuckner 
& Northcote, 1974; Wetzel, 1983). Nutrient ratios 
favored the growth of cyanobacteria and the dom- 
inant taxon was Anabaena sp. The mesocosm was 



stored outside in a locked compound for 4 months 
(from May to August), where it was exposed to nat- 
ural lighting conditions. In vivo fluorescence and DOC 
concentration were measured weekly to monitor the 
growth of the plankton community and production of 
autochthonous DOC. 



Methods 

Synthetic Fe( OH) 2 (s) 

Amorphous iron hydroxide Fe(OH)j(s) was produced 
by mixing a 0.36 m solution of FeC^ in a 4 1 Er- 
lenmeyer flask and adjusting pH to 7 (Morel, 1983; 
Stumm & Morgen, 1995). The resulting floe was then 
thoroughly washed by diluting the mixture with deion- 
ized water (E-pure, Barnstead), stirring, settling and 
decanting the excess water. This process was repeated 
10 times until the conductivity and dissolved organic 
carbon (DOC) concentration of the wash water was 
approximately equivalent to ultra pure water. 

Sample treatment 

Approximately 20 1 of water was collected into 20 
1 polyethylene containers from each sample site and 
from the mesocosm in August 2001. Samples were 
filtered through GF/C Whatman glass fiber filters to 
remove particulates. Filtered samples were split into 
reference and experimental subsamples. 

Scavenging of DOC by Fe(OH) 3 (s) was measured 
in 4 1 of each experimental subsample with 0.5 1 of 
concentrated Fe(OH) 3 (s) suspension (Gu et al., 1995). 
The mixtures were adjusted to pH 7 (with NaOH and 
HCl) and stirred for 10 min. Subsamples were then 
filtered through Whatman GF/C glass fiber filters, and 
stored in clean polyethylene bottles at 4 °C in the dark 
prior to analysis. We determined independently that 
DOC sorption to Fe(OH) 3 (s) was saturated at suspen- 
sion concentrations of 1 g 1“^ (Fig. 2), thus the treat- 
ment suspension densities (3 g 1“^) were sufficient to 
saturate the capacity for DOC scavenging. 

DOC concentration was measured in reference and 
treated samples with a Shimadzu TOC-5000A Total 
Organic Carbon Analyzer. Dissolved inorganic car- 
bon (DIC) was removed by acidifying samples (pH < 
2) with select grade hydrochloric acid (2N HCl) and 
purging with oxygen for 7 min prior to analysis. The 
coefficient of variation for instrumental response was 
consistently less than 2% and the detection limit of the 
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Figure 1. Map of the study area showing hydrologic flowpath (1 through 4), drainage basins and cumulative hydrologic resident time (CHRT) 
for each system that was sampled. 
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Figure 2. Sorption of dissolved organic carbon (DOC) and increas- 
ing amorphous iron hydroxide (FeOH 3 (s)) concentration. Sample 
treatment concentration was 3 g 1“^ . 
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Figure 3. Concentration of dissolved organic carbon (DOC) and 
increasing cumulative hydrologic residence time (CHRT). 



instrument was 0.05 C-mg 1 ^ at an injection volume 
of 250 111 



Results and discussion 

The concentration of dissolved organic carbon (DOC) 
decreased logarithmically from 10.1 to 5.2 C-mg 1“^ 
with increasing cumulative hydrologic residence time 
(CHRT) among the surface waters sampled (Fig. 3). 
This pattern is consistent with observations elsewhere 
of DOC concentration dependence on hydrologic res- 
idence time (HRT) (Meili, 1992; Curtis & Adams, 
1995; Curtis & Schindler, 1997). In all of the sur- 



face waters, more than three quarters of the DOC 
was scavenged by a 3 g 1“^ Fe(OH) 3 (s) suspension. 
The proportion of Fe(OH) 3 (s) -reactive DOC that was 
fractionated from each sample decreased from 90% 
to 76% and then to 79% with increasing CHRT 
(Fig. 4). The quantity of DOC scavenged also de- 
creased with increasing CHRT because the effect of 
CHRT was greater on DOC concentration than it was 
on DOC scavenging (Fig. 4). These patterns of DOC 
fractionation indicate that a labile fraction of DOC, 
probably from allochthonous sources, is preferentially 
scavenged by Fe(OH) 3 (s). Preferential scavenging of 
allochthonous DOC is consistent with higher molecu- 
lar weight molecules, as compared to autochthonous 
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Figure 4. Concentration of dissolved organic carbon (DOC) for reference and Fe(OH) 3 (s) treated samples from the hydrologic flowpath (<1 - 
81 yr) and for samples of allochthonous (Alio) and autochthonous (Auto) DOC. The difference between reference and treated samples is equal 
to the concentration of DOC lost to adsorptive fractionation by Fe(OH) 3 (s) (percent change from reference solution is shown). 



DOC (Stewart & Wetzel, 1980; Davis & Gloor, 1981; 
McKnight et al., 1992; McKnight et al., 2001). The 
fraction of DOC that is not Fe(OH) 3 (s) -reactive ap- 
pears to be persistent in surface waters (approximately 
1 C-mg 1-1, SD = 0.50, n = 5). 

Concentrations of autochthonous DOC produced 
in the mesocosm were much lower than from sur- 
face waters, reaching a maximum concentration of 
only 1.36 C-mg after 4 months at levels of algal 
biomass corresponding to eutrophic conditions. In 
contrast to surface waters dominated by allochthonous 
DOC, only 78% of autochthonous DOC was scav- 
enged by Fc(OH) 3 (s). Such low reactivity towards 
Fc(OH) 3 (s) is consistent with the relatively weak in- 
teraction between autochthonous-like DOC and other 
trace metals (Richards et al., 2001). 

The relatively high proportional affinity of DOC 
for Fe(OH) 3 (s) in all surface waters suggests that most 
of the DOC is from allochthonous sources. This is sup- 
ported by our observations that autochthonous DOC 
sorbs to Fc(OH) 3 (s) relatively poorly. Furthermore, re- 
cent studies suggest that autochthonous DOC loading 
is relatively small compared to allochthonous sources 
(Zumstein & Buffle, 1989; McKnight et al., 1994; 
Jonsson et al., 2001), which is consistent with low 
DOC production in the mesocosm even under a highly 
productive trophic state. Thus, autochthonous DOC 
appears to contribute little of the apparent Fe(OH) 3 (s)- 



reactivity in surface waters relative to allochthonous 
DOC. 

Differences between allochthonous and autoch- 
thonous DOC suggest that the small increases in the 
amount of Fe(OH) 3 (s) -indifferent DOC with increas- 
ing CHRT, which increased from 1.05 to 1.63 C-mg 
1“\ could be from a combination of two processes 
(Fig. 4). Firstly, Fe(OH) 3 (s) -indifferent DOC could be 
a byproduct of transformed and fractionated alloch- 
thonous DOC (Waiser & Robarts, 2000), and secondly 
autochthonous DOC could accumulate over time due 
to a higher refractory fraction. 

The observed CHRT dependence of DOC con- 
centration and sorption potential on Fe(OH) 3 (s) is 
consistent with the dependence of other DOC qualit- 
ative properties on hydrologic residence time (HRT). 
For example, optical properties of DOC are HRT de- 
pendant for surface waters from different climatic and 
hydrologic regimes (Curtis & Adams, 1995; Curtis 
& Schindler, 1997; Curtis, 1998). Similarly, recent 
studies of trace metal complexation suggest similar de- 
pendencies on cumulative hydrologic residence time 
(CHRT) (Richards et al., 2001). Moreover, these stud- 
ies suggest that the interaction of DOC with metals, 
including metal speciation in solution and scavenging 
of metals from solution, depend on the availability of 
a labile fraction of allochthonous DOC. 
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Conclusions 

A large proportion of dissolved organic carbon (DOC) 
was Fc(OH)3(s) - reactive suggesting that scavenging 
of DOC by Fc(OH)3(s) is limited in the majority of 
surface freshwaters by metal loading. Approximately 
1 C-mg 1 “^ of DOC was resistant to scavenging, but 
this refractory fraction of DOC appears to be persist- 
ent in surface waters. The upper and lower extreme of 
Fe(OH)3(s) -reactivity and DOC loading correspond to 
allochthonous and autochthonous sources of DOC re- 
spectively. Therefore, the bulk of Fe(OH)3(s) -reactive 
DOC is likely from allochthonous sources, whereas 
autochthonous DOC may contribute to the persistence 
of refractory DOC in surface waters. 
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Abstract 

The rate of suspended material transported with the current and its deposition in the Vistula River and its main 
tributaries was estimated to determine the effects of river regulation in the following periods: (1) between the 
beginning of engineering works on the Vistula River and the construction of the first dams on its tributaries, (2) 
in the years 1946-1995 when transport measurements were taken, (3) after the planned completion of the dam 
system. Those estimates were based on the results of long-term measurements of the rivers, carried out by the 
State Hydrological Survey at numerous gauging stations, as well as on analysis of maps published after 1780. 
The combined methods allowed estimating both the differences in deposition of the suspended material along the 
river and the long-term variability of that process. The initial increase in transport and deposition of the suspended 
material in the Vistula River during the four decades succeeding the river regulation (1890s-1930s) was followed 
by a rapid decrease of the material transport caused by the construction of dams and changes in land-use in the 
river basin. 



Introduction 

Since 1960, more and more attention has been paid to 
results of hydrological and geomorphological surveys, 
changes in the rates of transport of suspended material 
and its deposition in water courses of various sizes, 
which were induced by river regulation, construction 
and functioning of dams, impoundment (restricting) 
of catchment areas, and mining work (Wolman, 1967; 
Walling, 1974; Lajczak, 1995a, b). In many rivers, a 
strong tendency to decrease the rates of transport and 
deposition of suspended material has been observed 
(Keown at ak, 1986; Weiss, 1996). When survey- 
ing fluvial processes, researchers currently pay more 
attention to determination of the budget of transport 
of suspended material along a water course, which 
enables them to assess deposition of the transported 
material (Parker, 1988; Phillips, 1991; Kesel at ak, 
1992; Lajczak, 1999). According to Parker (1988), 
application of a long period measurements of suspen- 
ded material transport allows to diminish an error of 
the mean estimated rate of transport. The rates of 
deposition of suspended material do not correspond 
directly to increase of thickness of the accumulated 



material in dams or on flood plains. The use of a cor- 
rection coefficient based on comparison between the 
results of the above mentioned survey and the results 
of repeated levelling surveys, allows to assess more 
precisely the amount of accumulated material in those 
areas (Williams & Wolman, 1984; Lajczak, 1999). 

The catchment area of the Vistula River, Poland 
(see Fig. 1) is one of the regions where substantial 
and rapid changes in the rates of transport and de- 
position of suspended material have occurred since the 
beginning of the river regulation. 

Description of the Vistula River and its catchment 
area 

The Vistula catchment basin covers the area of 
199 813 km^. The mean discharge of the river at its 
mouth is equal to 1100 m^- s“^ and the mean rate of 
the suspended material transport at the mouth section 
of the river reaches 833 000 tonnes yr“^ (1946-1995). 
The three courses of the river have been distinguished, 
and named as follows: upper (to the mouth of the last 
mountain tributary), middle and lower. The greatest 
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Figure 1. The Vistula catchment, (a) rivers with controlled suspended sediment load, (b) selected gauging stations where suspended sediment 
concentration in rivers is regularly measured (1-16 - numbering of gauging stations on the Vistula used in the study), (c) larger dams, (d) 
Wloclawek Dam, (e) border of the catchment area, (f) Carpathian Mts., (g) Sub-Carpathian Basins, (h) Polish Uplands, (i) Polish Lowland. 



deposition of suspended material occurs along the up- 
per course of the Vistula River. Ninety percent of the 
material is supplied to the main river by its mountain 
tributaries (Lajczak, 1995a, 1999). 

The regulation work on the Vistula River com- 
prised the following activities: channelization of the 
river, straightening its course (end of the 19th century), 
construction of stony groynes in the channel, perpen- 
dicular to the banks, which caused the river channel 
narrowing and deepening (to the mid of the 20th cen- 



tury), and construction of dams across the main river 
and its tributaries (since the 1930s). The results of 
regular measurements (carried out by the State Hy- 
drological Survey) of suspended material transport, 
obtained from numerous gauging stations during the 
50 years’ period, allow to estimate the mean rates of 
transport and deposition of the suspended material in 
the longitudinal profile of a river at different stages 
of its regulation. The data may be used as a basis for 
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determining the direction of changes in transport and 
deposition of suspended material. 



Materials and methods 

The daily values of suspended sediment concentra- 
tion T [g m“^] and discharge Q [m^- s“^] obtained 
from 16 gauging stations on the Vistula River and 
from all stations at the mouth sections of its tributaries 
have been analysed for the whole measurement period 
which started on the Vistula River in 1945 (see Fig. 
1). Also the values of T and Q, obtained from gauging 
stations located upstream and downstream of dams 
located in the drainage area, have been analysed. The 
author has computed the rate of suspended material 
transport R [tonnes] at the gauging stations mentioned 
in the investigated balance periods (months, years, 
many-years’ period); it has been based on the formula: 

R = 10“3- k- Urn- t, 

where: k = di mean value of correction coefficient [-], 
which represents the ratio between suspended material 
concentration obtained from multi-point sampling in 
the river cross-section, repeated a few times per year, 
and one point sampling carried out every day. It varies 
between 0.5 and 2.0 in the analysed gauging stations 
and in most stations it is close to 1.0, t/m = a prelim- 
inary average value of suspended material transport in 
the investigated balance period referred to the moment 
of one point sampling [kg s“^], t = duration of the 
balance period [s]. The value of Um has been determ- 
ined on the basis of a graphical method applying the 
diagram of duration of daily values of U {U = T Q), 
drawn in the Cartesian system (Lajczak, 1999). The 
values of Um have been determined for the analysed 
balance periods. 

Using an ‘input-output’ method (Lajczak, 1999), 
in each balance section of the Vistula River, defined 
by successive gauging stations for measuring suspen- 
ded material concentration, the author has computed 
the suspended load supplied by a station opening a 
river section and by tributaries, the outflow of material 
from a given river section through a closing station, 
and finally, the balance of material transport. In each 
balance section of the river, losses in transported ma- 
terial (equal to the rates of its deposition) have been 
computed for successive years over the period 1946- 
1995; losses have been expressed in [tonnes yr“^]. 
The obtained results allow to assess more precisely 
the downstream differentiation in the average rates of 



suspended material transport, which grows stepwise at 
the mouths of tributaries, and next gradually decreases 
along the subsequent sections of the river between the 
mouths of tributaries. The same method has been used 
to estimate the transport balance of suspended mater- 
ial in dams in the catchment area of the Vistula River 
in the successive years of their functioning (Lajczak 
1996). It allowed determining the decrease in the sus- 
pended load supplied to the Vistula River by particular 
tributaries with dams and to show changes in the bal- 
ance of transport of this material in the Vistula River, 
caused by dams constructed in the catchment area and 
the river regulation. 

Changes of the course and width of the Vistula 
River channel before, during and after its regulation 
have been analysed. 



Results 

Effects of river regulation till the mid of the 20th 
century 

Before regulation, the upper course of the Vistula 
River showed a meandering pattern, and its further 
courses, the braided pattern. The shortening of the 
river caused the biggest increase in the channel slope 
in the upper course of the Vistula. As a result, in this 
section of the river, it caused the greatest deepening 
of the channel comparing to the state prior to the reg- 
ulation, by 2 m on the average, and locally even by 
4 m (Lajczak, 1995a). The material derived from the 
deepening of the channel and supplied by the tribu- 
taries was accumulated in intergroyne basins in the 
lateral zones of the former channel, which conduced 
to overbuilding of these zones and their inclusion into 
the flood plain. During the first several decades after 
the regulation, systematical deepening of the channel 
was continued and its local shallowing went together 
with quick overbuilding of lateral zones in the chan- 
nel with intergroyne basins, and quick overbuilding 
of the narrow zones in the interembankment on the 
flood plain (levee). Analysis of maps published since 
1780 ‘s showed that during ca. 60 years after com- 
mencement of general regulation work, the narrowing 
of the Vistula channel was much quicker than later, 
which indicated increased accumulation of material in 
the river channel at the end of the 19th century and 
at the beginning of the 20th century. So big rates of 
sediment accumulation pointed to contemporary over- 
load of the river with material mainly originating from 
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the channel deepening which started in those years. 
In the consecutive period, mostly after 1930, the rate 
of channel narrowing and flood plain overbuilding in 
the interembankment became slower, which indicated 
a possible decreasing tendency in the rates of suspen- 
ded material transport in the Vistula River (Lajczak, 
1999). This tendency had been marked even before the 
time when the systematic measurements of suspended 
material concentration started. Hence, it is impossible 
to describe it more precisely in the period 1930-1945. 

Tendencies in the course of suspended material 
transport and deposition during the second half of the 
20th century 

During the period 1946-1995, the annual rates of 
suspended material transport in the Vistula River 
showed a decreasing tendency, occurring irrespective 
of the many-years’ oscillations of river discharge (see 
Fig. 2). A similar phenomenon was observed in the 
tributaries, particularly mountain ones, which contrib- 
uted most to the sediment supply to the main river. 
This decrease in the transport of material, observed 
at least from the late 1940s, was connected with the 
growing number of deep dams in the catchment area, 
permanently trapping over 90% of the mass of the 
suspended material supply, and changes in land use 
in the drainage basins of mountain tributaries, dimin- 
ishing slope erosion (Lajczak, 1995a, 1999). As a 
result the loss of suspended material decreased in the 
Vistula River, especially in the balance sections loc- 
ated downstream at the mouths of the largest mountain 
tributaries. The signalled tendencies were disturbed in 
the balance sections of the upper Vistula River with 
tributaries draining mining areas within Upper Silesia 
region (see Figs. 1 and 2). In the period 1950-1980, 
a quick increase in the transport and deposition of 
suspended material, followed by a decrease in these 
values, was noted in those sections of the river. 

Prognosticated tendencies in transport and loss of 
suspended material 

During the last 10-15 years along the whole course of 
the river a stabilising tendency in the rates of trans- 
port and deposition of suspended material has been 
observed. It has been most significant in the upper 
course of the river, fed by mountain tributaries. A 
decrease in deposition of suspended material in the 
balance sections of the Vistula River does not dimin- 
ish to zero (Lajczak, 1999). The level asymptote of 
the regression curve for the period 1946-1995 reaches 



in the successive balance sections of the upper course 
of the river increasingly larger values, which become 
smaller in the successive sections of further course 
of the river. This allows the supposition that also in 
future the deposition of material in the Vistula River 
will increase only along the upper course of the river. 
However, due to a probably continued decrease in 
the rates of transport of this material caused by new 
dams on mountain tributaries, the rate of deposition 
will decrease in time. On the other hand, along the 
successive balance sections of the Middle and Lower 
Vistula the deposition of material will probably de- 
crease. The planned construction of some low dams 
on the Lower Vistula River will bring about, just as 
like the Wloclawek reservoir, at first an increase in 
the storage of suspended material in this course of 
the river and as siltation of reservoirs will proceed, a 
systematic increase in the rate of suspended material 
transport and increased sediment inflow to the Baltic 
Sea (Lajczak, 1999). The duration of these two phases 
in the course of transport and deposition of suspended 
material at the mouth section of the Vistula River will 
depend on the rate of the building of dams in the lower 
section of the river. Next, as a result of desistance from 
those investments, the dynamics of transport will be 
influenced mainly by the Wloclawek reservoir. 

Graphical illustration of rates of suspended material 
transport and deposition along the river during the 
three analysed periods 

The most precise illustration of differentiation of the 
rates of suspended material transport and deposition 
in the longitudinal profile of the river is a comparison 
between the real and hypothetical curves of the mater- 
ial transport, which allows to infer relations between 
transport and deposition of suspended material in any 
section of the river (Lajczak, 1999). It is also possible 
to asses the rates of potential overbank sedimentation 
along the whole course of the river (see Fig. 3). In this 
paper the author presents both curves of suspended 
material transport in three periods representing differ- 
ent stages of channel regulation works on the Vistula 
River: (1) between the commencement of the Vistula 
River engineering work and the construction of the 
first dams on its tributaries (before 1930), probable 
rates of the transport, (2) in the years 1946-1995 when 
transport measurements were taken, and (3) probable 
rates of the transport after the planned completion of 
the dam system. For each of the mentioned periods, a 
real curve of the transport has been composed contain- 
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Figure 3. Real (T\, T 2 , Ti,) and hypothetical curves of average loads of suspended material, and rates of deposition of the material 

AS 2 , AS 2 ) along the Vistula River in three time periods: (a) before 1930, (b) in the years 1946-1995, the average values, and (c) after 

planned completion of dam system in the river catchment area. Location of the mouths of larger tributaries to the river (Przemsza, Sola, Skawa, 

Raba, Dunajec, Wisloka, San, Narew), and gauging stations numbered 1-16 where suspended material concentration is measured, and borders 
between river courses, are marked, x = location of Wloclawek Dam on the Vistula River. 



ing sections showing a rapid increase in the transport 
at the mouths of tributaries, alternating with sec- 
tions showing a decrease in the transport between the 
mouths of tributaries. A hypothetical curve of trans- 
port shows an increasing rate of suspended material 
along the river in the mentioned periods, in a hypothet- 
ical situation when sedimentation of the material does 
not occur. This curve has been constructed as a cu- 
mulated curve of suspended load supplied to the main 
river by successive tributaries. In the upper course of 
the Vistula River transport generally increases down- 
stream. In the further courses of the river, the transport 
curve is more even. The damming of the Vistula wa- 
ters upstream of the dam at Wloclawek resulted in an 
approx, twice decrease in suspended load in further 
course of the river. This process will intensify after 



construction of successive dams on the Lower Vistula 
River. Further decrease in suspended load under the 
influence of dams, but on a smaller scale, will occur 
in the upper and middle courses of the river. In the 
Vistula River below the mouth of the last mountain 
tributary, where transport of suspended material is the 
largest in the whole course of the river, its prognost- 
icated rates will decrease twice to approx. 1 200000 
tonnes yr“^ As a result of the combined action of dam 
reservoirs on the tributaries of the Vistula River and in 
its lower course, the prognosticated rate of suspended 
material transport may decrease at the mouth of the 
river even by 95%, as compared to the value from 
before 1930, that reached only 50000 tonnes yr“^ 
Such effective reduction in the transport of suspended 
material will be caused in 1/3 by dams on mountain 
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tributaries and in 2/3 by dams in the lower course of 
the river. 



Discussion and conclusion 

In the period which has lapsed from the start of the 
Vistula River channelization, two phases character- 
ised by very rapid changes in the rates of transport 
and deposition of suspended material in the river, the 
quickest ones on the scale of the Holocene may be 
distinguished. An increase in the transport and depos- 
ition of the suspended material in the Vistula River, 
during the four decades from the initiation of the river 
regulation (1890s-1930s) was followed by a rapid de- 
crease of those parameters mainly due to construction 
of dams and changes in land-use in the river basin. The 
presented scheme of changes is similar to the many- 
years’ course of fluvial material transport, and also to 
the contemporary modelling of flood plains and river 
channels in other areas, mainly under the influence 
of urbanization of catchment areas (Wolman, 1967; 
Walling, 1974). Similar causes of the present decrease 
in the rates of transport and deposition of suspended 
material in other rivers are mentioned by Winkley 
(1982), Keown et al. (1986), Kesel (1988), and Weiss 
(1996). 

A short period with the increased rates of clastic 
material transport in water courses, distinguished by 
Wolman (1967) as a result of earthworks in the catch- 
ment area and a subsequent decrease in transport as an 
effect of the impoundment of the river, may be con- 
sidered an analogue to changes in the Vistula River 
under the influence of regulation works. An initial 
increase in the transport and deposition of the sus- 
pended material in the Vistula River resulting from 
the deepening of the channel is a direct effect of river 
regulation. The prolonged deepening of the channel, 
most advanced in the upper course of the river, con- 
duces to a decrease in the deposition of transported 
material along the river sections that function in this 
way (Lajczak, 1999). So far, no special attention has 
been given in the literature to this indirect effect of 
river regulation. 
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Abstract 

Sedimentation of organic particles plays a decisive role in streams in relation to pelagic loss as well as retention 
of nutrients and other substances. The plate sediment trap allows for the direct measurement of these net fluxes. 
Biweekly measurements were undertaken in the eutrophic lowland River Spree (MQ ~ 14 m^ s“ ^ ) 10 km upstream 
of Berlin in 1999 and 2000. Trapping rates between 0.5 and 25 g DW m~^ day“^ were found near the bank. The 
variance of seston sedimentation is controlled by the seston concentration, the settling velocity of the particles and 
the flow velocity. The sinking velocity exhibits signiflcant seasonal fluctuations with highest values in summer. It is 
shown that the critical flow velocity for sedimentation is another important parameter. This controls the distribution 
of sedimentation over the width of the river and thus the effective average sedimentation rate for the entire river 
segment. This average rate ranged between 0.9 and 6.6 g DW m~^ day“k 



Introduction 

Variability in particle sedimentation has been observed 
for a long time from sediment trap sampling in lakes 
(e.g. Bloesch, 1982). Relationships to seasonality of 
algae blooms, to allochthonous seston sources, to the 
depth of exposure and to the distance from the shore 
have been found. There have only been a few in- 
vestigations on sedimentation and retention of flne 
particulate matter in rivers (Welton, 1980; Kozerski 
& Leuschner, 2000). Svendsen & Kronvang (1993) 
showed that these processes are subjected to signiflc- 
ant variations in space and time, whereby the temporal 
fluctuations are dominated by the sedimentation - re- 
suspension cycle, which is controlled by the flood 
regime. Weekly measurements of Welton (1980) with 
cylindrical collars, sunken into the bed of a small 
stream until level with the surface, also revealed large 
variations in relation to discharge and macrophyte cov- 
ering. The material collected in these traps was mainly 
sand that moved in large amounts as bed load. 

The aim of this paper is to analyse in detail the 
temporal and spatial variations of the settling flux of 
suspended flne organic and phosphorus-rich material 



under the influence of bottom shear stress. By means 
of the plate traps measurements, the role of 

- the concentration of suspended particles, 

- the flow velocity and its distribution within the 
cross section of the river, 

- the sinking velocity of the particles, and 

- the particle characterising critical flow velocity for 
sedimentation 

as controlling factors are described in this paper. 

Sites and methods 

The River Spree is a typical, eutrophic, lowland river. 
Along its 400-km long course to Berlin, it passes 
various reservoirs, impoundments, and lakes (Schel- 
lenberger, 1981; Kohler, 1991). At the held station 
Freienbrink (52° 22' 091 N, 13° 47' 797 E), 10 km 
upstream of Berlin, the river is straightened. Its mean 
discharge was about 14 m^ s“k In the 18 - 20-m 
wide trapezoid profile, the water flows with velocit- 
ies of up to 70 cm s“k The limnological condition is 
characterised by concentrations of suspended particles 
between 1.2 and 19 mg DW 1“^ (median: 5.4 mg 
DW 1“^) and a total phosphorus concentration in the 
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Figure 1. Experimental design for sediment trap measurements in 
the River Spree. 



range of 72-190 fig P 1“^ in the period from 1998 
to 2000. The suspended material is mostly autoch- 
thonous, with on average, the share of phytoplankton 
biomass comprising about 20% (Kozerski, 2002). 

The sediment trap measurements were carried out 
at three vertical poles in the velocity gradient near the 
right bank of the river (see Fig. 1). Flow velocity was 
determined at each single plate trap and each meter in 
the river cross-section, some 10 m downstream at a 
depth of 40 cm above the bottom. 

The flow velocity (V) was measured by means of a 
propeller (Seba company, Germany) in 1999 and with 
an electromagnetic velocity meter Flow Mate (Marsh- 
McBirney, Inc., USA) in 2000. Values, which were 
measured directly in front of the sediment trap, are de- 
scribed in terms of approach velocity. Non-measured 
cross sectional flow velocity distributions were inter- 
polated from neighbouring measurements on the basis 
of the actual water level and the non linear relation- 
ship between the hydraulic radius and flow velocity 
according to Manning (Kaden et al. 1965). 

Sedimentation was determined with horizontal 
plate sediment traps, developed, described, and tested 
by Kozerski & Leuschner (1999, 2000). All plates 
(35 cm diameter) were exposed for 2-6 h, 40 cm above 
the river bed so that it is unlikely to capture coarser 
material due to saltation. The rates (g DW m~^ day“^) 
are indicated as trapping rates (traP) for the plate traps. 
The trapping velocity is the quotient of the trapping 
rate and the bulk concentration of suspended particles, 
traP/C (m day“^). Water was sampled at each of the 
three poles at the beginning and the end of trap ex- 
posures. Suspended and entrapped particulate matter 



was filtered on pre-weighed cellulose acetate filters 
(Sartorius, 0.45 fim, 25 mm diameter), dried at 105 °C 
and determined by gravitational difference. Statistical 
analyses were carried out with SPSS. 

Results 

From single measurements to the seasonal course of 
the trapping rate 

Twenty five campaigns were carried out between 16 
June 1999 and 21 December 2000. Periods of high 
water level and ice cover were excluded. In general, 
the campaigns were carried out at intervals of 2 or 4 
weeks. In each campaign, six plate traps were exposed 
at flow velocities up to 36 cm s“^ Disturbances due to 
motorboats, defects of instruments and cases in which 
the flow velocity was below the detection boundary 
of the flow meter resulted in only 118 complete data 
sets being used for further data processing. These data 
reveal a very significant {p < 0.01, r = -0.3) correla- 
tion between trapping rate and approach velocity. For 
the calculation of a seasonal course, the results of each 
campaign must be handled separately. Due to the small 
number of parallel measurements (only six) in each 
campaign the degree of confidence is mostly very low. 
The probability of a type I error ranged from = 0.014 
to 0.22. Seven data sets with higher values are not con- 
sidered, although they are not in conflict with the final 
conclusions. 

As already shown by Kozerski (2002), the six 
sampled trapping rates of the plate traps are negatively 
correlated with the approach velocity (Fig. 2 A, B, C). 
Thus, the mean of these six sampled values depend 
on the actual values of the approach velocity at the 
exposure sites of the single plate traps. Consequently, 
for comparisons between the campaigns with different 
flow conditions at the traps, a reference trapping rate 
at a fixed approach velocity is needed. 

In Figure 2 a reference trapping rate at the ap- 
proach velocity of 10 cm s“^ is used, which was 
computed on the basis of the measurements by means 
of a linear regression. These reference trapping rates of 
all campaigns were then plotted as a function of time 
to provide a temporal comparison (Fig. 2D). This dia- 
gram shows highest rates between 9 and 13 g DW m“^ 
day“^ at the end of 1999 and in April 2000 as well as 
medium values of about 3 and 5 g DW m“^ day“^ 
respectively at other times. 

This seasonal pattern is very similar to the sea- 
sonal course of the suspended matter concentration 
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Figure 2. Left side (diagrams (A-C): flow-trapping rates - diagrams of three campaigns in the River Spree at the held station Freienbrink and 
the estimation of a reference trapping rate (large circles) at the chosen reference approach velocity of F = 10 cm s“^ . Right side (diagram D): 
the constructed seasonal course of the trapping rate for V = 10 cm s“^ . The grey area represents the suspended matter concentration in mg dry 
weight per litre. 




Figure 3. Seasonal course of the particle parameter Wg (above) and 
Vcrit (below) and the computed trapping velocities traP/C for F = 
5, 10, and 15 cm s“^ . These numbers are given in the diagram. 



(Fig. 2). It is concluded that the suspended matter con- 
centration C is the primary controlling factor for the 
seasonality of the trapping rate. 



The effects of particle properties on seasonality 

In order to analyse other controlling factors, we re- 
moved the effect of suspended matter concentration C 
by dividing traP by C. The term traP/C has the dimen- 
sion of a velocity and is called trapping velocity. It 
characterises the propensity of the particles to settle 
in flowing water. Its seasonal course was constructed 
on the basis of reference values for the approach ve- 
locities of 5, 10, and 15 cm s“^ for each campaign. 
Figure 3 shows strong fluctuations in 1999 and a clear 
peak in the early summer 2000. 

Two further controlling factors can be derived 
when the above mentioned linear regression between 
trapping rate and approach velocity is interpreted as 
the linear equation (Kozerski 2002): 

traP(y) = C*TFs*(l-y/Fcrit). (1) 

Ws is the average settling velocity of the particles in 
the flowing water and can be estimated from the inter- 
cept with the ordinate: Ws = trap(Vo)/C. Its seasonal 
course is shown in the upper part of Figure 3 and 
it peaks at the beginning of July 2000. This pattern 
suggests that Ws is the dominating controlling factor 
for the seasonality of the trapping velocity. The partial 
correlation between Ws and traPio is close (r = 0.76). 
A regression model with C and Ws explains 80% of 
the variance of traP. 
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The second parameter of the above equation Vcrit 
is a critical flow velocity above which no sediment- 
ation takes place. This is the approach velocity V at 
the intercept of the regression line with the abscissa. 
Together with Ws this parameter determines the slope 
of the flow velocity - settling flux relationship. The 
higher the Vcrit, the weaker the dependence of the 
trapping rate on flow velocity. Values between 8 and 
74 cm s“^ (Fig. 3, lower part) were obtained with 
a median value of 21 cm s“^ Sixty-five percent of 
the calculated values ranged between 10 and 40 cm 
s“^ Very high values occurred in April and autumn 
2000. In these periods, the trapping velocity was only 
slightly dependent on the flow velocity. The difference 
between traP/C for V = 5 and V = 15 cm s“^ became 
very small, whereas traP/C covers a wide range at low 
values of Vcrit- The parameter Vcrit is not correlated 
with seasonality of the measured trapping rate or with 
trapping velocity (Figs 2 and 3, upper part). 

Average sedimentation rates of the cross section 

On the basis of Equation (1), the parameters Ws, Vcrit, 
and the measured flow velocities in the river can be 
used to calculate the distribution of the trapping rates 
over the entire cross section for each campaign by the 
extrapolation method described in Kozerski (2002). 
Doing so, it becomes clear that the parameter Vcrit 
is most decisive for the spatial distribution of particle 
retention in the river. In the common case, with values 
of Vcrit up to 40 cm s“^ sedimentation takes place 
only in the marginal regions, for which the six sampled 
values are representative. The average value for the 
entire river channel is much smaller than the sampled 
values due to the fact that calculated sedimentation is 
zero in the central part of the river channel at high flow 
velocity. In four of eight cases in 2000, the computed 
cross-section average value was about one third of the 
sampled mean values. On 20 June 2000 this ratio was 
1 : 11 . 

When Vcrit is higher and exceeds the flow velocit- 
ies in the river, sedimentation is spread out over the 
entire cross section. In the case of the campaign on 25 
April 2000, Vcrit exceeds the maximum flow velocity 
of 60 cm s“^ Thus, there is only a weak dependence 
of the trapping rates on flow velocity. The calculated 
rates vary only between 2.8 and 14 g DW m“^ day“^ 
in the cross-section. In such cases, the average cross 
sectional rate approaches the values sampled at the 
margin of the river. 



Discussion 

The measurements in the first year (1999) showed a 
relative constant behaviour of the flow velocity - set- 
tling flux relationship. The resulting parameter Vcrit 
ranged between 11 and 30 cm s“^ This flow velocity 
range could also be used for the in situ measurements 
so that the design of the experiments was maintained 
for 2000. Unfortunately, sometimes in 2000, Vcrit in- 
creased strongly and exceeded the flow velocity range 
at the poles near the stage. Consequently, the mathem- 
atical extrapolations from the six single measurements 
in the velocity range up to 30 cm s“^ into a range 
above this value must be regarded partly as speculat- 
ive. It is essential to repeat these measurements in the 
enlarged flow velocity range. Until this is confirmed, 
the conclusions for Vcrit >30 must be dealt cautiously. 

The finding that in several campaigns with high 
values of Vcrit, the trapping rates at low and at high 
flow velocity were almost equal, cannot be explained 
by means of the experimental data. Thus, only spec- 
ulations for the reasons of this temporal phenomenon 
can be made: 

1 . The settling aggregates had a very high mechanical 
stability. Metha and Partheniades (1975) explained 
the dependence of sedimentation on bottom shear 
by the instability of the settling aggregates in zones 
of strong flow velocity gradients at the bottom. The 
stronger the bottom shear, the more are crushed 
and lose the sinking velocity which is necessary 
for settling out. Therefore, aggregates with a high 
mechanical stability resist and reach the bottom 
relative independently of the flow velocity. The 
stability of the aggregates might be controlled by 
the adhesive substances in the water and on the 
particles during the formation of aggregates. 

2. Very small particles with a sufficient high sinking 
velocity are dominant. Smith (1975) pointed out 
that small particles (fine sand) are sheltered in the 
laminar sub-layer whereas larger ones (aggregates) 
protrude above the sub-layer and were removed 
from the point of settlement dependent on the flow 
velocity. 

3. A similar effect might arise from the strong ad- 
hesion between the particles and the plate trap 
surface which catches the particles in a wide range 
of bottom shear. 

Intensified aggregation might be the reason for the 
peak of Ws in the summer of 2000. The greater the 
diameter, the higher the sinking velocity. When fine 
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mineral particles are involved, the sinking velocity in- 
creases additionally. The fact that the peak value of the 
trapping velocity is surrounded by a row of increased 
values suggests that there are systematic changes of 
the propensity of the particles to settle. 



Summary and conclusions 

• The measured trapping rates showed high variation 
in time and space in the lowland River Spree. 

• The trapping rate varies not only with the concen- 
tration of suspended particulate matter in the water 
but also with particle properties and the flow distri- 
bution (measured as flow velocity) within the river 
channel. 

• The most exciting particle property in relation to 
the seasonality is the sinking velocity Ws which 
was estimated for each campaign from the flow 
velocity-settling flux relationship. 

• The second particle parameter which can be es- 
timated is the critical flow velocity Vcrit- This 
parameter ranged from 11 cm s“^ to more than 
70 cm s“^ It does not control the seasonality 
of the trapping rates but defines the sites where 
sedimentation takes place. 

• Whereas in periods with low values of Vcrit only 
the near bank parts of the river bed are affected 
by sedimentation, in periods with high values of 
Vcrit, the area at which sedimentation takes place 
is much larger. 

• Further investigations are necessary for confirma- 
tion of the statements about the settling flux at flow 
velocities greater 30 cm s“^ and for finding out the 
reasons of changes in TVs and Vcrit- 
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Abstract 

This paper presents findings on the quality of runoff draining a small urban tropical catchment in Singapore. 
Variations in runoff quality were studied by continuous, regular and storm event water sampling over a period of 
eleven months for suspended sediment, nutrient and inorganic variables. Storm events and anthropogenic activities 
exerted the most influence on runoff quality. Concentration-discharge rating relationships were derived to assess 
the rating curve method for calculating load of the variables monitored. The poor rating relationships obtained 
indicated that the method was not suitable for load estimation in this catchment. Instead, an interpolation method 
was used to calculate sediment loads. The preliminary results highlighted the importance of conducting small-scale, 
relatively short-term studies to identify and assess specific water quality problems facing each catchment. Such a 
sampling strategy might be more useful than either routine or continuous sampling in the context of planning more 
detailed monitoring strategies and management options suitable for disturbed catchments. 



Introduction 

In recent years, the humid tropics have experienced 
rapid urban growth outpacing the provision of ba- 
sic infrastructure for the disposal of urban wastes. 
Polluted water is discharged into urban rivers and ulti- 
mately into the sea, causing severe coastal pollution. 
The link between land-based pollutant sources and 
coastal pollution is therefore very important, and sev- 
eral programmes have been initiated in temperate re- 
gions to study these linkages. These include the Land 
Ocean Interaction in the Coastal Zone (LOICZ) and 
European Land-Ocean Interaction Studies (ELOIS) 
(Vorosmarty et ak, 1997, Leeks & Walling, 1999). 
Similar programmes are needed in tropical regions. 

The present study was part of a larger project 
that has investigated the fluxes of sediment and nu- 
trients from land-based sources into the coastal areas 
of Singapore. This paper presents data for one small 
urban catchment. The objectives were to study the 
variations in runoff quality for a small urban catch- 
ment, to test whether it was possible to develop 
a concentration-discharge rating relationship for an 
urban context and to use the relationship for calcu- 



lating loads exported. Einally, the findings were used 
to evaluate water quality monitoring frameworks that 
would be suitable for this catchment and other small 
tropical urban catchments. 



Study site 

The Queenstown catchment (1.94 km^) is located in 
the south-central part of the main island of Singa- 
pore (Eig. 1). The catchment experiences high mean 
annual temperature (26.7 °C), humidity (84%) and 
rainfall (2100-2399 mm) throughout the year. Peri- 
ods of high rainfall occur during the monsoon periods 
(November-March, May-September). Convectional 
rainfall also occur in the afternoons, with storms of 
high intensity, short duration and small spatial ex- 
tent (less than 10 km^) (Watts, 1974). The geology 
of the catchment consists of sedimentary rocks over- 
lain by alluvial deposits of pebbles, sands, clays and 
peat (Thomas, 1991). The soils have been modified 
due to repeated cycles of construction. The landuse 
in this catchment consisted predominantly of resid- 
ential development. Sites of continuing construction 
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Figure 1. Location and landuse map of Queenstown catchment. 



were found throughout the catchment during the study Research methods 
period. Fieldwork observations indicated that these 

sites were point source areas of sediment that was A fixed monitoring station was located at the outlet 
directly discharged into the drainage network. of the catchment (Fig. 1). Runoff draining the catch- 

ment was monitored for a period of 1 1 months using 
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the YSI sonde, a multi-parameter instrument that was 
placed in-situ inside a metal cage. The cage preven- 
ted the YSI sonde from being removed but trapped 
organic debris and trash behind it. Considerable foul- 
ing of the probe surfaces occurred. The probes were 
cleaned in the field. Baseflow samples were collec- 
ted for 7 months on a weekly basis whilst storm 
sampling was conducted for only 1 month during 
this 11 month period (January 1999). Storm samples 
were collected using an American Sigma Streamline 
800SL Portable Sampler attached to a float switch 
that initiated a sampling sequence once water levels 
in the channel rose above the switch. Water samples 
were collected in polyethylene bottles and preserved 
at 4°C. A 15 min sampling interval was used. The 
variables monitored included water level, water tem- 
perature, pH and dissolved oxygen that were measured 
using the YSI sonde. Suspended sediment, nutrients 
(Total Phosphorus, Orthophosphate, Total Nitrogen, 
Nitrate and Nitrite, Ammonium) and soluble inorganic 
variables (Calcium, Magnesium, Potassium, Silica, 
Sulphate) were also monitored. Only suspended sed- 
iment and the total nutrient fractions were analysed 
from unfiltered samples. The rest of the variables were 
analysed from filtered samples. The analysis of these 
variables was based on methods recommended by the 
American Public Health Association (APHA, 1995). 



Results and discussion 

This catchment experienced a wide range of runoff 
conditions. Low water levels were recorded during 
baseflow periods. Water levels fluctuated in a regu- 
lar manner and were not affected by the discharge of 
sediment into the drainage network. The short intense 
storms experienced at this catchment and efficient 
routing of water over the concrete surfaces resulted in 
flashy hydrographs that lasted less than 24 h. 

Variations in the water quality during baseflow 
conditions 

Variations in water quality during baseflow conditions 
were analysed from data collected by the YSI sonde 
(Fig. 2). Water temperature, dissolved oxygen and 
pH fluctuated in a regular manner due to the produc- 
tion and consumption of oxygen and carbon dioxide 
with photosynthesis and respiration. Dissolved oxy- 
gen fluctuated over a wide range during the monitoring 
period. Negative values were often recorded as a res- 



ult of the low water levels and rapid decomposition of 
material trapped behind the metal cage. 

The cause of the regular fluctuations in water level 
is not known for certain although these fluctuations 
might be related to diurnal changes in temperature 
affecting instrument circuitry. An increase in spe- 
cific electrical conductivity and turbidity was observed 
during the day. The turbidity data indicated that sus- 
pended sediment was entering the drainage network in 
a transient manner (Fig. 2). Although fouling of the 
turbidity sensor occurred frequently, the turbidity pro- 
file when the sensor was fouled and during transient 
periods was distinctively different. Sharp peaks were 
recorded for transient events unlike the flat profile 
observed when fouling occurred (Fig. 2). 

Variations in water quality during stormflow 
conditions 

Six storms, including both extreme and typical events 
experienced at the catchment were monitored. The 
general trend for storms was high concentration val- 
ues recorded on the rising limb of the hydrograph 
due to the flushing of the drainage system and catch- 
ment surfaces during the early part of a storm. This 
effect is known as the first flush and was often re- 
corded for suspended sediment, total phosphorus and 
total nitrogen (e.g. Storm 2, Fig. 3). When storms 
occurred in close succession, the general pattern ob- 
served was a decrease in concentration due to the 
exhaustion of sources from a prior storm (e.g. Storm 
3, Fig. 3). This exhaustion pattern was not seen for 
suspended sediment on the rising limb of Storm 3 due 
to the abundant source areas from construction sites 
supplying sediment to the drainage network. 

Concentration- discharge rating relationships for the 
water quality variables 

The rating relationship was obtained by plotting con- 
centration on the ordinate scale against discharge on 
the abscissa. Least squares regression on the log- 
arithms of concentration and discharge was used to 
determine whether a linear relationship could be de- 
rived and back-transformed into a power equation. 
Significant relationships were observed for most vari- 
ables although considerable scatter was found for all 
the rating plots. Extremely low values was obtained 
for some variables (e.g. r^=0. 00007 for orthophos- 
phate) (Table 1, Fig. 4). The amount of scatter found 
for the rating relationships indicated that discharge 
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Figure 2. Variations in water quality during baseflow conditions, Queenstown. 



was not the only independent variable required for 
explaining the behaviour of water quality variables in 
this catchment. As a result, load estimates using the 
rating relationship would result in considerable error. 

Sediment load estimates using an alternative method 

This section focuses on calculating sediment loads 
exported during baseflow and comparing these estim- 
ates with those calculated for storms. This comparison 
was made because water samples collected during 
baseflow periods often had higher suspended sedi- 



ment concentrations than in samples collected during 
storms. An interpolation method was used to calcu- 
late load instead of the concentration-discharge rating 
method. Values of suspended sediment concentration 
were obtained from a sediment concentration-turbidity 
relationship (Fig. 4). The sediment load for each 
15 min period was calculated based on the equation 
below, after Greer et al. (1998): 

Sediment load = 

86 400 X {T 2 -T 1 ) X [5i -h 0.5 X (S2-Si)l (1) 
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Table 1. Concentration-discharge rating relationships for the Queenstown catchment 





n 


Linear least squares 
regression equation 


Power equation 


Coefficient of 
determination 

A 


Correlation 

coefficient 

r 


Suspended 

sediment 


188 


logC= 0.5713 log Q+ 1.87 


C = 74.13Q^-^^1^* 


0.3576 


0.598 


Total 

Phosphorus 


111 


logC= 0.0293 log Q- 0.959 


C= 0.11Q^-^293 


0.0046 


0.0678 


Orthophosphate 


109 


logC= 0.0081 log Q- 2.35 


C= 0.0047Q0-00^1 


7.11 X 10“^ 


0.00837 


Total Nitrogen 


106 


log C = -0.0879 log Q + 0.068 


C= 1.17Q“^-^^^9* 


0.0944 


0.307 


Nitrate/Nitrite 


97 


log C = -0.051 log Q- 0.546 


C= 3.52Q-0-051 


0.017 


0.13 


Ammonium 


97 


log C = -0.466 log Q- 1.2051 


C= 0.062Q-0-466* 


0.171 


0.413 


Calcium 


54 


log C = -0.3438 log Q+ 1.211 


C= 16.24Q-0-3438 


0.666 


0.816 


Magnesium 


54 


log C = -0.37 log Q - 0.0888 


C= 1.227Q“^-^^* 


0.658 


0.811 


Potassium 


54 


log C = -0.2429 log Q + 0.5721 


C= 3.73Q-0-2429* 


0.499 


0.706 


Silica 


54 


log C = -0.3449 log Q + 0.4389 


C= 2.78Q-0-345* 


0.679 


0.824 


Sulphate 


53 


log C = -0.2367 log Q+ 1.1432 


C= 13.9Q-0-237* 


0.4799 


0.693 


Turbidity 
- Suspended 
sediment rating 
relationship 


182 


SSC= 0.5206T- 5.2881* 




0.8191 


0.905 



Where C = concentration (mg 1 ^), Q = discharge ( m^ s ^), SSC = suspended sediment concentration (mg 1 ^), T = 
Turbidity (NTU), n= number of samples and * indicates significance at 95% confidence limits (Two-tail F test). 



where T\ and T 2 are values of time for adjacent time 
periods (Julian days), S\ and S 2 are sediment load 
(gs“^) discharged at time T\ and T 2 , respectively. 
Total sediment load for the period of interest is the 
sum of sediment load calculated for individual 15 min 
periods. 

Sediment load for baseflow periods and storm 
events was calculated for the month of July 1998 be- 
cause fieldwork observations indicated that discharge 
from construction and residential sites occurred fre- 
quently during this month. Initial calculations showed 
that the transient discharge of sediment from construc- 
tion sites led to significant sediment export during low 
flow periods. The sediment yield from these point 
sources was 37 214 kg (37.7% of the total sediment 
yield exported during July 1998), a value slightly 
higher than the sediment yield exported during storm 
events in the same month (31759 kg, 32.2% of total 
sediment yield). 



Implications of results on load estimation and 
water quality monitoring in the tropics 

The frequent occurrence of transient events indicated 
highly variable conditions that would exert consider- 



able stress on the aquatic environment of the study 
catchment. A possible indication of stressful condi- 
tions was based on findings from a previous study 
on the Singapore River that reported low species di- 
versity and the dominance of tolerant species (Sin et 
ak, 1991). In addition, these conditions had consid- 
erable implications for the derivation and use of the 
rating curve in an urban context, on load estimation 
and the design of appropriate water quality monitor- 
ing strategies for similar catchments. The considerable 
amount of scatter in the concentration-discharge rat- 
ing relationship was attributed to the first flush effect 
and point source discharge during baseflow periods. 
As such, the concentration-discharge rating method 
was unsuitable for calculating sediment yield exported 
from this catchment. 

The identification of baseflow transient events was 
possible through the combination of three types of 
monitoring activities. The need to identify baseflow 
transient events and to include their contributions in 
total load estimates is stressed as such events con- 
tributed a significant amount of sediment load expor- 
ted from the study catchment. As such, this finding 
raised questions on the type of monitoring strategy 
that would be most appropriate for including transient 
events in the dataset. The commonly adopted reg- 
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Figure 3. Variations in water quality during storms, Queenstown. 



ular monitoring approach would not be suitable for 
the Queenstown catchment as transient events would 
either be missed or if recorded, treated as spurious val- 
ues. In other urban catchments throughout the tropics, 
baseflow transient events would occur on a wider scale 
due to the presence of multiple point sources such 
as industrial outfalls and slum areas. Furthermore, 
the use of continuous, regular and storm sampling 
in this study required tremendous amounts of man- 
power, time and financial resources. Such resources 
are often not available in other tropical urban cities. 
A more appropriate monitoring strategy would be to 
conduct small-scale, short-term studies that use low- 
cost portable instruments (see Pearce et al., 1999). 
This approach would allow more sites to be monitored, 
resulting in the collection of a comprehensive water 
quality dataset that would be useful for developing 
management plans for other urban tropical cities. 
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Figure 4. Concentration-discharge rating relationships of the mon- 
itored variables. 



Conclusions 

Tremendous variations in runoff quality were observed 
at the Queenstown catchment due to transient events 
that occurred during baseflow periods and storms. The 
concentration-discharge rating relationship was found 
to be unsuitable for estimating load exported from this 
urban catchment. The intensive and relatively short- 
term monitoring strategy adopted was found to be 
adequate for identifying the water quality problems 
experienced in this catchment. A similar approach 
might be useful for collecting water quality data in 
other disturbed tropical catchments. 
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Abstract 

Atomic force microscopy (AFM) in tapping mode was used to determine the conformation of humic substances 
and aquatic colloids from rivers in an urban catchment in the West Midlands, U.K. Humic macromolecules were 
shown to have a size of about 1-3 nm in agreement with the literature, indicating that the preparation methods 
and the AFM were both performing satisfactorily. Three types of natural aquatic colloids were observed by AFM. 
Firstly, a surface coating about 1-5 nm thick, likely composed of organic and oxide material flattened by drying and 
interaction with the AFM tip. Secondly, small irregular, globular material between 1 and 70 nm in size, again most 
likely made of oxide and organic material. Lastly, fibrillar material was present which was 1-10 nm in diameter 
and 10-1000 nm in length. Most likely this material was microbially produced (muco-) polysaccharides. Size 
distributions of colloids from all samples, regardless of sample site and sample preparation, indicated colloids with 
a fairly low polydispersity and with particle numbers dominated by material <10 nm. 



Introduction 

Colloids are defined as having one dimension in the 
size range of 1 nm and 1 /xm (Lead et ak, 1997). 
Additionally, they are likely to be polydisperse and 
chemically heterogeneous. Indeed, physico-chemical 
and microbiological complexity is likely to be the 
fundamental property of colloidal material (Buffle & 
Leppard, 1995). Colloids are capable of sorbing large, 
often dominant, fractions of trace metals due to their 
high surface area which present a large number of re- 
active functional groups to the solution phase (Lead 
et ak, 1999a). The fine colloidal fraction (<100 nm) 
is of most interest because of (a) a lack of detailed 
study because of experimental difficulties due to their 
small size and concentration and their instability, and 
(b) their proportionately high surface area, perhaps 
making them dominant in trace metal binding despite 
their relatively low mass (Martin et ak, 1995). 

Fine colloids are important in the natural aquatic 
environment because of their impact on trace metal 
speciation, transport and bioavailability (Tessier et ak. 



1994; Schlekat et ak, 2000; Ran et ak, 2000). For 
example, transport in surface waters may be affected 
by the tendency of colloids (and thus sorbed metal) 
to remain in suspension through the influence of dif- 
fusional and convective mixing processes. As colloids 
are inherently unstable, processes of aggregation and 
sedimentation eventually become dominant (Filella & 
Buffle, 1993) and they are removed from the water 
column. In addition, colloids are generally thought to 
inhibit metal bioavailability due to chemical kinetic 
and mass transport constraints (Tessier et ak, 1994), 
with consequences for toxicity of the metal. 

In order to fully understand the role of colloids on 
metal fate and behaviour, it is necessary to understand 
their structure on a single -particle basis (Junta-Rosso 
et ak, 1997; Wilkinson et ak, 1999). We have attemp- 
ted to do this by utilising the new technique of atomic 
force microscopy (AFM) to study the size distribution 
and structure of aquatic colloids in the sub 100 nm size 
range. 

Urban, polluted watersheds are of particular im- 
portance to human and ecological health because of 




c. 



a 



Figure 1. (a-d) AFM micrographs of natural colloidal material from the River Tame and tributaries adsorbed to mica, (a) Site 1, unsedimented, 
(b) Site 1, sedimented, (c) Site 3, unsedimented (d) Site 3, sedimented. 



their proximity to concentrated centres of human pop- 
ulation and through their high pollutant, nutrient and 
particle loads, in this case due to the legacy of in- 
dustrialisation. Although much attention has been 
focused on sediment loads, this has mainly been in 
terms of coarse-sized material (>1 /xm). The role 
of colloids, particularly using detailed single-particle 
analysis, has been largely overlooked. In this study 
we have examined four heavily polluted rivers in an 
urban watershed in the West Midlands, U.K. We have 
imaged the fine colloids from these river systems by 
AFM and investigated their size distribution, surface 
coverage and morphology after treatment by different 
sample preparation methods. This work is a prelim- 



inary to understanding the role of fine colloids in 
pollutant binding. AFM has previously been used to 
image humic substances (Balnois et ak, 1999; Maurice 
& Namjesnik-Dejanovic, 1999), freeze dried natural 
organic matter (Lead et ak, 1999b) and freeze dried 
marine water samples (Santschi et ak, 1998). This is, 
to our knowledge, the first data imaging unperturbed 
fine colloids from river waters by AFM. 



Methodology 

Standard Suwannee River humic acid (SRHA), sup- 
plied by the International Humic Substances Society 
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Table 1. Conductivity, pH, temperature and dissolved oxygen sat- 
uration at the four sample sites at the time of sampling. Site 1 was 
on the Ford Brook, site 2 on the Oldbury arm, site 3 on the Wolver- 
hampton arm and site 4 was on the River Tame after the tributaries 
met 



Site 


Conductivity 

(S) 


pH 


Temperature 

(°C) 


Dissolved 
Oxygen (%) 


Site 1 


6.6x10“^ 


6.96 


10.4 


82 


Site 2 


0.9x10“^ 


7.09 


10.3 


83 


Site 3 


0.8x10-3 


6.78 


10.8 


67 


Site 4 


0.7x10-3 


7.22 


10.2 


100 



(IHSS), was imaged by AFM as a means of method 
validation. Samples were prepared in demineralised 
water {R= 18.2 mQ cm) at a concentration of 10 mg 
1 “^ prepared from the freeze-dried solid, without fur- 
ther pretreatment. The samples were studied at a range 
of pHs (3-8) and ionic strengths (5 mg 1“^ and 100 mg 
1“^). The pH was recorded immediately prior to ana- 
lysis. Buffer solutions were not used and the pH was 
adjusted by the addition of acid and base. 

The samples for this study were taken from four 
locations in central Birmingham, the major conurba- 
tion in the West Midlands, U.K., on the 6 th March 
2002. The first three sample sites were tributaries of 
the River Tame: the Ford Brook (Site 1 FB; Ordnance 
Survey 402650,301900), the Oldbury Arm (Site 2 OA; 
Ordnance Survey 399200, 294300) and the Wolver- 
hampton Arm (Site 3 WA; Ordnance Survey 398950, 
297925) A fourth sample was taken from the River 
Tame ( Site 4 RT; Ordnance Survey 401575, 295450), 
immediately after the tributaries meet. The tributaries 
and river were all highly polluted from industrial and 
domestic effluent. Background chemical data at the 
four sites are given in Table 1 . 

All containers and pipette tips used for sampling 
were previously washed with solutions of 1% HNO 3 
followed by 0.1 M CaCh, and lastly rinsed with de- 
mineralised water (R = 18.2 mQ cm). Two samples 
were taken at each site. The first was taken directly 
from the river channel using a clean, sterile HDPE 
tube. The tube was submersed approximately 10 cm 
below the water surface and filled. Care was taken 
to avoid contamination or mixing of the sample. A 
second sample was taken by filling a clean 1 1 LDPE 
bottle and suspending it in the water column for 2 h, 
after which the top 2 cm was removed by pipette into 
a clean, sterile HDPE tube. This procedure removed 
the larger particulate ( 1-2 /xm) material to sediment. 



leaving the colloidal fraction only. Sample preparation 
was performed immediately and AFM analysis within 
24 h. 

Samples for AFM analysis were prepared in a sim- 
ilar manner to that described in Balnois et al. (1999). 
One cm^ of muscovite mica was cleaved using a sharp 
blade and forceps. The freshly cleaved mica was then 
immersed in a sample for 30 min. After immersion 
the mica was removed and then suspended in water 
(R = 18.2 mf2 cm) for 30 s to remove any material 
not adsorbed to the surface. The mica was then placed 
in a clean dry container, open to the atmosphere to 
allow air drying, but covered to prevent deposition and 
contamination of air particles. The samples were left 
overnight to air dry before analysis. 

The AFM imaging was performed using a Digital 
Instruments Dimension 3100 in tapping mode, to en- 
sure the minimum disturbance of weakly adsorbed 
colloids. Height measurements above the mica surface 
were taken as indicative of colloid diameters, as the 
lateral measurements are subject to distortion and er- 
ror. Weight S(z) and number A(z) average heights were 
calculated (Balnois et al., 1999) and used to calculate 
an estimate of polydispersity S(z)/N(z). 



S(z) = 



N(z) = 



T,i '‘iZi ’ 

Ei«< ’ 



The sample was imaged at 20 °C, atmospheric 
pressure and 60% humidity. The interactions between 
the tip of the arm and the sample were used to produce 
a three-dimensional image of the sample. The AFM 
analysis occurred over an area of typically 1-5 /xm. 



Results and discussion 

Analysis of the images and size distributions of the 
standard Suwannee River humic acids (SRHA) (data 
not shown) indicated good agreement with results 
presented by Balnois et al. (1999). The SRHA was 
in the range 1-3 nm, globular and with a low polydis- 
persity. Interestingly, the SRHA causes a surface layer 
of up to 0.5 nm which is not seen with the untreated 
mica, or when the mica had previously been exposed 
to sample matrices in the absence of SRHA. This sur- 
face is caused by coverage which is presumably due 
to small humic macromolecules sorbing and perhaps 
becoming flattened on the surface. 
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Analysis of the AFM images of the natural aquatic 
colloids (Fig. 1 a-d) showed three types of colloidal 
material present on the mica. Type 1 is a surface layer 
similar to, but thicker than, that present with sorbed 
SRHA. Type 2 is irregularly shaped, but very roughly 
globular material. Type 3 is fibrillar material which 
was found in smaller amounts than types 1 and 2. 
Although, there were quantitative differences in the 
amounts of material present in the sample sites, all 
three types of material were always present. 

The thickness of the surface layer was estimated 
as 1-5 nm in all cases, showing relatively pronounced 
features, such as troughs and peaks. The entire surface 
of the mica was covered with this layer, which was 
most likely composed of humic-like and oxide ma- 
terial. The bare mica was exposed to the river water 
for 30 min and within that time became completely 
covered to a depth of up to 5 nm. This has potential im- 
plications for our understanding of trace metal fate and 
behavior because surface chemistry (binding site dens- 
ity and strength of surface functional groups, surface 
charge etc.) has long been known to play a domin- 
ant role in determining metal speciation in aquatic 
systems. Here we have shown that small colloidal 
material completely coats bare surfaces extremely rap- 
idly, implying that clean bare surfaces do not exist in 
natural systems. 

Larger, defined structures of between 1 and 70 
nm were also in evidence on top of the surface film. 
These irregularly shaped structures again were likely 
composed of humic-like material, oxides and possibly 
clays, although further analysis is required to fully 
elucidate their structures. It is not clear whether these 
larger colloids form a distinct class of material com- 
pared with the surface layer or not. The maximum 
size of 80 nm is perhaps surprising, given that river 
waters will contain material which covers a range of 
sizes up to hundreds of nanometers. Most likely, the 
lack of very large material was due to mass transport 
constraints from bulk solution to mica surface, as only 
material sufficiently small and mobile (by diffusion) 
would have come into contact with the mica surface. 

Fibrils were the third type of material present, 10- 
1000 nm in length and 1-10 nm high. Based on the 
classification scheme in Buffle et al. (1998), these are 
most likely microbial exudates composed of muco- 
polysaccharides and polysaccharides. Although some 
resemble rod-like bacteria, their height (diameter) was 
substantially smaller than the expected diameter of 
bacteria. 

Size distributions of the sorbed material were also 
quantified (Fig. 2a-h, Table 2; Fig. 2c is not shown due 




Figure 2. (a-h) Size distribution histograms from AFM analysis, 
(a) Site 1, unsedimented; (b) Site 1, sedimented; (c) Site 2, unsedi- 
mented; (d) Site 2, sedimented; (e) Site 3, unsedimented; (f) Site 3 
sedimented; (g) Site 4, unsedimented; (h) Site 4, sedimented. Only 
Type 2 material shown (see ‘Discussion’ for explanation of this). 



to artifacts during the AFM analysis). For simplicity 
and in order to allow meaningful comparisons to be 
made, only type 2 (see ‘Discussion’ for explanation 
of types) material was measured, i.e. the somewhat 
irregular, globular material. The height was therefore 
determined from the top of the surface layer and the 
fibrils were excluded. Size distributions are roughly 
comparable between sites and between sample prepar- 
ation methods. However, no comparison was possible 
at site 2 because of a lack of data for the unsedimented 
sample. In addition, the samples were low in poly- 
dispersity (Table 2), compared with data on humic 
substances (Balnois et al., 1999). 

In terms of numbers of particles, the lower size 
range (<10 nm) is dominant, although small amounts 
of material up to 80 nm are present. It might be expec- 
ted that little difference would exist between the two 
preparation methods, as sedimentation would remove 
material larger than about 1 /xm in size. However there 
is a notable difference between figures depicting sedi- 
mented and unsedimented samples. The fraction <2 
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Table 2. Heights and polydispersities of aquatic colloids. Weight and number average 
height and polydispertsity are defined in the text. Site 1 was on the Ford Brook, site 2 on the 
Oldbury arm, site 3 on the Wolverhampton arm and site 4 was on the River Tame after the 
tributaries met. In the table (a) identifies unsedimented samples and (b) is for sedimented 
samples. No data was available for 2(a) due to artefacts during the AFM analysis 



Site/sample 


Number of 
measurements 


Weight average 
height 


Number average 
height 


Polydispersity 


la 


139 


16.2 


10.1 


1.6 


lb 


128 


12.1 


4.6 


2.6 


2a 


None 


None 


None 


None 


2b 


111 


7.2 


5.7 


1.3 


3a 


289 


8.3 


3.2 


2.6 


3b 


66 


18.5 


8.7 


2.1 


4a 


139 


10.5 


3.8 


2.7 


4b 


40 


5.5 


4.7 


1.3 



nm is absent and material between 2 and 10 nm is 
less abundant in the sedimented sample when com- 
pared to the non- sedimented sample. This difference is 
likely due to sorption of material <10 nm on to larger 
particles which subsequently settle out. The variation 
of size distribution in the unsedimented samples at dif- 
ferent sites may in part be due to the differing inputs 
to the river reaches above the sample sites. 
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Abstract 

A review of the sediment budget concept, a brief history, cognate mass balances and the significance of the 
storage term. Questions of temporal and spatial scales, errors and uncertainties and the nature of system response. 
Management implications include natural hazards, climatic change and land use disturbance. 



Introduction 

The sediment budget is defined as the accounting of 
sources, sinks and redistribution pathways of sedi- 
ments in a unit region over unit time. Although in 
the geomorphological literature, the sediment that is 
accounted for is largely the clastic sediment, and com- 
monly also excludes the bed material, it is apparent 
that such a restrictive usage does serious damage to the 
concept (Fig. 1). Figure 1 reminds us that the sediment 
budget is a mass balance based approach which ne- 
cessarily includes a consideration of water, sediments, 
solutes and nutrients. The continuity equation states 
that mass is conserved in any system so that for any 
part of that system, the net increase in storage is equal 
to the excess of inflow over outflow of the quantity 
conserved. This equation is equally applicable to the 
conservation of water, sediment, chemical elements 
and nutrients (Fig. 2). Nevertheless, separate sciences 
of hydrology, geomorphology, geochemistry and bio- 
geochemistry have developed their independent tradi- 
tions in such a way that the overarching framework is 
frequently forgotten. This is unfortunate for the de- 
velopment of theory and the advancement of these 
disciplines as basic sciences. For example, “within 
the field of catchment hydro-geochemistry, the focus 
of geo-chemists has been to attain an understanding 
of the basic processes which govern the interactions 
between water and rocks, whereas the focus of hy- 
drologists has been to determine rates of flow along 
different flow paths through a catchment. Of course. 



geo-chemists are well aware that the explanation of 
temporal variation of the chemical composition of sur- 
face and ground-waters requires knowledge of flow 
paths and residence times of water as well as of chem- 
ical processes per se, and hydrologists know that flow 
generation mechanisms can be identified most effi- 
ciently in the field by using information about the 
geo-chemical history of waters. Nevertheless, cross- 
discipline communication has not been as pervasive as 
desirable for rapid advancement of the science” (M. R. 
Church et ak, 1990). 



The sediment budget concept 

A brief history of the sediment budget commences 
with a landmark study by Heinrich Jackli (1957), 
who inventoried sediment sources in the upper Rhine 
valley, and by Anders Rapp (1960), who made a 
9-year study of the sources, sinks and movements 
of sediments in an alpine/arctic watershed known as 
Karkevagge. The latter included a careful examination 
of the dissolved constituents and noted that they com- 
prised up to 50% of the total mass transport. It has 
sometimes been claimed (e.g. Abrahams & Marston, 
1993) that Leopold et al. (1966), in their summary of 
a decade of observations at the Arroyo de los Frijoles 
in New Mexico were the pioneers in the field, but 
they were clearly part of a broader movement towards 
quantitative studies in earth sciences. Other notable 
contributors to sediment budgetting include Cleaves 
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WEATHERING, EROSION & DENUDATION 



WEATHERINC: Alteration by atmospheric & biologic agents of rocks & minerals, 
modifying their physicai, mineralogical Sc chemical preparation 
for erosion, 

EROSION: Either mechanical or biochemical mobilization, transport Sc 

carrying away of rock St soil materials, by external agents, surface 
(e.g. overland flow) or subsurface (e.g. soil Sc groundwater) 
DENUDATION: Export ^ total erosion - redistribution (N.B. the larger the system, 
the larger is the redistribution, St the smaller is the denudation) 




Figure 1. Weathering, erosion and denudation as a mass baiance probiem. 



et al. (1970), emphasising the geochemical balance; 
Slaymaker (1972) who demonstrated the importance 
of bank erosion across a range of spatially variable 
sediment budgets in mid-Wales; Likens et al. (1977) 
emphasising the nutrient balance as a tool to inter- 
pret forest management effects; Schumm (1977), with 
his river basin as a sediment transfer system model; 
Dietrich & Dunne (1978), who introduced the idea 
of virtual velocity of sediment movement through the 
basin; Dunne (1978), emphasising potential land use 
effects on the sediment budget; Lerman’s (1979) geo- 
chemical process text, which used the mass balance 
of sediment and water as its integrating focus; Kel- 
sey’s (1980) comprehensive sediment budget of the 
Van Duzen River basin in California; Meade’s (1982) 
continental scale discussion of sediment sources and 
sinks; Swanson et al. (1982), who provided the first 
detailed explanation of the sediment budgetting meth- 
odology; Trimble (1983), who gave prominence to 
the effects of storage of sediment over century time 
scales and Walling (1983) who pointed to the effects 
of storage on the non-delivery of sediment at basin 
outlets; Roberts & Church (1986) who used the sed- 
iment budgets of small basins on the Queen Charlotte 
Islands to interpret logging effects; Foster et al. (1988) 
who directed attention to the storage of sediments 
in lakes as a critical part of the sediment budget; 
Church & Slaymaker (1989) who claimed to identify 



storage effects on a Holocene time scale in glaciated 
British Columbia; Dunne (1994) who identified the 
sediment budget as a central pillar of the emergent 
field of hydrogeomorphology and Reid & Dunne’s 
(1996) description of rapid evaluation techniques for 
management applications of sediment budgetting. 



Cognate mass balance approaches 

The water budget is independent of the other mass 
balances and is pursued effectively within the science 
of hydrology at local, watershed, regional and global 
scales (e.g. Hoover, 1944). The sediment budget how- 
ever, is dependent on hydrology and functions inter- 
dependently with solute budgets and bio-geochemical 
balances. That is to say that in order to define the 
sediment sources in a particular part of a system, it 
is necessary to understand the variable ways in which 
run-off is generated upstream (Freeze, 1974; Dunne 
et al., 1975); and, in a comprehensive study, it is 
necessary to understand how much of those clastic 
sediments break up into chemical elements over dis- 
tance travelled and/or over time and to determine the 
extent to which those elements have become com- 
bined with nutrients in the system. In other words 
there are processes of exchange between the sediment 
budget, the solute balance and the nutrient cycle which 
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IVoter budget 




•w ± = Ow 




where 




= precipitation 




5iy = Stored water (biomass, soil. 




ground, lakes, ice, snow) 




0|y = discharge 6 evapotranspiration 





IVoter 

A5iv= i|v- Ojv 

If/^Swh +ve we have water surplus 
IfASy^ is -ve we have water deficit 



Sediments 

ASs=ls-Os 

If ASs is +ve we have aggradation 
If ASj is -ve we have degradation 



Sediment budget 
Is t ASs = Os 

where 

is = sediment produced by weathering 
or from dynamic sediment sources 
Ss - sediment stored (on slopes, flood- 
plains, channels, lakes, ice) 

Os - sediment exported 



Solute budget 
Id ± ASj = Oj 

where 

Id = solutes in wet & dry precipitation 
& produced by weathering 
Sd = solutes stored (biomass, soil, 
ground, takes, ice, snow) 

Od = solutes exported 

Nutrient budget 
where 

In = nutrients in wet & dry precipitation 
& produced by weathering 
Sb = nutrients stored (biomass, soil, 
ground, lakes, ice, snow) 

Ob = nutrients exported 



Figure 2. Mass balances for water, sediment, solutes and nutrients. 



are ignored when these studies are pursued in the in- 
dependent disciplines (Ongley, 1976; Dethier, 1986; 
Yuretich & Batchelder, 1988). 

The sediment balance, which is the difference 
between sediment input to and sediment output from 
a unit area over unit time, must ultimately be zero. 
But in most real world examples it is not zero and 
this introduces a powerful property of the approach. 
A non-zero sediment budget implies that the area 
delimited by the budget must be eroding or deposit- 
ing. Identification of those time scales at which the 
sediment budget is either negative or positive can in- 
dicate the time scales associated with landform change 
within that system. 

Similarly, when developing the solute (Paces, 
1986; Caine, 1992) and nutrient (Smil, 1996; Berner 
& Berner, 1996) budgets, weathering of inorganic ma- 



Solutes 
ASd = id-Oj 

If ASd is -t-ve we have accumulation 
if AS(j is -ve we have net loss 

Nutrients 

As„ = I„-0„ 

If As„ is +ve we hove nutrient 
enrichment 

If ASji is -ve we have nutrient 
impoverishment 



Figure 3. Storage equations for water, sediment, solutes and nutri- 
ents. 

terial, uptake and storage by organisms and return to 
the pool of the soil, the atmosphere or ocean, sed- 
iments become important complicating factors. It is 
worth noting that this whole mass balance approach 
has become enormously popular because of trends 
in global environmental change research (Meybeck, 
1982; Smith & Alsdorf, 1998; Mackenzie et ak, 1998; 
Einsele et ak, 2001; Rabouille et ak, 2001; Smith et 
ak, 2001). Earlier equilibrium approaches have been 
shown, in general, to be inadequate to cope with the 
complexities of variable system lagged responses to 
change. 



The physical significance of the storage term 

If we arrange the mass balance expressions so as to 
solve for the storage term, the theoretical and practical 
significance of storage becomes immediately obvious 
(Eig. 3). In the water balance, the storage term determ- 
ines water surplus or deficit; in the sediment balance. 
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Total load (10^ t/a) 




Figure 4. Rate of sedimentation over the past 20,000 years (from 
Shimkus and Trimonis, 1974). 



the storage term determines erosion or aggradation; 
in the solute balance, the storage term controls wa- 
ter quality deterioration or improvement and in the 
nutrient balance, the storage term is an indicator 
of eutrophication or of a trend towards oligotrophic 
status. 

Storage of sediment in lakes has inspired many 
sediment budget studies (Oldfield, 1976; Souch & 
Slaymaker, 1986; Owens & Slaymaker, 1994; Kashi- 
way a, 1996; Slaymaker & Menounos, 2000; Lau & 
Lane, 2001) and studies of floodplain sediment se- 
questration have also multiplied (Kelsey et ak, 1987; 
Wathen et ak, 1997; Dunne et ak, 1998; Trustrum 
et ak, 1999). Interpretation of the storage term from 
lacustrine or marine sedimentation records is at first 
sight rather straight forward (Fig. 4). In the case of 
the Black Sea sediments, large accumulations date 
from the deglaciation period (paraglacial sedimenta- 
tion, sensu Ryder, 1971) and also from the last 2000 
years of human disturbance. But when the processes 




Figure 5. The paraglacial sediment cycle (Church and Slaymaker, 
1989). 
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Figure 6. Sediment relaxation following deglaciation in Green Lake 
sediments (Menounos and Slaymaker, 2000). 



of redistribution of sediment within river basins are 
considered, it becomes evident that storage is more 
complex (Reid & Dunne, 1996). Sediment on its way 
from source to sink gets sidetracked in a number of 
ways, not only into floodplain and channel storage but 
also into other hillslope locations. It is in this context 
that the concept of virtual velocity of sediment be- 
comes important. Virtual velocity can be defined as the 
velocity of sediment through a reservoir and is simply 
the inverse of the residence time per metre of reservoir 
length. Residence time per metre equals the mapped 
volume of sediment per metre divided by the bed load 
discharge rate. In their interpretation of the paraglacial 
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Table 1. Temporal scale and mass balance. 



Time (Years) 


Water 


Sediments 


Solutes 


Nutrients 


Geological (10^) 


Changing land/ 
ocean geometry 


Changing 

sedimentary 

basins 


Carbonate, 
silicate cycling 


Photosynthesis 


Quaternary (10^) 


Changing ice 


Glacial/ 


Rock 


Alternating warm/ 




cover 


interglacial 


weathering 


cold climates 


Holocene (10^) 


Changing 


Paraglacial 


Soil 


Soil organic 




climate 


response 


development 


matter 


Recent (10^) 


ENSO cycles 


High 

magnitude 
low frequency 
events 


Weathering 

rates 


C, N, P & S 
cycling 


Annual (10^) 


Water balances 


Sediment 

Budget 


Seasonal 
water quality 


Seasonal 
water quality 


Events (10“2) 


Sensitivity/ 

resilience 


Threshold 


Land use 


Land use 



sediment cycle, Church & Slaymaker (1989) depict a 
relatively rapid virtual velocity for sediments in the 
deglaciated upland streams of British Columbia con- 
trasted with the extremely slow virtual velocity of 
sediments moving through the major valleys (Fig. 5). 
In pursuing the interpretation of the stored sediments, 
further evidence for the paraglacial effect is found in 
the decreasing thickness of varve couplets from lake 
sediments from bottom to top (Fig. 6). 



Temporal scale 

Up to this point we have ignored questions of scale, 
both temporal and spatial. Starting with temporal scale 
considerations, these various budgets can be examined 
at many scales. For sake of convenience, a geological 
time scale (F=8), a Quaternary time scale (T=6), a 
Holocene time scale (T=4), a recent time scale (T=2), 
an annual time scale (T=0) and an event time scale 
(T=—2) can be defined (Table 1). Although they identi- 
fied only three time scales (cyclic, graded and steady), 
Schumm & Lichty (1965) were the first to bring the 
temporal scale question prominently to the attention of 
earth scientists. They showed that the status of drain- 
age basin variables (whether independent, dependent 
or irrelevant) depended directly on the time scale of 
the study in question. In his study of the sediment 
budget of the Lillooet River, Slaymaker (1993) found 
that drainage basin variables functioned as storage. 



Table 2. Status of components of the Lillooet River basin sediment 
(Slaymaker, 1993). 



Budget 

components 


>10^ 

years 


10^-10^ 

years 


lOUio^ 

years 


<10^ 

years 


Bedrock 


Storage 


Storage 


Storage 


Storage 


Pleistocene 

sediments 

Holocene 

volcanics 


Output 


Storage 


Storage 


Storage 


Paraglacial 
and neoglacial 
sediments 


n/a 


Output 


Storage 


Storage 


Contemporary 


n/a 


n/a 


Output 


Storage 


Sediment yield 


n/a 


n/a 


n/a 


Output 



output or irrelevant depending on four time scales of 
consideration (Table 2). 

The kinds of questions that are being asked re- 
volve around the persistence of various disequilibrium 
effects (Clague, 1986; Oguchi, 1997). Clague in par- 
ticular identifies the history of British Columbia’s 
sediment production as one of punctuated equilibrium 
i.e. short periods of disequilibrium separating long 
periods of equilibrium. Goodbred & Kuehl (1999) 
provide interesting comparative data for the Ganges- 
Brahmaputra system. At the longest geological time 
scale, studies such as that of the cycling of phosphorus 
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Table 3. Spatial scale and mass balance. 



Area (km^) 


Water 


Sediments 


Solutes 


Nutrients 


Global (10^-9) 


Global environmental change: oceans, coastal zone, 
urbanization, agro-forestry, desertification, 
circum-polar zone, highland-lowland interaction 


Regional (lO^-^) 


Water 

surplus/ 

deficit 


Erosion/ 

aggradation 


Water pollution 


Eutrophication 


Watershed 


Variable 


Dynamic 


Variable solute 


Land use 


(10^-3) 


runoff 

sources 


sediment 

sources 


sources 


changes 


Site (10-'-") 


Water 

balance 


Sediment 
budget 
(river reach) 


Solute budget 


Nutrient 

balance 



through the Phanerozoic are central in paleobiogeo- 
chemistry (Guidry & Mackenzie, 2000). 



Spatial scale 

It is convenient to think in terms of global scale 
(S=Wy, regional scale (S=5/6)-, watershed scale 
(S=2/3) and site scale 1/0) (Table 3). Studies of 
detrital sediment flux at global scale (Hay, 1998) and 
models of global scale evolution (Howell & Murray, 
1986; Howard et ak, 1994) are increasingly com- 
mon among geophysicists. Ahnert (1987) developed 
process-response models of denudation at different 
spatial scales with an explicit sediment budget frame- 
work. De Boer & Campbell (1989) have shown the 
spatial scale dependence of sediment dynamics in 
small to medium scale badlands basins and Crabtree 
(1986) explored the spatial variations of solutional 
erosion with a mass balance approach. Conventional 
wisdom shows specific sediment yield to be an inverse 
function of basin area (Fig. 7). Slaymaker (1987), 
Church et al. (1989), Ashmore (1993) and Church 
et al. (1999) have demonstrated that this is not the 
case for the Canadian Cordillera, British Columbia 
and more generally for Canada as a whole. They ex- 
plain this effect as a result of the profound perturbation 
of the Canadian landscape by continental glaciation 
and believe that the process of adjustment of the land- 
scape continues today, more than 10000 years after 
the disappearance of the ice sheets. In the first properly 
scaled analysis of sediment yield patterns. Church et 
al. (1999) demonstrate the effects of spatial scale on 



sediment yield by region. Only one Canadian region 
appears to correspond with the conventional pattern 
(Fig. 8). 

The kinds of questions that are being asked revolve 
around the virtual velocity (sensu Church, 1996) of 
mass traversing different sized regions but, more sub- 
stantively, the question of emergent properties which 
are not apparent at one scale but which become appar- 
ent at other scales. 



Errors and uncertainties 

There are many uncertainties associated with the cal- 
culation of these mass balances (Schumm, 1985). 
Nevertheless, there is increasing cross-fertilization of 
ideas between the four groups of scientists who are 
dealing with error analysis. In the water balance con- 
text, a classic study by Klemes (1985) addresses the 
sources of error in attempting to determine climate 
change; in solute budget work, Janda (1971) was an 
early discussant of sources of error and Walling & 
Webb (1983) provided statistical corroboration; in nu- 
trient balance literature the work of Schindler (1999) 
and Schulze & Shimel (2001) provides detailed error 
analysis. With respect to sediment budgets, Dietrich 
et al. (1982) provides the first systematic error ana- 
lysis. Subsequently, Okunishi (1994), Owens et al. 
(1997) and Arnaud & Church (1999) have provided 
careful discussions of errors. The discussion of un- 
balanced sediment budgets by Parker (1988) and the 
difficulties of establishing representative time periods 
for sediment budgets in arid environments by Schick 
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Drainage area (km^) 

Figure 7. The conventional model of specific sediment yield (Church and Slaymaker, 1989). 



& Lekach (1993) are instructive. The most formal er- 
ror analysis of lake sediment budget data is found in 
Evans & Church (2000). 

System response and sediment budget models 

The question of landscape sensitivity (Brunsden & 
Thornes, 1979) and response to perturbations (Gil- 
bert, 1917; Pearce & Watson, 1983; Schumm & Rea, 
1995; Sloan et ak, 2001) has become a central theme 
in geomorphology. Some claim to have found equi- 
librium conditions from sediment budget calculations 
(e.g. Adams, 1980; Reneau & Dietrich, 1991) whereas 
others follow the sediment redistribution process in 
greater detail and demonstrate disequilibria over short 
and medium time scales (Roberts & Church, 1986; 
Schick & Lekach, 1993; Major et ak, 2000). Some 
of the most interesting developments have come with 
the generation of a variety of sediment budget mod- 
els that attempt to accommodate temporal and spatial 
variability. Although it was not originally proposed 
as a sediment budget model, the paraglacial model 



(Ryder, 1971; Church & Ryder, 1972) has proved to 
be particularly rich in a variety of applications (Slay- 
maker, 1987; Church & Slaymaker, 1989; Church 
et ak, 1999). Hinderer (2001) has found somewhat 
similar relations in the European Alps. Ballantyne 
(2002), in a comprehensive review of the paraglacial 
concept, has defined a whole branch of ‘paraglacial 
geomorphology’, based on applications of the sedi- 
ment budget model in the following areas: rock slopes; 
sediment-mantled slopes; glacier forelands; alluvial 
fans and valley fills; fluvial sediment transport; lacus- 
trine sedimentation; and coasts. Trimble (1983) and 
Knox (1989) have generated highly versatile sediment 
budget models based on research in the American 
mid-west which have not only accommodated climatic 
change signals but also land use change impacts. In a 
speculative, but highly original chapter of a book on 
changing river channels (Trimble, 1995) has proposed 
five distinct sediment budget models that summarise 
watershed responses following different perturbations. 
Nicholas et ak (1995) have framed the problem as one 
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Figure 8. Regional scale relations for fluvial suspended sediment yield (Church et ah, 1999). 



of analysing sediment slugs of varying virtual velocity 
and scale. 



Management implications 

The major problem with management applications of 
sediment budgetting is the long time and the costly 
investment required to produce a reliable data set. 
Because the sediment budget is dependent on a know- 
ledge of the pathways of water and sediment through 
the watershed/region under consideration, it is difficult 
to establish routine procedures that are practical within 
the time frame of a regional or watershed manage- 
ment plan. Reid & Dunne (1996) is the best available 



example of a rapid evaluation procedure, but its suc- 
cess depends on a number of assumptions, which are 
clearly identified in the volume. These assumptions 
include: careful definition of the problem to be ad- 
dressed (this is not a sediment budget for the sake of 
sediment budgetting but for the sake of a particular 
and well defined practical problem); the availability 
of background information; sub-division of the pro- 
ject area into uniform sub-areas; aerial photography 
available; the necessity for some field work; analyt- 
ical sophistication and careful checking of the results 
through ground truthing. Burt & Haycock (1992) 
have examined the nitrate accumulation problem at a 
regional planning scale. 
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Figure 9. Environmental change in Kwoiek River basin from full glacial (12,500 years B.R) to present day. Phosphorus concentration as 
percent total P for each P-bearing fraction in sediments from Kokwaskey Lake and total accumulation rate of P fractions (Filippelli & Souch, 
1999; Slaymaker et ah, 2003). 



At the University of British Columbia, we have 
been pursuing two quite different, but rapid, meth- 
ods of using the sediment budget as an interpretation 
device. These approaches differ in their resolution and 
ability to budget the major components of the fine 
sediment cascade in glaciated environments. Taken to- 
gether they provide an integrated index of landscape 
change over the Holocene. The first example com- 
pares the hydro-climatic controls of lake sedimenta- 
tion for the last 600 years (1370-1998 AD) preserved 
in varved sediments from two lake basins. This hydro- 
climatological approach incorporates contemporary 
monitoring, air photo analysis and detailed strati- 
graphy of sedimentation events within a single varve 
to infer the timing, sources and preferred pathways of 
fine-grained sediments reaching the lake basins. The 
results indicate that glaciers, hillslope and channel in- 



stability within the major sub-basins are the principal 
sediment sources to the lake basins. Transitory sedi- 
ment storage of glacially derived sediments within the 
channels is believed to modulate the episodic and more 
frequent delivery of sediments from adjacent hillslope 
and fluvial storage sites and direct routing of glacial 
rock flour during years of prolonged glacial melt. The 
second example, relying on the phosphorus geochem- 
istry of sediments in an alpine lake basin, considers 
the evolution of phosphorus forms from mineral to 
occluded and organic fractions as a function of the 
soil development, inherent slope instability and re- 
peated cycles of glaciation and neoglaciation over the 
Holocene (Fig. 9). This geochemical approach demon- 
strates that both neoglaciation and full glaciation have 
essentially zeroed the system in such a way that there 
remains a high proportion of mineral phosphorus in 
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the present lake sediments and the bioavailability of 
phosphorus, a key to ecosystem development, is low. 
Both examples illustrate the importance of variable 
sediment sources, the seasonality, frequency and mag- 
nitude of sediment transfers and the profound influ- 
ence of ice cover over contemporary. Neoglacial and 
Pleistocene time scales. They also signal the value of 
including both clastic and dissolved components in the 
sediment budget (Slaymaker et al., 2003). 

Global scale applications (Meybeck, 1988), land 
use manipulation at regional scale (Trimble & Cros- 
son, 2000) and surface change effects at site scale 
(Dunne, 1977; Marutani et al., 2001) all illustrate 
the effectiveness of management applications of the 
sediment budget. Houghton et al. (1999) have ex- 
amined the land use effects on the carbon budget at 
a continental scale. 



Conclusions 

As conceptual framework, the sediment budget (a) 
links hydrology, geomorphology, geochemistry and 
biogeochemistry through its accounting of sources, 
sinks and processes of mass exchange between water, 
sediment, solutes and nutrients at a range of temporal 
and spatial scales (Slaymaker, 1997) and (b) poses 
questions about sediment storage and virtual velocities 
and generates sediment budget models incorporating 
sedimentary source-to-sink fluxes that inspire research 
agendas. 

As management tool, the sediment budget requires 
simplification (Reid & Dunne, 1996). Where the most 
important term(s) in the sediment budget can be iden- 
tified before a complete sediment budget measurement 
programme has been set up and appropriate surrogate 
measures are available: (a) Digital Terrain Modelling 
facilitates the inventory of storage elements (b) natural 
hazards can be scoped using check dams as exem- 
plified by the Sabo works programme, Japan (Ikeya, 
1976) (c) land use change impacts on water, sediment, 
solutes and nutrients can be evaluated and (d) climate 
change impacts can perhaps be evaluated. 
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Abstract 

Overbank sedimentation on river floodplains can result in significant reduction of the suspended sediment load 
transported by a river and can thus represent an important component of the catchment sediment budget. Such 
conveyance losses will also exert an important influence on sediment-associated contaminant fluxes and budgets. 
This contribution reports the results of a study of sediment-associated contaminants (i.e. total-P, Cr, Cu, Pb and 
Zn) fluxes in the River Swale (1346 km^) and River Aire (1002 km^) in Yorkshire, U.K., aimed at quantifying the 
role of overbank floodplain sedimentation in the sediment-associated contaminant budgets. The catchment of the 
River Aire is dominated by urban and industrial land use in its middle and lower reaches, whereas the River Swale 
drains a largely rural catchment, although there is a legacy of metal mining in its headwaters which impacts on 
heavy metal transport by the river. The results for the River Swale indicate that the conveyance losses associated 
with the deposition of sediment-associated contaminants on the floodplains bordering the main river can be as high 
as 47% of the total flux through the main channel system. Equivalent values for the River Aire range up to 26%. 
Contrasts between the two rivers reflect both the location of the contaminant sources within the catchments and the 
relative magnitude of the fine sediment deposition fluxes associated with their floodplains. 



Introduction 

Overbank sedimentation during flood events repres- 
ents an important component of floodplain construc- 
tion and development. In addition to its importance 
for floodplain development, overbank deposition of 
fine sediment will frequently result in a significant 
reduction of the suspended sediment load transpor- 
ted through a river system to the catchment outlet. 
Although deposition rates are frequently low, and in 
some cases almost imperceptible, substantial amounts 
of sediment may be deposited due to the large areas in- 
volved. Thus, for example, Middelkoop & Asselmann 
(1994) calculated that overbank deposition reduced 
the suspended sediment load transported by the River 
Waal in the Netherlands, during a major (40 year) 
flood that occurred between December 1993 and Janu- 



ary 1994, by ca. 19%, as the flood wave passed 
through a ca. 100 km reach between the German border 
and Gorkum. 

It is well known that nutrients, such as phosphorus, 
and many contaminants, including heavy metals and 
pesticides, are transported in association with fine sed- 
iment (cf. Allan, 1986), and these sediment-associated 
contaminants will also be deposited on river flood- 
plains during overbank flows (cf. Hudson-Edwards et 
ak, 1999; Walling et ak, 2000). Such deposition has 
two important implications. Eirst, it can result in the 
accumulation of nutrients and contaminants in flood- 
plain environments. This may constitute a problem 
both in terms of enhanced levels of contamination and 
the potential for future remobilisation back into the 
system. Secondly, it can result in a reduction of the nu- 
trient or contaminant flux at the catchment outlet, such 




84 



that the flux measured at the catchment outlet may 
signiflcantly under-estimate the total mass of the con- 
taminant mobilised within the catchment. There have 
to date been few attempts to extend studies of the role 
of overbank floodplain sedimentation in catchment 
sediment budgets to include equivalent investigations 
relating to sediment-associated contaminants. The sig- 
niflcance of floodplain conveyance losses to sediment- 
associated contaminant budgets will clearly parallel 
their role in the overall sediment budget, but it will 
also reflect the location of contaminant sources within 
the catchment and any size selectivity associated with 
the deposition process. 

This contribution uses data generated by exist- 
ing studies of suspended sediment and sediment- 
associated contaminant fluxes undertaken by the au- 
thors on the Rivers Swale and Aire, as part of a wider 
study of Yorkshire rivers (e.g. Walling et al., 1999a,b; 
Owens et al., 2001), to investigate the role of overbank 
sedimentation on the floodplains bordering the main 
channel systems in their sediment-associated contam- 
inant budgets. As such, the study possesses a number 
of limitations related to its dependence on existing 
data rather than data collected speciflcally for the pur- 
pose in hand. It should therefore be seen as exploring 
the potential for such work and the nature of the results 
obtained, rather than providing a deflnitive assessment 
of the role of overbank sedimentation in sediment- 
associated contaminant budgets. Attention focuses on 
total-phosphorus (total-P) and several heavy metals 
(Cr, Cu, Pb and Zn). 



The study catchments 

The Rivers Swale and Aire are both tributaries of the 
Yorkshire Ouse, which discharges to the North Sea 
through the Humber estuary (Fig. 1). The River Swale 
has a catchment area of ca. 1346 km^ above the En- 
vironment Agency (EA) gauging station at Leckby 
(Fig. lA). It drains a predominantly rural catchment 
with a low population density and is relatively un- 
polluted along its entire length. The mean annual 
precipitation (1961-90) for the catchment is 860 mm, 
and the long-term mean discharge for the period 1955- 
1990 is 19.6 m^ s“^ The upper reaches of the catch- 
ment drain the Pennine Hills, which are underlain by 
Carboniferous limestone and Millstone Grit and char- 
acterised by moorland, rough grazing and permanent 
pasture, with some cultivated land in the valley bot- 
toms. The lower reaches of the catchment form part 



of the Vale of York and are underlain by more re- 
cent softer strata (Permian, Triassic and Jurassic). The 
land use of this portion of the catchment is domin- 
ated by temporary pasture and cultivated land. The 
main channel system is characterised by gravel-bed 
channels with well-developed floodplains, which are 
locally up to more than 200 m in width. The head- 
waters of the River Swale drain part of the Yorkshire 
Dales Pb-Zn-Fluorite-Baryte orefleld (Fig. 1 A) which 
provides a source of heavy metal contamination. The 
major exploitation of the deposits occurred between 
the mid- 18th and early 20th centuries, peaking in 
the mid- 19th century. Existing studies have shown 
that both recent and historic overbank deposits on the 
floodplains located downstream of the mining areas 
contain elevated levels of Pb and Zn (Hudson-Edwards 
et al., 1999; Owens et al., 1999). Figure lA also 
provides information on the location of sewage treat- 
ment works (STWs) within the study catchment. They 
are primarily located in the middle and lower reaches 
of the catchment. These reaches coincide with the 
main areas of agricultural activity, and thus represent 
the main area of both point and diffuse source inputs 
of phosphorus to the river system. 

The River Aire has a catchment area of 1932 km^ 
above the EA gauging station at Beal (cf. Fig. IB). 
Its main tributary, the River Calder, has a catchment 
area of 930 km^ above the gauging station at Meth- 
ley (Fig. IB). In this study, attention focuses on the 
main channel of the River Aire and the catchment area 
(1002 km^) represented by subtracting the subcatch- 
ment of the River Calder above the gauging station 
at Methley from that of the overall Aire catchment. 
The mean annual precipitation for this catchment area 
is ca. 970 mm and the long-term mean discharge is 
estimated to be ca. 17 m^ s“^ The catchment is 
underlain by Carboniferous limestone and millstone 
grit. Its headwaters, which lie in the Pennine Hills, 
are dominated by rural land use, but the middle and 
lower reaches drain heavily urbanized and industrial- 
ized areas, that support a population of ca. 1 million. 
Leeds, the largest city in the catchment has a popula- 
tion of over 0.5 million. The main industries include 
wool, textiles, chemicals, engineering and food and 
drink manufacturing. Most of the industrial effluent 
is treated by STWs, although some industries have 
consents to discharge trade effluents directly to the 
river. Most of the STWs and consented discharges 
are located in the middle and lower reaches of the 
catchment (Fig. IB), which are in consequence heavily 
polluted. Existing studies have shown that contem- 
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Figure 1. The study catchments, showing the relief and the location of urban areas and other contaminant sources and the network of measuring 
sites. 
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porary fluvial sediments contain elevated levels of 
nutrients and heavy metals (cf.; Owens et al., 2001; 
Owens & Walling, 2002). In the headwaters of the 
River Aire, the channel system is similar to that of 
the River Swale, but in the middle and lower reaches, 
where it passes through urban and industrial areas, 
the channel has been heavily modified. In these areas 
the floodplain is frequently constrained between flood 
control levees and at these locations its width has been 
significantly reduced. 



Methods 

The field sampling programmes utilised to collect the 
data used in this study provided information on three 
main aspects. The first involved estimating the annual 
deposition flux of fine sediment onto the floodplains 
bordering the main channels of the Rivers Swale and 
Aire. The second provided information on the con- 
taminant content of that sediment, in order to estimate 
the annual deposition flux of the sediment-associated 
contaminants investigated by the study. The third in- 
volved collection of suspended sediment samples and 
analysis of their contaminant content, in order to es- 
timate the contaminant loads of the two study rivers at 
their catchment outlets. 

Estimating the annual sediment deposition flux to the 
floodplains 

The contrasting nature of the floodplains of the Rivers 
Swale and Aire means that data derived using differ- 
ent approaches have been used to establish the annual 
sediment deposition flux for the floodplains of the two 
rivers. In the case of the River Swale, caesium- 137 
(^^^Cs) measurements were used to obtain estimates 
of longer-term (ca. 40 year) sedimentation rates for 
six transects located at representative sites along the 
main channel. At each site, ca.lO sediment cores 
were collected from a transect aligned perpendicular 
to the river channel and extending from the channel 
bank to the outer margin of the floodplain. Further 
details concerning the location of the transects, the 
collection of the cores, their analysis and the estim- 
ation of sedimentation rates are provided in Walling 
et al. (1999a). Mean values of the annual sedimenta- 
tion rate were calculated for each transect and these 
values were extrapolated to the adjacent reaches, in 
order to estimate the mean annual deposition flux (t 
yr“^) to the entire length of active floodplain border- 



ing the main channel between its headwaters and the 
flow gauging station at Leckby. Floodplain areas were 
estimated from topographic maps combined with evid- 
ence derived from field surveys and information on 
flood inundation areas provided by the Environment 
Agency. 

Sediment disturbance, river training activities, and 
more particularly the construction of flood protection 
levees, as well as the urban nature of many of the river 
channels and their adjacent floodplains, meant that it 
was not possible to use ^^^Cs measurements to estim- 
ate the mean annual sediment deposition flux onto the 
floodplains bordering the main channel of the River 
Aire in its middle and lower reaches. Data obtained 
using an alternative approach were therefore employed 
for this river. This involved the use of ‘astroturf’ 
mats (cf. Lambert & Walling, 1987), to document the 
sedimentation rates associated with individual over- 
bank flood events. Groups (e.g. typically 4-6) of 
acid- washed ‘astroturf’ mats of known surface area 
(20 cm X 35 cm) were deployed at six sites located 
along the floodplain bordering the main River Aire 
(Fig. IB). The mats were placed at locations repres- 
entative of both varying distance from the channel and 
different topographic units within each site and were 
retrieved as soon as possible after the floodwaters as- 
sociated with overbank flood events had receded. The 
total amount of sediment deposited on each mat was 
recovered (efficiency >95%) using a stainless steel 
spatula and the resultant value was used to estimate 
the amount of deposition (g m“^) at that point, asso- 
ciated with a specific event. The mats were deployed 
over the period December 1997 to December 1999 and 
the values of cumulative deposition associated with the 
mats placed at the six sampling areas were used to es- 
timate the mean annual deposition flux (kg m“^ yr~^) 
for each site. These values were in turn extrapolated 
to the reaches between the individual sampling sites, 
in order to estimate the mean annual deposition flux 
(t yr“^) to the entire length of floodplain bordering 
the main channel of the River Aire above the flow 
gauging station at Beal. Floodplain areas were estim- 
ated as indicated above for the River Swale. The 2 
year period associated with the deployment of the mats 
was deemed to be broadly representative of longer- 
term conditions and the estimates of deposition flux 
obtained were therefore assumed to provide meaning- 
ful estimates of the mean annual deposition fluxes at 
the monitoring sites which were directly equivalent to 
those provided by ^^^Cs measurements for the River 
Swale. 
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Establishing the contaminant content of fine overbank 
sediment deposits and estimating the annual 
deposition flux of sediment-associated contaminants 
to the floodplains 

The ‘astroturf’ mats deployed at the six sites along the 
River Aire, as well as at four sites along the River 
Swale (cf. Fig. lA), were used to provide samples 
of fine (<63 /xm) sediment deposited on the flood- 
plains for subsequent analysis of their total-P and Cu, 
Cr, Pb and Zn concentrations. The mats were visited 
on a regular (ca. monthly) basis and were regularly 
replaced when no overbank flood had occurred, in 
order to ensure that they were not contaminated by 
atmospheric fallout. Metal concentrations were meas- 
ured by atomic absorption spectrophotometry after 
acid digestion (concentrated HCl and HNO3) and the 
total-P content of the samples was determined after 
chemical extraction, following the method of Mehta 
et al. (1954). Mean values of the determinands for 
the samples collected during all events were used to 
establish the mean contaminant content of the sedi- 
ment deposited on the floodplains of the two rivers. 
Combination of these data with the estimates of mean 
annual sediment deposition flux referred to above, 
provided estimates of the mean annual deposition flux 
of sediment-associated contaminants (kg yr“^) to the 
floodplains bordering the main channels of the study 
rivers. 

Estimating the sediment-associated contaminant 
fluxes at the outlets of the two study catchments 

In the absence of a detailed monitoring programme 
for sediment-associated contaminant fluxes in the 
study rivers, estimates of the mean annual sediment- 
associated contaminant loads at the outlets of the two 
study catchments have been derived using the annual 
suspended sediment loads for the gauging stations on 
the River Swale at Leckby, the River Aire at Beal and 
the River Calder at Methley for the period 1994-1997, 
reported by Wass & Leeks (1999), and information 
on the contaminant content of suspended sediment 
samples collected from these gauging sites. The sus- 
pended sediment loads were based on continuous tur- 
bidity records and the suspended sediment samples 
used for contaminant analysis were collected over a 
range of flows and suspended sediment concentrations 
(cf. Carton et al., 2000; Owens & Walling, 2002). The 
period of measurement (1994-1997) was judged to be 
broadly representative of longer-term conditions and 



thus the values obtained were seen to provide mean- 
ingful estimates of the mean annual loads which could 
be directly compared with the estimates of mean an- 
nual deposition flux to the floodplain bordering the 
main channels of the Rivers Swale and Aire described 
above. In order to obtain an estimate of the annual 
suspended sediment and sediment-associated contam- 
inant loads for the main stem of the River Aire, the 
loads obtained for the River Calder at Methley were 
subtracted from the loads for the main gauging station 
on the River Aire at Beal (cf. Fig. IB). The result- 
ing estimates of mean annual suspended sediment and 
sediment associated contaminant flux at the catchment 
outlets are presented in Table 2. 



Results 

The sediment-associated contaminant content of fine 
sediment deposited on the floodplains bordering the 
Rivers Swale and Aire 

Information on the mean Cr, Cu Pb, Zn and total-P 
content ( /xg g“^ dry sediment) of fine (<63 /xm) sed- 
iment recovered from the ‘astroturf’ mats deployed at 
the sampling sites along the floodplains of the River 
Swale and the River Aire is presented in Table 1. 
The location of the sampling sites is shown in Fig- 
ure 1. In the case of the River Swale, the impact of 
the former Pb and Zn mining activity in the head- 
waters (cf. Fig. lA) is clearly apparent in terms of 
both the elevated levels of these metals found in the 
deposited sediment and the marked increase in these 
concentrations between site 1 , which lies above most 
of the former mines and site 2 which lies below many 
of the mines. Somewhat unexpectedly, the high con- 
centrations are maintained downstream at both sites 
3 and 4, indicating that there is little dilution of the 
metal contaminated sediment derived from the mining 
areas and that much of the downstream channel sys- 
tem is heavily contaminated with these metals, such 
that remobilisation of floodplain sediments by bank 
erosion within the downstream reaches will mobilise 
sediment containing elevated concentrations of Pb and 
Zn. Cr and Cu concentrations are relatively low and 
show only limited variability between the sampling 
sites. Total-P concentrations show evidence of a small 
but significant increase towards the lower reaches, in 
response to the increased number of STWs and the 
more intensive agriculture, with associated increased 
fertiliser use. In the case of the River Aire, most 




Table 1. Mean values for the contaminant content of the <63 /xm fraction of overbank 
deposits collected by the mats deployed at the sampling sites on the River Swale and River 
Aire 





Site * 


Cr 

(Agg“^) 


Cu 

(Agg“^) 


Pb 

(Agg“^) 


Zn 

(Agg“^) 


Total-P 

(Agg“^) 


River Swale 




1 


13 


54 


361 


884 


452 




2 


12 


62 


1602 


1070 


470 




3 


29 


38 


1476 


1007 


695 




4 


13 


42 


1486 


1094 


566 


River Aire 




1 


21 


35 


139 


272 


1061 




2 


25 


37 


178 


235 


1108 




3 


44 


90 


182 


309 


1525 




4 


39 


65 


149 


267 


1706 




5 


90 


124 


220 


508 


3980 




6 


131 


114 


179 


389 


4657 



* See Figure 1 for site location. 



determinands show clear evidence of a marked down- 
stream increase in concentrations, reflecting inputs 
of contaminated sediment from STWs and industrial 
outfalls and uptake of contaminants released to the 
river in solution, within the highly industrialised and 
urbanised central and lower parts of the catchment. 
This downstream increase is particularly marked for 
Cr concentrations, which increase more than 6-fold, 
and for total-P concentrations which increase more 
than 4-fold. Both Pb and Zn concentrations exhibit 
only a limited downstream increase, and the levels in- 
volved are very much lower than those found in the 
River Swale as a result of former mining activity. 

The annual deposition flux of suspended sediment and 
sediment-associated contaminants on the floodplains 
of the Rivers Swale and Aire 

Estimates of the mean annual deposition flux of sus- 
pended sediment and sediment-associated contamin- 
ants to the floodplains bordering the main channels of 
the Rivers Swale and Aire are presented in Table 2. 
For suspended sediment, the mean annual deposition 
flux estimated for the River Swale is almost double 
that for the River Aire, which has only a slightly smal- 
ler catchment area. This contrast largely reflects the 
lower specific sediment yield of the Aire catchment 
(ca. 1 8.4 1 km“^ yr“ as compared to that of the River 
Swale (ca. 33.5 t km“^ yr“^) (Wass & Leeks, 1999), 
although it is also likely to reflect the more limited 



Table 2. Estimates of the mean annual suspended sediment and 
sediment-associated contaminant load at the catchment outlets, 
the mean annual deposition flux of suspended sediment and sed- 
iment-associated contaminants on the floodplains bordering the 
main channels of the Rivers Swale and Aire upstream of the 
gauging stations at Leckby and Beal, and the associated mean 
annual conveyance losses 



Material 


Mean 

annual 

load 

(tyr-1) 


Mean 

annual 

deposition 

flux 

(tyr-1) 


Mean 

annual 

conveyance 

loss 

(%) 


Swale 


Suspended sediment 


45158 


16894 


27 


Cr 


1.17 


0.33 


22 


Cu 


3.66 


0.86 


19 


Pb 


29.40 


24.49 


45 


Zn 


32.51 


17.50 


35 


Total-P 


62.54 


9.83 


14 


Aire 


Suspended sediment 


18462 


8604 


32 


Cr 


2.51 


0.25 


9 


Cu 


2.76 


0.38 


12 


Pb 


3.66 


1.30 


26 


Zn 


9.99 


2.43 


20 


Total-P 


120.21 


11.48 


9 
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extent of the floodplain in its lower reaches, where it 
has been constrained by flood control levees. The mag- 
nitude of the contaminant deposition fluxes will reflect 
the same controls, and also contrasts in the concentra- 
tions of contaminants found in the deposited sediment 
in the two catchments. Not surprisingly, the deposition 
fluxes estimated for Pb and Zn are very much higher 
for the River Swale floodplain and these high values 
reflect the elevated concentrations of Pb and Zn found 
in the floodplain sediments from the River Swale, as a 
result of the former mining activity. Only in the case 
of total-P does the annual deposition flux for the River 
Aire exceed that for the River Swale, and this can be 
accounted for by the much higher total-P concentra- 
tions associated with the sediment deposited on the 
floodplain of the River Aire, particularly in its lower 
reaches. 

Further details of the variation of deposition fluxes 
along the floodplains of the two study rivers are 
provided in Figure 2, which presents estimates of the 
deposition fluxes for the individual reaches between 
the sampling sites. In the case of the River Swale 
floodplain, the deposition fluxes show a general tend- 
ency to increase downstream in response to both 
the increased extent of the floodplain and the down- 
stream increase in contaminant concentrations asso- 
ciated with the deposited sediment, although in all 
cases the maximum deposition fluxes are found in the 
middle reaches of the floodplain, where sediment de- 
position is at a maximum. The pattern of downstream 
change in deposition fluxes shown by the River Aire 
in Figure 2 is substantially different from that for the 
River Swale. Maximum deposition fluxes are found 
along the upper reaches of the floodplain, which are in 
an essentially natural condition and unconstrained by 
flood control levees. The greatly reduced deposition 
fluxes in the middle reaches of the floodplain reflect 
its limited extent, due to the existence of flood control 
levees, whilst the secondary increase found towards 
the catchment outlet for most determinands reflects 
the progressive increase in contaminant concentrations 
in sediment deposited on the floodplain in the lower 
reaches of the catchment. 

The role of floodplain sedimentation and associated 
conveyance losses in the catchment sediment and 
contaminant budgets 



associated with overbank sedimentation on the flood- 
plain bordering the main rivers, it is possible to estim- 
ate the conveyance losses associated with floodplain 
deposition (see Table 2). In making these calculations, 
it is assumed that the sum of the sediment or contamin- 
ant flux at the catchment outlet and the deposition flux 
to the upstream floodplains represents the total input 
to the main channel system. The conveyance loss is 
represented as a percentage of this value. 

In the case of the River Swale, the magnitude of 
the conveyance losses associated with the individual 
contaminants range between 14 and 45%. Those for 
Pb and Zn exceed the value for suspended sediment 
(27%), whereas those for Cu, Cr and Total-P are less. 
This pattern largely reflects the location of the major 
contaminant sources within the catchment. For Zn and 
Pb, this is in the headwaters and this affords maximum 
potential for conveyance losses as the contaminated 
sediment moves through the system. In contrast, the 
total-P content of the deposited sediment increases 
downstream, indicating that the major source is in the 
lower reaches of the catchment. In the case of Cu, 
there is some evidence of a downstream decrease in 
the Cu content of the deposited sediment, which will 
in turn reduce the significance of deposition in the 
lower reaches of the catchment to the overall convey- 
ance loss. For the River Aire, Table 2 indicates that 
the conveyance losses associated with the individual 
contaminants range between 9 and 26%. They are in 
all cases less than those associated with suspended 
sediment, and this pattern reflects the fact that the 
dominant sources of the contaminants are located in 
the middle and lower reaches of the rivers. The in- 
creased magnitude of the conveyance losses for Pb 
and Zn, relative to those of the other contaminants, 
reflects the more limited downstream increase in the 
concentrations of these two contaminants in overbank 
sediment deposits and thus the reduced significance of 
downstream sources. In comparing the results for the 
Rivers Swale and Aire presented in Table 2, it can be 
seen that, although the conveyance losses associated 
with the suspended sediment input to the main channel 
systems are similar for the two catchments, those for 
the contaminants are considerably less for the River 
Aire. As indicated above, this primarily reflects the 
location of the main contaminant sources in the lower 
reaches of the catchment. 



By comparing the estimates of suspended sediment 
and sediment-associated contaminant flux at the out- 
lets of the study catchments with the deposition flux 
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Figure 2. Downstream variation in the deposition of sediment-associated contaminants on the floodplains bordering the main channel of the 
River Swale (A) and the River Aire (B). 



Perspective 

The results presented above must be seen as providing 
only an approximate indication of the role of overbank 
sedimentation on river floodplains in the sediment- 
associated contaminant budgets of the study catch- 
ments. An increased number of mats at the individual 
sampling sites, a greater number of mat sampling sites 
and floodplain transects for ^^^Cs measurements, as 
well as a more rigorous sampling programme to estim- 
ate contaminant fluxes at the catchment outlet, would 
be required to provide more precise estimates of the 
deposition fluxes and conveyances losses involved. 



Furthermore, the use of different approaches to es- 
timate sediment deposition rates on the floodplains 
of the two study rivers inevitably introduces some 
uncertainty into any comparison of their behaviour. 
Nevertheless, the results obtained emphasise the im- 
portant role played by overbank deposition on flood- 
plains in sediment-associated contaminant budgets 
and demonstrate the importance of the location of con- 
taminant sources in influencing the precise magnitude 
of the conveyance losses involved. Furthermore, the 
approach described could provide a basis for imple- 
menting similar, if more detailed, studies in other 
catchments. 
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Abstract 

The role of streambed sediment as a sink for pesticides and heavy metals was investigated in 30 Danish lowland 
streams. The investigated streams drain catchments varying in hydrology, topography, soil type and land use. The 
<250 /xm newly accumulated fraction of the uppermost 1-2 cm layer of streambed sediment was analysed for 
19 old and modern pesticides and 9 heavy metals. DDE was present in the sediment of all the streams. Of the 
herbicides, fungicides and insecticides currently in use, the most frequently detected was diuron (50.0%), fenprop- 
imorph (66.7%) and lambda-cyhalothrin (6.7%), respectively. The pesticides detected in the highest concentration 
were fenpropimorph (1700 ng g“^), propiconazole (130 ng g“^) and isoproturon (110 ng g“^). The heavy metals 
are listed in order of increasing median concentration: Cd (0.80 /xg g“^), Co (9.1 /xg g“^). As (12.0 /xg g“^), 
Ni (19.0 fig g-i), Cr (19.2 fig g-'), Pb (19.7 fig g-'), Cu (20.1 fig g-'), V (28.5 fig g-'), Zn (103 fig g-'). 
The average number of pesticides detected in the 27 streams draining predominantly agricultural catchments was 
(3.7±2.0) being higher (p = 0.077) than in the three streams draining non-agricultural catchments (1.7±0.6). 
Pesticides were significantly related to catchment size, soil type and hydrological regime. Several heavy metals 
(Cr, Cu, Pb, V and Zn) were related to urban activity and soil type. 



Introduction 

Investigation of the presence of pesticides and heavy 
metals in streambed sediments is important because 
bed sediments can be a major sink for pesticides and 
heavy metals delivered to the stream via various path- 
ways (Smith et ak, 1987; Kern & Westrich, 1995; 
Stackelberg, 1997). The pesticide and heavy metal 
enriched streambed sediment can be toxic to biota, 
particularly benthic invertebrates, and the assimil- 
ated pesticides and heavy metals can be transmitted 
through the food chain (Larson et ak, 1997). Further, 
the sediment serves as a time-integrated sink of pesti- 
cide and heavy metal input from the catchment and 
can thus be applied in assessing the active catchment 
sources and delivery pathways (Forstner & Wittmann, 
1983; Stackelberg, 1997; Munn & Gruber, 1997). 
Extensive research on the presence of pesticides and 
heavy metals in streambed sediments has been con- 
ducted in many countries during the last decade (e.g. 
Kreuger & Tornqvist, 1998; Rice, 1999). 



Hitherto, the focus has for pesticides been direc- 
ted to chlorinated insecticides, triazine herbicides and 
organophosphorus insecticides (e.g. Melluso et ak, 
1994; Pereira et ak, 1996). Less attention has been dir- 
ected towards the presence and distribution of many of 
the currently used modern pesticides (e.g. Kreuger & 
Tornqvist, 1998). This is especially true for the north- 
ern regions in Europe having an intensive agricultural 
production such as Denmark. 

Contamination of streambed sediments with heavy 
metals has been documented in many worldwide in- 
vestigations (e.g. Singh et ak, 1997; Rees et ak, 1999; 
Rice, 1999). Most of the hitherto documented findings 
have, however, been for streams and rivers receiv- 
ing high loads of heavy metals being discharged from 
point sources (industrial plants, mining, urban areas). 
Very few studies have investigated the concentration 
of heavy metals in streambed sediment that drain 
catchments receiving only diffuse (non-point) sources. 
The concentration of pesticides and heavy metals in 
streambed sediment draining agricultural catchments 
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without major point sources will improve our under- 
standing of the impact of this sector on surface water 
pollution and the ecological quality. Moreover, the 
concentration of pesticides and heavy metals in stream 
sediment draining natural catchment will improve our 
understanding of the reference conditions being vital 
in the newly adopted Water Framework Directive by 
the European Union (European Commission, 2000). 

The main objectives of this study of pesticides and 
heavy metals in Danish streambed sediments are to de- 
termine: (1) the concentration of pesticides and heavy 
metals in sediment from streams draining agricultural 
and natural catchments; (2) whether any significant 
difference can be obtained for the detection or con- 
centration of pesticides and heavy metals from the two 
different types of catchments as regarding land use and 
geology; (3) whether the presence and concentration 
of pesticides and heavy metals can be related to catch- 
ment characteristics such as soil type, hydrological 
regime and land use. 



Study streams and catchments 

Thirty predominantly small headwater streams were 
selected to represent the gradients in climate, hydro- 
logy and physiographic conditions in Denmark (Fig. 1 
and Table 1). The 30 catchments represent a range 
of land uses from intensively farmed catchments to 
predominantly forested catchments (Table 1). The 30 
catchments also represent regional differences in Dan- 
ish agriculture, which is dominated by animal produc- 
tion in the sandy western part of the country and plant 
production on the loamy islands of eastern Denmark. 



Table 1. Description of the catchment properties of the 
30 streams surveyed 



Catchment property 


Median 


Range 


Catchment area 


10.3 km^ 


0.25-486 km^ 


Sandy soil 


47% 


0-100% 


Baseflow index 


0.60 


0.42-0.90 


Agricultural area 


78% 


0-100% 


Forested area 


6.1% 


2.0-96% 


Built-up area 


7.8% 


0-21% 


Waterbody area 


0.1% 


0-13% 




Figure 1. Map of Denmark showing the location of the surveyed 
streams and an example of the hydrograph of a stream situated in 
western Denmark (Jutland) and one situated in eastern Denmark 
(Zealand). 



Methods 

Field measurements 

Bed sediment at each of the 30 streams was sampled in 
autumn 1998 on a 100 m reach in glide or run habitats 
that are normally scoured during the winter and spring 
storm events (cf. Svendsen et al., 1995). Sediment 
sampling in the 30 streams was conducted during a 
month with maximum accumulation of fine sediment 
and detritus on the sandy substratum due to prolonged 
low flow (Fig. 1). A total of 30-50 core- samples were 
taken in five cross-sections of the 100 m reach in each 
stream using a Kajak corer (22.9 cm^). Only the up- 
permost 1-2 cm of newly accumulated fine sediment 
and detritus was sampled, the samples being pooled 
to one composite sample for each stream. These were 
stored in 2 1 glass bottles. On return to the laboratory, 
each sediment sample was immediately wet sieved 
through a 250 /xm sieve using water from the stream in 
question. The <250 /xm portion was allowed to settle, 
the supernatant decanted off and the settled material 
collected and stored frozen in an aluminium foil tray. 
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Laboratory analysis 

Grain size distribution and organic matter content 
The grain size distribution of the sediment samples 
was measured using a laser diffraction spectrometer 
after organic matter removal by H 2 O 2 -oxidation and 
Na 4 P 207 dispersion. The content of organic matter 
was measured as the loss on ignition in a subsample 
by combusting the sediment samples at 500 °C for 4 h. 

Pesticides 

Sediment samples were thawed at room temperature 
and the water decanted from the wet samples. Sedi- 
ment dry weight was measured after 16 h drying at 
105 °C using 10-25 g of each sediment sample. Four- 
teen grammes of the wet sediment sample (without 
decanted water) were mixed in a mortar with 7 g Hy- 
dromatrix (pelletized diatomaceous earth) as a drying 
agent. Nine grammes of the mixture (corresponding 
to 6 g wet sediment sample) were extracted with acet- 
one/dichlormethane, 1:1, (60 ml) in a Soxtec Avanti 
2050 Auto system. Soxtec Avanti represents the new 
generation of automated Soxhlet extraction. Ethion 
was added before extraction as an internal standard. 
The extraction was carried out at 170 °C for 2 h 
in the boiling extraction solvent followed by extrac- 
tion for 1 h in the rinse position. The extract was 
evaporated and the volume adjusted to 2 ml with 
cyclohexane/dichlormetane, 1:1. One ml of this ex- 
tract was purified by Gel Permeation Chromatography 
(GPC) and the volume adjusted to 1 ml with cychlo- 
hexane/acetone 9:1. Half of this extract was purified 
with concentrated sulphuric acid for analysing DDE- 
p,p by GC-EC (hexabromobenzene was added as in- 
ternal standard). The other half of the extract was 
analysed with GC-MS using both El-ionisation and 
NCI-ionisation. The detection limit and mean recov- 
ery of the analysed pesticides are shown in Table 2. 
The results presented are uncorrected for percentage 
recovery. 

Heavy metals 

Representative 0.3 g sub-samples were retained from 
the <250 fim sediment samples. After 40 min di- 
gestion using 10 ml HN03 at 170 °C, multi-element 
analysis was performed by inductively coupled plasma 
mass spectrometry (ICP/MS). A Norwegian lake sedi- 
ment, SLI (IAEA) was used as reference material. 



Table 2. Pesticides encompassed by the streambed sediment ana- 
lysis with detection limit and mean recovery 



Pesticide 


Pesticide 

class 


Detection 

limit 

(ng/g DW) 


Mean 

recovery 

(%) 


Alpha-cypermethrin 


Insecticide 


10 


103 


Cypermethrin 


Insecticide 


40 


- 


DDE-p,p 


Insecticide 


5 


64 


Deltamethrin 


Insecticide 


10 


106 


Dimethoate 


Insecticide 


20 


94 


Diuron (H) 


Herbicide 


10-20 


II2 


Ethofumesate 


Herbicide 


10-20 


84 


Esfenvalerate 


Insecticide 


5-10 


109 


Eenpropimorph 


Eungicide 


10 


72 


Isoproturon 


Herbicide 


10 


128 


Lambda-cyhalothrin 


Insecticide 


5 


75 


Malathion 


Insecticide 


20-40 


no 


Pendimethalin 


Herbicide 


10-20 


60 


Permethrin 


Insecticide 


40 


II4 


Pirimicarb 


Insecticide 


10 


95 


Prochloraz 


Eungicide 


50-100 


92 


Propiconazole 


Eungicide 


20-30 


II7 


Terbuthylazine 


Herbicide 


10 


87 


Vinclozolin 


Eungicide 


1-2 


92 



Statistical methods 

The number of pesticides found in each stream were 
assumed to be Poisson-distributed and the relation- 
ship to the explanatory variables was analysed by 
Poisson regression (McCullugh & Nelder, 1989). The 
relationship between explanatory variables and the 
presence/absence of each pesticide was examined by 
logistic regression (McCullugh & Nelder, 1989). The 
goodness-of-fit for both types of regression is given 
as the deviance of the degrees of freedom ratio. The 
median percentage of pesticide occurrence for the 
three main classes (herbicides, fungicides and insect- 
icides) was tested by the Kruskal-Wallis rank sum test 
(Hollander & Wolte, 1973). 

Canonical correspondence analysis (CCA) was 
used to analyse the effect on heavy metals composition 
of the set of environmental variables. CCA is designed 
to detect the patterns of variations in the heavy metals 
data that can be explained by the observed environ- 
mental data and the ordination can be displayed in a 
biplot (Jongman et al., 1995). One catchment was ex- 
cluded from the data set when analysing heavy metal 
concentrations due to the possible influence from the 
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Table 3. Median and range in metal concentrations, organic mat- 
ter, clay and median grain size (d 5 o) in streambed sediment from 
27 streams draining agricultural catchments and 2 streams drain- 
ing mostly forested catchments. The third natural catchment was 
excluded from the metal data set due to the possible influence 
from the remains of a World War II ammunition depot in the 
catchment 



Metals Metal concentration 





Agricultural 


Non-agricultural 




catchments 


catchments 




(A=27) 


(A=2) 


Al 


11480 (4660-27 150) 


7425 (4860-9990) 


As 


12.7 (3.55-54.7) 


5.09 (3.71-6.46) 


Cd 


0.798 (0.179-2.53) 


0.800 (0.789-0.811 


Co 


9.1 (2.48-43.0) 


8.37 (5.23-11.5) 


Cr 


19.9 (7.63-170) 


12.66 (7.92-17.4) 


Cu 


20.4 (4.58-80.2) 


12.32 (5.83-18.8) 


Fe 


25 790 (13 980-103 000) 


12 350 (11 600-13 


Mn 


1300 (259-38 520) 


1780 (1680-1880) 


Ni 


19.0 (6.64-81.4) 


15.65 (10.8-20.5) 


Pb 


19.2 (6.04-407) 


21.8 (20.6-23.0) 


V 


29.0 (13.3-54.8) 


20.0 (12.1-27.8) 


Zn 


104 (11.8-922) 


75.0 (52.0-97.9) 


Organic 


14.6 (9.4-27.8) 


26.3 (22.6-29.9) 


matter (%) 






Clay (%) 


16.5 (5.8-25.8) 


11.5 (8.9-14.1) 


dso (/xm) 


17.7 (4.9-95) 


42.3 (17.1-67) 



remains of a World War II ammunition depot in the 
catchment. 



Results 

Grain size distribution and organic content of 
streambed sediments 

A descriptive statistical test of median grain size, clay 
content and organic matter content of the uppermost 
layer of streambed sediment from the streams is shown 
in Table 3. The median grain size was 17.7 /xm, me- 
dian clay content 16.3% and median organic matter 
content 15.4%. 

Pesticides in streambed sediment 

Residues of DDE (the metabolite of DDT, which was 
banned in Denmark in 1984) were detected in all 
streambed sediments, although only as trace amounts 



in 4 of the 30 streams (Fig. 2). The most abund- 
ant, currently used pesticides within each of the three 
main classes (herbicides, fungicides and insecticides) 
were diuron (26.7%, or 50.0% including trace occur- 
rences), fenpropimorph (36.7%, or 66.7% including 
trace occurrences) and lambda-cyhalothrin (6.7%), re- 
spectively (Fig. 2). The average number of pesticides 
detected in the 30 streams was 3.5 ±2.0, ranging from 
a maximum of 8 pesticides in 2 streams to one pesti- 
cide in four streams (Fig. 3). The median detection 
frequency of pesticides within the three main classes 
differed significantly (insecticides: 3.2%; fungicides: 
19.4% and herbicides: 14.5%) (Kruskal-Wallis rank 
sum test: p = 0.0436). 

The maximum detected concentration of each of 
the analysed pesticides is shown in Figure 2. The 
pesticides detected in the highest concentration were 
fenpropimorph (1700 ng g“^), followed by propi- 
conazole (130 ng g“^) and isoproturon (110 ng g“^). 
The sum-concentration of pesticides in streambed sed- 
iment exhibited marked inter-stream variations, the 
three highest values being 2058 ng g“^ (or 28 663 /xg 
kgoc“^), 291 ng g-i (3833 /xg kgoc“^) and 76 
ng g“^ (835 /xg kgoc~^)» as compared with <20 
ng g“Mn 18 of the 30 streams. 

Heavy metals in streambed sediment 

The heavy metals found in the streambed sediments 
are in order of increasing median concentration: Cd 
(0.80 iig g-‘), Co (9.1 /ig g-‘), As (12.0 ng g-‘), Ni 
(19.0 ns g^b, Cr (19.2 nS g^b, Pb (19.7 nS g^b. Cu 
(20.1 ns g“b. V (28.5 ns g“b, Zn (103 ng g“b- The 
median and range of all metals are shown in Table 3 
for the 27 streams draining dominantly agricultural 
streams and the 2 streams draining natural catchments. 
Overall, no major difference is observed between the 
two catchment types. Relatively low values of As and 
Fe - and to some extent Al, Cr and Cu - are indic- 
ated for the two streams draining natural catchments 
(Table 3). Any such differences may, however, well be 
a result of differences in catchment conditions with re- 
spect to rock and soil type, and grain size. Overall, the 
low number of natural catchments does not allow for a 
fair comparison against the agricultural catchments. 

Catchment relationships developed for pesticides in 
streambed sediment 

A Poisson regression between the total number of 
pesticides detected in streambed sediment and various 
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Figure 2. Detection frequency and maximum concentration (ng g ^ DW for the 19 pesticides analysed for in streambed sediment. The 
letters above each bar indicate which main class the pesticide belongs to: H: herbicides, F: fungicides and I: insecticides. 



catchment and sediment properties revealed a signi- 
ficant relationship between the average number of 
pesticides in a Poisson distribution (/x) and respect- 
ively, catchment area in km^ (Carea) and percentage 
of sandy soil in the catchment (Csand): 



log(/x) = 1.5039 + 0.0020 • Carea - 0.0071 • Csand 

( 1 ) 

The standard errors of the three parameter estimates 
are 0.1503, 0.0008 and 0.0028, respectively, DF = 
27 and goodness-of-fit given as the ratio between 
deviance and DF = 0.78. 

A logistic regression was performed between the 
occurrence of fenpropimorph, which was the most 
abundant pesticide found in the investigated stream 
sediments, and various catchment characteristics. The 
likelihood (p) of finding fenpropimorph proved to be 
significantly related to catchment area in km^ (Carea) 
and the baseflow index (BFI). The latter is correlated 
to soil type and approaches 1 the greater the baseflow 
dominance of the stream. 

log ( -T-) = 5.89 + 0. 154 • Carea - 10.5 • BFI 



The standard errors of the three parameter estimates 
are 3.29, 0.105 and 4.89, respectively, DF = 27 and 



goodness-of-fit given as the ratio between deviance 
and DF = 0.80. The average number of pesticides 
detected in 27 streams draining predominantly agri- 
cultural catchments (3.7±2.0) was higher (p = 0.077) 
than the average number detected in the three streams 
draining non-agricultural catchments (1.7±0.6). 

Catchment relationships developed for heavy metals 
in streambed sediment 

A CCA analysis between metal concentration in stre- 
ambed sediment and characteristics of the sediment 
(grain size; organic content) and catchment properties 
(soil type and land use) was conducted (Fig. 4). The 
CCA analysis explained 38% of the variance and re- 
vealed a clear tendency of an anthropogenic or natural 
impact on one group of heavy metals: the concen- 
trations of Cr, Cu, Pb, V and Zn were highest with 
high proportion of urban areas, especially in the more 
clayey catchments. The concentrations of As and Co 
on the other hand were highest in organic-rich bed 
sediments in streams draining sandy catchments. 

The results of the CCA analysis were corroborated 
by a linear relationship between metal concentration in 
the streambed sediment and various characteristics of 
the sediment (grain size and organic matter content) 
and characteristics of the catchment (soil type; land 



98 




use, etc.). The analysis showed A1 to be significantly 
inversely related to the percentage of sandy soils in the 
catchment (3). 

Log(Al) = -0.0051 CsAND + 9.5 

= 0.22; p = 0.01) (3) 

where C=catchment; SAND=proportion of sandy 
soils. 

Moreover, the concentration of As was found to be 
directly related to the percentage of sandy soils in the 
catchment, inversely related to the percentage of for- 
ested areas and directly related to the content of clay 
in the streambed sediment (4). 

Log(As) = 0.0083 CsAND — 0.013 Cfor 
+0.057 ScL (R^ = 0.38; p < 0.01) (4) 

where S=sediment; FOR=percentage forested area; 
CL=clay content. 

When inter-comparing metal concentrations, all 
heavy metals showed a positive relationship with Al. 
Heavy metal concentrations were therefore normalised 
to Al concentrations in order to investigate the out- 
come of an additional CCA analysis using metal ratios 
rather than concentrations. This outcome was not con- 
siderably different from that of the first CCA analysis 
and will not be further discussed. 

Discussion 

The detection frequency of 100% for DDE found 
in the present study is generally higher than previ- 



ously reported. Thus, Stackelberg (1997) found DDE 
in 40-80% of New Jersey river sediments, U.S.A. 
while Munn & Gruber (1997) found DDE in 52% of 
eastern Washington and Idaho river sediments. How- 
ever, Kreuger (1996) reported a detection frequency of 
100% in a small Swedish stream. Most investigations 
of pesticides in streambed sediments have focused 
on chlorinated insecticides, although Kreuger (1996) 
investigated four sediment samples from a Swedish 
stream for six of the pesticides encompassed by the 
present study. The sum-concentrations found ranged 
from 85 to 332 ng g~^ DW“^ whereas only 2 of the 
27 streams investigated in this study had such high 
sum- concentrations. Kreuger (1996) reported finding 
fenpropimorph in all four sediment samples (20-200 
ng g“ ^ ). Fenpropimorph is the currently used pesticide 
most frequently detected in the present study (64.5%), 
as well as the pesticide detected in the highest con- 
centration (1700 ng g“^). As our study shows that 
Danish streambed sediments are a sink for pesticides 
commonly applied in Danish agriculture, it should be 
possible to use sediments as a time-integrated measure 
or ‘fingerprint’ of pesticide delivery from the catch- 
ment via wind drift and various hydrological path- 
ways. The concentration of pesticides in streambed 
sediments was shown to impact the macroinvertebrate 
community composition in the investigated streams 
(Friberg et al., 2003). 

The detection frequencies for fenpropimorph 
(66.7%), diuron (50.0%) and esfenvalerate (20.0%) 
in streambed sediments are higher than those found 
during monitoring of Danish stream water (fenprop- 
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Figure 4. Principal component analysis (CCA) of the concentration of 12 metals against descriptive variables for the composition of streambed 
sediment (clay content, organic matter content) and properties of the catchment (soil type and land use). 



imorph: 13% in 97 samples; diuron: 35% in 106 
samples and esfenvalerate: 9% in 43 samples) (Mo- 
gensen & Kronvang, 2000). The converse is true 
for isoproturon (detection frequency 23.3% in sedi- 
ment and 23% in 280 water samples), ethofumesate 
(3.3% in sediment and 20% in 105 water samples) and 
pirimicarb (6.7% in sediment and 17% in 126 water 
samples). 

The heavy metal concentrations in streambed sed- 
iments were considerably lower than that of stream 
water suspended sediment being monitored in the 



Danish Monitoring Programme (Bpgestrand, 2000). 
Median concentrations of As, Cd, Cr, Cu, Pb, Ni 
and Zn in the bed sediment only correspond to 20- 
60% of those found in suspended sediment. Relatively 
high heavy metal concentrations in suspended sedi- 
ment versus that in bed sediment were among other 
places also observed in the Euphrates river (Kassim et 
al., 1997). A likely explanation for this difference with 
respect to heavy metal concentration is that suspended 
sediment is finer in grain size than the sampled bed 
sediment. 
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Heavy metal concentrations have in several other 
investigations been measured in higher concentra- 
tions than in this study. For instance, most of the 
presently studied heavy metals were found in higher 
median concentrations in streambed sediments across 
the U.S.A. (Rice, 1999) and in the rivers Ouse and 
Trent in Mid England (Rees et al., 1999) - with the 
exception being As and Cd. Part of the explanation 
for the somewhat lower concentrations in this study 
compared with that from Mid England may be less 
urban and industrial land use in the Danish study 
catchments. However, the median concentration of Cd 
(0.80 /xg g“^) stands out as being relatively high in 
the present study when compared with those from 450 
non-urban sites (0.075-0.80 /xg g“^) in U.S.A. (Rice, 
1999). 

Several authors have demonstrated relationships 
between the presence of pesticides in stream water 
or streambed sediments and various catchment spe- 
cific properties such as climatic conditions, soil type, 
topography, land use, pesticide application and pesti- 
cide physico-chemical properties (e.g. Stackelberg, 
1997; Kreuger & Tornqvist, 1998). This study con- 
firms that relationships can be developed between the 
presence of currently applied pesticides in Danish stre- 
ambed sediment and explanatory variables such as 
pesticide use in Danish agriculture, catchment size, 
soil type and hydrological regime. However, more de- 
tailed knowledge of pesticide application at the field 
level (amount, substance and time) within catchments 
is needed in order to describe the large inter-annual 
variation in the occurrence of pesticides in streambed 
sediment seen in the present study. 

Also in the case of heavy metals, a number of au- 
thors have investigated the influence of catchment land 
use characteristics on heavy metal concentrations in 
streambed sediment, especially the influence of urban 
and industrial activity (e.g. Rees et al., 1999; Rice, 
1999). A number of heavy metals (Cd, Cr, Cu, Hg, 
Pb and Zn) correlated with urban activity across the 
U.S.A. (Rice, 1999) and in the Gomati river in India 
(Singh et al., 1997). In the river Neckar in Germany, a 
similar urban influence on heavy metals was observed, 
and in addition also Ni seemed to derive from urban 
activity (Kern & Westrich, 1995); Co, Fe and Mn on 
the other hand seemed related to natural sources. Five 
heavy metals (Cr, Cu, Pb, V and Zn) were based on the 
CCA analysis in this study indicated to derive from 
urban activity. This is in accordance with what was 
concluded from the investigations mentioned above. 
Other of the heavy metals (As, Cd, Co, Ni) may 



have had a significant input from natural or non-point 
specific anthropogenic sources (e.g. atmospheric de- 
position, agriculture). The fact that As and Cd were 
found in higher concentrations than what we expec- 
ted - by comparison with Rees et al. (1999) and Rice 
(1999) - suggests non-point anthropogenic sources as 
possible contributors. 



Conclusions 

This first study of the occurrence and concentration of 
pesticides and heavy metals in Danish streambed sed- 
iment confirmed the presence of 16 out of 19 analysed 
pesticides. The most frequently detected member of 
the three main classes (herbicides, fungicides and 
insecticides) being diuron (50.0%), fenpropimorph 
(66.7%) and lambda-cyhalothrin (6.7%), respectively. 
A significant relationship was established between the 
number of pesticides detected in each stream and 
catchment specific properties such as catchment size, 
soil type and hydrological regime. The detection fre- 
quency of pesticides in streambed sediment was also 
related to land use since the number of pesticides 
present in 3 non-agricultural catchments was much 
lower (1.7 ±0.6) than in 27 predominantly agricultural 
catchments (3.7 ± 2.0). Heavy metals were in order 
of increasing concentration: Cd < Co < As < Ni < 
Cr < Pb < Cu < V < Zn, with one group of heavy 
metals (Cr, Cu, Pb, V and Zn) being related to catch- 
ment proportion of urban area and clayey soil. The 
study documents high variations in the occurrence of 
pesticides in streambed sediment. Whether this is at- 
tributable to differences in the delivery of pesticides 
to streams via wind drift or hydrological pathways 
and/or linked to the processes governing sediment de- 
position and resuspension in streams remains to be 
clarified. This will necessitate integrated investiga- 
tions of pesticide use, loss and fate in a number of 
catchments in order to be able to describe the beha- 
viour of different pesticides and determine whether 
streambed sediments can serve as a simple ‘finger- 
print’ of pesticide delivery from catchments. Together 
with the development of relationships between the 
occurrence of pesticides and heavy metals and catch- 
ment properties, this would provide important support 
for pesticide and heavy metals monitoring efforts in 
Denmark and interpretation of possible toxicological 
effects of the pesticides and heavy metals in streambed 
sediments on stream biota. 
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Abstract 

Twenty-nine Danish streams were investigated in September 1998. The streams drained catchments of varying 
hydrology, topography, soil type and land use. In each stream, the newly accumulated streambed sediment was 
sampled and subsequently analysed for pesticides. In each stream, five replicate macroinvertebrate samples were 
taken in the same sediments as the pesticide samples. In addition, five samples were taken in riffles to provide a 
complete picture of macroinvertebrate community composition. The number of detected pesticides reflected soil 
type and land use: in agricultural catchments on clay soils the average number of pesticides were 4.3 ±2.2; on 
sandy soils 2.6±1.0, while only 1.5±0.6 pesticides were found in streams without agricultural activities. The 
macroinvertebrate composition showed clear changes along this gradient of sediment pesticide concentrations. The 
number of the amphipod Gammarus pulex was negatively correlated with sediment pesticide concentration, while 
the number of Oligochaeta and Hirudinae was positively correlated. The findings indicate that pesticides have a 
potential to structure macroinvertebrate communities in Danish streams. However, agricultural impact is more than 
pesticides, and several other factors, such as channelisation, affect the macroinvertebrate community and these are 
not easily separated. 



Introduction 

Pesticides have a wide range of impacts on the aquatic 
biota (Larson et ak, 1997). In streams, direct impacts 
have been found at all trophic levels ranging from al- 
gae to fish (Davies & Cook, 1993; Kreutzweiser et 
ak, 1995; Guasch et ak, 1997). Macroinvertebrates 
have attracted considerable attention as they respond 
strongly to, especially, insecticide exposure (e.g. Wal- 
lace et ak, 1989; Schulz & Liess, 1999). Futher- 
more, macroinvertebrate community composition is 
used widely as indicator of stream environmental 
quality (Metcalfe-Smith, 1996). As a consequence, 
macroinvertebrates are a keystone organism group for 
detecting pesticide impacts. 

The main sources of pesticides are point and dif- 
fuse sources, the latter mainly being connected to 
crop protection within the catchment. Pesticides enter 
streams via various pathways, such as wind drift, 
ground water, and drainage water/sub-surface run-off 



(Neuman et ak, 2002). The latter source will contain 
both dissolved and sediment-bound pesticides, and 
the delivery to the stream will especially be linked to 
run-off events in connection with high levels of precip- 
itation (Kronvang et ak, 2003a). The episodic nature 
of pesticide transport to streams combined with a gen- 
erally short in-stream retention time makes it very 
difficult and costly to detect elevated pesticide concen- 
trations. Hence, any changes in the aquatic biota can- 
not be directly linked to pesticide exposure if elevated 
concentrations are not quantified. However, stream 
bed sediments can be a major sink for pesticides (e.g. 
Stackelberg, 1997). As a consequence, sediments can 
serve as a time-integrated measure (‘fingerprint’) of 
pesticides transported in streams both with respect 
to pesticides entering the stream as dissolved and 
sediment associated pesticides. 

In Denmark (total area: 43 000 km^), 62% of the 
land is agricultural land. There is an extensive stream 
network totalling more than 60 000 km of natural and 
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Figure 1. Pesticide gradient in 29 streams investigated. 



artificial streams, the majority of which are small in 
size (80% less than 2 m wide). Most loamy agricul- 
tural fields are tile drained and the stipulated width 
of buffer strips along streams is only 2 m. Moreover, 
the total pesticide use in Danish agriculture totalled 
28 904 tons in 2000 (Danish EPA, 2001). As a con- 
sequence, the combination of an extensive use of 
pesticides and the close connectivity between land 
and stream, enhanced artificially by drainage and nar- 
row buffer strips, makes the potential risk of pesticide 
exposure extremely high. 

The aim of the present study was to examine 
the relationship between pesticide sediment concen- 
trations and macroinvertebrate community compos- 
ition in Danish streams. We hypothesise that sedi- 
ment accumulated during the main pesticide spraying 
season (May-August) will reflect pesticide use in 
the catchment. Furthermore, a high pesticide sum- 
concentration in the sediments could be used as an 
indicator of a high overall use of pesticides within 
the catchment, including pesticides not actually found 
in the sediments. In addition, we assume that total 
pesticide concentrations (herbicides, fungicides and 
insecticides) are correlated positively with insecticide 
concentration. If so, total concentration of pesticides 
found in the sediment can be used as a time -integrated 
indicator of the overall in-stream insecticide exposure 
of the macroinvertebrate community. 



Methods 

Study sites 

In total, 29 streams were sampled once during Septem- 



ber 1998. Sampling sites were stratified by size, i.e. 
only 1st and 2nd order streams were investigated. This 
was done in order to reduce the variation in the com- 
position of the macroinvertebrate assemblages which 
different stream sizes would induce (e.g. Vannote et 
ak, 1980). The streams covered gradients in climate, 
hydrology and physiographic conditions in Denmark. 
The 29 catchments represented various land-use ran- 
ging from intensively farmed catchments to forested 
catchments (Table 1). The major land-use in the catch- 
ments investigated was agriculture (68%) which is 
representative of Denmark as a whole. Average catch- 
ment area reflected the small stream size (12 km^) and 
all Danish soil types were represented, ranging from 
coarse sandy to loamy soils. 

Streams investigated were narrow (1 .7 m wide) and 
shallow (0.15 m deep) (Table 1). Both velocity and 
the coverage of cobbles were low, which is typical 
of small lowland streams. All streams were circum- 
neutral and had high average concentrations of total 
nitrogen and phosphorous (Table 1), reflecting the 
agricultural impact in their catchments (Bpgestrand, 
1999). Biological oxygen demand (BOD5) was low 
(1.3 mg O2 1“^), indicating that point sources were 
few (Bpgestrand, 1999). 

Data on chemical parameters were obtained from 
the national monitoring database as all the stream 
sites investigated are part of the National Programme 
for Monitoring the Aquatic Environment (Bpgestrand, 
1999). Data on physical features were obtained from 
Lindstrpm (2000). 

Consequently, the likelihood of in-stream pesticide 
exposure of the macroinvertebrate community should 
vary among streams along a gradient reflecting land- 
use, geology and climate. 
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Table 1. Catchment characteristics and physico-chemical 
features of 29 streams investigated. Mean, S.E. and range are 
given for each variable. 





Mean ± SE 
(n = 29) 


Range 


Catchment characteristics: 


Catchment area (km^) 


12.2±2.2 


0.25±57.8 


Sandy soil (%) 


49±7 


0-100 


Land-use: 


Agriculture (%) 


68±4.7 


0-98 


Forest (%) 


18±4.8 


2-96 


Urban (%) 


7.0±0.8 


0-21 


Physico-chemical features: 


Depth (m) 


0.15±0.02 


0.03U0.48 


Width (m) 


1.72±0.18 


0.49±4.82 


Velocity (m s“^) 


0.14±0.01 


0-0.30 


Cobbles (%) 


4.54±1.62 


0-39.6 


pH 


7.8±0.1 


6.2±8.3 


N-TOT(mgNrl) 


3.22±0.35 


0.84-9.00 


P-TOT(mgPl-l) 


0.17±0.40 


0.01-1.06 


BOD5 (mg 02l“l) 


1.29±0.09 


0.70-2.80 



Pesticides 

Sediments were sampled in August and September 
after a period of maximum accumulation of organic 
matter and minerogen fine sediment on the streambed 
due to low summer flows (Svendsen & Kronvang, 
1995). Samples for pesticide analysis were taken in 
the top of newly (i.e. within months) accumulated sed- 
iment (1-2 cm depth) in deposition areas. A total of 
30-50 core samples were taken in five cross-sections 
of a representative 100 m reach using a Kajak corer 
(diameter: 22.9 cm^). Samples from each reach were 
pooled in 2 1 pre-rinsed glass bottles and kept cool 
until return to the laboratory. 

In the laboratory, the samples were sieved through 
a 250 /xm sieve. Only the fraction below 250 /xm 
was retained and subsequently frozen after remov- 
ing any excess water. Before final analysis of the 
29 samples, they were thawed at room temperature. 
Dry weight was measured after 16 h at 105 °C us- 
ing 10-25 g of sediment, and organic matter content 
was measured as loss on ignition (550 °C) after 4 
h. Samples for pesticide analysis were prepared by 
mixing 14 g of wet sample in a mortar with 7 g Hy- 



dromatrix (pelletized diatomaceous earth) as a drying 
agent. Subsequently, 9 g of the mixture was extracted 
with acetone/dichlormethane, 1:1, (60 ml) in a Soxtec 
Avanti 2050 Auto system. Ethion was added before the 
extraction as an internal standard. The extraction was 
carried out at 170 °C for 2 h in the boiling extraction 
solvent followed by extraction for 1 h in the rinse po- 
sition. The extract was evaporated and the volume ad- 
justed to 2 ml with cyclohexane/dichlormethane, 1:1. 
One ml of this extract was purified by Gel Permeation 
Chromatography (GPC) and the volume adjusted to 1 
ml with cychlohexane/acetone 9:1. Half of this ex- 
tract was purified with concentrated sulphuric acid 
for analysing DDE-p,p by GC-EC (hexabromoben- 
zene was added as internal standard). The other half 
of the extract was analysed with GC-MS using both 
El-ionisation and NCI-ionisation. 

Pesticides found in trace amounts below the de- 
tection limit were not included in the present study. 
Detection limits and occurrence of pesticide traces can 
be found in Kronvang et al. (2003b). Pesticides are 
used in further analysis as overall sum- concentrations 
of either all types of pesticides together or insecticides 
separately. 

Macroinvertebrates 

Macroinvertebrates were sampled in deposition areas 
within the 100 m reach where the pesticide samples 
were taken. In addition, macroinvertebrate samples 
were also taken in more erosive habitats, mainly 
riffles. The rationale behind this sampling strategy 
was to provide a complete picture of macroinverteb- 
rate community composition: several previous studies 
have indicated that taxa inhabiting riffles are in gen- 
eral more sensitive towards pesticides compared with 
sediment dwellers (e.g. Wallace et al. 1989; Liess & 
Schulz, 1999). 

Eive replicate samples were taken randomly within 
each habitat type using a 0.02 m^ Surber sampler 
with a 0.2 mm mesh bag. All samples were preserved 
in 70% ethanol in the field. In the laboratory, the 
samples were sorted and the invertebrates identified to 
species level, wherever possible. Some Oligochaeta, 
Lammellibranchia, Coleoptera and Diptera were only 
identified to family, sub-family or genera. 

Particulate organic matter (POM) content was 
measured for each Surber sample. Samples were wet 
sieved through two mesh sizes 0.2 and 1 mm after 
which the content of each size fraction was dried 
at 60 to a constant weight. After incineration at 
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550 the AFDW for each size fraction (F(ine)POM 
>0.2 mm <1.0 mm and C(oarse)POM >1 mm) was 
calculated. 

Statistics 

In the multivariate analysis, macroinvertebrate samples 
from both erosive and deposition habitats were ana- 
lysed together as mean values from the 10 samples. 
Analysis of two habitats individually has been un- 
dertaken by Lindstrpm (2000) and is not included in 
the present paper. Canonical Correspondence analysis 
(CCA, ter Braak 1986, 1994) was used to relate in- 
vertebrate species composition to an array of environ- 
mental variables, including pesticide concentrations. 
The following 21 environmental variables were in- 
cluded in the CCA: Pesticides (sum-concentration and 
insecticide sum-concentration), catchment character- 
istics (area, %sandy soil, %loamy soil, %agriculture, 
%forest, %urban), chemical variables (pH, total Fe, 
BOD5, Total Nitrogen, Total Phosphorous), organic 
matter standing stocks (FPOM, CPOM) and physical 
features (velocity, width,%cobbles,%pebbles,%sand. 
Base Flow Index (BFI) [(Institute of Hydrology, 
1993)]). Multivariate data treatment was undertaken 
using the PC-ORD software package (McCune & 
Mefford, 1999). Linear relationships were tested using 
Pearson correlation coefficient (Zar, 1984). 



Results 

Pesticides 

Relatively few pesticides (11 in total) were found and 
mostly in low concentrations. The maximum num- 
ber of pesticides found in a single stream was seven. 
The fungicide fenpropimorph was found in the highest 
concentrations, while residues of DDE (the metabol- 
ite of DDT - banned in Denmark since 1984) were 
the most frequently encountered pesticide. However, 
DDE was always found in low concentrations. In ad- 
dition to these, the following pesticides were found in 
the streambed sediments: isoproturon, diuron, etho- 
fumesate, terbuthylazine, pendimethalin (herbicides); 
propiconazole (fungicide) and esfenvalerate, lambda- 
cyhalothrin, pirimicarb (insecticides). On average, 
2.3 ±0.4 (S.E.) pesticides were found in agricultural 
streams (>50% agricultural land-use) draining loamy 
soil catchments compared with 1.6±0.3 in streams 
draining sandy catchments. Only one pesticide, DDE, 




Log pesticide concentration (ng g DW-1) 

Figure 2. Relationship between log pesticide concentration (sum 
of all pesticides in ng g DW“^) and log insecticide concentration 
(sum of all insecticides in ng g DW“^ ) found in sediments in the 29 
streams investigated. 



was found in the four streams with forest/nature catch- 
ments (<20% agriculture). 

There was large inter- stream variation in the sum- 
concentration of pesticides (Fig. 1). The majority of 
streams had low pesticide sediment concentrations, 
whereas one stream (12; an agricultural stream on 
the island Lolland) had substantially higher levels of 
pesticides, mainly fenpropimorph (1700 ng g DW“^), 
than the other streams investigated. Overall, the 29 
streams exhibited a gradient from streams with no or a 
very slight pesticide impact, over moderately impacted 
streams to one highly impacted stream (Fig. 1). 

Insecticide sum-concentration was significantly 
(r = 0.61; p < 0.001) correlated with the sum- 
concentrations of all pesticide types (herbicides, fun- 
gicides and insecticides) (Fig. 2). 



Macroinvertebrate community composition 

In total, 160 taxa were found in the streams in- 
vestigated. Dominating taxa in both habitat types 
sampled were dipterans belonging to family Chiro- 
nomidae, Oligochaeta and the amphipod Gammarus 
pulex L. The number of EPT-Taxa (Ephemeroptera, 
Plecoptera and Trichoptera) was significantly higher 
in the erosive habitats compared with deposition hab- 
itats ip < 0.05, r-test for paired samples). The mean 
number of EPT taxa in the erosive habitats was 4.8 ± 
0.6 (S.E.) compared with 2.9± 0.4 in the fine grained 
sediments in depositional areas. The most commonly 
found EPT-taxa were mayflies belonging to the genus 
Baetis. Dominating stoneflies were mainly species 
belonging to the genus Leuctra and Nemoura. Hydro- 




107 




Log pesticide concentration (ng g DW'1 ) 

Figure 3. Relationship between log pesticide concentration (sum of all pesticides in ng g DW“^) and percentage contribution of Gammarus 
pulex, Oligochaeta, Hirudinae and Tanypodinae to the total macroinvertebrate community, abundance of macroinvertebrates (in m“^) and 
evenness (n=29). 




Figure 4. CCA- ordination diagram based on macroinvertebrate community and physico-chemical variables (21 in total) in the 29 streams. 
Vectors for the most important variables are shown (see text for further explanations). 
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Table 2. Pearson and Kendall correlations with or- 
dination axes. Only the strongest correlations of 21 
variables analysed are included in the table. 



Variable 


Correlation 
coefficient (r) - 
first axis 


Pesticide sum-concentration 


-0.722 


(nggDW-1) 


P-TOT(mgPl-l) 


-0.609 


Insecticide sum-concentration 


-0.567 


(nggDW-1) 


Urban area (%) 


-0.462 


Loamy soils (%) 


-0.374 


Velocity (m s“^) 


0.482 


CPOM (gm-1) 


0.440 


Sandy soils (%) 


0.374 



psyche sp. and various limnephilid species were the 
dominating caddisflies. 

Macroinvertebrate-pesticide relationships 

The number of Oligochaeta (r = 0.62; p < 0.001); 
leeches (Hirudinae, r = 0.45; p < 0.02) and Tanypod- 
inae (r = 0.55; ;? < 0.01) was positively correlated with 
pesticide sum-concentration (Fig. 3). In addition, there 
was a positive, although not significant, relationship 
between total number of macroinvertebrates per m^ 
and pesticide sum-concentration (Fig. 3). In contrast, 
the number of G. pulex showed an almost significant 
(r = 0.33; p = 0.08), negative relationship with sum- 
pesticide concentration. A similar, although weaker, 
relationship was found for evenness (Fig. 3). All 
other taxa, or diversity indices showed no or weaker 
relationships with pesticide sum-concentration. 

CCA ordination of the macroinvertebrate com- 
munity showed that the majority of streams investig- 
ated grouped relatively close together in the ordination 
space (Fig. 4). Most streams aggregated on the right 
side of the ordination space where important explanat- 
ory variables were amount of CPOM, current velocity 
at the stream bottom and the proportion of sandy soil 
in the catchment. The streams in the far right of the 
ordination were unimpacted, forest streams character- 
ised by high standing stocks of CPOM, relatively high 
current velocities and a high proportion of sandy soils 
in their catchments. On the left side of the ordina- 
tion space, streams were more scattered, but strong 



vectors, including pesticide concentration, biological 
oxygen demand (BOD5) and the proportion of loamy 
soils in the catchment explained most of the variance 
along axis 1 (Fig. 4). The strongest negative cor- 
relation with axis 1 was pesticide sum-concentration 
(r = 0.72; Table 3), i.e. the macroinvertebrate com- 
munity composition of the streams in the far left side 
of the ordination space could primarily be explained 
by pesticide sediment concentrations. Other important 
explanatory variables with strong negative correlations 
with axis 1 were total phosphorous concentration, in- 
secticide concentration and the proportion of urban 
areas and loamy soils in the catchment (Table 3). 
The strongest positive variables were current velocity 
at the stream bottom, standing stock of CPOM and 
proportion sandy soils in the catchment (Table 2). 



Discussion 

The macroinvertebrate species composition found in 
29 streams were representative of small Danish low- 
land streams (Jacobsen & Friberg, 1997). The finding 
that the number of Oligochaeta and leeches increased 
with pesticide exposure is in accordance with several 
other studies (Dieter et ak, 1996; Woin, 1998; Liess 
& Schulz, 1999). Also the decrease in the number of 
the amphipod Gammarus pulex is in line with previous 
findings (Dieter et ak, 1996; Liess & Schulz, 1999). 
The increase in the number of Tanypodinae with in- 
creasing pesticide concentrations is only somewhat in 
accordance with previous findings. The Diptera family 
Chironomidae appears to respond very differently to 
pesticide exposure. Wallace et ak (1989) found that the 
number of Chironomidae increased after a pesticide 
treatment, while Dieter et ak (1996) found a decrease. 
The tendency of decreasing evenness probably re- 
flects that especially insect species will be reduced in 
numbers or disappear with increasing pesticide con- 
centrations (e.g. Wallace et ak, 1989). However, as 
species composition varied among the streams invest- 
igated, no single species or taxa group within Insecta 
showed any clear negative relationship with pesticide 
concentration. 

Both leeches and Tanypodinae are predators and 
their increase in numbers might also reflect the in- 
crease in prey, as the total number of macroin- 
vertebrates increased with increasing pesticide con- 
centration. A previous study has suggested that the 
predator-prey relationship could be bottom-up con- 
trolled in Danish streams (Friberg, 1997). There- 




109 



fore, some of the effects found on macroinvertebrate 
community composition could be indirect, mediated 
through changed biotic interactions within the lotic 
food web (e.g. Hildrew, 1996). That pesticides in- 
fluences biotic interactions is supported by Schultz 
& Dabrowski (2001) who found that the mortality of 
mayflies increased in a synergistically manner when 
both fish and sublethal concentrations of two pesti- 
cides (azinphos-methyl and fenvalerate) were present. 

Studies on pesticide toxicity in sediments are 
scarce. It is therefore difficult to assess the direct tox- 
icity of all the sediment bound pesticides found in the 
present study. However, sediment concentrations of 
DDE, diuron and isoproturon were almost all above 
the maximum permissible concentration (MFC) for 
sediments given by Crommentuijn et al. (2000). In ad- 
dition, Lauridsen (2002) found significant indirect ef- 
fects on macroinvertebrate shredders at sediment con- 
centrations of lambda-cyhalothrin above 4 ng/g. In the 
present study we found 20 ng/g of lambda-cyhalothrin 
in sediment of one the streams investigated. 

In contrast to the previous studies on pesticide 
impacts mentioned above, our investigation covers a 
large number of stream sites. In essence, our results 
confirm what has been found in mesocosmos experi- 
ments and investigations involving only a few streams. 
Therefore, the present study shows that macroinver- 
tebrate community composition can be altered in a 
predictable way by pesticide exposure. This finding 
could be promising in the development of metrics 
targeting pesticide pollution specifically. Conclusions 
from the present study are, however, limited by the 
low number and concentration of pesticides found. 
Only a few streams are responsible for the strong 
correlation between both univariate and multivariate 
macroinvertebrate parameters and pesticide concentra- 
tions. If these streams were omitted from the analysis, 
the relationships would disappear. A similar investig- 
ation of a larger number of sites is needed to ensure a 
sufficient number of impacted streams. 

Several other factors indicating anthropogenic im- 
pacts could be related to the macroinvertebrate com- 
position as shown by the high negative correlation 
coefficients with phosphorous concentration, oxy- 
gen content as BOD5, etc. Many of the community 
changes found in the present study, e.g. the increase in 
the number of Oligochaeta, also indicate organic pol- 
lution (e.g. Rosenberg & Resh, 1993). It is not possible 
to separate the other impacts from pesticides in this 
study. However, in reality most streams are probably 
impacted by an array of factors and an experimental 



approach would be needed to single out the effects of 
pesticides on stream macroinvertebrates. 

Sediment turn-over rates are important in determ- 
ining the length of the time-integration period and 
these rates were unknown in our study. 

Average precipitation during the summer period 
prior to our sampling was higher than normal (Svend- 
sen & Ovesen, 1999) and this may have increased 
run-off in the streams investigated. Thus, sediments 
deposited in the peak spraying period in agriculture 
(May-June) could, prior to our sampling, have been 
flushed into some of the small streams included in 
our study, thereby reducing streambed sediment con- 
centrations. Consequently, a future study including a 
higher temporal resolution in sediment samples dur- 
ing the low-flow, sedimentation period would provide 
very valuable information on turn-over rates and pesti- 
cide concentrations. This information could be used 
in targeting what is the optimum period for detect- 
ing pesticides in sediment samples. We feel that the 
linkage found between sediment pesticide concentra- 
tion and macroinvertebrate community composition 
in the present study is promising, and measurements 
of sediment-bound pesticides could prove a useful 
indicator for pesticide pollution in future monitor- 
ing programmes as sediment concentrations integrate 
pesticide exposure on a longer time scale. The altern- 
ative is to take a large number of water samples to 
ensure that pesticide pulses are detected, which will 
be extremely time-consuming and costly. 

Our results suggest that Danish streams in catch- 
ments with loamy soils, high population densities and 
agricultural activities have the most disturbed com- 
munities. The direct reason for the poor ecological 
conditions in these streams can probably be related 
mainly to pesticides, various point sources and habitat 
degradation. 
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Abstract 

Groundwater is a major influence on the hydrological, chemical and thermal regime of chalk streams in the southern 
U.K. However, little is currently known about the nature of the sediment delivery system within these chalk stream 
systems, even though sediment-related problems have been increasingly cited as a cause of habitat degradation and 
of declining salmonid stocks. To address this knowledge gap, suspended sediment fluxes were monitored at 4 sites 
within the Hampshire Avon catchment between February 1999 and August 2000. Maximum suspended sediment 
concentrations ranged from nearly 45 mg 1“^ to 260 mg 1“^ Over the study period, annual suspended sediment 
loads ranged from 644 to 6215 t yr“^ and annual speciflc sediment yields ranged from 1.4 to 12.5 t km“^ yr“^ 
The results show that, relative to other U.K. rivers, the study chalk streams are characterised by low suspended 
sediment concentrations and loads and less episodic behaviour. 



Introduction 



Although groundwater exerts an important influence 
on the hydrological, chemical, thermal, geomorpho- 
logical and ecological characteristics of river systems 
(e.g. Sear et ak, 1999), there is currently a lack of 
information regarding the suspended sediment trans- 
port dynamics of groundwater-dominated rivers. The 
chalk rivers and streams of southern England are an 
example of groundwater dominated systems which 
are characterised by high hydrological, thermal and 
chemical stability, high primary and secondary pro- 
ductivity and high species diversity (Berrie, 1992; 
Sear et ak, 1999). Increased sediment loadings, result- 
ing from changing agricultural activities within these 
catchments, have frequently been cited as contributing 
to ‘chalk stream malaise’, a generic term describing 
the deterioration of the classic chalk stream habitat. 
Symptoms include degraded water quality, diminished 
aquatic plant growth, reduced reproductive success of 
salmonid populations and reduced abundance of some 
up winged fly species. While there have been several 
U.K. studies aimed at investigating various aspects of 
catchment sediment delivery systems (cf. Webb et ak. 



1995), suspended sediment transport in chalk stream 
systems has received little research attention. To ad- 
dress this knowledge gap, this paper reports the results 
of an investigation of suspended sediment transport 
within chalk stream systems. In particular, it aims to 
quantify the magnitude and duration characteristics of 
suspended sediment concentrations and loads within 
the Upper and Middle Hampshire Avon catchment. 

The study area 

The Hampshire Avon catchment (1701 km^) extends 
over parts of the counties of Hampshire, Wiltshire and 
Dorset in southern U.K. The main River Avon rises 
in the Vale of Pewsey and flows south, falling 108 m 
over 122 km before draining into the English Chan- 
nel at Christchurch. The study reported focused on 
the Rivers Avon, Wylye and Nadder situated in the 
Upper and Middle parts of the catchment (Fig. lb). 
Above the town of Fordingbridge, Cretaceous chalk 
is the main rock type (Fig. Ic) providing an import- 
ant aquifer, which supplies the Upper and Middle 
catchment streams with alkaline groundwater. Upper 
greensand and gault clay, also originating from the 
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Figure 1. The location (a), arrangement (b) and solid geology (c) of the Hampshire Avon catchment. 



Cretaceous era, underlie the chalk strata and are ex- 
posed in the Vale of Pewsey, in the Upper Wylye 
valley around Warminster and in parts of the Nadder 
catchment. A succession of strata beneath the chalk 
is exposed in the Nadder valley, including Cretaceous 
greensand and Weald clay and Jurassic Purbeck and 
Portland limestones and Kimmeridge clay. The exist- 
ence of Jurassic strata in the Nadder catchment means 
that this river cannot be considered a pure chalk stream 
system. Thin, humic, gley and brown rendzina soils 
and argillic and typical brown earths are the domin- 
ant soil types across the study area. The catchments 
investigated are predominantly rural with a popula- 
tion of approximately 200 000. Almost 80% of land 
is in agricultural use, with much of this under arable 
cultivation (cereals, oil seed rape, short term grass, 
set aside). Approximately 30% of agricultural land is 
used for rough grazing, primarily for dairy and beef 
cattle with relatively few sheep. Large areas of Salis- 
bury Plain are also used for military training. The 
study rivers are particularly valued for their Ranun- 
culus spp. (Water crowfoot) habitats and associated 



macroinvertebrate fauna, which are recognised as be- 
ing of high nature conservation importance and are 
scheduled as a priority habitat under the EU Habitats 
Directive (Wright et at., 2002). The rivers represent an 
important salmonid fishery, although Atlantic salmon 
(Salmo salar) numbers have declined markedly over 
recent decades. 

The U.K. Centre for Ecology and Hydrology Base- 
flow Index (BEI) is assumed to be an index of the 
relative proportions of baseflow (from groundwater) 
and direct runoff (Sear et at., 1999). The BEI val- 
ues for the study rivers at the South Newton gauging 
station on the River Wylye and at the Amesbury and 
Eordingbridge gauging stations on the River Avon, in- 
dicate that groundwater contributes ca. 90% of the 
total flow (CEH, 1999). Groundwater contributions 
are estimated to be slightly less important on the River 
Nadder, contributing ca. 73% of the flow at Wilton. 
The mean (1965-2000) annual discharges at Eording- 
bridge, South Newton, Amesbury, and Wilton gauging 
stations are 15.2, 4.0, 3.4, and 2.8 m^ s“^ respect- 
ively. Eor the same gauging stations, the discharges 
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exceeded 5% of time are 40, 11, 8 and 7 
respectively, and the relatively low range of flows 
highlight the importance of the dominance of the 
groundwater supply. The mean annual precipitation 
(1960-2002) for the study area is 827 mm. Monthly 
averages indicate that the lowest rainfall tends to occur 
in summer (average July rainfall = 59 mm) and that the 
higher rainfall tends to occur in the winter (average 
January rainfall = 76 mm), although actual monthly 
figures greatly vary. 



Methodology 

To assemble detailed suspended sediment flux data 
for the study catchment, turbidity monitoring equip- 
ment was installed at four discharge gauging sta- 
tions within the Hampshire Avon catchment (Fig. lb), 
between February 1999 and August 2000. At each 
gauging station, turbidity was continuously recor- 
ded in situ using an absorptiometric turbidity sensor 
(Partech IR40) linked to a Campbell CRIO data log- 
ger powered by a 12V battery. Turbidity sensors were 
cleaned on a weekly basis to minimise the problems 
associated lens obscuration, which can result from 
biotic growth and debris accumulation. Where ob- 
struction of the turbidity sensor lens was known to 
produce erroneous turbidity peaks, interpolation and 
manual manipulation was used to correct the data 
(cf. Wass and Leeks, 1999). To convert turbidity 
measurements (FTUs) into suspended sediment con- 
centrations, a calibration relating suspended sediment 
concentration to the measured turbidity was required. 
A US DH48 suspended sediment sampler was used 
to collect width- and depth-integrated suspended sedi- 
ment samples from bridge locations close to each of 
the monitoring stations over a range of flow condi- 
tions and turbidity levels throughout the study period. 
These samples were filtered to determine the suspen- 
ded sediment concentration, and the resulting values 
were used to generate a linear relationship between 
the turbidity and suspended sediment concentration 
data for each monitoring site. The suspended sedi- 
ment concentration-turbidity relationships were fitted 
by least squares and were characterised by coefficients 
of determination (r^) of >0.9. 

Suspended sediment loads for each site were cal- 
culated by integrating 15 min values of suspended 
sediment concentration derived from the turbidity re- 
cords with the 15 min discharge records from the 
gauging stations i.e. 



L = 

where L is the load (g), C/ is the suspended sediment 
concentration (mg 1“^) and Qi is the flow (m^ s“^) 
summed over the relevant period of record, n. 



Results and discussion 

The magnitude and duration of suspended sediment 
concentrations 

Figure 2 presents values of hourly average discharge 
and suspended sediment concentration for the study 
period. The influence of groundwater in the study 
rivers is obvious, with storm events being represented 
by relatively small discharge fluctuations superim- 
posed on the typical stable but seasonal hydrological 
flow regime. Elevated suspended sediment concentra- 
tions are associated with storms, as sediment gener- 
ation is essentially limited to these events. Suspended 
sediment concentrations (15-min values) remained be- 
low 5 mg 1“^ at all sites for at least 50% of the study 
period. Suspended sediment concentrations were low- 
est at South Newton on the River Wylye, exceeding 
18 mg 1“^ for only 1% of the study period and 
reaching a maximum of only 45 mg 1“^. Conversely, 
concentrations were greatest on the River Nadder at 
Wilton, exceeding 160 mg 1“^ for 1% of the study 
period and reaching a maximum of 258 mg 1“^ At 
the Amesbury and Fordingbridge sites on the River 
Avon respectively, suspended sediment concentrations 
exceeded 60 and 45 mg 1“^ for 1% of the study period 
and reached maxima of 127 and 232 mg 1“^ respect- 
ively. Maximum suspended sediment concentrations 
at all four sites were recorded during a large magnitude 
storm in December 1999, which had a 1 in 9 year 
return period. 

The suspended sediment concentrations docu- 
mented in this and other studies (e.g. Acornley & 
Sear, 1999; Walling & Amos, 1999), indicate that 
storm-period suspended sediment concentrations in 
U.K. groundwater dominated chalk stream systems 
are an order of magnitude lower than those of many 
other U.K. lowland river systems (cf. Walling & Webb, 
1987; Wass & Leeks, 1999). Low suspended sedi- 
ment concentrations within chalk stream systems res- 
ult from the permeable geology, which promotes high 
infiltration rates, limits the role of surface runoff and 
associated sediment transfer, and causes the dilution of 
suspended sediment concentrations by large inputs of 
sediment-free spring water. Maximum dilution occurs 
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Figure 2. Hourly average suspended sediment concentrations (solid) and discharge (line) for each monitoring station. 



during winter and spring months, when groundwater 
contributions to streamflow are greatest. Conversely, 
during the summer and autumn periods, groundwa- 
ter contributions are much lower, so that dilution is 
considerably reduced. Slightly enhanced suspended 
sediment concentrations on the River Nadder result 
from the greater importance of impermeable Juras- 
sic clays within this catchment. While the drainage 
density in the Nadder catchment above Wilton is ca. 
500 m km“^, the equivalent value for the Wylye catch- 
ment above South Newton is only ca. 300 m km“^, 
reflecting the greater importance of surface runoff and 
the more efficient sediment delivery system in the 
Nadder catchment. 

The magnitude and duration of suspended sed- 
iment concentrations at the study sites during the 
study period did not approach levels that are usu- 
ally associated with lethal and sub-lethal effects (e.g. 
physiological stress, reduced feeding and growth, dis- 
placement, immune system responses) on salmonids 
(cf. Servizi & Martens, 1987; Newcombe & Jenson, 
1996). However, the extent to which suspended sedi- 



ment concentrations have increased in the study rivers 
as a result of agricultural intensification is unknown. 
The sensitivity of chalk stream habitats to small in- 
creases in the level and duration of suspended sedi- 
ment concentrations is currently uncertain. High water 
clarity contributes to the high autochthonous organic 
productivity associated with these rivers and small in- 
creases in turbidity (<6 NTU), within the range of 
values observed in this study, have been shown to 
cause reductions in primary and secondary productiv- 
ity in freshwater systems (cf. Henley et al., 2000). 
Suspended sediment concentrations do not provide a 
direct indication of sedimentation of the channel bed, 
which is dependent on many factors. For instance, 
Acornley & Sear (1999) suggest that high levels of 
fine sediment in salmonid spawning gravels in chalk 
streams, can be attributed to the absence of bed mobil- 
ising flows in these low energy systems. Abstraction 
of groundwater within U.K. chalk stream catchments, 
which has been widely cited as a cause of reduced 
flows, riverbed sedimentation and deterioration of the 
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Table 1. Suspended sediment load and yield data for the study period. 



River 


Site 


Drainage area 

(W) 


Study period load 
(t) 


Annual load 
(t year“^) 


Annual yield 

(t km“2 yr-1) 


Wylye 


South Newton 


445.4 


935 


644 


1.4 


Nadder 


Wilton 


220.6 


3737 


2751 


12.5 


Avon 


Amesbury 


323.7 


1959 


1457 


4.5 


Avon 


Fordingbridge 


1477.0 


8063 


6215 


4.2 



HR.Nadder, Wilton 
IR.Avon, Fordingbridge 
I Rainfall 



H R.Wylye, S. Newton 
■ Rj^von, Amesbury 
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Figure 3. Monthly suspended sediment loads for each monitoring site over the study period. 



chalk stream habitat (e.g. Strevens, 1999; Petts et al., 
1999). 

Suspended sediment loads and yields 

Suspended sediment load and yield data for the study 
period are presented in Figure 3 and Table 1. The 
annual suspended sediment loads for each study site 
has been estimated by calculating the mean suspen- 
ded sediment load for the eight 12 month periods 
(February 1999- August 2000). The annual suspended 
sediment load was greatest (6215 t) at Fordingbridge 
on the River Avon, principally reflecting the cumulat- 
ive loads of the Upper River Avon and Rivers Wylye, 
Nadder, Bourne and Ebble. The annual suspended 
sediment load at South Newton on the River Wylye 
was 644 t, compared to 1457 t for the River Avon at 
Amesbury and 2751 1 for the River Nadder at Wilton. 
This suggests that over the study period, as much 
as 44% of the suspended sediment load at Fording- 
bridge originated from the Nadder catchment, which 
represents only 14% of the upstream drainage area. 
Although drainage area is an important control on sus- 



pended sediment loads in fluvial systems, the relative 
magnitude of the loads for the study catchments em- 
phasises the importance of geology as a control on 
sediment transfer. 

Annual specific suspended sediment yields for the 
South Newton, Wilton, Amesbury and Fordingbridge 
sites were 1.4, 12.5, 4.5 and 4.2 1 km“^ yr“^ respect- 
ively. The suspended sediment yields for the study 
catchments are low in comparison with other U.K. 
catchments. Walling & Webb (1987) report that UK 
suspended sediment yields, which are low by world 
standards, tend to range from <1 to 500 t km“^ yr“^ 
but are typically around 50 1 km“^ yr“^ They further 
suggest that low suspended sediment yields of <25 
t km“^ yr“^ are generally associated with catchments 
with low annual precipitation and low relief, or large 
catchments where the sediment delivery ratios are low. 
Very low yields of less than 5 t km“^ yr“^ in small 
upland catchments in central Wales and the Mendips, 
southwest U.K., were accounted for by resistant bed- 
rock and undisturbed conditions. In combination with 
the study by Walling & Amos (1999), which reported 
yields of 1 1 1 km“^ yr“^ for the River Piddle, a south- 
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ern U.K. chalk stream, the results in this study provide 
evidence of another type of U.K. river system, where 
despite large disturbance by agricultural activity, sus- 
pended sediment loads can be considered extremely 
low. 

Figure 3 illustrates the wide variation in monthly 
suspended sediment loads during the study period. 
For example, while almost 2038 tonnes of suspended 
sediment passed through the Fordingbridge gauging 
station on the River Avon in December 1999, the 
equivalent value was only 53.5 tonnes during low 
flows in May 1999. At each of the four sites, loads ten- 
ded to be greatest between December 1999 and May 
2000 and at a minimum between May and Novem- 
ber 1999 and June and August 2000. Maximum loads 
correspond to a period of high rainfall and ground- 
water supported high discharge. Under these condi- 
tions the accessibility of distal sediment sources is 
greater. Rising water tables cause ephemeral spring 
fed streams to flow in the previously dry valleys of the 
chalk uplands, increasing both the contributing source 
area and the drainage density and thus the efficiency 
of the sediment delivery system. 

At South Newton, Amesbury and Fordingbridge, 
50% of the sediment load was transported during 10% 
of the time and 90% of the sediment load was trans- 
ported during between 46% and 56% of the time. As 
expected the River Nadder was more ‘flashy’ with 
50% of the suspended sediment load being transported 
during 4% of the time and 90% in 29% of the time. 
To put these values into perspective, Wass & Leeks 
(1999) found that 90% of the suspended sediment load 
in the River Swale and River Trent, Yorkshire, U.K., 
was transported in 1 1% and 25% of time, respectively. 
Walling & Webb (1987) reported that 90% of the sed- 
iment load in the River Greedy, Devon, U.K., was 
transported in only 7% of time. Relative to these and 
other U.K. river systems, chalk streams are less epis- 
odic and this contrast can be attributed to the greater 
role of groundwater in the study catchment. 



Perspective 

The findings presented provide a valuable insight 
into suspended sediment fluxes for U.K. groundwater- 
dominated chalk stream systems. The study rivers 
can be considered somewhat anomalous in terms of 
sediment transport in British rivers, since both sus- 
pended sediment concentrations and loads tend to be 
at least an order of magnitude less than for most 



other U.K. river systems. This is despite the extens- 
ive area of intensive arable agriculture within these 
catchments. The study rivers, which are characterised 
by a stable but seasonal flow regime, are less episodic 
than most other U.K. river systems and periods of sig- 
nificant transport extended over longer time periods. 
The low magnitude of suspended sediment concen- 
trations, loads and yields and the relative stability of 
the sediment delivery system within the study catch- 
ment can be attributed to the low drainage densities, 
the limited role of surface runoff processes and the 
seasonally variable groundwater inputs that are asso- 
ciated with the chalk geology. Groundwater inputs 
are important because they dilute suspended sediment 
concentrations and maintain flows during dry peri- 
ods. Modification to the groundwater regime within 
the study catchments, for instance through abstrac- 
tion, is likely to influence suspended sediment con- 
centrations as well as sediment transport, storage and 
remobilisation within chalk stream habitats. 

The magnitude and duration of suspended sedi- 
ment concentrations did not approach levels that are 
usually considered detrimental to fish, although it is 
important recognise that the sensitivity of chalk stream 
ecosystems to small changes in suspended sediment 
flux remains a key uncertainty. Further research is re- 
quired to provide an improved understanding of the 
relationships between suspended sediment dynamics, 
aquatic ecology, and groundwater fluxes within chalk 
stream systems, with particular emphasis on the poten- 
tial impact of small magnitude increases in suspended 
sediment concentrations on chalk stream habitat. 
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Abstract 

Data obtained from a small (150 ha) experimental catchment, Hereford U.K., have shown that land drains contrib- 
uted >50% of the total catchment suspended sediment (SS) yield over a two year period. In one of the monitored 
drains, annual sediment yields were 964 and 978 kg ha“^ Particulate phosphorus (PP) contributed >60% of total 
phosphorus lost through the drains and at least 73% of the total drain load came from topsoil. A major question that 
was not answered by the monitoring programme was whether SS and PP loads had increased since the drains had 
been installed between the 1960s and 1980s. To address this problem, a sediment yield record was reconstructed 
from the Kyre Pool catchment in Worcestershire that has a similar drainage history and soil types. Reservoir 
sediments were dated using the ^^*^Pb crs method and results suggest a fourfold increase in SS yield (300-1170 
kg ha“^ yr“^) and PP loads (0.19-0.79 kg ha“^ yr“^) since the 1960s. The most recent SS and PP loads are 
comparable to those obtained from catchment monitoring. The high lake sediment ^^^Cs inventory suggests a 
significant influx of eroded topsoil and ^^^Cs activities in the most recent lake sediments are comparable to those 
of monitored land drains, supporting the hypothesis that land drainage has had a major impact on SS and PP yields 
and pathways. 



Introduction 

As EU legislation has focused on the control of point 
source contamination in rivers over the last decade, 
the relative importance of diffuse inputs has increased 
(cf. Foster et ak, 1996, 1998a). In 1997, a series of 
experiments were established to investigate suspended 
sediment (SS) and particulate-phosphorus (PP) loss 
from agricultural land. The study focused on the po- 
tential for sub-surface land drains to contribute SS and 
PP to receiving rivers. The project established mon- 
itoring in the 150 ha Rosemaund experimental catch- 
ment in Herefordshire, and in the Smisby catchment, 
Derbyshire, U.K. (Fig. 1 A, B, Table 1 A). 

Results from these experiments, which were based 
on both catchment monitoring and source fingerprint- 



ing, showed that land drains at Rosemaund contributed 
>50% of the catchment SS load and that in one of 
the three monitored land drains, SS loads approached 
1000 kg ha“^ yr“^ In all three monitored drains at 
Rosemaund, more than 73% of the SS came from top- 
soil (Chapman, 2001; Chapman et ak, 2001; Russell 
et ak, 2001; Walling et ak, 2002; Table 2A). The con- 
tribution from land drains to the catchment SS yield 
at Smisby was lower (25-30%) than at Rosemaund 
although the SS load from a single monitored land 
drain also approached 1000 kg ha“^ yr“^ (Table 2A). 
Over 85% of the SS exported from the drain de- 
rived from topsoil (Chapman, 2001; Chapman et ak, 
2001). Foads obtained from land drain monitoring 
in Herefordshire and Derbyshire are about an order 
of magnitude higher than other published studies of 
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Figure 1. Location of the sites referred to in the text (a); monitored land drains and streams of the Rosemaund catchment (b), the Kyre Pool 
catchment (c) and the bathymetry and coring locations in Kyre Pool (d). 



SS and PP export through land drains (Table 2A, B). 
These high losses were attributed to the characteristics 
of the catchment soils, which have a high cracking 
potential at times of high moisture deficit (cf. Ragg 
et at., 1984; Hodgkinson & Withers, 1997). 

A major question that was not answered by the 
monitoring programme was whether SS and PP loads 
had increased since the drains had been installed 



between the 1960s and 1980s. With improved drain- 
age it was hypothesised that surface runoff volumes 
would decrease and that the overall effect would be 
to reduce erosion rates and sediment yields. Given the 
rapid expansion of land drainage throughout the U.K., 
especially in the 1970s and 1980s (Robinson & Arm- 
strong, 1988), and the soils in the region which lend 
themselves to under drainage, it was impossible to find 
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Table 1. Rosemaund (a) & Kyre Pool (b) Catchment Summary Information 
(a) Rosemaund Catchment (U.K. Ordnance Survey Grid Reference: SO 565 480) 



Catchment Area (ha) 


150 


Contemporary Land Use (%) 




Maximum Altitude (m) 


115 


Arable 


62.5 


Minimum Altitude (m) 


76 


Pasture 


17.1 


Relative Relief (m) 


39 


Hop Yards 


15.7 


Mean Annual Rainfall (1990-98) (mm) 


648 


Woodland 


4.7 






Soil Types (%)** 








Bromyard & Bromyard 1 


71.7 






Compton 


5 






Middleton 


23.3 


(b) Kyre Pool Catchment (U.K. Ordnance Survey Grid Reference: SO 633 648) 


Year Impounded 


1584 


Mean Annual Rainfall (1970-1999) (mm) 


762 


Lake Area (ha)* 


5.34 


Contemporary Land Use (%) 




Catchment Area (ha) 


273 


Pasture 


49 


Lake: Catchment Area Ratio 


52:1 


Woodland 


33 


Maximum Altitude (m) 


262 


Arable 


18 


Minimum Altitude (m) 


90 


Soil Types (%)** 




Relative Relief (m) 


172 


Bromyard 


95 


Maximum Water Depth (m) 


2.5 


Middleton & Erdiston 


5 


Lake Volume (m^) 


133 000 







* Based on the open water area plotted on the most recent U.K. Ordnance Survey Map. 
** Based on Soil Survey of England and Wales classification (Ragg et al., 1984). 



a catchment in the area with similar soils and land use 
but no drains. As an alternative approach, a small lake- 
catchment (Kyre Pool), some 15 km to the north-east 
of Rosemaund, was selected in order to use a range 
of palaeoenvironmental reconstruction techniques to 
establish whether SS and PP yields had increased in 
the latter half of the 20th Century possibly as a result 
of installing land drains. 



The Kyre Pool catchment 

The Kyre Pool catchment (Fig. lA, C; Table IB) was 
selected on the basis of its similarity in soil type 
and recent drainage history to the Rosemaund catch- 
ment. The catchment is underlain by late Silurian red 
mudstones and sandstones that are partly overlain by 
Devonian fine-grained sandstones and siltstones. The 
latter form a prominent escarpment in the east (Fig. 
1C). Soils are of a fine silty texture, exhibit significant 
cracking at times of water stress, and are dominated 
by one of the soil series (Bromyard) known to have 
made a significant contribution to drainflow losses at 
Rosemaund. 



Kyre Pool and its catchment have a well- 
documented history. Between 1840 and 1902, for 
example, large areas of the catchment adjacent to the 
inflowing streams and reservoir were planted with oak 
woodland. During the agricultural revolution of the 
early 19th Century, >50% of the catchment was ar- 
able and by 1839 even the steepest valley-side slopes 
were cultivated. However, between the late 19th Cen- 
tury agricultural decline and 1935, most land in the 
catchment had reverted to pasture or had been planted 
with oak woodland, although a short period of ar- 
able production occurred during the Second World 
War. Contemporary land use shows a catchment dom- 
inated by pasture and woodland. The small area of 
cereals is concentrated on the flatter interfluves and 
pasture mostly occupies the steeper valley side slopes 
(Table IB). While the exact distribution of land drain- 
age is not known, interviews with local farmers and 
existing records suggest that drains were installed, of- 
ten with Government grant aid, between the 1960s and 
early 1980s (c.f. Robinson & Armstrong, 1988). This 
is consistent with known drainage improvements to 
rivers in the area undertaken by the local River Drain- 
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Table 2. (A) Comparison of published studies of Particulate Phosphorus (PP) and Suspended Sediment (SS) export from land drains with those 
of the Rosemaund and Smisby studies 



PP 

(kg Pha“^ yr“l 


SS 

) (kg ha“^ yr“^ 


Location Source 

) 




1.65 




ADAS Rosemaund, U.K. (Foxbridge Tile Drain 
(1994-95) (5.9 ha) 


Hodgkinson et al. (1998) 


0.5-0.58 




Dumfries, Scotland. Grass & grass with clover 
(1995-56) 


Hooda et al. (1999) 


0.04-0.18 




Denmark, Tile drain output from arable fields 
(1993-94) 


Grant et al. (1996) 


0.36 


407 


Canada. Tile drain output from arable fields 
(1975-77) 


Gulley & Bolton 
(1993a&b) 


0.08-0.12 


19.4-21.3 


Gelbaek Catchment, Denmark (1993-94) 


Kronvang et al. (1997) 


0.02-0.09 


25-211 


Sweden Arable sites (1992-98) 


Ulen & Persson (1999) 


1.05-1.09 


964-978 


Foxbridge drain (1997-99) (5.9 ha) 


This study 


0.04-0.95 


70-626 


Moorfield Drain (1997-99) (6.3 ha) 


This study 


0.51-0.91 


270-516 


Longlands Drain (1997-99) (1.9 ha) 


This study 


1.91 


980 


New Cliftonthorpe Drain, Smisby. (1998-99) (0.7 ha) 


This study 



(B) Annual Suspended Sediment and Particulate Phosphorus exports from the Jubilee and Belmont catchments, Rosemaund, Herefordshire and 
Smisby, Derbyshire (see Fig. 1 for locations) 





Sediment Yield (kg ha ^ ) 
1997-98 1998-99 


Particulate-P load 

(kgPha“l) 

1997-98 


1998-99 


Rosemaund Rainfall (mm) 


(764) 


(717) 






Belmont (150 ha) 


802 


837 


2.18 


1.40 


Jubilee (31 ha) 


1810 


811 


2.79 


1.26 


Smisby Rainfall (mm) 




(579) 


(963) 




New Cliftonthorpe (90 ha) 


60 


1224 


0.14 


2.82 



age Boards that may have begun as early as the late 
1950s (U.K. Environment Agency, pers. comm.). 

The reservoir was constructed in 1584 but has re- 
duced significantly in open water area over the last 200 
years. The Kyre Magna Tithe plan of 1 840 shows open 
water extending for a further ca. 250m upstream of 
both tributary inflows relative to the present day. Both 
limbs of the lake became in-filled to form wetlands, 
with clearly defined channels, by the time the Ord- 
nance Survey map of 1902 was published. It seems 
likely from historical land management information 
that this infilling was the result of a major tree plant- 
ing campaign around the lake margins that began in 
the 1860s. As a consequence, the data reported in 
Table 2B, and the sediment yield calculations given 
below, were based on the most recently surveyed open 
water area. 



Sampling, laboratory analysis and dating 

While the lake is known to have accumulated ca. 4 m 
of sediment since 1584, this paper will focus on the 
most recent sediments retrieved in July 2000 using a 
1.5 m Mackereth-type corer (see Figure ID for loca- 
tions). Lake sediments were extruded at 2 cm intervals 
and oven dried at 40 °C. Loss on ignition (LOI%) 
and diatom silica content were determined by methods 
described by Foster et al. (1985). Particle size was 
measured in a Malvern Instruments Masters izer on 
hydrogen-peroxide treated and chemically dispersed 
sub-samples. ^^^Cs, ^^^Ra (^^"^Pb) and a range 

of other gamma-emitting radionuclides were meas- 
ured using either a Eurisys or an EG&G hyper-pure 
germanium well detector housed in a 12cm thick lead 
shield with a Cu:Cd liner. Count times were typically 
160 000 s. Further details of the measurement systems 
are to be found in Foster & Lees (1999a) and Foster 
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et al. (2002). PP concentrations were determined after 
microwave digestion in Nitric and Perchloric acid by 
ICP (Foster & Lees, 1999b). A range of mineral mag- 
netic properties were also measured on untreated 10 
ml volume sub-samples (c.f. Foster et al., 1998b). 

The ^^^Cs profile appears to show evidence for 
the first fallout of weapons ^^^Cs in the Northern 
Hemisphere (1954) at a depth of 64 cm (Fig. 2A) 
and the total inventory for the core is 4533 Bq m“^. 
This is higher than reference inventories for the region 
(Walling et al. 2002) with a mean of 2657 Bq m~^ (s.e. 
149.1, n=17) and a median of 2628 Bq m~^ (corrected 
to 2000 A.D.). The relatively high standard error (s.e.) 
of the reference inventory relates to the fact that, in 
the absence of undisturbed sites, samples were taken 
from grassland that had occasionally been ploughed 
and re-seeded (Walling et al., 2002). From the lake 
survey there was no evidence to suggest that the high 
lake inventory was a function of sediment focusing. 
Adjusting for a sedimentation area of ca. 95% of the 
open water area gives a corrected lake sediment ^^^Cs 
inventory of ca. 4307 Bq m~^ which is ca. 60% higher 
than the reference inventory. Pre-Chernobyl reference 
inventories for two soil cores collected in the area in 
1977 by Cawse & Horrill (1986) (corrected to 2000) 
were 1386 and 1322 Bq m~^. Assuming that the most 
recent reference inventory (Walling et al.,2002) incor- 
porates the Chernobyl input in addition to the earlier 
bomb derived ^^^Cs, and that the period between 1977 
and 1986 had no significant input of bomb-derived 
^^^Cs, the contribution from the Chernobyl accident 
increased ^^^Cs fallout locally by ca. 49% 

The dating calculation (Appleby & Old- 

field, 1978) was used to establish a chronology (back 
to 1922) for the main core and is discussed in detail 
by Foster et al. (2002). Both the ^^^Cs and es- 
timates of 1954 coincide at 64 cm depth (Fig. 2A). 
However, there is a significant difference between the 
apparent 1963 and 1986 ^^^Cs peaks and the dates pre- 
dicted by the ^^*^Pb crs calculation. Foster et al. (2002) 
have suggested that the ^^^Cs peaks are displaced up- 
core relative to the ^^*^Pb estimates by as much as 13 
years and 8 years for 1963 and 1986, respectively. The 
apparent up-core displacement is interpreted in part 
as a consequence of land drain installation that has 
improved the connectivity between surface soils and 
local streams. The enhancement of ^^^Cs activities in 
the more recently deposited lake sediments is also, in 
part, a particle size enrichment effect since land drain 
sediments are typically finer than river sediments (c.f. 



Chapman et al., 2001) and the lake sediments show 
evidence of fining in the upper 50-60 cm. 

^^^Cs activities in the lake sediments peak at >35 
Bq kg“^ (between 34 and 38 cm depth), and the aver- 
age activity of the upper 6 cm is 15.9 +/- 0.7 (n = 3) 
Bq kg“^ ^^^Cs activities in sediments collected from 
the three land drains monitored at Rosemaund (Fig. 1 
B) were 10 -h/- 3.7 Bqkg“i (n = 61), 17-h/-11.8Bq 
kg“^ (n = 9) and 13 +/- 2.9 Bq kg“^ (n = 8) for the 
Foxbridge, Longlands and Moorfield drains respect- 
ively. Concentrations in the most recent lake sediments 
appear to be consistent with the activities recorded 
in land drain sediments over the 1997-1999 mon- 
itoring period. Direct comparison between the land 
drain data from Rosemaund and the sediment record 
at Kyre must be treated with some caution, however, 
as the monitored drains all underlie arable fields and 
the Kyre Pool catchment is dominated by pasture. 



Suspended sediment and particulate phosphorus 
yields 

Assuming that ^^*^Pb provides the most robust chro- 
nology, a first approximation of total and minerogenic 
sediment yields (corrected for organic matter and di- 
atom silica content using methods described by Foster 
et al., 1985) were derived using the ^^*^Pb crs sedi- 
ment accumulation rates (Fig. 2B), mineral magnetic 
correlation between the dated and other lake sediment 
cores to determine mean sedimentation rates, and a 
sedimentation area estimated to be ca. 95% of the open 
water area. Brune (1954) trap efficiencies were used 
for each time period to correct for outflow losses. PP 
load was computed as the product of mean PP concen- 
tration per time zone and the SS load. The resultant SS 
and PP load history is plotted in Figure 2C. 

Between the 1960s and 1970s, SS and PP yields 
both increase dramatically by a factor of ca. 4 over 
yields reconstructed for the earlier part of the 20th 
Century. SS loads average ca. 900 kg ha“^ yr“^ and 
PP loads average ca. 0.69 kg P ha“^ yr“^ over the 
last decade at Kyre Pool. Comparison between these 
data and the Belmont gauging station at Rosemaund, 
draining a slightly larger catchment area, appear to 
be consistent although PP loads at Kyre Pool are ca. 
50% lower. This may be due to differences in fertiliser 
usage and / or soil P concentrations. However, a full 
survey of soil P has been delayed by the local Foot 
and Mouth outbreak. Over the last 20 years the evid- 
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Figure 2. Comparison between the crs age and the apparent location of event horizons (a), sediment accumulation rates in core 
MC (Fig. 1.) derived from the ^^^Pb crs calculation (b) and the reconstructed sediment and phosphorus yields over the 20th Century (c). 



ence suggests that both SS and PP yields have declined 
slightly at Kyre Pool from a peak level in the 1970s. 



Discussion and conclusion 

The impact of land drainage on river flows is con- 
troversial. Robinson (1990), in a review of UK land 
drainage, concluded that the drainage of permeable 
soils tended to reduce the time-to-peak, and increase 
the magnitude of, medium and large river floods. How- 
ever, long term analysis of river flows is confounded 



by changes in the pattern of rainfall delivery since the 
mid 1960s in the English Midlands. The magnitude 
and frequency of daily events exceeding 25 mm has 
been observed to increase since the mid 1960s (Foster, 
1995; Foster & Fees, In Press); a period that coincides 
with the expansion of agricultural land drainage. 

The evidence presented above shows that SS and 
PP yields have increased by a factor of ca. 4 in 
the 1960s compared with those estimated for the earlier 
part of the 20th Century and have declined slightly 
since ca. 1980. This decrease may reflect the slow 
blockage of drains over time and is substantially dif- 
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ferent from sediment yields reconstructed for other 
lowland agricultural catchments in the U.K. over sim- 
ilar timescales (cf. Foster & Walling, 1994; Foster, 
1995; Foster & Lees, 1999a; Foster & Lees, In Press). 
In these studies, yields generally increased from the 
late 1950s / early 1960s over early 20th Century yields 
but have generally remained high since the late 1960s 
/ early 1970s. A variety of land use, land management 
and climate change factors were related to increases in 
SS and PP yields in these studies, including hedgerow 
removal, increased animal stocking density, changes 
in the timing and methods of cereal cultivation and 
changes in the magnitude and frequency of rainfall. 
However, this is the first time in which land drain- 
age has been suggested to be a major contributor to 
increases in late 20th Century sediment yields and 
earlier speculations on the cause of high late 20th 
Century sediment yields may need revision in light 
of the apparent significance of land drainage in this 
catchment and the widespread distribution of drainage 
schemes installed across England and Wales over the 
last ca. 35 years. 
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Abstract 

GIS-based modeling is an effective approach for reflecting spatially- varied complexities in watershed systems. In 
this study, a GIS -aided distributive hydrological model was developed to simulate runoff and sediment transport 
in a loess-plateau context with semi-arid climate, sparse vegetation, and serious soil erosion. The model was then 
applied to a case study in the Malian River Basin, which is one of the largest catchments in the middle reach of 
the Yellow River. Based on the GIS technique, the DEM of the study basin was successfully used to delineate 
the stream network and extract information of catchment characteristics. The results show satisfactory accuracy 
for runoff simulation. Especially, the integrated soil-erosion and hydrological models can be used for simulating 
both runoff and sediment loads, which provide a useful decision-support tool for water resources management and 
pollution control. This study is an attempt to develop a distributed rainfall-runoff model for river basins in the 
loess plateau region. The developed model can also be extended to larger basins. Eurther works of field survey 
and investigation would be helpful for better calibrating critical parameters and thus improving performance of the 
developed model. 



Introduction 

Spatial characteristic of land use, vegetative cover, 
soil, topography, and precipitation of concerned catch- 
ment requires a tool that can effectively manage spatial 
data. Spatial modeling with GIS is a proven method 
that has been well documented in many previous stud- 
ies (Griner, 1993; Huang et ak, 1999; Liu et ak, 2001). 
With application of GIS and RS techniques to water 
resources management, more and more researchers are 
involved in developing distributed hydrological model 
to simulate runoff and stream flow in watersheds. 
There were several distributed hydrological mod- 
els developed by researchers for different purposes, 
such as the SHE, TOPMODEL, WATELOOD, and 
IISDHM (Jha et ak, 1997). There were also distributed 
models for specific catchments, such as those of Kuch- 
ment et ak (1996), Braud et ak (1999), Kuchment et 



ak (2000), and Wooldridge et ak (2001). Eurther, the 
capability to implement models in a GIS environment 
has spurred a fast increase in the number of model- 
ing works used to predict soil loss, sediment yield, 
nutrient loss, and pollutant transport in watersheds. 
Examples of such modeling efforts include Agricul- 
tural Nonpoint Source Model (AGNPS), Soil and Wa- 
ter Assessment Tool (SWAT), Areal Nonpoint Source 
Watershed Response Simulation (ANSWERS), and 
Hydrologic Simulation Program-Eortran (HSPE) (Re- 
werts & Engel, 1991; Al-Abed & Whiteley, 1995; 
Liao & Tim, 1997; Huang & Xia, 2001). 

This study is an extension of the previous works, 
emphasizing on the development of a GIS-based dis- 
tributed model in a loess-plateau context with semi- 
arid climate, sparse vegetation, and serious soil 
erosion. The concerned area is the Malian River Basin, 
which is located in the loess plateau and is one of the 
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largest catchments in the middle reach of the Yellow 
River. Development of a distributed model to simu- 
late runoff, sediment generation, and stream flow is 
crucial for providing effective decision support for 
water resources management and pollution control. 
However, characteristics of the loess plateau are sig- 
nificantly different from those in the other parts of the 
world. No existing model is suitable for simulating 
rainfall-runoff and sediment generation in such a re- 
gion. Therefore, based on the previous research works, 
a GIS -aided distributed model will be developed for 
the study basin. 



Methodology 

DEM and stream network delineation 

A GIS is used to sub-divide the study area into small 
sub-catchment units based on DEM information. A 
series of operations are made for pit removal, flow- 
direction assignment, flow-accumulation determina- 
tion, and stream-network delineation (Huang & Xia, 
2001 ). 

Slope and aspect 

Slope and aspect are two basic topographic factors. 
The computation of slope/aspect for each surface cell 
was made from a number of neighboring elevation val- 
ues in four or eight adjacent windows, but was used as 
if it represents the surface angles for only the cent- 
ral cell. The most common algorithms use either four 
or eight of the neighbors in a three by three window 
centered on the cell in question. This study used a 
modified version of the Sharpnack and Akin’s method 
using unequal weights for the closer elevation values 
(Horn, 1980) to calculate the slope and aspect of each 
cell. 

Numeric matrixes of basic hydrologic factors 
Pits in digital elevation data are defined as grid ele- 
ments or sets of grid elements surrounded by higher 
terrains that, in terms of the DEM, do not drain. In 
this study, the algorithm of Li & Zhu (2000) is used to 
remove the pits of DEM for the highland and ravine to- 
pography in the loess-plateau region without changing 
the original topography. 

Elow direction decides the direction of surface 
runoff and water redistribution among network cells. 
The determination of flow direction is a key process 



of distributed hydrological model based on DEM. In 
this study, the multi-flow-direction method is used 
to allocate flows from higher-elevation cells to the 
neighbouring lower ones according to the gradient 
ratio. 

The matrix of flow accumulation contains the 
amount of accumulated flow in each cell. Assume that 
each grid cell of DEM has a unit amount of flow. 
Thus, water flows from higher-elevation cells to lower- 
elevation ones. Elow accumulation matrix would be 
generated through calculating the total flow of the cells 
according to the flow direction matrix. 



Stream network delineation 

Stream networks are delineated by setting a threshold 
which is essentially the minimum drainage area that 
can support a channel element. Drainage network is 
generated by connecting all grid cells in which the 
drainage area is equal to or greater than the threshold. 
The outlet of the mainstream channel lies on the 
boundary of the river basin with the largest drainage 
area. The outlet of the mainstream channel can be 
firstly determined. Then, along the anti-direction of 
flow, comparisons of the accumulated flows of neigh- 
bor cells in the outlet can be made. The cell with 
the largest accumulated flow is the node of the main- 
stream channel. The mainstream channel can then be 
identified with this method step by step. Along the 
mainstream channel, from lower elevation to higher 
one, the adjacent cell on each side is the root node of 
the sub-stream channel if it has a large accumulated 
flow. The accumulated flow of the root node is the 
drainage area of the subcatchment channel. With the 
same methods to deal with each subcatchment chan- 
nel, the tree structure of the stream network for the 
entire watershed can be generated (Marks et al., 1984). 

Sub-catchment outlets are defined as the union of 
two sets of grid cells. The first set, based on the stream 
network, consists of all cells located just upstream of 
the junctions. Consequently, at a junction, two out- 
let cells are identified, one for each of the upstream 
branches. The second set is defined interactively by 
users through clicking a cell on the stream network, 
such as those associated with gages or other water 
control points. After the sub-catchment outlets have 
been defined, a unique identification code is assigned 
to each stream segment connecting a headwater cell 
with one or two sub-catchment outlets (Marks et al., 
1984). 
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Figure 1. Structure of the GIS-based distributed hydrological model. 



Table 1. Characteristics of subcatchments in the Malian River Basin 



Subcatchment 


Area 

(W) 


Area 

percentage 

(%) 


Shape 

coefficient 


Average 

elevation 

(m) 


Average 

slope 


1 


2672 


14.0 


2.09 


1562 


0.422 


2 


1832 


9.6 


2.07 


1604 


0.364 


3 


6089 


31.9 


2.94 


1440 


0.480 


4 


3168 


16.6 


3.91 


1411 


0.459 


5 


2309 


12.1 


3.35 


1260 


0.364 


6 


1947 


10.2 


2.54 


1303 


0.379 


7 


1069 


5.6 


4.57 


1230 


0.351 


Malian River 


19086 


100 


3.28 


1420 


0.426 



basin 



Table 2. Simulated results of runoff levels in each subcatchment (m^/s) 



Subcatchment 


Jan. 


Feb. 


Mar. 


Apr. 


May 


June 


July 


Aug. 


Sept. 


Oct. 


Nov. 


Dec. 


1 


0.02 


0.09 


0.47 


0.19 


0.39 


0.27 


2.68 


2.99 


0.91 


0.28 


0.19 


0.15 


2 


0.02 


0.09 


0.48 


0.19 


0.24 


0.18 


2.78 


2.95 


0.83 


0.22 


0.19 


0.15 


3 


2.01 


2.20 


5.69 


1.26 


3.70 


2.63 


15.79 


16.80 


8.83 


3.80 


1.92 


1.82 


4 


1.15 


1.38 


1.56 


0.95 


1.17 


1.29 


10.11 


5.75 


4.83 


1.65 


1.40 


1.32 


5 


2.42 


4.02 


9.20 


3.74 


5.52 


5.56 


48.42 


21.11 


15.32 


7.05 


6.11 


3.43 


6 


0.44 


1.52 


2.10 


1.65 


4.20 


2.11 


18.20 


10.81 


3.82 


3.60 


2.32 


1.30 


7 


5.62 


5.81 


9.30 


7.31 


12.06 


11.50 


74.40 


19.10 


14.70 


13.53 


4.97 


4.61 



Development of distributed hydrological model the river basin is divided into grid cells or sub-basins; 

(ii) at vertical direction, each unit is divided into can- 
The characteristics of the distributed hydrological opy layer, unsaturated soil layer and saturated soil 
model in this study include: (i) at horizontal level. 
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I — ^ — @ simulation — measured | Month 
(c) simulated versus measured runoff in snbcatchment (I) 

Figure 2. Simulated versus measured monthly runoff levels. 



I — M — @ simulation — ^measured j Month 

(d) simulated versus measured runoffin subcatchment ® 



Table 3. Error analysis of the simulation results 





Jan 


Feb 


Mar 


Apr 


May 


June 


July 


Aug 


Sept 


Oct 


Nov 


Dec 


Average 


1+2 in Hongde 


0.25 


0.00 


-0.29 


-0.27 


-0.02 


-0.08 


-0.23 


0.27 


0.27 


-0.11 


-0.10 


0.03 


0.16 


3 in Qinyang No. 1 


1.12 


0.15 


0.05 


-0.29 


0.35 


0.02 


-0.19 


0.33 


0.05 


0.08 


-0.21 


0.08 


0.24 


4 in Qinyang No. 2 


1.45 


0.37 


-0.38 


-0.19 


0.26 


0.09 


-0.16 


0.10 


0.08 


-0.19 


-0.13 


0.19 


0.30 


7 in Yuluoping 


0.99 


0.05 


-0.21 


0.38 


0.98 


0.51 


0.04 


-0.36 


-0.23 


0.26 


-0.44 


-0.07 


0.38 



Table 4. Simulation results of sediment generation in each subcatchment (x 10^ tonne) 


Subcatchment Jan 


Feb 


Mar 


Apr 


May 


June 


July 


Aug 


Sept 


Oct 


Nov 


Dec 


1 


0.60 


5.71 


68.09 


17.50 


51.46 


29.65 


927.07 


1092.49 


183.43 


31.31 


17.50 


12.28 


2 


0.51 


4.89 


60.25 


15.00 


21.30 


13.84 


839.76 


917.96 


137.00 


18.69 


15.00 


10.53 


3 


316.20 


362.08 


1506.06 


156.94 


789.73 


473.27 


6962.21 


7640.78 


2911.49 


821.96 


295.21 


272.45 


4 


149.61 


196.66 


236.37 


112.33 


153.52 


177.74 


3899.66 


1672.64 


1287.72 


257.11 


200.95 


183.98 


5 


333.86 


714.80 


2474.73 


641.44 


1150.15 


1162.67 


29880.14 


8601.57 


5317.82 


1660.08 


1339.39 


563.36 


6 


31.48 


202.12 


328.22 


228.59 


928.35 


330.57 


8374.20 


3833.32 


805.25 


736.70 


381.13 


159.86 


7 


1379.23 


1435.37 


2524.25 


1890.83 


1997.57 


1860.06 


30608.33 


3981.35 


2688.17 


2373.71 


1190.09 


1087.41 



layer; (ill) the vertical and horizontal flows of each 
unit interact with each other. The structure of the 



distributed hydrological model is shown in Figure 1 . 
The input-output module includes precipitation dis- 
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tribution model, temperature distribution model, and 
sunshine radiation model. The grid cell unit (or sub- 
basin model) is the key part of the distributed model. 
It includes canopy interception model, overland flow 
model, soil water model and groundwater model, 
and involves many hydrologic processes such as ve- 
getation interception, evapotranspiration, infiltration, 
snowmelt, runoff and soil interflow, and groundwater 
flow (Abbott et al., 1986; Xia et al., 2001a). 

Canopy interception module 

Canopy interception module mainly consists of can- 
opy water balance, canopy interception, canopy 
evapotranspiration and snowmelt. Canopy intercep- 
tion is mainly affected by vegetation-cover ratio, ve- 
getation type, vegetation-growth situation, precipita- 
tion and canopy- storage content. Canopy evapotran- 
spiration have three parts: (i) vegetation evapotranspir- 
ation, (ii) soil surface evaporation, and (iii) potential 
evaporation. The main formulations are presented as 



follows (Penman, 1948): 

W.iit) = Wco(t) + 7va(0 - ETUt), (1) 

LAI it), (2) 

/vA = min{^c X Pit), hit), Hm - Wcoit)))}, (3) 

NPit)=P,-hAit), (4) 

ET^it) = min[ET{)it) x dc^LAIit) 

/LAIim),W,Qit)], (5) 



where Wco(0 and Wd(0 are the canopy storage con- 
tents at beginning and end of time step t, respectively ; 
/vA (t)is the real amount of canopy interception; h (0 
is the canopy interception capacity at time step f, dc 
is the vegetation cover ratio of the grid cell; Pit) is 
the precipitation; 7 m is the maximum storage of the 
canopy; Wcdit) is the storage deficit of the canopy; 
Kc is the interception coefficient of the canopy; LAI 
it) is the leaf area index; ET^^ it) is the evaporation 
of leaf interception water at time step f, EToit) is 
the evapotranspiration capacity of the canopy, which 
is calculated by the Jensen and Raise formulation 
(Jensen & Raise, 1963). 

Overland flow module 

Overland flow module describes the formation and 
transfer of surface water, which consists of infilt- 
ration, evaporation (from soil surface), and runoff. 
Infiltration capacity of soil is calculated through the 



modified Rorton function (Ruber & Dickinson, 1988). 
Kinematic wave formulation is employed to estim- 
ate overland flow, and to ‘route’ the overland flow to 
a channel element and then the downstream through 
the channel network. The main formulations of over- 
land flow module are described as follows (Johnson & 



Miller, 1997). 

MU t) =/c(0 + ifoii) (6) 

dh/dt + dq/dt = r, il) 

Si = ^ 0 , ( 8 ) 

V = s\^^l?/^/n, (9) 

h = in/Mo)"^^^ X (10) 



where /p(/,0 is the infiltration capacity at Rorton time; 
Th', fcii) is the minimum infiltration rate when soil is 
saturated; /o(/) is the maximum initial infiltration rate; 
k is the experience constant; h is the average depth of 
surface water; q is the unit width flow; r is the net 
inflow; / is the slope length; Sf is the hydrologic gradi- 
ent; S{) is the slope gradient; v is the flow velocity; n is 
the Manning coefficient. 

Channel routing module 

Similar to the overland flow routing, the kinematic 
wave formulation is used to estimate flows in the chan- 
nel. The detailed formulations are provided as follows 
(Johnson & Miller, 1997): 



dA/dt + dQ/dt = Is, 


(11) 


Sf = So, 


(12) 


A = (npyyysyi^ x 


(13) 


7s = (E + Rsi + Es2 — ETq)/1, 


(14) 



where A is the area of channel cross section; Q is the 
channel flow; h is the net inflow within a unit length 
of the channel; and Rsi and Rs 2 are inflows from the 
grid cells 1 and 2 along the channel, respectively. 

Sediment generation module 

Soil erosion processes include raindrop detachment, 
runoff detachment, rill erosion, and channel erosion. 
In this study, the European Soil Erosion Model was 
introduced to simulate the processes, with small modi- 
fications to reflect conditions of the Malian River 
Basin. 
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Soil detachment by raindrop impact 
Since the vegetation is very sparse in the study area, 
the energy from the leaf drainage is assumed to be 
zero. Therefore, the soil detachment by raindrop im- 
pact (DET, gm“^) is calculated as follows (Marshall 
& Palmer, 1948; Morgan et al., 1998): 

DET = ^[8.95 + (8.44/ogr)]e“^^, (15) 

where k is the index of soil detachability (g J“^); r is 
the rainfall intensity; b is an exponent; and h is the 
depth of the surface water layer. 

Soil detachment by runoff 

Soil detachment by runoff is modeled in terms of a 
generalized erosion-deposition theory. According to 
the generalized theory, the transport capacity concen- 
tration (TC) represents the sediment concentration at 
which the rate of erosion (by the flow) and the ac- 
companying rate of deposition are in balance. This 
is applicable to the Malian River Basin where soil 
textures are loose. The net detachment (DE) of soil 
particles by flow and deposition can then be calculated 
as follows (Morgan et al., 1998): 

DE = wvs(rC-C), (16) 

where C is the sediment concentration in the flow; Vs is 
the setting velocity of the particles ; and w is the width 
of the flow. Eor flow in rills, TC is modeled as a func- 
tion of unit stream power based on the work of Covers 
et al. (1990). Eor interrill flow, TC is modeled as a 
function of modified stream power (Everaert, 1991). 
The following model computes soil loss as a sediment 
discharge, defined as the product of runoff rate and 
sediment concentration in the flow, in order to give a 
volume of sediment passing a given point at a given 
time: 

d(AC)/dt + d(QC)/dt = qs(x, t) + e{c, t), (17) 

where qs is the external input of sediment per unit 
length of flow; and e is the net detachment rate of the 
bed per unit length of flow. 

Application to the Malian River Basin 

Overview of the study area 

The study basin has an area of 19 086 km^, located in 
the middle reach of the Yellow River, China. It belongs 
to a semi-arid climatic zone. The elevation decreases 
from the north to the south in the basin, with an av- 
erage of 1420 m. The general pedological conditions 



are dominated by permeable and loose loessial soils. 
Spatial and temporal variability of precipitation in the 
basin is great with rainy season ranging from May to 
October. 

The original data of DEM is 100 m x 100 m in ras- 
ter format. With the methodology introduced above, 
the subcatchments and stream networks are delineated. 
Considering that the purpose of the developed model 
is for water resources management, the basin is di- 
vided into 7 subcatchments. Runoff and sediment load 
of each subcatchment are simulated. Consequently, 
the channel flows can be estimated through hydro- 
logic routing within each subcatchment and between 
subcatchments. There are 6 hydrological stations and 
62 precipitation and evaporation gauges in the basin. 
The Qinyang Station No. 1 is located at the outlet of 
subcatchment 3; the Qinyang Station No. 2 is in sub- 
catchment 4; the Yuluoping Station is in subcatchment 
7 ; and the Hongde Station is shared by subcatchments 
1 and 2. There is no station in subcatchments 5 and 6. 

Characteristics of the subcatchments are identified 
through DEM analyses. Values of the related paramet- 
ers are listed in Table 1 . The input soil parameters for 
the soil erosion model are from field measurement, ex- 
perimental simulation, and literature review (Hairsine 
& Rose, 1991; Proffitt et al., 1991; Rose et al., 1994). 



Results and discussion 

Table 2 lists simulation results of runoff in each sub- 
catchment during January to December 1988. Data 
from the Hydrologic Data Report of the Yellow River 
are used to verify the developed model (China Min- 
istry of Water Resources, 1990). Through comparing 
the field-measured data with the modeling results, sim- 
ulation errors can be obtained as shown in Table 3. It 
is indicated that the maximum absolute error is 0.38. 
Eigure 2 gives comparisons between simulated and 
measured runoff levels. Generally, the results as shown 
in Table 3 and Eigure 2 indicate that the simulated 
monthly runoff levels have satisfactory accuracy and 
can provide useful predictive information for water 
resources management. 

Table 4 shows the simulation results of sediment 
generation in each subcatchment. Erom Tables 2 and 
4, soil erosion is affected by not only rainfall-runoff 
but also characteristics of each individual subcatch- 
ment (e.g. vegetation ratio, soil property, and slope). 
The simulated total sediment load in the entire basin is 
1.587 X 10^ tonnes/year; in comparison, the measured 
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load was 1.0x10^ tonnes/year (in average) according 
to the historical data. The error is around 58.7%. The 
potential causes for such a high error include (i) the 
assumption for neglecting the cohesion of soil materi- 
als, leading to higher transport capacity concentrations 
(TC), (ii) the lack of field data for soil detachability 
from raindrop impact, and (iii) the use of the European 
Soil Erosion Model which may still be unsuitable 
to the study basin although some modifications have 
been made. However, even with the relatively high 
error, the model is still helpful for indicating inter- 
relationships between the sediment load and the ve- 
getation ratio. The simulation results help identify the 
subcatchments with higher contributions to sediments 
load. Enhanced activities for soil conservation can 
then be implemented in these subcatchments (China 
Ministry of Water Resources, 1997; Guo et al., 2001; 
Xia et al., 2001b). 



Conclusions 

This study is an attempt to develop a distributed 
rainfall-runoff model for river basins in the loess plat- 
eau region with semi-arid climate, sparse vegetation, 
and serious soil erosion, and to apply it to a case 
study in the Malian River Basin. The high temporal 
and spatial variations of rainfall patterns and surface 
conditions exist in the basin, leading to complexities 
in the modeling efforts. Based on the GIS technique, 
the DEM of the study basin was successfully used to 
delineate the stream network and extract information 
of catchment characteristics. The results show satis- 
factory accuracy for runoff simulation. Especially, the 
integrated soil-erosion and hydrological models can be 
used for simulating both runoff and sediment loads, 
which provide a useful decision- support tool for river 
basin management. The developed model can also be 
extended to larger basins in the loess plateau region. 
Eurther works of field survey and investigation would 
be helpful for better calibrating critical parameters and 
thus improving performance of the developed model. 
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Abstract 

Suspended sediment budget dynamics for a 55 km reach of the lowland River Swale, Yorkshire, U.K. are invest- 
igated for the period October 1994 to June 1995. Particular attention is paid to 1 1 storm events occurring between 
October 1994 and April 1995. Each of these storms produced significant suspended sediment transport. Variations 
in sediment dynamics, for example suspended sediment concentrations, hysteresis patterns and storm peak lag 
times through events and between the upstream and downstream ends of the reach are examined. Net sediment 
loss from the reach occurred during the extremely wet four month winter period from December 1994 to April 
1995. Patterns of reach sediment storage are concluded to represent a combination of channel bed erosion and/or 
deposition, bank erosion and floodplain deposition. The implications of these patterns for sediment modelling are 
discussed. 



Introduction 

This paper examines the changes in sediment flux 
characteristics that occur within a medium scale river 
reach on both a spatial and temporal basis. Particular 
attention is paid to a crucially important period for sed- 
iment transport, the winter season. The implications of 
variations in sediment budget structure for sediment 
transport modelling are discussed. 

Previous studies of variations in river sediment 
budgets have concentrated on annual and longer time 
scales (Meade et ak, 1990; Walling et ak, 1998a; 
Singer & Dunne, 2001). Few studies have attemp- 
ted to quantify sediment storage and budget com- 
ponents through single storm events, and individual 
winter seasons, particularly within the main channel 
reaches of large (>500 km^catchment area) river sys- 
tems. Knowledge of this kind is important as such 
dynamics contribute to the discrepancy between up- 
stream erosion rates and downstream sediment yields 
(Walling, 1999), and control both the magnitude of 
sediment conveyance losses throughout a channel sys- 
tem and residence times associated with individual 



stores of sediment. Appreciation of these factors is 
critical to understanding and modelling a variety of 
fluvial sediment processes including arrival and re- 
moval of sediment-associated pollutants and contam- 
inants (Horowitz, 1995; Long et ak, 1998; Owens et 
ak, 2001; Horowitz et ak, 2001), the effect of high 
suspended sediment concentrations on instream and 
riparian flora and fauna (Watts et ak, in press), and 
assessing the influence of different sediment sources 
on the characteristics of instream sediment concentra- 
tions and loads (Walling et ak, 1999a). 

This paper discusses the fine sediment budget of 
the 55 km reach of the River Swale, Yorkshire, U.K., 
from Catterick Bridge to Leckby Grange. The Swale 
is recognised as being ecologically important and has 
been the site of recent reintroductions of salmon and 
crayfish (NRA, 1995). There are a number of signi- 
ficant water quality issues which have been associated 
with bank erosion problems (Lawler et ak, 1999), and 
sewage effluent discharge (House et ak, 1997). The 
analysis in this paper builds on a more general dis- 
cussion of instream sediment fluxes over 17 storm 
events through the July 1994 to June 1996 period 




136 



(Smith et al., in press). Over this time sediment pro- 
cesses within the River Swale were studied intensively 
as part of the Natural Environment Research Council 
(NERC) Land Ocean Interaction Study (LOIS) (Leeks 
& Jarvie, 1998). As part of the LOIS programme, 
measurements were made within the Swale catchment 
of bank erosion (Lawler et al., 1999), floodplain de- 
position (Walling et al., 1998b, 1999b), sediment 
sourcing (Walling et al., 1999a) and channel bed stor- 
age (Walling et al., 1998a). Of particular relevance to 
this paper was a significant research effort directed to- 
wards quantifying instream suspended sediment fluxes 
(Wass & Leeks, 1999). 

Wass & Leeks (1999) concluded that 82% of the 
fine sediment load in the Lower Swale is transpor- 
ted in the winter months of December, January and 
Lebruary. This paper focuses on how the dynamics of 
individual storm events vary through the reach, and 
the importance of individual storms in seasonal and 
annual fine sediment transport, erosion and deposition. 
The analysis contained in this paper, which is based on 
the unique LOIS storm sediment flux data set, adds to 
understanding of the dynamics of the sediment budget 
of river reaches in large catchments. 



Study area 

The River Swale (Lig. 1) originates as a series of small 
becks in the Northern Pennines which drain from a 
source area in the Yorkshire Dales National Park at 
700 m OD (ordnance datum). The river flows east- 
ward through Swaledale, passing through the town of 
Richmond and past Catterick, then turns south east, 
flowing past Leckby Grange until its confluence with 
the River Ure, near Boroughbridge. Between Catter- 
ick and Leckby Grange the river is joined by several 
tributaries, the three main ones being Bedale Beck, 
the River Wiske and Cod Beck, comprising 68% of 
the contributing catchment area to the river between 
Catterick and Leckby Grange. Bedale Beck is situated 
in the west of the Swale catchment, and is mainly rural 
in character with a mix of arable and pastoral farming. 
The River Wiske and Cod Beck have a similar mix 
of land uses, although the town of Thirsk is situated 
within the Cod Beck catchment and the town of North 
Allerton is situated in the Wiske catchment. The catch- 
ment of the River Swale above Catterick is mainly 
upland pasture, some of which has been subject to 
moorland gripping. The Swale catchment has a 2000 
year history of Pb and Zn mining and consequently 



floodplains are known to be areas of significant heavy 
metal storage (Hudson-Edwards et al., 1999). More 
intensive agriculture is practised in the Lower Swale 
catchment, where grazed turf and tilled land become 
the dominant land uses. Less than 10% of the Swale 
catchment is urbanised. 

Key hydrological characteristics of the Swale 
catchment to Catterick and Leckby Grange are given 
in Table 1. The locations of the U.K. Environment 
Agency gauging stations within the catchment are 
shown in Ligure 1 . Llow gauging was not undertaken 
at Leckby Grange. Consequently the nearby Crakehill 
gauging station was used in this paper as it provides 
the nearest available flow data for the Leckby Grange 
sediment monitoring site. Much of the river bank 
between Catterick and Leckby Grange has been built 
up into flood defence levees. This has two important 
consequences. Lirstly, the levees restrict sediment in- 
put into the main river Swale from ungauged areas of 
the catchment, acting as a barrier to sediment eroded 
by surface runoff. Second, in the aftermath of overb- 
ank floods, water (and sediment) is trapped behind the 
levees for considerable periods as drainage back to the 
main channel is restricted. Sediment settles out, being 
deposited on the floodplain, and is not returned to the 
river (Walling et al., 1998b). 



Methodology 

Sediment flux calculation 

To quantify suspended sediment fluxes, flow and sus- 
pended sediment data for all five gauging sites de- 
scribed above was collated from the U.K. Environment 
Agency. Suspended sediment and turbidity data for the 
Catterick and Leckby Grange sites was available from 
the LOIS database held at CEH Wallingford (Tindall 
& Moore, 1997). The highest frequency data available 
were used in the flux calculations and all relevant in- 
formation on error sources in each dataset was noted. 
Lor further details see Smith et al. (in press). 

Lor the main channel of the River Swale, fifteen 
minute flow records were obtained from the Environ- 
ment Agency for the Catterick Bridge and Crakehill 
gauging stations. Records of estimated suspended sed- 
iment concentrations were derived from a combination 
of nephelometric turbidity records, again recorded 
at 15 min intervals, and the filtration of automatic 
and manual bottle samples, mainly collected in storm 
events. The relevant field methodology is described in 
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Figure 1. Study area; (a) Location of the study area in the U.K. (shaded area), (b) The catchment of the River Swale, Yorkshire, UK showing 
study sites (•). 



Table 1. Hydrological properties of main channel flow gauging sites on the Swale 



Site name 


Station 


Ordnance Survey 


Catchment 


LTA2 


Mean 


loth Percentile 




number^ 


Map reference 


area (km^) 


rainfall 

(mm) 


flow 

(m^ s“^) 


flow 

(m^ s“l) 


Catterick 


27090 


44 (SE) 226 993 


499.4 


1123 


12.98 


31.01 


Crakehill 


27071 


44 (SE) 425 734 


1363.0 


834 


19.56 


44.43 



Source: National Water Archive (National River Flow Archive) maintained by the Centre for Ecology 
and Hydrology Wallingford 

^ Station number in National River Flow Archive. ^ LTA (Long term average) corresponds to 1961-1990 
for rainfall, and all available data for flows. 



Wass et al. (1997) and Evans et al. (1997). A suspen- 
ded sediment flux time series for both Catterick and 
Leckby Grange was then calculated from the suspen- 
ded solids concentrations and flow data. These time 
series may be considered to approximate the actual or 
reference suspended sediment flux at these sites during 
the study period (Phillips et al., 1999). 

For the three tributary sites, where only lim- 
ited suspended sediment concentration measurements 
were available, a rating relationship was derived 
between all spot suspended sediment samples and 
daily mean flow. It is recognised that such rating 
curves have limitations (Walling & Webb, 1988). 
However, given the paucity of data available they 



were the only feasible solution for calculating a time 
series of daily mean suspended sediment loads for 
the River Swale tributaries. Consequently, every ef- 
fort was made to identify possible error sources and 
also to quantify their effect on the flnal sediment load 
estimates. 

Errors in suspended load estimates relate to a num- 
ber of different aspects of rating curve construction. 
These include the amount, quality and frequency of 
both sediment and discharge data that is available for 
analysis, the type of rating relationship used, and the 
confldence that can be put into the estimates derived 
from that relationship. It was important in this ana- 
lysis to ensure that the range of values estimated for 
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the combined tributary sediment loads allowed mean- 
ingful conclusions to be drawn about the changing 
quantity of sediment stored in the reach. 

A number of issues determine the accuracy of the 
Environment Agency suspended sediment concentra- 
tion data. At each tributary stream, channel character- 
istics mean that flow is well mixed and therefore sus- 
pended sediment concentrations are probably evenly 
distributed throughout the cross section. Laboratory 
processing and analysis of samples was in accordance 
with UKAS guidelines (HMSO, 1984). High flow dis- 
charge data for Bedale Beck and the River Wiske is 
known to be suspect due to backing up of the main 
River Swale affecting the tributary stage-discharge 
relationships. In general, discharge, particularly for 
the River Wiske is greatly overestimated (T. Marsh, 
pers. comm.). Comparison of the Wiske rainfall-runoff 
coefficient to that of a hydrologically similar catch- 
ment in Northern England, the River Leven at Leven 
Bridge, suggests that the Wiske high flows may be 
overestimating true flows by approximately 50%. 

The accuracy of rating curves is known to increase 
with an increasing number of samples. A possibil- 
ity of underestimation exists with a low number of 
samples, which declines as sample number increases 
(Walling & Webb, 1987). Previous work using power 
law rating relationships has suggested 14-73% un- 
derestimation using a maximum of twelve suspended 
sediment concentration-discharge pairs (Webb et al., 
1997; Phillips et al., 1999). In this analysis, consid- 
erably more data collected over a number of years is 
used to form each rating relationship. In construct- 
ing the tributary rating equations used here 126, 153 
and 181 suspended sediment concentration-discharge 
pairs were used for Cod Beck, Bedale Beck and the 
River Wiske respectively (Smith et al., in press). A 
comparison of flow duration curves for days when sus- 
pended sediment samples were taken with all days also 
shows that these data were representative of most of 
the flow regime. 

A linear relationship between raw suspended sedi- 
ment concentration and discharge data was used in all 
three tributaries. There was no justification for using a 
power law relationship, as has frequently been used in 
other studies, and which would have produced much 
lower suspended sediment load estimates than those 
used in this analysis. 

Confidence limits at the 95% level for each days 
estimate of suspended sediment concentration were 
derived from the standard error of rating relation- 
ships for each tributary. An estimate was also made of 



the extent to which the use of daily mean flow data, 
rather than higher frequency 15 min discharge data 
(not available for the 1994-1995 winter season for the 
tributaries) would have affected the final load estimate. 
Estimates derived using 1996 data for the Bedale and 
Wiske gauging stations indicated that the use of daily 
mean flow data leads to maximum underestimates of 
daily sediment load totals at high flows of only 20% 
and 10%, respectively. 

The daily suspended sediment concentration time 
series derived using the methodology described above 
was then combined with the flow time series to create 
a daily suspended sediment flux record for each of the 
three tributaries. A reach sediment storage value was 
calculated on a daily basis as the sum of the reach 
sediment inputs at Catterick and the reach tributaries 
minus the reach sediment output at Leckby Grange. 
This reach sediment storage value represents the in- 
tegration of channel bed storage, bank erosion and 
floodplain deposition within the main channel of the 
Swale. 

Storm event selection 

During the October 1994 to April 1995 period, there 
were a number of significant high flow events. Prelim- 
inary examination of the Catterick and Leckby Grange 
suspended sediment flux and flow time series allowed 
the identification of 13 events during which the peak 
flow at Crakehill exceeded or was within 10% of 
the 1961-1990 10 percentile flow of 44.43 m^ s“^ 
(NERC, 1998), and the peak suspended sediment con- 
centration estimated at the Leckby Grange monitoring 
site was greater than 40 mg 1“^ 

An event was defined as starting at the beginning 
of the day on which the sediment flux at Catterick ex- 
ceeded one tonne per fifteen minutes, and was defined 
as ending at the end of the day when the sediment 
flux at Leckby Grange decreased below this level. The 
distribution of events through the 1994 - 1995 winter 
period is shown in Eigure 2. Eleven of these events had 
sufficient high quality data to allow the calculation of 
sediment loads at each site. The start and end dates 
of these events are listed in Table 2. Events two and 
nine were excluded from further analysis as they had 
discontinuous sediment flux time series at one or more 
sites. 
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Table 2. Major storm events in the 1994-1995 winter season, with 
associated high quality discharge and sediment concentration data 
in the Catterick to Leckby Grange reach of the River Swale 



Event 

no. 


Start date 


End date 


Length of 
event (days) 


Overbank 

flooding 


1 


17/10/94 


30/10/94 


13 




2 


5/11/94 


8/11/94 


4 (No data) 




3 


11/11/94 


26/11/94 


15 




4 


1/12/94 


24/12/94 


23 




5 


24/12/94 


4/1/95 


11 


Yes 


6 


5/1/95 


7/1/95 


2 




7 


9/1/95 


14/1/95 


5 




8 


15/1/95 


9/2/95 


25 


Yes 


9 


10/2/95 


19/2/95 


10 (No data) 




10 


19/2/5 


26/2/95 


1 


Yes 


11 


27/2/95 


3/3/95 


4 




12 


5/3/95 


7/3/95 


2 




13 


30/3/95 


2/4/95 


3 





Results 

Overview 

Figure 2 presents an overview of flow and suspen- 
ded sediment concentrations at Catterick and Leckby 
Grange over the period 1st October 1994 to 30th April 
1995. The cumulative sediment storage index for the 
period 1st December 1994 to 9th April 1995 is also 
shown. Missing data at one or more sites precluded 
the calculation of this index for the whole record. This 
index is bounded by 95% confidence limits derived 
from the standard errors of the three tributary rating 
equations. These boundaries represent the precision of 
the estimates used. The evidence from other sources 
of errors associated with the tributary sediment load 
estimates, as outlined above, allows an assessment of 
their accuracy to be made. Although use of daily mean 
flow data and previous work on rating equations would 
tend to suggest that the approach used here is likely to 
underestimate tributary storm sediment loads, the use 
of a linear and not a power relationship, the quality 
and quantity of data used to form the rating equation, 
and the likely 50% overestimate inherent in the dis- 
charge data from the River Wiske which makes up 
over 60% of the total tributary sediment load, would 
seem to suggest that the tributary loads used in the sed- 
iment budget are not underestimates and therefore the 
general trend in sediment storage showing net erosion 
from the reach is correct (Fig. 2). 
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Figure 2. Time series of flow (Q), suspended sediment concentra- 
tion (SSC), and reach sediment storage for the period October 1st 
1994 to April 30th 1995. (a) Catterick Q. Arrows indicate the thir- 
teen discrete storm events producing high sediment fluxes within 
the Catterick to Leckby Grange reach of the River Swale in this 
period; (b) Catterick SSC; (c) Leckby Grange Q; (d) Leckby Grange 
SSC; (e) reach sediment storage (95% confidence limits on estimate 
indicated). 



Table 3 summarises the total discharge and sedi- 
ment flux at the upstream and downstream ends of the 
reach and from the reach tributaries for the 1 1 storms 
identified in Figure 2. These storm events range in 
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length from two to 25 days. Events four and eight are 
the only two events to have durations of greater than 
twenty days. The two largest events were event eight 
which took place in January and February 1995 and 
event ten which occurred in late February 1995. Daily 
sediment flux averages in these two events were over 
three times greater than those recorded in any other 
event, and these two events account for over two thirds 
of the estimated sediment transport at Feckby Grange 
in the November 1994 to October 1995 period (Wass 
& Fecks, 1999). Event eight dominates the overall pat- 
tern of sediment fluxes, contributing over 50% of the 
combined event total sediment flux 

The largest changes in the reach sediment stor- 
age index are caused by events five, eight and ten. 
Event five probably produces a rapid increase in reach 
sediment storage, whereas events eight and ten re- 
move material from this store. In particular event eight 
removes a significant amount of material from the 
reach. There is a net loss of sediment of 14 000-37 000 
tonnes from the reach during this period. These figures 
equate to an average of 16-44 mm loss from the chan- 
nel bed and banks (assuming a river width of 5 m and 
bank height of 3 m, and a bank and bed average density 
of F4 tonnes m“^). 

Storm event characteristics 

Highest peak flows are recorded at Catterick and 
highest peak suspended sediment concentrations at 
Feckby Grange during events eight and ten. There 
is some evidence for attenuation of the water wave 
in the Catterick to Feckby Grange reach for events 
one, three, four and five. With the exception of events 
eight and ten, when the sediment wave builds sig- 
nificantly through the reach, there is little evidence 
of change in peak suspended sediment concentrations 
between Catterick and Feckby Grange. Event mean 
suspended sediment concentrations generally increase 
through the reach. 

Suspended sediment-flow relationships were clas- 
sified by site and event according to Williams (1989). 
This classification of hysteresis includes clockwise 
and anticlockwise (counter-clockwise) events. The 
data in Table 4 suggest a seasonal progression of 
anticlockwise events through the 1994-1995 winter 
season. The majority of early to mid season events at 
the Catterick site exhibit anticlockwise suspended sed- 
iment concentration-flow relationships, whereas such 
behaviour only becomes evident at Feckby Grange 
during mid to late season events. Table 4 also summar- 



ises lag times between peaks of water and sediment 
waves at both Catterick and Feckby Grange and flow 
and sediment peak lags through the reach. No trends 
are evident through the winter season, although lag 
times for suspended sediment peaks are significantly 
more variable than those for flow. It is possible that 
this variability is caused by the rising limb of the water 
wave mobilising sediment stored in the reach, result- 
ing in higher suspended sediment concentration peaks 
at Feckby Grange. 



Discussion 

Changes in sediment flux characteristics through the 
Catterick to Leckby Grange reach 

The three overbank events (five, eight and ten) account 
for over 70% of the estimated total fine sediment load 
at Feckby Grange during the November 1994 to Octo- 
ber 1995 period, the other eight events being of little 
significance in terms of the annual sediment budget 
for the reach. The variations in event characteristics 
described above can be explained as follows. In event 
five, fine sediment previously prepared in upland areas 
of the catchment above Catterick and in the three tribu- 
taries was washed into the Catterick to Feckby Grange 
reach and adjacent floodplain area. During event eight, 
major overbank flood inundation occurred (Walling et 
al., 1998b). Increased carrying capacities in the main 
channel, possibly as a consequence of the high velo- 
city attained by the water wave through the reach, and 
availability of sediment in the reach at this time can be 
linked to net reach sediment loss. Some of the mater- 
ial removed was probably deposited during event five 
which occurred two weeks prior to the start of event 
eight. Significant floodplain deposition is also known 
to have occurred in the Catterick to Feckby Grange 
reach during this event (Walling et al., 1998b). There- 
fore, it is likely that much of the sediment removed 
from the reach came from high rates of bank and chan- 
nel bed erosion. Event ten was similar in character to 
event eight. Again, net reach sediment loss occurred, 
indicating that sources of sediment were still avail- 
able in the reach, some ten days after event eight had 
finished. 

Anticlockwise hysteresis events are generally in- 
dicative of large, continuously available catchment 
sediment supplies which do not show exhaustion. 
Therefore, the pattern of anticlockwise events de- 
scribed above for the Catterick to Feckby Grange 
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Table 4. Lag times in hours between discharge, suspended sediment concentration and sediment flux peaks at Catterick and Leckby 
Grange for 11 storm events in the 1994 to 1995 winter season (*multipeaked event). Hysteresis characteristics at each site for each 
event are indicated by a (anticlockwise) or c (clockwise) 





EVl 


EV3 


EV4 


EV5 


EV6 


EV7 


EV8 


EVIO 


EVll 


EVl 2 


EVl 3 


Mean 


Q peak lag 
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reach provides further evidence for the pattern of 
movement of a large sediment slug from the uplands 
through the reach and finally out of the catchment dur- 
ing a winter season. The three largest events in the 
storm series, numbers five, eight and ten exhibit con- 
trasting behaviour. During event five, sediment supply 
in the Catterick catchment is apparently unlimited, 
and erosive action during the initial part of the event 
opens up new supplies within the Catterick to Leckby 
Grange reach which are transported during the rising 
limb. However the flow event as a whole cannot trans- 
port such a large quantity of sediment from the reach 
and it is probable that net deposition occurs above 
Leckby Grange. During event eight, lack of hysteresis 
in the Catterick suspended sediment concentration- 
flow plot indicates that sediment supplies at Catterick 
remain constant. At Leckby Grange, limited clockwise 
hysteresis occurs, indicating some exhaustion as the 
reach sediment store is emptied. During event ten, fur- 
ther limiting of sediment supplies in the main reach 
mean that the clockwise hysteresis at Leckby Grange 
is more pronounced. The high suspended sediment 
loss from the Catterick to Leckby Grange reach must 
have had a large influence on physical habitat con- 
ditions within the main channel of the Swale during 
the 1994-1995 winter and subsequent periods. It must 
however be recognised that the extreme hydrological 
conditions that occurred during the winter season un- 
der discussion are an exceptional case (Law et ak, 
1997). 

Implications for suspended sediment modelling 

The data analysed in this paper suggest that variable 
reach sediment storage exerts an important control 
over individual storm fine sediment yields from me- 
dium to large scale (500-1500 km^) river catchments. 
Differential lag times between the rate of passage of 
water and sediment waves through such reaches are 



also described. Both these conclusions have important 
implications for the modelling of fine sediment trans- 
port along river reaches in such catchments. The in- 
clusion of variable reach sediment storage and routing 
elements in such models is clearly essential. 

Conclusion 

This paper has examined the suspended sediment 
budget of the Catterick to Leckby Grange reach of the 
River Swale, Yorkshire, U.K. for the October 1994 to 
June 1995 time period. Patterns in storm event sedi- 
ment budget characteristics provide evidence for a sea- 
sonal progression in reach sediment storage through 
this winter season. Changes in reach sediment storage 
are dominated by a small number of large, overb- 
ank storm events. Implications for sediment modelling 
include a requirement to include changing patterns in- 
stream sediment sources, and variable routing of water 
and sediment waves. 
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Abstract 

Moreton Bay (MB) is a large semi-enclosed coastal embayment, located on the east coast of Australia adjacent to 
the Queensland capital city of Brisbane. The MB catchment is ca. 22 000 km^ while the bay itself is ca. 1500 km^. 
This represents a catchment:bay ratio of ca. 15:1. Within the MB catchment there are over 85 rocktypes with 
the most abundant, the Marburg Formation, constituting only ca. 12% of the catchment area. Detailed landscape 
analysis and a reconnaissance soil sampling program in combination with major and trace element and Sr, Nd and 
Pb isotope geochemistry were used to identify the major sources of sediment delivered to MB. A Bayesian linear 
mixing model allowed the proportion of sediment sources to be estimated. Model estimates suggest that there 
are substantial differences in the proportions of sediment being delivered into MB by the two major tributaries, 
the Brisbane and Logan Rivers despite both rivers containing a similar suite of major rocktypes. Over 50% 
of the sediment delivered to MB is derived from soils developed on the Marburg Formation. This equates to a 
catchment area/bay sediment deposition ratio of ca. 5. Basaltic soils of the Main Range Volcanics (Brisbane River 
catchment) and Lamington Group (Logan River catchment) and sediments from the Walloon Subgroup (present in 
both catchments) are on average also enriched in MB relative to the catchment by a factor of ca. 2. 



Introduction 

Moreton Bay (MB) is a large semi-enclosed coastal 
embayment, located on the east coast of Australia 
in south-east Queensland (Fig. 1). The impact of 
over a century of coastal urban development coupled 
with wide-scale catchment modification has lead to 
increased fluxes of sediments, nutrients and con- 
taminants to MB (Dennison & Abal, 1999). As a 
consequence there have been significant changes in 
ecosystem function manifested in changes in key in- 
dicators such as the gradual disappearance of seagrass 
beds, an increased occurrence of blue-green algae 
(Lyngbia), an increase in turbidity and a general de- 
cline in water quality (WBM & SKM, 1995). Mainten- 
ance of ecosystem function and remedial solutions for 
MB will in part involve the identification and effect- 
ive management of catchment sediment sources and 



associated nutrients and contaminants. In this study, 
a multi-disciplinary approach using a range of skills 
including geochemistry, landscape analysis and mod- 
elling have been integrated to identify the principal 
sources of sediment and estimate the relative propor- 
tions being delivered to MB. Similar sediment tracing 
studies using a geochemical and isotopic approach 
have been used in other aquatic systems (e.g. Douglas 
et ak, 1995, Allegre et ak, 1996). 



Moreton Bay 

Geography /Geological setting 

The Moreton Bay (MB) catchment has an area of ca. 
22000 km^. The semi-enclosed bay has an area ca. 
1500 km^ bounded by the Australian continent to the 
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Figure 1. Location of Moreton Bay, catchment geology and soil and sediment locations. 



Table 1. Major rock/sediment types, age, catchment abundance (%), no soil samples, general distribution, geology and 
sub-catchment distribution in the Moreton Bay catchment 



Rocktype, age (area) Geology 



General distribution/relationship 



MG-Qa 

Quaternary (12%) 

Marburg Formation 
Jurassic (12%) (13 samples) 
Neranleigh-Fernvale Beds 
Devonian/Carb (8%) (12 samples) 
Walloon Subgroup 
Jurassic (6%) (3 samples) 

Main Range Volcanics 
Miocene (5%) (5 samples) 
Lamington Group 
Miocene (5%) (9 samples) 

Neara Volcanics 
Triassic (4%) (5 samples) 



Floodplain, river terrace 
alluvium, sand, silt, clay 
Lithic, feldspathic sandstone, 
siltstone, shale,coal 
Shale, mudstone, arenite, 
chert, spilitic volcanics 
Shale, coal, siltstone, 
sandstone 

Alkali-olivine basalt, trachyte, 
tuff. 

Olivine basalt, minor 
sediments 
Andesitic pebble 
conglomerate, sandstone 



Western/central catchments, esp. over Marburg, 
Floodplain deposits in eastern catchment. 

South and west of MB catchment. Often covered 
by extensive dendritic alluvium network. 

Central Brisbane River catchment/extensive 
coastal exposure in the Logan catchment. 
South-west MB catchment. Overlies Marburg. 
Part covered by alluvium/Main Range Vole. 
Laterally extensive outcrops particularly on the 
westernmost fringe of the MB catchment. 

South MB catchment. Overlies Walloon/Marlburg 
as extensive flows and dissected remnants. 

Linear band trending NNW adiacent in upper 
Brisbane River catchment. 
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west and to the east by elongate islands that lie sub- 
parallel to the coastline (Fig. 1). The catchment: bay 
ratio is ca. 15:1. The MB catchment is located in 
a sub-tropical zone and consists of coastal and other 
lowlands with intermittent low ranges. The city of 
Brisbane, smaller communities and associated agri- 
culture dominate the coastal and central catchment. 
The upper (western) catchment is consists of a mix 
of grazing, forestry and national parks. The Brisbane 
and Logan River are the principal rivers that drain into 
MB. In excess of 85 rocktypes are present in the MB 
catchment with the most abundant, the Marburg Form- 
ation, constituting only 12% of the catchment area. A 
summary of major catchment rocks/alluvium and their 
distribution in the MB catchment and sample locations 
are given in Table 1 and Figure 1 . 



Methods 

Sample collection and preparation 

A catchment reconnaissance sampling program was 
devised which incorporated prior knowledge of the 
abundance of major rocktypes and sediment gen- 
eration and delivery from specific sub-catchments 
(Caitcheon et al., 2001), to obtain 47 geochemically 
and isotopically representative soils. All soil sample 
locations were recorded using GPS. Moreton Bay 
sediments were obtained as cores or grab samples. 
Catchment soil samples were wet sieved to <63 /xm 
and settled in water columns to obtain a <10 /xm 
fraction to obtain a similar size distribution to MB 
(Brisbane River: sites 1-6, Logan River sites: sites 
56-58) sediments (Fig. 1). 

Major and trace element analysis 

Sediment and catchment soil samples were analysed 
by CSIRO using X-ray fluorescence (XRF) for major 
(Si02, AI2O3 , Fc 203, MnO, mgO, CaO, Na20, K2O, 
Ti02, P2O5) and trace elements (Ba, Ce, Cl, Cr, Co, 
Cu, Ga, La, Ni, Nb, Pb, Rb, S, Sr, V, Y, Zn, Zr) on 
fused glass discs on a Phillips PW1480 instrument, 
using the methods of Norrish & Chappell (1977) and 
Hart (1989) and by neutron activation analysis (NAA) 
by Becquerel Laboratories, Australia, for major (Ca, 
Fe, Na and K) and trace elements (Ag, As, Au, Ba, Br, 
Ce, Co, Cr, Cs, Eu, Hf, Ir, La, Lu, Mo, Nd, Rb, Sb, 
Sc, Se, Sm, Ta, Tb, Te, Th, U W, Yb, Zn, Zr) using 
methods described in Potts (1987). 



Isotope geochemistry analysis 

Sediment and catchment soil samples were analysed 
for Sr, Nd and Pb isotopes by CSIRO after chemical 
separation on a VC Sector 54 thermal ionisation mass 
spectrometer using a fully automated routine follow- 
ing the methods of Whitford et al. (1996) and Carr et 
al. (1995). 

Statistical analysis/mixing model 

Statistical analysis was performed using S-PLUS 
(Venables & Ripley, 1999). A Bayesian approach 
was used for geochemical endmember unmixing (Bill- 
heimer, 2001, Palmer & Douglas, 2002). 



Results and discussion 

Major and trace element geochemistry 

Major and trace element geochemistry in combination 
with Sr, Nd and Pb isotopes (see later) may be used to 
discriminate sources of sediment (soils) delivered to 
MB (Fig. 2a-h). Interpretation of major and trace ele- 
ment variation diagrams was confounded for particular 
elements by the modification of catchment soil cation 
chemistry by exchange with seawater cations and the 
incorporation of detrital (shell) carbonate during sed- 
iment transport and deposition into MB. Short-term 
seawater leaching of catchment soils indicate signi- 
ficant loss and/or exchange of Ca, Sr and Ba with 
accompanying enrichment in Mg and Na (Douglas et 
al., 2002). Hence, relatively less mobile elements (e.g. 
La, Th, Douglas et al., 2002) have primarily been used 
in the geochemical analysis. 

The relationship between La and Th, suggest that 
MB sediments are derived from a predominantly sed- 
imentary source. Sediments from MB define a small 
array with little variation relative to other sediment- 
ary catchment soil sources which may also reflect 
the homogenisation due to bioturbation and/or dur- 
ing fluvial/estuarine transport and subsequent tidal 
reworking (Fig. 2a). The MB sediments display a close 
geochemical similarity for a variety of elements to 
the Marburg Formation (Douglas et al., 2002) and 
are differentiated from the basaltic Lamington Group 
and Main Range Volcanics and the basaltic compon- 
ents of the Neranleigh-Fernvale beds by their higher 
Th concentrations and lower La/Th ratios (Fig. 2a). 
Soils derived from the Walloon Subgroup, the mixed 







Figure 2. Trace element and Pb, Nd and Sr isotope geochemistry of Moreton Bay sediments and catchment soils. Dotted line (Figures 2f-h) 
defines seawater Sr isotopic ratio. 
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sedimentary/volcanic Neara Volcanics and the sedi- 
mentary component of the Neranleigh-Fernvale beds 
are also differentiated from the basaltic units and 
by a variety of other elements including Nb and Zr 
(Douglas et al., 2002). The geochemical signature 
of river sediments derived from the lower Brisbane 
River and Logan River catchments (Douglas et al., 
2002) also overlap with the fields of the MB sedi- 
ments and/or Marburg Formation. This relationship 
is consistent with isotopic evidence (see later) that 
also indicates that the Marburg Formation is the major 
sediment source in these lower tributary catchments 
and MB. River sediments from some Logan River 
catchment tributaries posses a La/Th ratio intermedi- 
ate between that of the Tertiary basalts and Marburg 
Formation suggesting a substantial basaltic compon- 
ent {ca. 30-50%) that may also include basaltic units 
from the Neranleigh-Fernvale Beds. 

Statistical analysis 

Canonical variate analysis indicates that the majority 
of MB sediments from central and northern sites 1- 
6 are most closely related to the Mesozoic catchment 
sediments (Marburg Formation, Wallon Subgroup, 
Fig. 3a). In contrast, MB samples from adjacent to 
the Logan River sites 56-58 appear to have a mar- 
ginally higher basaltic component (Fig. 3b). Many 
MB samples define a separate array suggesting the 
presence of an additional (geochemically extreme) 
component not present in the MB catchment. Incor- 
poration of progressive increments of calcium carbon- 
ate to an average MB sediment composition defines 
a similar trend to the observed variation in the MB 
sediments (Fig. 3a). Mineralogical and geochemical 
analysis confirm the presence of a carbonate phase 
within selected MB sediments (Douglas et al., 2002). 
Recalculation of the canonical variates after the re- 
moval of the carbonate fraction confirms the influence 
of the marine carbonate (Fig. 3b). 

Isotopic geochemistry 

Pb Isotopes 

Basaltic soils of the Lamington Group and Main 
Range Volcanics have relatively low 208p|^/204p|^ 
207pb/204pb versus 206p|^/204p|^ ratios, while the ma- 
jority of soils formed from Mesozoic sedimentary 
(Marburg Formation, Walloon Subgroup), and mixed 
sedimentary/volcanic units (Neara Volcanics) have 
intermediate to high 208p|^/204p|^ 207p|^/204p|^ 



versus 206p|^/204p|^ 2b-c). Soils from the Pa- 

laeozoic Neranleigh-Fernvale Beds display consider- 
able Pb-isotopic dispersion consistent with their mixed 
basaltic/sedimentary composition (Table 1). Sedi- 
ments from MB plot in a field overlapping both the 
basaltic and sedimentary soils (Fig. 2b-c) suggesting a 
substantial basaltic component in apparent contrast to 
trace element geochemical evidence. This apparently 
conflicting trend may be resolved by examination of 
selected soil samples from the Walloon Subgroup, 
Lamington Group and Neara Volcanics which are sub- 
stantially displaced from similar soil samples in the 
Pb isotope diagrams (Fig. 2b-c). The first two soil 
types in particular lie close to a trend line between 
other samples of the same rocktype and a Broken Hill 
Pb signature (the major Australian source of anthropo- 
genic Pb). The extent of anthropogenic contamination 
of Pb in both catchment sediments and MB samples 
can be further investigated in a plot of 208p|^/204p|^ 
versus extractable Pb (Fig. 2d). Isotopically anom- 
alous samples of the Walloon Subgroup, Lamington 
Group and the Neara Volcanics posses distinctly lower 
208pb/204pb isotopic ratios intermediate between other 
similar rock types, and that of an average industrial 
(Broken Hill) Pb signature. The influence of anomal- 
ous Pb is emphasised by the extraction procedure that 
removes the most labile fraction {ca. 75%) of total 
Pb. The signature of the MB sediments is consistent 
with derivation from predominantly sedimentary units 
that has been modified with the addition of anthro- 
pogenic Pb. The enrichment of anthropogenic Pb in 
the MB sediments is estimated to be ca. 10-30% with 
higher anthropogenic Pb in the Brisbane River-derived 
sediments relative to Logan River-derived sediments. 
This is consistent with the greater flux of anthro- 
pogenic (Broken Hill signature) Pb from the more 
industrialised Brisbane area. 

Nd and Sr Isotopes 

Sediment samples from MB have similar Nd iso- 
topic composition to soils derived from the Marburg 
Formation (Fig. 2e). Tertiary basaltic soils (Lamington 
Group and Main Range Volcanics) are distinguished 
from the MB sediments by their higher Sm/Nd. 
Lamington Group soils have similar ^"^^Nd/^"^"^Nd to 
the MB sediments while those of the Main Range 
Volcanics display a wider variation. Soils from 
the Neranleigh-Fernvale Beds define an elongate ar- 
ray consistent with mixing between a basaltic end- 
member with high ^"^^Nd/^"^"^Nd and Sm/Nd ratios, and 
a sedimentary end-member with similar ^"^^Nd/^"^"^Nd 
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Figure 3. Canonical variate analysis of Moreton Bay catchment soils and Moreton Bay sediments with (a) and without (b) marine carbonate. 



and Sm/Nd ratios (Fig. 2e). Neara Volcanics soils dis- 
play a wide range of Sm/Nd and ^‘^^Nd/^'^'^Nd similar 
to, or higher than the MB sediments. 

Sediment samples from MB have similar, and in 
many cases higher Rb/Sr and ^^Sr/^^Sr than Mar- 
burg Formation soils and higher ^^Sr/^^Sr isotopic 
ratios than the Walloon Subgroup soils (Fig. 2f-g). In 
general, MB sediments have similar ^^Sr/^^Sr to sea- 
water (^^Sr/^^Sr = 0.70917) suggesting exchange of 
catchment soil Sr with seawater Sr and/or the pres- 
ence of marine carbonate as identified in mineralogical 
and geochemical analysis. Selective leaching of car- 
bonate from MB samples using stoichiometric ratios 
of acetic acid yield sediment residues with ^^Sr/^^Sr 
comparable to the Marburg Formation (Douglas et 
al., 2002). Samples from sites 56-58, adjacent to 
the mouth of the Logan River have distinctly higher 
Rb/Sr suggesting the presence of a more (in the 
absence of marine-derived Sr) radiogenic compon- 
ent, possibly the Neranleigh-Fernvale Beds. Basaltic 
soils derived from the Lamington Group and the 
Main Range Volcanics are isotopically distinct from 
the MB sediments with a uniformly low Rb/Sr ratio 
and generally lower ^^Sr/^^Sr. The Neara Volcan- 
ics have a range of Rb/Sr and ^^Sr/^^Sr intermediate 
between those of the basaltic volcanics and the Mar- 
burg Formation/Walloon Subgroup. The Neranleigh- 
Fernvale Group define an elongate array with high 
Rb/Sr and ^^Sr/^^Sr in predominantly sedimentary 
endmembers and contrasting low Rb/Sr and ^^Sr/^^Sr 
in predominantly basaltic endmembers. 

Moreton Bay sediments from the central and north- 
ern region (sites 1-6) have a range of Sr concentrations 
consistent with derivation from the Marburg Form- 



ation (Fig. 2g). Neara Volcanics soils also have a 
similar Sr concentration relative to the MB sediments. 
In contrast, MB sediments derived from the Logan 
River (sites 56-58) have Sr concentrations intermedi- 
ate between the Marburg Formation and that of the 
Neranleigh-Fernvale Beds that in general possess a 
low Sr concentration despite a wide range of ^^Sr/^^Sr 
due to the mixing basaltic and sedimentary endmem- 
bers (Fig. 2g). Basaltic soils from the Lamington 
Group, and to a lesser extent the Main Range Volcan- 
ics, have a distinctly lower ^^Sr/^^Sr and narrower Sr 
concentration range. 

Sediments from MB define a small field adjacent 
to that of the Marburg Formation soils and overlap- 
ping the present-day seawater Sr isotopic ratio in a 
combined Sr-Nd isotope diagram (Fig. 2h). An ar- 
cuate array defines the mixing of the basaltic (high 
^'^^Nd/^'^'^Nd, low ^^Sr/^^Sr) and sedimentary (low 
^'^^Nd/^'^'^Nd, high ^^Sr/^^Sr) soil endmembers of the 
Neranleigh-Fernvale Group. Basaltic soils of the Lam- 
ington Group have similar ^'^^Nd/^'^'^Nd but a substan- 
tially lower ^^Sr/^^Sr. Basaltic soils of the Main Range 
Volcanics have a similar or higher ^"^^Nd/^"^"^Nd and 
similar or lower ^^Sr/^^Sr than the MB sediments. 
Soils derived from the sedimentary/andesitic Neara 
Volcanics have similar ^^Sr/^^Sr to the Marburg Form- 
ation and Walloon Subgroup, and similar to higher 
143Nd/144Nd. 

Major and trace element geochemistry, and Pb, 
Sr and Nd isotope geochemistry constrain the major 
sediment source of MB to the Marburg Formation. 
This finding is also in agreement with SedNet model- 
ling predictions (Caitcheon et al., 2001) that identified 
the Marburg Formation as a major potential sedi- 
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ment contributor to the lower Brisbane River. The 
isotopic and geochemical signature of the Marburg 
Formation appears, however, to have been modified 
by other sources of isotopically and geochemically 
distinct sedimentary components which are different 
in the Brisbane and Logan Rivers, the presence of 
marine carbonate in selected samples and probable 
cation exchange with seawater Sr. A contribution from 
Neranleigh-Femvale Bed soils with a distinctly low 
Sr concentration and higher Rb/Sr ratio is present 
in sediments derived from the Logan River appears 
to be balanced isotopically and geochemically by a 
contribution of the basaltic Lamington Group. 

Model estimate of sediment proportions 

A Bayesian geochemical linear mixing model has 
been used to estimate the major sediment sources in 
MB. The algorithm utilised geochemical endmembers 
corresponding to catchment soils, and apportioned 
these end-members to the observed data (as indi- 
vidual MB samples) in conformity with the model. 
The model output allowed a pair-wise comparison 
of observed geochemical compositions and ‘fitted’ 
model predictions. Six catchment soils (as listed in 
Table 1 excluding Quaternary sediments) were used in 
the model. A range of major and trace elements (23 
in total) were selected to highlight the geochemical 
contrast (and so maximise differences) between the 
catchment soils. 

Results of the modelling of individual MB samples 
have been subdivided using a range of criteria, in- 
cluding geochemical and isotopic information, cluster 
analysis (Douglas et al., 2002), and spatial distribution 
(Fig. 1) into three (averaged) groups corresponding 
to sites 1-3 near the mouth of the Brisbane River, 
sites 4-6, which occur between the mouth of the Bris- 
bane and Logan Rivers, and sites 56-58 from near 
the mouth of the Logan River (Fig. 1). Estimated 
proportions of catchment soil types in MB sediments 
are given in Table 2. Sites 1-3 in MB are dominated 
by soils derived from the Marburg Formation with 
lesser contributions from the Main Range Volcanics 
and Walloon Subgroup. This combination of sedi- 
ments is consistent with sediment derivation from the 
western and central Brisbane River catchment where 
there is substantial quaternary alluvium and a moder- 
ate to high potential for sediment transport (Caitcheon 
et al., 2001). Sediments from sites 4-6 also have sim- 
ilar relative proportions of sediment sources to sites 
1-3. A large variation in estimates of the Lamington 



Group (3 ± 10%) at these sites may signify mix- 
ing with the Main Range Volcanics derived from the 
Brisbane River catchment. Estimates of sediment con- 
tributions from sites 56-58 derived from the Logan 
River catchment suggest that basaltic soils of the Lam- 
ington Group are a significant sediment source. This 
high estimate of basaltic material and low estimate 
of the contribution of the Neranleigh-Fernvale Beds 
are in contrast to evidence from isotope geochem- 
istry. Neranleigh-Fernvale Beds, however, contain a 
higher basaltic component in the Logan River catch- 
ment. It is possible that the large estimated contribu- 
tion of the Lamington Group may also encompass an 
unresolved component of basaltic material from the 
Neranleigh-Fernvale Beds. The results of the model- 
ling are also consistent with studies of selected river 
sediment samples from the lower Brisbane and Logan 
Rivers which have a similar distribution of catchment 
soils (Douglas et al., 2002). 

Soils derived from the Marburg Formation are en- 
riched in their contribution to the sediments in MB 
by a factor of ca. 5 (Table 3). Similarly, soils derived 
from the Lamington Group and the Main Range Vol- 
canics are enriched by a factor of ca. 2, while those 
derived from the Walloon Subgroup are also enriched 
by a factor of ca. 2 (Table 3). Soils derived from the 
Neranleigh-Fernvale Beds are proportionally repres- 
ented in MB while those from the Neara Volcanics 
are substantially depleted which may reflect their loc- 
ation in the catchment of Lake Wivenhoe on the upper 
Brisbane River which is known to be a highly efficient 
sediment trap (Caitcheon et al., 2001). 



Conclusions 

An integrated geochemical, Sr-Nd-Pb isotopic and 
modelling analysis of sediments from Moreton Bay, 
south-east Queensland, Australia has identified the 
major sources of sediment being deposited into this 
system. A Bayesian mixing model utilised to estim- 
ate the proportions of catchment sediments indicates 
that the two major tributaries, the Brisbane River and 
the Logan River deliver a substantially different pro- 
portions of sediment despite having a similar suite of 
catchment rock types. Over 60% of the sediment de- 
livered to Moreton Bay is derived from the Marburg 
Formation despite this unit constituting only 12% of 
the total catchment, constituting an enrichment factor 
of ca. 5. Basaltic sediments from both catchments and 
the Walloon Subgroup are also enriched by a factor of 
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Table 2. Proportions of catchment soil end-members present (average ± 1 standard 
deviation) in Moreton Bay sediments for sites 1, 2 and 3 (n = 24), sites 4, 5 and 6 
{n = 3), and sites 56, 57 and 58 {n = 3) estimated using a Bayesian linear mixing 
model 



Catchment soil end-member 


Sites 1, 2 and 3 


Sites 4, 5 and 6 


Sites 56-58 


Marburg Formation 


58 ±9 


54 i 7 


45 i 7 


Walloon Subgroup 


13 ± 10 


5 i 1 


3 i2 


Neranleigh-Fernvale Beds 


9±9 


13 i 1 


8 i9 


Lamington Group 


Oil 


3 i 10 


42 i 8 


Main Range Volcanics 


19 i 4 


23 i 7 


0i5 


Neara Volcanics 


1 i 1 


2i2 


2i 1 



Table 3. Comparison of estimated catchment abundance, Moreton Bay abundance and enrichment 
factor for six rock types (soils) from the Moreton Bay catchment 



Catchment soil 
end-member 


Estimated catchment 
abundance 


Estimated Moreton 
Bay abundance 


Average enrichment 
factor 


Marburg Formation 


12% 


56 i 9% 


4.7 


Walloon Subgroup 


6% 


11 i 10% 


1.8 


Neranleigh-Fernvale Beds 


8% 


9i 8% 


1.1 


Lamington Group 


5% 


11 i 18% 


2.2 


Main Range Volcanics 


5% 


11 i9% 


2.2 


Neara Volcanics 


4% 


1 i 1% 


0.3 



ca. 2. Further analysis of Brisbane and Logan River 
tributaries will allow spatial estimates of sediment 
generation to be made from specific subcatchments. 
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Abstract 

High loads of suspended sediment derived from surface water erosion processes are a major source of environ- 
mental and economic problems throughout the world. In many places, a reduction in the amount of sediment 
delivered from arable land to rivers has therefore become a major issue in environmental policy. In Flanders 
(Belgium), policy makers would like to achieve a reduction in soil erosion and sediment delivery through the 
use of various control measures adopted under an integrated environmental watershed management program. A 
distributed modelling approach (SEDEMAVaTEM) showed that although end-of-the-pipe solutions such as buffer 
strips or sediment retention ponds have a direct impact on sediment delivery, on-site soil conservation measures 
were more effective in reducing sediment loads in rivers. It remains questionable, however, whether the significant 
impact that watershed management has on local sediment yields, can be extrapolated to larger river drainage basins. 
In the case of highly regulated and channelized rivers, the impact may be much higher compared to natural rivers. 



Introduction 

Sediment delivery to rivers is a major source of various 
environmental problems such as sediment deposition 
in river channels and reservoirs, and a deterioration 
of stream water quality. Especially in industrialised 
countries, all these problems may result in severe 
economic damage. Many of these problems are also 
present within Flanders (northern part of Belgium) 
(Verstraeten & Poesen, 1999; Verstraeten et ak, 2000). 
The main river basin in Flanders, the River Scheldt, 
is highly regulated and includes numerous canals and 
flood retention ponds. These need to be dredged quite 
frequently, and the same holds for the Scheldt itself 
and parts of the main tributaries that are being used 
for navigation. One of the world’s biggest harbours 
(Antwerp) is situated in the upper part of the Scheldt 
estuary (Fig. 1). Here again, dredging is necessary to 
keep the harbour open for large vessels. To reduce the 
severity of the environmental problems and frequency 
of dredging operations, there is a strong need to re- 
duce the sediment load in the Flemish rivers. Since 



soil erosion on cultivated land is the most important 
contributor of sediment, the required reduction in sed- 
iment yield is sought in the implementation of soil 
conservation and sediment control measures in the up- 
stream areas of the river basins. Recently (January 
2002), the Flemish Government has issued a subsidy 
decree that allows local authorities to finance such 
measures (AMINAL, 2002). Fist of all, however, each 
municipality has to construct a management plan in- 
dicating where and what kind of measures need to 
be taken. The appropriate policy to construct such 
a plan needs to be focussed mainly on those areas 
that contribute most to the actual sediment load, in- 
stead of spreading the finances equally over the whole 
plan area. Therefore, a sound knowledge of the spa- 
tial variability in sediment production as well as the 
identification of the main sediment pathways within 
the landscape is required. This urges a modelling tool 
to predict sediment loads to river channels for a variety 
of scenario’s of an integrated watershed management 
plan. 
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Figure 1. Location of the case study area of Gingelom (black area) within the River Scheldt drainage basin (shaded area). 



Within this paper, some results obtained with a 
spatially distributed soil loss and sediment delivery 
model (SEDEMAVaTEM) for three small watersheds 
(1 1-23 km^) in the upstream parts of the Scheldt basin 
are presented. Eor these watersheds, the impact of a 
variety of control measures on sediment delivery to 
rivers was modelled. 

Eurthermore, their impact on sediment delivery to 
the River Scheldt itself will also be discussed. In the 
past, it has mainly been the negative impacts that man 
has had on sediment yield through all kinds of disturb- 
ances that have been studied. Goudie (1981) argued 
that ‘probably the most important effect that man has 
had on water quality is his contribution to levels of sus- 
pended sediment in streams’. However, few attempts 
have been made to consider the potential of soil con- 
servation and other catchment management strategies 
to reduce sediment delivery (Walling, 1997). 



The study area 

In the south-eastern part of Elanders, three small wa- 
tersheds (Molenbeek: 23 km^; Cicindria: 17 km^ and 
Melsterbeek: 1 1 km^), were selected within the mu- 
nicipality of Gingelom to simulate the impact of a 
watershed management on sediment delivery (Eig. 1). 
The general morphology is characterised by a smooth 
undulating plateau in the upstream parts, whereas fur- 



ther downstream, the rivers are incised creating a 
rolling topography with steeper slopes near the river 
channels. Soils are loess-derived luvisols and land use 
is predominantly crop cultivation (56%) and to a lesser 
extent it is taken by orchards (12%), pasture (6%) and 
forest (2%). Villages and road infrastructure account 
for 24% of the land and are mainly located in the 
valleys making them very prone to flooding. 

Each of the selected watersheds is drained by one 
main river channel. All these rivers join each other 
further downstream and enter the River Demer, which 
is one of the major tributaries of the River Scheldt. 
The Scheldt has a drainage area of around 19 000 km^ 
south of Antwerp, i.e. without taking into account the 
estuary. Within this area, almost the entire loess belt 
of Elanders, as well as parts of the loess belt in Wal- 
lonia and northern Erance, are situated. This region is 
characterised with moderate to high soil loss rates with 
average values ranging between 1 and more than 10 t 
ha“ ^ yr“ ^ , whilst after some extreme rain events, local 
soil loss rates may be responsible for much higher an- 
nual rates, exceeding 30-100 1 ha“^ yr“^ (e.g. Poesen 
et ak, 1996). 



The model outline 

Van Oost et al. (2000) and Van Rompaey et al. (2001a) 
developed a distributed model (SEDEMAVaTEM) that 
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allows the calculation of mean annual soil loss and 
mean annual sediment delivery to river channels. 
Soil loss is calculated using a 2D-application of the 
RUSLE, whereas sediment transport and sediment de- 
position is calculated on the basis of a distributed 
sediment transport capacity term, the latter being 
proportional to the potential for concentrated flow 
erosion. The development of the model requested the 
calibration and validation of two transport capacity 
coefficients, one for arable land and one for non- 
erodible surfaces like pasture and forest. This was 
done using sediment yield data from 26 watersheds 
ranging from 0.7 to 50 km^, all of them located in 
Flanders. For more information about the model struc- 
ture and calibration procedure, reference can be made 
to Van Rompaey et al. (2001a). It should be stressed, 
however, that the SEDEMAVaTEM model does only 
predict mean annual hillslope sediment delivery to- 
wards the river channel. It does not incorporate sed- 
iment transport within the river itself, nor does it give 
a prediction of bank erosion or floodplain sediment 
deposition. 



Simulation of watershed management scenarios 

In total, 15 watershed management scenarios for the 
three selected watersheds in Gingelom were carried 
out with the SEDEMAVaTEM model. A detailed de- 
scription of the selected management scenarios, as 
well as the modelled impact on soil loss and sediment 
delivery can be found in Verstraeten et al. (2002). The 
scenarios were selected on the basis of what is possible 
in the framework of the current agri-environmental 
policies. The most important facts and results are 
summarized below. 

Selected management scenarios 

Scenario 1 

One of the most classical solutions to reduce the sed- 
iment delivery is the construction of small retention 
ponds. Here, 6 sediment retention ponds were simu- 
lated that are specifically sited at locations where the 
sediment flux is very high and which should prevent 
muddy floods downstream. 

Scenario 2 

Another simulation involved the construction of 11 
flood retention ponds that should prevent floods in the 
villages downstream of concentrated flow areas, but 



where sediment fluxes are lower. This simulation also 
included the 6 sediment retention ponds of scenario 1 . 

Scenario 3 

Within some sub- watersheds, sediment delivery is 
very high because of the presence of man-made 
ditches between cultivated fields that serve as a dir- 
ect link between the hillslopes and the river channels. 
The removal of the ditches and their replacement by a 
grassed waterway was simulated. 

Scenario 4 

Grass buffer strips are often considered one of the 
most favourable sediment control measures (e.g. Haan 
et al., 1994). Therefore such strips were simulated 
along the river where this comes in contact with arable 
land. 

Scenario 5 

Furthermore, also simulated were grass buffer areas at 
the downstream end of 199 field parcels that showed 
to produce and deliver much sediment. 

Scenario 6 

This involves the use of soil conservation measures on 
all field parcels in such a way that the annual average 
C-factor drops from 0.36 to 0.28 (e.g. direct drilling of 
maize and sugar beets in cover crop residues). 

Scenario 7 

This is identical to scenario 6 but soil conservation 
measures are limited to field parcels with high soil loss 
rates (i.e. above 5 t/ha/year). This involves 54% of the 
arable land. 

Scenarios 8-15 

A series of set-aside scenarios, whereby part of the 
arable land is taken out of production and transformed 
to a ‘non-erodible’ type of land use (e.g. forests, grass- 
lands). We selected set-aside percentages of 5, 10, 
15 and 20% of the present-day area under cultivation, 
by using two different types of selection procedures. 
First, the field parcels with the highest soil loss rate 
as calculated with SEDEMAVaTEM were set-aside. 
Secondly, field parcels were selected for set-aside 
using a probability model that was constructed by 
Van Rompaey et al. (2001b) using farmer’s decision 
criteria. 




156 



Table 1. Simulated impact of various management scenarios on 
the soil loss and sediment yield for three watersheds in Gingelom, 
Belgium (51 km^) 



Scenario 


Soil 

loss 

reduction 

(%) 


Sediment 

yield 

reduction 

(%) 


Total 

sediment yield 

reduction 

(t/year) 


1 


6 ponds 


- 


12 


403 


2 


17 ponds 


- 


14 


480 


3 


filling ditches 


- 


12 


413 


4 


GS rivers 


2 


19 


661 


5 


GS fields 


3 


7 


236 


6 


SC all fields 


35 


33 


1136 


7 


SC fields high soil loss 


18 


13 


461 


8 


set-aside 5%“ 


5 


2 


71 


9 


set-aside 10%“ 


13 


9 


298 


10: set-aside 15%'^ 


19 


12 


428 


1 


1: set-aside 20%“ 


25 


18 


621 


12: set-aside 5%* 


13 


17 


583 


13: set-aside 10%* 


22 


25 


875 


14: set-aside 15%* 


30 


31 


1078 


15: set-aside 20%* 


38 


35 


1192 



GS = grass buffer strips; SC = soil conservation measures. 

“ Set-aside parcels selected using a probability model (Van 
Rompaey et ah, 2001b). 

* Set-aside parcels selected using soil loss map. 



Simulation results and discussion 

Table 1 summarizes the most important results from 
the model simulations for the three watersheds to- 
gether. It is clear that the reduction in sediment yield 
can be quite high. Typical control measures that can be 
considered ‘end-of-the-pipe solutions’ like ponds and 
even grass buffer strips, reduce the sediment flux to 
the three rivers by 7-19%. These measures, however, 
do not reduce on-site soil loss (ponds) or only a frac- 
tion (buffer areas). This is in sharp contrast with the 
techniques that are more source-oriented and that give 
a higher protection to the soil. By adopting source- 
oriented techniques, soil loss as well as sediment 
delivery are reduced quite substantially. Taking 5% 
of the fields with the highest soil loss out of produc- 
tion (scenario 12) and converting them to grassland or 
forest, for instance, has a more pronounced impact on 
the sediment flux to the rivers (i.e. a reduction of 17%) 
compared to the installation of 6 (expensive) ponds 
(scenario 1; i.e. a reduction of 12%), and the total soil 
loss is reduced by 13% compared to no reduction at all. 
Overall, on-site conservation measures (set-aside and 



modified crop management) show a higher reduction 
in sediment yield than off-site control measures. 

The overall effect of grass buffer strips along the 
rivers (scenario 4: 19% reduction of sediment yield) 
seems quite low if it is compared to their impact on 
experimental field plots where it is mostly in the order 
of 60-90% (e.g. Van Dijk et ak, 1996). This discrep- 
ancy can most probably be explained by the following 
two reasons: (1) on the scale of a whole watershed, not 
all the runoff enters the river directly from arable land 
but also by roads and through built-up areas around 
which no grass buffer strips were simulated, and (2) on 
the scale of a watershed, most of the runoff is strongly 
concentrated before it reaches the riparian area. Under 
concentrated flow conditions, grass buffer strips are 
much less effective as the grasses become submerged 
(DillahaetaL, 1989). 

The results also show that for this study area, it 
is much more effective to select field parcels for set- 
aside using the soil loss as a criteria instead of leaving 
this decision up to the farmers (illustrated by the prob- 
ability model): the reductions for scenarios 8-11 are 
always lower than those for scenarios 12-15. This may 
look very straightforward but it is important to note as 
it shows that for a watershed management to obtain 
its maximum effect, it is not only necessary to request 
from the farmers that they set-aside for instance 5% 
of their land, but also that they do this at the proper 
location. For this, a modelling approach seems to be 
required. 



The impact on regional scale sediment delivery 

It is clear from the simulation results that the impact of 
various soil conservation and sediment control meas- 
ures on the sediment flux from small watersheds can 
be quite high. For the three watersheds in Gingelom, 
scenario 6 would mean that on average 1 136 1 less are 
delivered to the river system annually. The question 
that can be raised now is whether this will also result 
in a 1136 t reduction towards the Scheldt estuary or 
the entrance of the harbour of Antwerp (see Fig. 1). 
If this can be answered in the positive and if such a 
soil conservation management would be adopted for 
the whole of Flanders, this would probably remove or 
greatly diminish navigation problems due to sediment 
deposition near the harbour of Antwerp. 

However, many studies have shown that for larger 
drainage basins, the impacts of land use changes on 
sediment yield are negligible or even absent. Trimble 
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Figure 2. Schematic representation of changes in sediment delivery 
ratio through a watershed for natural and regulated rivers. 



(1999) constructed a sediment budget for a 360 km^ 
drainage basin in Wisconsin for three time periods 
with distinct land uses. He showed that soil conser- 
vation measures reduced the soil losses on hillslopes 
by 55% from the period 1853-1938 to 1938-1975, 
but the sediment output remained constant. The flood- 
plains in Wisconsin acted as a major regulator in the 
sediment budget. Similar observations are reported by 
Evans et al. (2000), Philips (1993) and Walling (1999) 
for the impact of historic land use changes. However, 
Walling (1999) also gives examples from river basins 
where the response was quite obvious: for the Yellow 
River (0.5 10^ km^), sediment yields were reduced by 
50%, mostly through the implementation of soil con- 
servation works. These differences in response can be 
related to the buffering capacity of a river basin, which 
can be expressed in terms of a sediment delivery ratio 
or SDR (e.g. Walling, 1983). For river basins with a 
high SDR (i.e. near 100%), the response of sediment 
yield to changes in erosion rates will be much more 
pronounced compared to river basins with a low SDR. 

For lowland rivers with extensive alluvial planes, 
like the Scheldt, SDR is normally quite low. This 
implies that soil loss reductions through conserva- 
tion measures will only have a limited impact on the 
sediment yield of the River Scheldt. However, this 
theory only holds for drainage basins that operate 
more or less under ‘natural’ conditions, which is the 
case for most of the examples given above. For the 
River Scheldt basin, the majority of the river reaches 
of the Scheldt and its main tributaries are channel- 
ized with high levees on both sides of the channel. 
This has cut-off the rivers from their own floodplains 
for most of the runoff events, thereby almost com- 
pletely deleting the role of floodplains as sediment 



storage. Under such circumstances, sediment delivery 
may be much higher for regulated rivers compared to 
natural rivers (Fig. 2). An exponential model for the 
sediment-delivery ratio as illustrated in Figure 2 has 
been presented before by many authors (e.g. Willi- 
ams, 1977; Ferro & Minacapilli, 1995) and can be 
generalized as: 

SDR = 

with / the travel distance and \ being proportional to 
particle size. Wainwright et al. (2001) indicate that 
values for k are different for each transport mechanism 
whereby kfloodplain> kintemll > krip > ^channels- H Can 
be assumed that the value of k for regulated and chan- 
nelized rivers will be similar, or even lower, to that 
for normal river channels. If we make this assumption 
for the River Scheldt drainage basin, it implies that 
reductions in hillslope sediment delivery through soil 
conservation or sediment control measures (i.e. what 
is being modelled with SEDEMAVaTEM) will have 
a significant impact on the suspended sediment load 
in the major rivers of the basin. Furthermore, it is 
likely that channel storage, and hence, dredging op- 
erations in these rivers, will be reduced. Also, less 
sediment will then be deposited in the larger flood 
control reservoirs. All this will reduce a significant 
part of the off-site damages and costs related to soil 
erosion and sediment delivery. To what extent, how- 
ever, remains unclear since no detailed information 
(measurements) about downstream sediment delivery 
is actually available. 

Although watershed management may reduce sed- 
iment delivery to downstream river channels in the 
River Scheldt drainage basin, it can be questioned 
whether this will also reduce the need for dredging 
operations near the entrance of the harbour of Ant- 
werp. To achieve this goal, less sediment needs to be 
delivered to the estuary of the Scheldt. However, ana- 
lysis of the sediments in the estuary have indicated that 
50% of the sediment near the main harbour entrance is 
of marine origin (Verlaan, 2000). Thus, the impact of 
a watershed management will be much lower. Further 
downstream, the ratio of marine versus fluvial sedi- 
ment increases even more and hardly any continental 
derived sediment reaches the North Sea. Changes in 
sediment delivery to the estuary may of course change 
this sediment balance, thereby shifting the interac- 
tion between fluvial and marine sediment to another 
area. This can have serious impacts on the ecology 
of the estuary and the impact of watershed manage- 
ment should certainly be considered in an estuarine 
sediment budget. 
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Conclusions 

Simulations with a spatially distributed soil loss and 
sediment delivery model (SEDEMAVaTEM) showed 
that soil conservation and sediment control measures 
taken in the framework of an integrated environ- 
mental watershed management plan may significantly 
reduce hillslope sediment delivery to river channels in 
Elanders. Because of the highly regulated character of 
the River Scheldt drainage basin, it is also expected 
that delivery of suspended sediment to the downstream 
reaches in this basin will be reduced through such 
watershed management. This will at least result in 
less frequent dredging operations within the rivers, 
and thus, to economic savings. The impact towards 
the lower estuary, and in particular to the entrance of 
the harbour of Antwerp, is less clear, given the fact 
that in this reach, 50% of the sediment is not of flu- 
vial origin. Changes in sediment delivery as caused 
by the implementation of a watershed management 
plan should be considered in the construction of an 
estuarine sediment budget. 
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Abstract 

In order to investigate the influence of catchment characteristics on suspended sediment properties, suspended 
sediment samples were collected from the outlets of 60 small catchments located throughout Southwest England 
over a 14-month period. The catchments were selected to provide a representative range of topographic, land 
use, soil and geological characteristics. The suspended sediment samples were collected using time -integrating 
trap samplers, emptied at monthly intervals. Laboratory analysis focused on a selection of suspended sediment 
properties, including particle size composition, cation exchange capacity, and organic carbon, nitrogen, metal, 
radionuclide and phosphorus content. The results presented show that despite the substantial variability of catch- 
ment characteristics associated with the 60 sampling sites, the suspended sediment properties generally fell within a 
relatively limited range. However, statistical analysis identifled signiflcant spatial variability of suspended sediment 
within Southwest England, which in turn can be linked to catchment characteristics. 



Introduction 

Awareness of the environmental signiflcance of sus- 
pended sediment, in particular its ability to act as a 
transport vector for pollutants, has resulted in an ex- 
tension of traditional sediment studies, which have 
commonly focused on quantity aspects such as sed- 
iment yields and budgets, to embrace consideration 
of the physical and chemical properties or quality 
of the suspended sediment. Such studies have high- 
lighted the spatial variability that may exist in the 
properties of suspended sediment, including particle 
size composition (Walling & Moorehead, 1987, 1989; 
Walling et al., 2001) and organic matter (Meybeck, 
1984; Walling & Kane, 1984; Hillier, 2001), nutri- 
ent (Jarvie et al., 1998; Walling et al., 2001; Owens 
& Walling, 2002) and trace element and heavy metal 
content (Eoster & Charlesworth, 1996). Such vari- 
ation has been related to broad climate controls, and 
to catchment characteristics, such as relief, geology, 
land use and the nature and relative importance of the 



sediment sources within a catchment. However, the 
reported spatial variability frequently involves com- 
parison of suspended sediment collected on a large 
and in some cases global scale, from sizable catch- 
ments embracing a diversity of catchment features, 
making the causes of smaller-scale spatial variability 
difficult to establish. In consequence, our current un- 
derstanding of both the extent of spatial variability 
of suspended sediment properties and its associated 
controls is limited. 

In order to develop an improved understanding 
of the factors controlling spatial variability in sedi- 
ment properties, detailed assessments of the nature 
and magnitude of such variability and the key con- 
trolling factors are required. Such understanding could 
in turn afford a sound foundation upon which to base 
the development of predictive procedures. In response 
to this requirement, an investigation of the spatial 
variability of suspended sediment properties has been 
undertaken in Southwest England. This region of- 
fers a diversity of geological, soil, terrain and land 
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use conditions, which can be exploited to explore 
their influence on a number of suspended sediment 
properties. As indicated above, much of the avail- 
able information on suspended sediment properties 
has been collected from large to medium sized drain- 
age basins and there is a need to investigate the spatial 
variability of the properties of suspended sediment 
on a smaller scale, in order to assess the influence 
of individual catchment characteristics. In the cur- 
rent study the influence of catchment characteristics 
on suspended sediment properties has been assessed 
by investigating two scales of variability: Firstly, at- 
tention has been directed to broad-scale variability, 
involving comparison of the properties of suspended 
sediment samples, collected from areas with contrast- 
ing geology, soil and terrain types, thereby examining 
the influence of these factors on sediment properties. 
Secondly, investigations of smaller-scale variability; 
involving comparison of the properties of suspended 
sediment collected from groups of catchments located 
on a single rock-type, permits examination of the in- 
fluence of local factors such as land use. The effects 
of particle-size composition and organic matter con- 
tent on a suite of chemical and physical properties has 
also been examined, thereby providing information 
on the influence of these two factors on the observed 
variability of suspended sediment properties. 



The study catchments 

Suspended sediment samples were collected from 60 
sampling sites, located throughout Southwest Eng- 
land, encompassing a diversity of geological, soil, land 
use and terrain characteristics. Sampling focused on 
10 study areas (Fig. 1), each containing six sampling 
sites, established at the outlets of small catchments 
(3-1 1 km^), in order to limit the spatial variability of 
catchment characteristics within an individual drain- 
age basin. The study areas were selected to cover a 
range of underlying geology and soil types as well 
as general terrain characteristics (Table 1). Within 
each study area, six individual sampling sites were 
selected so that different land use types and topo- 
graphic characteristics were represented. This permits 
the assessment of both intra and inter-study area vari- 
ability. The sampling sites were all established in rural 
areas and their catchments were carefully selected to 
avoid sewage treatment works and large numbers of 
dwellings, thereby ensuring that the results reflected 
essentially natural conditions. 



Table 1. The geology and soil types of the 10 study areas 



Study 

area 


Geology 


Soil type 


1 


Aylesbeare mudstone 


Stagnogleyic argillic 
brown earths 


2 


Crackington formation 


Stagnogleyic argillic 




(mixture of shales, 


brown earths / 




slates and sandstones) 


Pelo-stagnogley 


3 


Bude formation 

(sandstones and shales) 


Pelo-stagnogley 


4 


Teignmouth breccia 


Typical brown earths 


5 


Keuper marls 


Stagnogleyic argillic 




and Upper greensand 


brown earths 


6 


Keuper marls 


Typical brown earths 


7 


Tinsey Head slates 


Typical brown earths 


8 


Chalk 


Argillic brown 
earths / Brown redzinas 


9 


Kimmeridge clay 


Pelo-stagnogley 


10 


Lias limestone 


Calcareous pelosols 



Methods 

Time integrating suspended sediment samplers (Phil- 
lips et al., 2000; Russell et al., 2000) were deployed 
at all 60 sampling sites. These simple devices utilise a 
reduction in the velocity of ambient flow to induce the 
settling of suspended sediment within the main body 
of the sampler. The suspended sediment samplers have 
been subject to rigorous held and laboratory testing 
and the chemical composition of suspended sediment 
samples collected by the sampler have been compared 
with that of instantaneous samples, collected manually 
during the period of deployment of the time integrated 
sampler (Phillips et al., 2000; Russell et al., 2000). The 
results reported by those authors show that for most 
chemical properties the difference between the con- 
centration values associated with the sediment collec- 
ted by the sampler over a periods of several weeks and 
those derived from the instantaneous manual samples, 
were less than the 95% confldence interval associ- 
ated with the laboratory measurements. Such results 
conflrm the ability of the samplers to collect represent- 
ative, time-integrated samples of suspended sediment 
(Phillips et al., 2000; Russell et al., 2000). 

The samplers were deployed over a 14-month 
period and were emptied at approximately monthly 
intervals following periods of signiflcant storm runoff 
and elevated suspended sediment concentrations. This 
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ensured that the particulate matter collected was dom- 
inated by allochthonous sediment and was therefore 
derived from within the catchment. On return from 
the field, the suspended sediment was dewatered and 
freeze-dried, prior to an intensive programme of labor- 
atory analysis in order to assemble information on a 
suite of physical and chemical properties. 

The particle size composition of the suspended 
sediment samples was measured using a Coulter 
LS130 laser diffraction granulometer, following treat- 
ment with hydrogen peroxide to remove the organic 
fraction and addition of 0.4% sodium hexametaphos- 
phate and sonification to disperse composite particles. 
Values of specific surface area were calculated for the 
individual samples from the particle size distribution, 
assuming spherical particles. The cation exchange 
capacity (CEC) of the samples was determined by 
leaching with 1 M ammonium acetate solution at pH 
7, and measurement of the displaced cations by atomic 
absorption spectrophotometry. 

The total carbon (TC) and total nitrogen content 
(TN) of suspended sediment was determined using a 



Carlo Erba NA 2500 C/N analyser. The inorganic car- 
bon (IC) was calculated from the carbonate content of 
the suspended sediment, determined by loss on igni- 
tion firstly at 500 °C for 4 h to remove organic material 
and then for a further hour at 850 °C. Organic carbon 
(OC) was calculated by subtraction. 

The total phosphorus (TP) and inorganic phos- 
phorus (IP) content of the suspended sediment 
samples was measured using the procedure docu- 
mented by Mehta et al. (1954). Organic phosphorus 
(OP) was calculated by difference. A range of metals 
(Al, Cu, Mn, Ee, Sr, Zn, Pb) were analysed by 
atomic absorption spectrophotometry after acid diges- 
tion (HCl and HNO 3 ). 



Results and discussion 

The mean values for a range of physical and chem- 
ical properties of suspended sediment collected from 
each of the 10 study areas are presented in Table 2 
and the range of the mean property values calculated 
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for suspended sediment sampled from each sampling 
site within the 10 study areas is illustrated in Figure 2. 
Table 2 emphasises the relatively limited inter-study 
area spatial variability observed in the particle size 
properties (dso, <2 /xm, SSA) and the OC, TN, TP, 
OP, Cu, Zn, Pb contents of suspended sediment, des- 
pite the contrasting geological features of each study 
area. However, the relatively large coefficients of vari- 
ation, displayed in Table 2 and the box and whisker 
plots presented in Figure 2 highlight the considerable 
small-scale spatial variability that exists in the CEC 
and TP, OP, Al, Cu, Mn, Sr concentrations of suspen- 
ded sediment collected within each study area. This 
suggests that site-specific characteristics such as topo- 
graphy and land use also exert an important influence 
on some suspended sediment properties. Further dis- 
cussion of the variability of all the measured properties 
is provided below. 



Particle-size characteristics 

Table 2 indicates that despite the considerable range 
of underlying geology represented by the study areas, 
the particle-size composition of suspended sediment 
shows only limited variation across the 10 study areas. 
The mean dso values for the individual study areas 
range from only 6. 2-8. 3 /xm, % clay (<2 /xm) ranges 
from 18.8 to 24.4% and specific surface area ranges 
from 0.62 to 0.84 m^ g~^. However, a more detailed 
assessment of the variability is provided by Table 3, 
which presents the results of a non-parametric Mann- 
Whitney test, used to identify significant differences 
between each study area. These results highlight sig- 
nificant (Mann- Whitney test, p < 0.01) differences 
between the %clay (<2 /xm) and the specific surface 
area of suspended sediment collected from some of the 
study areas, which are likely to reflect their contrasting 
geology. For example the values of% clay and specific 
surface area associated with suspended sediment col- 
lected from area 7, underlain by Tinsey Head slates 
are significantly different from those associated with 
suspended sediment collected on all other rock types, 
possibly reflecting the increased resistance of slate to 
weathering. The importance of geological factors in 
influencing particle size composition is further em- 
phasised by the limited variability (with the exception 
of area 8), of the dso, %clay and specific surface area 
of suspended sediment collected from the individual 
sampling sites within each study area (Fig. 2). 



Organic carbon 

The mean organic carbon content of the suspended 
sediment collected from each of the 10 study areas 
ranges from 4.5 to 12.2%, with the values for area 
8, being significantly higher than for the other nine 
areas, which showed no significant difference (Mann- 
Whitney test, p < 0.01). The higher values of organic 
carbon found in area 8 are likely to reflect the charac- 
teristically high organic matter content of redzinas, the 
soils which dominate this study area. The variability 
in the organic carbon content of suspended sediment 
collected within the individual study areas (except area 
8) is also limited (Fig. 2). 

Cation exchange capacity 

The mean CEC of suspended sediment collected 
from the individual study areas ranged from 26.6 to 
67.5 cmolc kg“^ with statistical comparison confirm- 
ing significant contrasts (Mann-Whitney test p < 
0.01) between the CEC of suspended sediment collec- 
ted from each study area. These contrasts are likely 
to reflect the influence of geology and soil type, par- 
ticularly in terms of texture and mineralogy and pe- 
dological diagenesis. The variability in the specific 
surface area and organic carbon content of suspended 
sediment previously reported, may also contribute to 
the observed spatial variability in the CEC, due to the 
statistically significant relationships between CEC and 
both the organic matter content (r = 0.59) and the 
specific surface area (r = 0.62) of suspended sedi- 
ment collected in this study. The substantial degree 
of variability, which also exists in the CEC of sus- 
pended sediment collected within each study area, is 
demonstrated by both Figure 2 and the relatively high 
coefficients of variation listed in Table 2. This sug- 
gests that local factors (e.g. land use) may also exert a 
significant influence on CEC. 

Total nitrogen 

The mean total nitrogen content of suspended sedi- 
ment collected from each study area ranged from 0.40 
to 0.94%. There is no statistically significant vari- 
ation between the individual areas. Similarly, with 
the exception of area 8 little variability was observed 
in the total nitrogen content of suspended sediment 
collected from individual sampling sites within each 
study area (Fig. 2), suggesting that total nitrogen con- 
tent of suspended sediment is not directly affected by 
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Table 2. Mean values of a range of suspended sediment properties sampled from the 10 study areas 



Area 


1 


2 


3 


4 


5 


6 


7 


8 


9 


10 


dso 


6.2 


7.3 


8.3 


7.2 


7.8 


6.5 


7.8 


8.3 


6.6 


6.2 




(±9%) 


(±9%) 


(±12%) 


(±13%) 


(±20%) 


(±20%) 


(±10%) 


(±39%) 


(±28%) 


(±15%) 


<2/xm 


22.7 


18.8 


19.3 


22.4 


20.1 


23.5 


14.4 


23.8 


24.4 


25.5 




(±16%) 


(±9%) 


(±7%) 


(±8%) 


(±8%) 


(±13%) 


(±12%) 


(±24%) 


(±11%) 


(±8%) 


SSA 


0.81 


0.73 


0.70 


0.78 


0.71 


0.79 


0.62 


0.78 


0.84 


0.84 




(±14%) 


(±18%) 


(±9%) 


(±18%) 


(±7%) 


(±24%) 


(±10%) 


(±37%) 


(±21%) 


(±18%) 


OC 


5.0 


5.5 


5.2 


6.7 


5.2 


5.3 


6.6 


12.8 


4.5 


6.4 




(±15%) 


(±24%) 


(±18%) 


(±16%) 


(±29%) 


(±17%) 


(±6%) 


(±45%) 


(±25%) 


(±19%) 


CEC 


40.6 


26.6 


28.4 


29.6 


26.6 


44.3 


31.6 


67.5 


35.4 


61.6 




(±43%) 


(±52%) 


(±48%) 


(±36%) 


(±21%) 


(±38%) 


(±28%) 


(±33%) 


(±25%) 


(±42%) 


TN 


0.50 


0.42 


0.42 


0.54 


0.40 


0.44 


0.57 


0.94 


0.42 


0.55 




(±34%) 


(±18%) 


(±18%) 


(±21%) 


(±25%) 


(±17%) 


(±6%) 


(±54%) 


(±23%) 


(±11%) 


TP 


691.8 


467.3 


670.5 


718.7 


528.7 


524.3 


702.4 


791.6 


601.0 


645.2 




(±28%) 


(±11%) 


(±42%) 


(±20%) 


(±28%) 


(±16%) 


(±9%) 


(±28%) 


(±13%) 


(±13%) 


OP 


26.0 


30.0 


31.8 


34.9 


32.6 


32.7 


41.8 


34.6 


26.9 


34.3 




(±8%) 


(±22%) 


(±24%) 


(±23%) 


(±25%) 


(±32%) 


(±16%) 


(±24%) 


(±17.4%) 


(±29%) 


A1 


6614 


9310 


8697 


5661 


6790 


8824 


11275 


4618 


5464 


8788 




(±23%) 


(±26%) 


(±18%) 


(±15%) 


(±27%) 


(±14%) 


(±14%) 


(±28%) 


(±14%) 


(±6%) 


Cu 


42.1 


45.2 


39.1 


53.5 


29.0 


47.0 


37.5 


53.3 


40.4 


49.0 




(±17%) 


(±48%) 


(±39%) 


(±55%) 


(±26%) 


(±19%) 


(±19%) 


(±36%) 


(±22%) 


(±23%) 


Mn 


1694 


1372 


1337 


1128 


859 


807 


1298 


797 


461 


742 




(±54%) 


(±9%) 


(±10%) 


(±29%) 


(±35%) 


(±22%) 


(±28%) 


(±31%) 


(±27%) 


(±25%) 


Ee 


17300 


31440 


27097 


14729 


15267 


15282 


26968 


10890 


18326 


22435 




(±9%) 


(±30%) 


(±7%) 


(±12%) 


(±11%) 


(±14%) 


(±9%) 


(±22%) 


(±5%) 


(±17%) 


Sr 


132.2 


71.2 


115.4 


130.7 


100.6 


125.7 


110.3 


382.6 


188.0 


284.0 




(±32%) 


(±39%) 


(±60%) 


(±30%) 


(±80%) 


(±26%) 


(±16%) 


(±25%) 


(±51%) 


(±28%) 


Zn 


144.1 


145.6 


148.7 


119.0 


118.4 


172.2 


138.6 


157.7 


126.0 


172.4 




(±8%) 


(±28%) 


(±29%) 


(±11%) 


(±19%) 


(±19%) 


(±19%) 


(±17%) 


(±21%) 


(±24%) 


Pb 


50.2 


50.8 


40.9 


52.4 


36.8 


50.0 


42.4 


60.0 


47.7 


41.0 




(±13%) 


(±15%) 


(±12%) 


(±22%) 


(±22%) 


(13.24) 


(±26%) 


(±33%) 


(±31%) 


(±22%) 



Values expressed as mg kg“^ except specific surface area (SSA), m^g“^ ; d 5 o, /xm; cation exchange capacity (CEC), cmolckg“^ ; < 
2/xm, organic carbon (OC), total nitrogen (TN), organic phosphorus (OP), %. 

Coefficient of variation given in parentheses. 



catchment characteristics. The differences observed in 
the total nitrogen content of suspended sediment are 
likely to reflect the variability in organic carbon con- 
tent since most nitrogen is organically bound and the 
two properties are significantly correlated (Table 5). 

Phosphorus 

The mean TP concentration of suspended sediment 
collected from each of the 10 study areas ranged from 
467.3 to 791.6 mg kg“^ with the organic fraction 
contributing between 26.0 and 41.8%. The results of 
a statistical comparison of the total and organic phos- 
phorus content of suspended sediment from each study 
area are provided in Table 4, which highlights sig- 



nificant (Mann- Whitney test, p < 0.01) contrasts 
between several of the study areas. For example, sus- 
pended sediment collected from area 2, underlain by 
the Crackington formation is characterised by a signi- 
ficantly lower total phosphorus content than areas 3, 
7, 8, 9 and 10. The coefficients of variation presented 
in Table 2 and the relatively large boxes in Figure 2, 
also indicate that considerable variability in both the 
total and organic phosphorus exists within some study 
areas. This suggests that the amount of sediment 
bound phosphorus and the magnitude of the organic 
phosphorus fraction are controlled by a combination 
of both geological and local catchment characteristics. 
The apparent effect of geology on the total phosphorus 




Table 3. Results of the Mann-Whitney test used to identify differences in the d 5 o 
particle size, % clay (<2 /xm) and specific surface area of suspended sediment 
collected from the 10 study areas 
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Area 1 


1 2 3 


4 


5 


6 


7 


8 


9 


10 


1 


•+* +•* 


n.s 


+• 


n.s 


+•* 


n.s 


n.s 




2 


n.s 


+* 


n.s 


•+* 


+* 


+* 


•+* 


•+* 


3 




•+* 


n.s 


•+* 


+* 


+* 


•+* 


•+* 


4 






n.s 


n.s 


•+* 


n.s 


•+* 


•+* 


5 








•+* 


+* 


+ 


•+* 


•+ 


6 










•+* 


n.s 


n.s 


+ 


7 












+* 


•+* 


•+* 


8 














n.s 


n.s 


9 
















n.s 


10 



















• = d 5 o significantly different (Mann-Whitney, p < 0.01) * = % clay contents 
significantly different (Mann-Whitney, p < 0.01). 

+ = specific surface area significantly different (Mann-Whitney, p < 0.01). 



content of suspended sediment is not unexpected since 
the main inorganic forms of phosphorus are associ- 
ated with Al, Fe and Mn hydroxides (i.e. non-apatite 
phosphorus) or with soluble calcium phosphate miner- 
als (i.e. apatite phosphorus). However, no significant 
correlations between the total phosphorus content of 
suspended sediment and the content of Mn, Al and 
Fe were observed. Differences in the OP content 
of suspended sediment could also be a reflection of 
the spatial variability in OC, since the relationship 
between OP and OC is characterised by a weak but 
significant correlation, although no significant correl- 
ation is evident with TP (Table 5). Neither TP nor OP 
are significantly correlated with specific surface area, 
and spatial trends in TP and OP are therefore unlikely 
to be related to those observed in SSA (Table 5). 

Metal concentrations 

The mean metal concentrations of suspended sediment 
collected from each study area (Table 2), evidence 
appreciable spatial variability in the concentration of 
sediment-associated metals, particularly Al, Mn, and 
Fe. Aluminium and Mn are both derived primarily 
from parent material and the observed variability is 
likely to reflect the different rock types in the study 
areas. Fe is also a major constituent of soils and its 
variability is again probably a reflection of the vary- 
ing soil types over the 10 study areas. However, the 
relatively large coefficients of variation presented in 
Table 2 indicate that there is considerable variability in 
the concentration of some metals, in particular Al, Cu, 



Table 4. Results of Mann-Whitney test to identify differences 
in the total and organic phosphorus content of suspended 
sediment collected from the 10 study areas 



Area ] 


[ 2 3 


4 


5 


6 


7 


8 


9 


10 


1 


• •+ 


+ 


• 


•+ 


+ 


n.s 


n.s 


n.s 


2 


• 


• 


n.s 


n.s 


•+ 


• 


• 


• 


3 




• 


n.s 


n.s 


•+ 


• 


n.s 


• 


4 






• 


• 


+ 


n.s 


+ 


+ 


5 








n.s 


+• 


• 


• 


• 


6 










• 


• 


+• 


• 


7 












+ 


+ 


+ 


8 














• 


• 


9 
















n.s 


10 



















•TP significantly different {p < 0.01). 
+ OP significantly different {p < 0.01). 



Mn, and Sr, in suspended sediment collected within 
the same study area. This emphasises the importance 
of local conditions for example, the relative import- 
ance of different sediment sources, in determining the 
concentrations of sediment-bound metals. Variability 
in the OC content and the SSA of suspended sediment 
and also its clay mineralogy may also contribute to 
the observed spatial trends in some metals (Table 3), 
since the concentrations of some metals are signific- 
antly correlated with the OC content and the SSA of 
suspended sediment (Table 5) 




166 



Conclusions 

The results presented above have demonstrated signi- 
ficant contrasts between the individual study areas in 
some of the measured properties of suspended sedi- 
ment, with underlying geology and soil type giving 
rise to significant contrasts in the chemical and phys- 
ical properties of suspended sediment. However, des- 
pite the significant contrasts between study areas, the 
overall variability in some suspended sediment prop- 
erties such as SS A and OC, encountered in the study is 
quite limited. The statistical analysis of the results that 
has confirmed significant spatial variability in several 
properties, suggests that whilst some of the proper- 
ties fall within a relatively narrow range, there are 
subtle yet significant differences between study areas, 
thereby reflecting the influence of geology and related 
factors on the properties of suspended sediment. Per- 
haps more surprising is the degree of intra-study area 
variability in the properties of suspended sediment, 
when geology and soil types can be assumed to be 
essentially constant. This emphasises the important 
influence of specific site characteristics, such as land 
use, topography and sediment source, on suspended 
sediment properties. The generally low correlation as- 
sociated with the relationships between the properties 
of suspended sediment and OC and SSA, suggests that 
whilst traditionally considered to exert an important 
influence on suspended sediment properties, OC and 
SSA have been found to be of limited importance in 
accounting for the variability in suspended sediment 
properties documented by this study, relative to other 
controls associated with catchment characteristics. 

Further statistical analysis and interpretation of the 
results presented are required to identify the effects of 
individual catchment characteristics on the properties 
of suspended sediment, and thereby improve existing 
understanding of the factors that control suspended 
sediment properties. This could provide a basis for 
developing procedures for predicting suspended sed- 
iment properties from a prior knowledge of catchment 
characteristics, in order to complement existing work 
aimed at predicting the magnitude of sediment loads 
and sediment yields and tracing sediment source areas 
in a catchment. 
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Table 5. The correlation between suspended 
sediment properties and the organic carbon 
content (OC) and specific surface area (SSA) 
of suspended sediment 



Property 


OC (r) 


SSA(r) 


Organic carbon 


- 


n.s 


Cation exchange 
capacity 


0.59 


0.62 


Total nitrogen 


0.96 


n.s 


Total phosphorus 


n.s 


n.s 


Organic phosphorus 


0.32 


n.s 


Aluminium (Al) 


0.32 


0.32 


Zinc (Zn) 


n.s 


n.s 


Manganese (Mn) 


n.s 


n.s 


Iron (Fe) 


0.30 


0.30 


Strontium (Sr) 


0.52 


0.52 


Lead (Pb) 


0.44 


0.44 


Copper (Cu) 


0.26 


0.26 
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Abstract 

At present, the landscapes in the former communist countries of Eastern Europe are undergoing a second major 
change in 50 years. After World War II, collective agricultural systems, such as the United Agricultural Cooperat- 
ives and the State Earms, were established. Eollowing the example of the Soviet Union, individual fields were put 
together in order to enable mass production. This, however, led to an enormous acceleration of erosion and sediment 
transport processes on arable land. Since the fall of the communist regimes in 1990, farmers, or their successors, 
can claim back their original property. The large collective fields are split up in smaller spatial units. The land that 
is not claimed back is abandoned. This new transition has again a huge impact on soil erosion and sediment export 
to rivers and reservoirs. In order to control and optimize the transition from collective to private farming systems, 
land arrangement administrations need modeling tools to simulate the geomorphic impact of possible future land 
use scenarios. In this paper, SEDEM, a spatially distributed sediment delivery model, is calibrated and validated 
with measured sediment yield data from Czech drainage basins. The results suggest that SEDEM is able to predict 
the impact of land use changes on the mean annual sediment supply to rivers. Next, SEDEM is applied to assess 
the impact of a range of possible future landscape scenarios such as the splitting up of large fields in smaller spatial 
units and conversions from arable land to pasture. 



Introduction 

The landscapes in most eastern European countries 
that came under a communist regime after the Second 
World War were completely re-organised. In the first 
half of the 20th century, the average size of arable 
parcels in the Czech Republic was in an order of 
magnitude of a few hectares. Erom 1948 onwards, 
the communist government started, under the super- 
vision of the Soviet Union, with a collectivization of 
the agricultural land. Two types of agricultural pro- 
duction units were installed: the United Agricultural 
Cooperatives and the State Earms. The United Ag- 
ricultural Cooperatives consisted of a union of the 
original former landowners, although individual farm- 
ers had no influence on the way their land was used. 
The state farms were agricultural enterprises of a few 
thousand hectares managed by the state. 



The collectivization process had a dramatic impact 
on the landscape structure: the matrix of individual 
fields dissappeared completely. Eollowing the example 
of the Soviet Union, individual fields were put together 
in order to create fields with a size and shape that en- 
abled mass production technologies (Eig. 1). The new 
single field size were in the order of a few hundreds 
hectares in area which led to an enormous accelera- 
tion of erosion and sediment transport processes on 
arable land. Moreover, the collectivization led to an 
increase in the area of arable land as many pastures and 
meadows were converted. In many cases, land degrad- 
ation was even more accelerated by the introduction of 
crops that were not suited to the local conditions (such 
as maize on unfertile parcels with steep slopes). The 
original extensive animal production based on graz- 
ing was converted into intensive animal production 
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Figure 1. Rural village in the south-west of the Czech republic (left before collectivization, 1953, right after collectivization, 1987). 



in stables, which required the growing of modified 
feeding mixtures. These transformation processes de- 
graded the quality of the soil and caused important 
non-point pollution of the surface waters. 

At present, the landscape structure in the Czech 
Republic is undergoing the second major change in 50 
years (Vrana et al., 1998). Since the political changes 
in 1989, the original landowners or their successors 
can claim their original property. Therefore, the large 
parcels of the cooperatives or the state farms are split 
up again. 

The land arrangement administration in the Czech 
Republic as in general the administrations in all east- 
ern European countries that were under communistic 
regimes, are faced with a very challenging but ex- 
tremely complicated task to reorganize the whole land- 
scape structure in order to develop sustainable systems 
taking into account both actual and possible future 
landscape functions. One of the main issues, that 
the reorganization of the landscape structure should 
tackle, are the problems related to the erosion and 
sediment fluxes on the large fields that were set up 
under the former communistic regime. Land man- 
agers and policy makers in these countries therefore 
need reliable tools to evaluate the impact of possible 
new landscape structures on soil erosion and sediment 
transport processes (Morgan, 1996). 

In this paper, the SEDEM models (SEdiment DE- 
livery Model, Van Rompaey et al., 2001) was used. 
SEDEM was successfully calibrated and validated 
originally for agricultural areas in central Belgium. 
The objective of this paper is to examine whether 
the SEDEM model structure can be applied in land- 
scapes with different agricultural and topographical 
properties. Measured sediment export volumes from 
relatively small drainage basins (32-400 km^) were 



used for model calibration. The calibrated model was 
then applied at larger spatial scales and the impact of 
possible future land use scenarios was evaluated. 

Calibration and validation for smaller drainage 
basins 

Model structure 

SEDEM is a sediment delivery model that predicts 
how much sediment is transported to the river chan- 
nel on a yearly basis. Eor a detailed description of the 
model structure we refer to Van Rompaey et al. (2001). 
In contrast with many existing spatially lumped mod- 
els, SEDEM is a spatially distributed model, which 
means that the landscape is divided in small spatial 
units or pixels. Empirical testing suggested that for an 
acceptable model performance the size of the pixels 
should not exceed 100 m x 100 m (Van Rompaey et 
al., 2001) In each of the pixels, a mean annual sedi- 
ment production and a mean annual transport capacity 
is calculated. By means of a routing algorithm, each 
cell is connected with the river via a unique flow path. 
If the local transport capacity exceeds the incoming 
sediment volume, the sediment is transferred further 
downslope. If the local transport capacity is lower than 
the incoming sediment volume sedimentation occurs. 
Sediment that reaches the river channel is considered 
to leave the drainage basin. 

Mean annual sediment production (ton/grid cell) is 
calculated with the RUSLE (Equation (1). Renard et 
al, 1997). 

A = RKLSCP, (1) 

where A = the mean annual soil erosion rate (t 
ha“^ y~^), R = the rainfall erosivity factor (MJ mm 
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Table 1. Average annual sediment yield data in the Czech Republic (Dostal et al., 2002) 



Drainage 

basin 


Size 

(W) 


Average 

slope 

(%) 


% 

arable 

land 


Obs. 

Period (y) 


Obs. 

Method 

(*) 


SY 

(ty-1) 

(°) 


SSY 

(tha“^ y“^) 
(+) 


Kvetonov 


32 


8.6 


41.6 


5 


WD 


6400 


2.01 


(1994) 

Kvetonov 


32 


8.6 


21.1 


4 


WD 


1600 


0.51 


(1999) 

Hamry 


56 


5.3 


23.1 


32 


WD 


460 


0.82 


Nemcice 


80 


6.7 


58.5 


16 


EX 


5900 


0.74 


Trnavka 


339 


7.1 


58.0 


13 


EX 


7100 


0.21 


Sedlice 


412 


7.0 


54.1 


65 


EX 


12500 


0.30 



(*) Observation Method: WD = measurement of water depths in the reservoir, EX = measurement 
of excavated sediment volumes. 

(°) SY =average annual sediment yield (t y“^). 

(+) SSY = average annual area-specific sediment yield (t ha“^ y“^)- 



ha“^ y~^), K = the soil erodibility factor (t h 
MJ“^ LS = the topographic factor (-), C: the 

crop management factor (-), P = the erosion control 
practice factor (-) 

The soil erodibility (K), the crop management 
factor cover (C), the rainfall erosivity factor (R) and 
the erosion control practice factor (P) are assessed us- 
ing standard RUSLE procedures. For the topographic 
factor (LS) a 2D-routing algorithm is applied in which 
the 1 -dimensional upslope length is replaced by a unit 
contributing area. At parcel borders the contributing 
area is lowered by 50%. The latter procedure is ex- 
plained in detail by Desmet & Covers (1996) and Van 
Cost et al. (2000). Field observations indicate that this 
two-dimensional approach of the RUSLE not only ac- 
counts for interrill and rill erosion but also to some 
extent for ephemeral gully erosion as effects of flow 
convergence are explicitly accounted for (Desmet et 
al, 1999). 

The local transport capacity (TC) is considered to 
be directly proportional to the potential for rill erosion 
(Equation (2)). 

TC = ^TC*Epriii, (2) 

where TC = the transport capacity (t ha“^ m“^), Kjc 
= the transport capacity coefficient (m), Epriii = the 
potential for rill erosion (t ha“^ y~^)- 

The potential for rill erosion (Epnii) is calculated 
using the equation proposed by McCool et al. (1989). 
The transport capacity coefficient (Kjc) is a measure 
for the sediment transmissivity of a landscape element. 

-values for different land use types have to be 
assessed by means of calibration. 



Model calibration 

The sediment production component of SEDEM is 
based on the RUSLE. Calibration of the RUSLE para- 
meters for the Czech republic was carried out by 
Dostal et al. (2002). Van Rompaey et al. (2001) cal- 
ibrated the transport capacity coefficients of SEDEM 
for different land use types in rural areas in central 
Belgium. For this study the transport capacity coef- 
ficients of SEDEM were recalibrated using measured 
sediment yield data from Czech drainage basins. Sed- 
iment yield data were available for 5 drainage basins 
in the Czech republic that have a large reservoir at the 
outlet (Fig. 2). 

Sediment yields were derived from excavated sed- 
iment volumes or from measured water depths within 
the reservoirs (Dostal et al., 2002). Brunes rule (Brune, 
1953) was used to assess the trap efficiency of each 
reservoir. For the Kvetonov drainage basin, sediment 
yield data were available for two periods 1989-1993 
and 1994-1999. In 1994, 50% of the arable land in 
the Kvetonov drainage basin was converted into fal- 
low which led to a significant lowering of the sediment 
yield (Table 1) 

SEDEM was applied to each of these drainage 
basins. SEDEM was run with a raster-DEM at a 
50 m resolution derived from 1:25 000 contour maps 
(VTOPU Dobruska, Czech Military Institute of Car- 
tography). Different land use types were derived from 
CORINE land use maps (CORINE, 1992). RUSLE K- 
factors were derived from the national soil maps at a 
scale of 1:200000. 

Because of the limited number of sediment yield 
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observations, transport capacity coefficients for only 2 
types of land use were calibrated: arable land (^tca) 
and non-arable land (^tcn), e.g. pastures and forests. 
For each drainage basin of the dataset the model was 
run with Kjca values ranging from 0 to 100 m and 
Kjcn ranging from 0 to 50 m. This allowed a com- 
parison of the measured and predicted values for each 
parameter combination. The model efficiency coeffi- 
cient (ME) as proposed by Nash & Sutcliffe (1970) 
was used as a measure of likelihood (Equation (3)). 



I^(kobs - kpred)^ 
^(kobs “ kmean)^ 



( 3 ) 



where: ME = the model efficiency, Fobs = the observed 
value, Epred = the predicted value, Fmean = the mean 
observed value. Values for ME range from — oo to 1. 
The closer ME approximates 1, the better the model 
will predict individual values. 

The results of these simulations are plotted in Fig- 
ure 3. The results show maximal ME-values for Kjca 
at 50 m and for Kjqn at 20 m. This means that SE- 
DEM has an optimal performance when the transport 
capacity (TC) is calculated with these Kjc values. 

The optimal Kjc values using the Czech dataset 
are somewhat lower than the optimal Ktc values as 
proposed by Van Rompaey et al. (2001), using a sedi- 
ment yield dataset with drainage basins from central 
Belgium. The calibration curves in Figure 3 show, 
however, a very flat top for both the optimal Kjcn 
and to a lesser extent for the Kjca values. This means 



that the uncertainty on the optimal parameter values is 
too large to conclude that Kjc values for Czech land- 
scapes are significantly different form Kjc values for 
landscapes in central Belgium. With the optimal para- 
meter values a model efficiency coefficient of 0.58 is 
obtained. Modelled versus predicted values are plotted 
in Figure 4. 

The results show that SEDEM is able to rank the 
different drainage basins correctly according to their 
sediment yield. Moreover the Kvetonov data (white 
dots in Fig. 4) show that the model is able to assess the 
impact of land use changes on sediment yield within a 
drainage basin. Nevertheless, the predicted mean an- 
nual sediment yield for the Kvetonov drainage bassin 
in the period 1989-1993 is a much lower than the ob- 
served sediment yield in that period. This may be due 
to the fact that some exceptional wet years occurred in 
relatively short measuring period. A thorough analysis 
of rainfall records could validate this hypothesis. 



Scenario analysis at a larger scale 

After the calibration SEDEM was applied at the Or- 
lice drainage basin in the northern part of the Czech 
Republic (Fig. 2). The Orlice drainage basin of 
1960 kmBFD has an average slope of 8.4%. The av- 
erage slope of the arable land (43% of the total area) 
is 6.0% because forest covers the steepest parts of the 
drainage basin. Under the present circumstances, the 
mean soil erosion rate in the drainage basin is assessed 




173 



0.8 - 
0.6 
0.4 
0.2 
0.0 
- 0.2 
- 0.4 - 

- 0.6 i 
- 0.8 ' 
- 1.0 ‘ 



i i 



Ktca (m) 



0.8 
0.6 I 

4 

0.4 i 

t 

0.2 f 
0.0 1 
-0.2 I 

- 0.4 

-0.6 i 
4 

- 0.8 { 
- 1.0 



B 



30 

Ktcn (m) 



Figure 3. Calibration of the SEDEM transport capacity coefficient for arable land (^tca in ni) (A) and for non-arable land (Kjq^ in m) (B). 
ME = model efficiency. 



at 3.2 t ha“^ (SEDEM prediction). As the arable 
land is on average close to the river channels, without 
buffer areas of forest, the drainage basin has a relat- 
ively high sediment delivery ratio of 28%. The average 
yearly sediment yield was assessed at 174 600 1 y“^ 

Eour possible future land use scenarios for the 
Orlice drainage basin were defined: 

Scenario 1: Splitting up of the collective fields in 
fields with an average size of 30 hectares. This scen- 
ario corresponds with EU-guidelines to split very large 
fields in to smaller ones within the framework of land- 
scape revitalization. Thirty hectares is more or less the 
optimal field size from an economic point of view. The 
economic efficiency is not higher for fields larger than 
30 ha. Such a scenario could be realized in the frame- 
work of the new land arrangement projects. The new 
hypothetical parcels were generated at random using 
the random allocator of Idrisi32 (®IDRISI). 

Scenario 2: Conversion of arable fields into per- 
manent grassland. This scenario represents a pos- 
sible shift from crop cultivation to extensive livestock 
breeding. Arable land - pasture conversions of 5, 10, 
15 and 20% (scenarios 2.1, 2.2, 2.3. and 2.4) were 
simulated by at random selection of the arable parcels. 

Scenario 3: Conversion of the arable land into 
permanent grassland on the steepest slopes. This scen- 
ario is more realistic than a random conversion be- 
cause farmers are economically stimulated to take 
their worst land out of production. At present this kind 
of conversions is already applied in many parts of the 
drainage basin. Conversion areas of 5, 10, 15 and 20% 
(scenarios 3.1, 3.2, 3.3. and 3.4.) were simulated. 



Scenario 4: A decrease of the crop management 
factor (RUSLE-C). This scenario is realistic when ag- 
ricultural policy makers encourage farmers to modify 
the crop management and to reduce the growing of 
erosion-prone crops such as maize. A decrease of the 
C-factor with 5, 10, 15 and 20% (scenarios 4.1., 4.2., 
4.3., and 4.4.) was simulated. 

The results of all the simulations are listed in 
Table 2. A transition from the present parcel config- 
uration to a pattern with an average parcel size of 
30 ha would reduce the mean annual erosion rate by 
12.5% and the average annual sediment yield with 
33%. Erosion rates are lower because the length of the 
slopes is reduced. Sediment yield is decreased even 
further because of a double effect: less sediment is 
produced and there are more field boundaries where 
the sediment can be trapped. 

The impact of scenarios 2 and 3 on erosion and 
sediment yield are shown in Eigure 5. A random con- 
version of arable land to pasture in the Orlice drainage 
basin has a more or less linear impact on soil erosion 
and sediment yield. The relative decrease in mean soil 
erosion is more or less in correspondence with the re- 
lative decrease of the area of arable land: a random 
conversion of 20% of the arable land to pasture, for 
example, leads to a 20% decrease in the mean soil 
erosion rate. The relative decrease in the sediment 
yield is somewhat less pronounced than the relative 
decrease of the mean soil erosion rate, which indicates 
that much of the sediment that would be trapped in the 
new pastures, doesn’t reach the river channels in the 
present landscape. 




PREDICTED SY (t/y) 
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Figure 4. Observed versus modelled sediment yield (SY in t y ^)(A) and area specific sediment yield (SSY in t ha ^ y (B). The two 
SY-records for the Kvetonov drainage basin are visualized with white squares. 



Table 2. Impact of possible scenarios on soil erosion and sediment yield in the Orlice drainage basin 



Scenario 




% arable 
land 


Mean annual 
erosion rate 
(tha“^ y 


SY 

(ty-1) 

(*) 


SSY 

(tha-1 y-1) 
(°) 


SDR 

(+) 


Present situation 




43.1 


3.20 


174600 


0.89 


0.278 


Average field size 30 ha 




43.1 


2.80 


112900 


0.58 


0.206 


Conversion arable 


5% 


40.9 


2.69 


109500 


0.56 


0.208 


fields to grassland at 


10% 


38.8 


2.56 


105400 


0.54 


0.210 


random 


15% 


36.6 


2.40 


101400 


0.52 


0.216 




20% 


34.4 


2.28 


96800 


0.49 


0.217 


Conversion arable 


5% 


40.9 


2.30 


87100 


0.44 


0.193 


fields to grassland 


10% 


38.8 


1.95 


70900 


0.36 


0.186 


on steepest slopes 


15% 


36.6 


1.75 


64300 


0.33 


0.187 




20% 


34.4 


1.50 


56600 


0.29 


0.193 


Modified crop 


5% 


43.1 


2.65 


110100 


0.56 


0.212 


management: 


10% 


43.1 


2.53 


107100 


0.55 


0.216 


decrease of RUSLE 


15% 


43.1 


2.38 


104000 


0.53 


0.223 


C-factor with: 


20% 


43.1 


2.25 


100700 


0.51 


0.228 



(*) SY =average annual sediment yield (t y“^). 

(°) SSY = average annual area-specific sediment yield (t ha“^ y“^)- 
(+) SDR = sediment delivery ratio. 
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Figure 5. Impact of random and planned conversion to pasture in the Orlice drainage basin on soil erosion and sediment yield. 



If the arable land with the steepest slopes is con- 
verted, the impact on soil erosion and sediment yield 
is much higher: a conversion of 20% of the steep- 
est arable land leads to a 45% decrease in the mean 
soil erosion rate. The predicted trend is clearly not 
linear: taking the first 10% of arable land out of pro- 
duction has a much higher impact than the next 10%. 
In the case of ‘planned’ conversions to grassland the 
impact on sediment yield is bigger than the impact 
on soil erosion. A conversion of 20% of the steepest 
arable land leads to a 50% decrease in sediment yield. 
This means that the sediment delivery ratio (SDR) 
decreases if arable land is converted on the steepest 
slopes, which can be explained by the fact that the 
most important linkages between the sediment sources 
and the river channels in the Orlice drainage basin are 
the steepest slopes. 

A better crop management (scenario 4, Table 2) 
leads to a linear decrease in the mean soil erosion 
rate. The model simulations show a slight increase 
in the SDR if the RUSLE C-factor is lowered. This 
can be explained by the fact that at some places in the 
drainage basin the sediment flux is transport capacity 
limited. If the sediment production is lowered a higher 
fraction of the available sediment will be transported 
at these places. 



Conclusions 

The application of SEDEM, a spatially distributed sed- 
iment delivery model that was validated and calibrated 
for drainage basins in central Belgium, suggested that 
the modelling structure is also valid for landscapes 
in the Czech Republic. Sediment yield data from 6 
drainage basins were used to recalibrate the sediment 
transport parameters of the model. The optimal para- 
meters that were found for the Czech drainage basins 
are a lower than those for central Belgium. The cal- 
ibration curves show, however, a very flat top, which 
implies that there is a lot of uncertainty on the calib- 
rated values. Eor a better calibration, more sediment 
yield data are necessary. The model results show that 
SEDEM is able to predict relatively well the impact of 
land use changes on the mean annual sediment yields. 

At present, landscape reorganization is one of the 
main issues in the eastern European countries. The im- 
pact of 4 possible future land use change scenarios was 
evaluated for the Orlice drainage basin in the north of 
the Czech Republic. The results show that a reduction 
of the field size to an average of 30 ha would reduce 
the mean annual sediment yield by more than 30%. 
Other possible erosion control measures are the con- 
version from arable land to pasture on the most critical 
places or modified crop management. The simulations 
suggest that modified crop management is more ef- 
fective to lower mean soil erosion rates than the mean 
sediment yields. Taking the steepest parcels out of pro- 
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duction is the most effective way to lower the mean 
annual sediment yield. 
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Abstract 

This paper outlines a novel two-stage procedure for estimating medium-term (ca. 40 years) rates of overbank 
sedimentation on British lowland floodplains, and exploring the relationship between floodplain morphology, 
floodwater hydraulics and fine sediment storage. The first stage utilises a two-dimensional hydraulic model that 
solves the depth-averaged shallow water equations over a high resolution topographic grid. This model is used 
to predict distributed patterns of flow depth and velocity within floodplain reaches approximately 0.4-0. 6 km in 
length for floods of varying magnitude. These hydraulic data are then used, in conjunction with a simple sediment 
transport and deposition model, to estimate rates and patterns of floodplain sedimentation. This procedure was 
applied to a series of eight sites on the floodplain of the River Culm, Devon, UK, with contrasting morphological 
characteristics (e.g., channel sinuosity, channel numbers and dimensions, bankfull discharge, floodplain width, 
etc). The hydraulic modelling procedure was validated using ground and oblique aerial photography of flood- 
water inundation patterns. Estimates of medium-term sedimentation derived from ^^^Cs analysis of floodplain 
sediment cores were used to calibrate the sediment deposition model. Results indicate that within-reach variability 
in sedimentation rates reflects small-scale topographic controls on local flow characteristics and sediment transport 
and deposition processes. In contrast, between-reach variations in total sediment storage are largely a product 
of downstream changes in gross valley floor morphology and flood frequency. Preliminary estimates of the total 
sediment flux to the floodplain of the River Culm for the basin as a whole are consistent with previous estimates 
and highlight the importance of floodplain sedimentation as a component of the overall catchment sediment budget. 



Introduction 

In recent years growing awareness of the role of low- 
land river floodplains as sinks for fine sediment and 
associated contaminants has highlighted the need to 
develop new procedures for monitoring rates and pat- 
terns of overbank sedimentation. Radionuclide studies 
of British lowland floodplains have measured mean 
annual deposition rates of the order of 0-1 g cm“^ 
year“^ (Walling & He, 1997) and identified flood- 
plains as important components of the catchment 
sediment budget (Walling et ak, 1999). Inter- and 
intra-basin variations in sedimentation rates reflect a 
range of factors including differences in flood regime, 
valley floor geometry, channel dimensions, sediment 



load and grain size, and floodplain vegetation charac- 
teristics. Further to this, localised spatial variability in 
deposition rates within individual floodplain reaches 
has been identified and attributed to the influence of 
floodplain topography upon overbank flow character- 
istics and sediment transport processes (Nicholas & 
Walling, 1997; Middlekoop & Van der Perk, 1998; 
Walling & He, 1998). 

As a result of the high level of spatial variabil- 
ity exhibited by floodplain sedimentation rates over a 
range of scales, field measurement techniques alone 
are unlikely to provide an effective means of quanti- 
fying fine sediment storage amounts at the catchment 
scale. Consequently, there is a need to couple exist- 
ing methods of data collection with new theoretical 
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approaches that allow such estimates to be derived. 
Simple exponential relationships between deposition 
rates and distance from the channel have been de- 
veloped (e.g., Pizzuto, 1987) and are supported to 
some extent by field data (Walling et al., 1996). How- 
ever, such models provide only a first order approx- 
imation of reality and neglect the role of planform 
flow structures driven by morphological features such 
as levees, depressions and abandoned channels. More 
recently, several studies have demonstrated the poten- 
tial for using a variety of two-dimensional hydraulic 
models to simulate overbank flow depths and velocit- 
ies (Connell et al., 2001; Nicholas & Mitchell, 2003) 
and suspended sediment transport and deposition pro- 
cesses (Nicholas & Walling, 1997; Middlekoop & 
Van der Perk, 1998). While such approaches provide 
high-resolution spatially-distributed estimates of sed- 
imentation rates and benefit from a high level of 
process representation, they are also computationally 
expensive. Consequently, there remains a need to de- 
velop upscaling procedures that allow the results of 
such process-based models to be extended to provide 
estimates of medium-term sediment storage at the 
catchment scale. 

This paper outlines a novel two-stage procedure 
for estimating mean annual floodplain sedimentation 
rates over periods of ca. 40 years. The first stage of 
this approach involves the use of a two-dimensional 
hydraulic model to predict distributed patterns of flow 
depth and velocity within a series of floodplain reaches 
each approximately 0.5 km in length. Hydraulic data 
are then used to estimate rates and patterns of flood- 
plain sedimentation by combining a simple sediment 
deposition model with flow duration and sediment 
rating curve relationships available for the study catch- 
ment. Model calibration is accomplished using es- 
timates of medium-term sedimentation derived from 
^^^Cs analysis of floodplain sediment cores obtained at 
each site. This study reports preliminary estimates of 
medium-term fine sediment storage derived using this 
procedure, and explores the factors controlling rates of 
floodplain sedimentation at the reach and catchment 
scales. 



Study sites 

In order to investigate controls on fine sediment de- 
position eight reaches with contrasting morphological 
characteristics were selected along a 26-km length of 
the River Culm, Devon, UK (Fig. 1). Reach charac- 



teristics (catchment area, bankfull discharge, channel 
sinuosity, channel numbers and floodplain widths) are 
shown in Table 1. Further information on general 
catchment characteristics can be found elsewhere (cf. 
Lambert & Walling, 1987). Each reach was surveyed 
in detail using a Leica System 500 Global Position- 
ing System. Survey density was varied according to 
topographic complexity, but in general all morpholo- 
gical features that influence inundation mechanisms 
and patterns were mapped. Interpolation of these data 
was undertaken by kriging, using a spherical data dis- 
tribution model, in order to construct Digital Elevation 
Models (DEM) for use in the modelling procedure 
outlined below. DEM resolutions ranging from 1 to 
2.5 m were chosen according to the spatial scale and 
topographic complexity of individual reaches. 



Hydraulic modelling 



In order to simulate overbank flows at each site an 
existing two-dimensional finite volume model {Hy- 
dro2de) was employed. This model solves the con- 
servative form of the depth-averaged shallow water 
equations. The conservation of mass and momentum 
equations solved can be written as 



dh dq dr 



( 1 ) 



dq d{q^/h) d(qr/h) g d(Ji^) 

^ _ 1 djhZxy) _ 1 djhZxx) ^ ^ _ Q 

dx p dy p dx p 



( 2 ) 



dr dir^lK) d{qr/h) g d(h^) 

dt dy dx 2 dy ^ 

^ _ 1 d(hZy_,) _ 1 d(hZyy) ^ _ q 

dy p dx P dy p 



( 3 ) 



where h is the flow depth, q and r are unit discharge 
in the x and y directions, respectively, t is time, z is 
bed elevation, g is the acceleration due to gravity, p 
is the fluid density, Xxx, ’’^yy, Uy and Zyx are turbulent 
stresses determined using a zero order eddy viscosity 
model and r^x and tby are bed shear stresses calculated 
as a quadratic function of the velocity and Manning 
roughness coefficient. Full details of the numerical 
solution techniques involved can be found in Beffa & 
Connell (2001). 
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Figure 1. Floodplain study reaches along the River Culm, Devon, UK. 



Table 1. Morphological and discharge characteristics of the eight study reaches 



Reach 


Drainage 

area 

(W) 


Bankfull 

discharge 


Number of 
channels 


Sinuosity 


Floodplain 

width 

(km) 


Culmstock 


77 


8.4 


1 


1.37 


0.145 


Uffculme 


111 


23.9 


1 


1.97 


0.32 


Woodrow 


123 


18.7 


2 


1.19/1.23 


0.50 


Hayne Barton 


126 


17.3 


2 


1.77/1.38 


0.65 


Woodmill 


222 


42.2 


1 


1.03 


0.28 


Kensham 


233 


17.2 


2 


1.43/1.46 


0.35 


Killerton 


245 


17.3 


1 


1.55 


0.55 


Rewe 


274 


14.3 


1 


1.50 


0.72 



The hydraulic model was used to predict flow 
depths and velocities within the DEMs representing 
each of the eight study reaches. Additional inputs 
to the model include channel and floodplain Man- 
ning coefficients and flood hydrographs at the up- 
stream boundary of each reach. Channel roughness 
was determined by comparing observed and mod- 
elled stage-discharge relationships for inbank flows. 
Floodplain roughness was determined on the basis of 
previous simulations conducted on the River Culm 
(c.f. Nicholas & Mitchell, 2003). Two hydrographs 
were modelled at each site representing events with 
return periods of 2 years and 40 years. 



Sediment deposition modelling 

Medium-term rates of floodplain sedimentation (S) 
were modelled at each point with the DEMs represent- 
ing the eight study reaches using the following general 
equation 

^ = EerUOe;C„ (4) 

where Tg is the time spent at discharge Q each year 
(derived from a flow duration relationship), Dqi is 
the rate of deposition per unit sediment concentration 
for this discharge at location i within the reach, C/ is 
the local suspended sediment concentration, and the 
summation is carried out over all discharges between 
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bankfull (^bf) and the maximum discharge at the site 
(Smax)- Deposition rates were determined as 




where Vs is the sediment particle fall velocity, V is the 
flow velocity, Vcr is a threshold velocity below which 
sediment settles out of suspension, h is the depth of 
flow, p is the proportion of the depth occupied by 
floodplain vegetation, E is the trapping efficiency of 
vegetation and Ax is the grid spacing of the DEM. The 
first term on the right-hand- side of this equation rep- 
resents particle settling. This term is set to zero where 
V > Vcr- Particle fall velocity was specified using 
previous measurements of the settling characteristics 
of the suspended sediment load of the River Culm 
(Nicholas & Walling, 1996) obtained for a series of 
six floods over a 2-year period. The second term rep- 
resents deposition of sediment carried by water within 
the vegetation layer. The thickness of this layer was 
estimated to be 0. 1 m for the pasture floodplains under 
investigation. 

In order to estimate mean annual sedimentation 
rates using Equations (4) and (5) distributed predic- 
tions of suspended sediment concentration are re- 
quired for each study reach and flow discharge. Tra- 
ditional methods of deriving such predictions involve 
the solution of a two-dimensional advection-diffusion 
equation using iterative numerical techniques (Nich- 
olas & Walling, 1997). However, such approaches are 
computationally expensive, particularly where there 
is a need to conduct multiple simulations to exam- 
ine a range of model parameter combinations. Here 
an alternative method was developed that overcomes 
the need for the use of iterative methods. A one- 
dimensional advection-diffusion equation was used to 
calculate the reduction in sediment concentration, due 
to deposition, between cell i and cell i+l 




(Ci + C/+1 - 2C/+1/2) - DQiCi+i/2 = 0, (6) 

where q is the unit discharge flowing from i to i+l 
and e is a turbulent mixing coefficient. Assuming an 
exponential decline in sediment concentration in the 
direction of flow allows Equation (6) to be written 
as a quadratic function of the exponential decay rate. 
This resulting equation can be solved easily by non- 
iterative means. Equation (6) was applied to calculate 
the reduction in sediment concentration away from the 



main channel for each site and discharge. Main chan- 
nel sediment concentrations were determined for each 
discharge using available sediment rating curves. 



Results 

Eigure 2 shows modelled floodplain inundation extents 
at three discharges for the study reach at Kensham. In 
the initial stages of flooding low-lying areas adjacent 
to the channel experience backwater ponding. As dis- 
charge increases the inundation area expands as flood- 
water is routed across the floodplain via a network of 
ditches and interconnected depressions. Even at relat- 
ively high flows, when the majority of the floodplain 
is inundated, a complex pattern of emergent land is 
evident, with dry areas located mainly along the levees 
that border the channels. Simulated mechanisms and 
patterns of inundation are consistent with field obser- 
vations and evidence derived from ground and aerial 
photography. Eurthermore, results demonstrate the 
capability of the hydraulic model to replicate the com- 
plex relationships between floodplain topography and 
patterns of floodwater inundation that are a character- 
istic of all of the study reaches. A full discussion of 
simulated depth and velocity patterns is beyond the 
scope of this paper. However, model results confirm 
the importance of small-scale floodplain morphology 
as a control on local flow strength and direction, and 
hence on mechanisms of suspended sediment transport 
between the channel and floodplain. 

Medium-term sedimentation rates were calculated 
using the procedure outlined above for a wide range 
of combinations of the relevant parameters in Equa- 
tion (5). Modelled sedimentation rates were compared 
with estimates derived from ^^^Cs analysis of sedi- 
ment cores obtained at 20 contrasting locations within 
each floodplain reach. Methods used to determine sed- 
imentation rate estimates from ^^^Cs inventories are 
outlined fully by Walling et al. (1996) and Walling 
& He (1997). Based on the comparison of modelled 
sedimentation rates and caesium-derived estimates at 
all eight sites optimum values for Vcr and E were iden- 
tified as 0.2 m s“^ and 0.003, respectively. Calibration 
was accomplished by identifying the parameter values 
that gave the best fit between field data and model 
results using linear regression. These parameter values 
were used in all subsequent calculations reported here. 

Modelled sedimentation rates exhibit variation 
both within study reaches and at the basin-scale. Eig- 
ure 3 illustrates the frequency distribution of mean 
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Figure 2. Modelled inundation patterns at Kensham for discharges of: (a) 18 m^s ^ ; (b) 24 m^s ^ : and (c) 36 m^s ^ . Channels are shown in 
grey, inundated floodplain areas are black. 



annual sedimentation rates within each reach. The area 
of floodplain receiving deposition increases down- 
stream, although this trend is interrupted at Woodmill 
where the floodplain is constricted. Rates of sedi- 
mentation are generally <0.5 g cm“^ year“^ over the 
majority of all reaches, with the exception of those at 
Killerton and Rewe where up to 2.5 X 10"^ m^ ex- 
periences sedimentation rates in the range 0. 5-2.0 g 
cm“^ year“^ Similar maximum sedimentation rates 
occur at the six upstream sites, although only over re- 
latively small areas of the floodplain. Figure 4 shows 
the modelled mean annual sedimentation amounts at 
each site alongside the downstream trends in mor- 
phological variables and flood frequency estimates. 
Total sedimentation rates are relatively uniform up- 
stream of Woodmill and average approximately 200 
t year“^ Figure 3 illustrates that this reflects a balance 
between increasing floodplain area and decreasing 
mean sedimentation rates as one moves downstream. 
Between Woodmill and Rewe sedimentation rates in- 
crease progressive downstream to a maximum value 
of over 500 t year“^ This trend reflects the increase 
in floodplain width and frequency of inundation in 
downstream reaches. No clear relationships are evid- 
ent between sedimentation rates and channel numbers 
and sinuosity. This suggests that although these vari- 
ables may control within-reach variability and local 
patterns of sedimentation, they may have less influ- 
ence on reach-averaged sediment storage. Over the 
eight study reaches as a whole, model estimates in- 



dicate a total annual sediment flux to the floodplain 
of roughly 2000 t year“^ Given that the study sites 
cover approximately 15-20% of the total length of 
floodplain within the catchment and that the suspen- 
ded sediment load at Rewe has been estimated to be of 
the order of 9000 1 year“^ (Lambert & Walling, 1987), 
this implies that on average approximately 50-60% 
of the sediment load of the river is deposited on the 
floodplain. This estimate is consistent with previous 
calculations of the conveyance loss between Woodmill 
and Rewe which suggest that 30% of the sediment load 
may be deposited between these two sites. 



Conclusions 

This paper reports preliminary results generated using 
a new procedure for estimating reach- and catchment- 
scale rates of medium-term floodplain sedimentation. 
The coupling of a two-dimensional hydraulic model 
with a relative simple scheme for predicting sus- 
pended sediment transport and deposition appears to 
provide a computationally efficient means of generat- 
ing spatially distributed estimates of floodplain sedi- 
mentation rates. Furthermore, this approach provides 
a framework for upscaling radionuclide-derived point 
estimates of deposition rates to generate more repres- 
entative predictions of reach-averaged overbank sedi- 
mentation. Results illustrate that within-reach variab- 
ility in sedimentation rates reflects small-scale topo- 
graphic controls on local flow characteristics and sed- 
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iment transport and deposition processes. In contrast, 
between-reach variations in total sediment storage are 
largely a product of downstream changes in gross 
valley floor morphology and flood frequency. The po- 
tential to investigate the controls on both inter- and 
intra-reach variability in sedimentation rates within 
a single modelling framework offers the prospect of 
providing an improved quantitative understanding of 
controls on floodplain sedimentation acting across a 
range of spatial scales. Despite this progress, it is 
recognised that the approach adopted here is, neces- 
sarily, relatively simplistic. In particular, the use of 
constant parameter values for all sites ignores the pos- 
sibility of spatial variations in grain size characteristics 
within the study catchment. Furthermore, estimation 
of sediment concentration values using sediment rat- 
ing curves assumes the effects of temporal variations 
in sediment load between flood events even out over 
several decades. We are currently developing methods 
of evaluating model predictions within an uncertainty 
framework (Hankin et al., 2001) so as to assess the 
significance of these issues. 
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Abstract 

Cores of overbank deposits were collected from locations along the Rivers Swale and Aire in Yorkshire, U.K. The 
middle and lower reaches of the River Aire drain heavily industrialized and urbanized areas, whereas the River 
Swale drains a predominantly rural catchment, although Pb and Zn mining in the headwater areas in the 19th 
century introduced contaminated sediment. Downcore changes in the heavy and trace metal (Al, Cr, Cu, K, Pb, Sr 
and Zn) and phosphorus (P) content of the floodplain sediment were used to provide evidence of temporal changes 
in the contaminant content of the fine-grained sediment transported by the study rivers over the last ca. 100 years. 
The core collected from the downstream site on the River Aire shows upcore increases in P content, which reflects 
the expansion of the urban area during this period. Variations in the metal content of the deposited sediment over 
the period represented by the core reflect changes in the extent and type of industrial activity in the catchment. For 
the cores from the River Swale, there are no major upcore changes in the P content of the sediment, but there was 
a period characterized by increased levels of Pb and Zn which can be linked to metal mining activities. 



Introduction 

Freshwater pollution represents a major environmental 
concern throughout the world. In consequence, many 
countries are required by legislation, agreements and 
directives to reduce the discharge of potentially det- 
rimental contaminants and nutrients to watercourses, 
from both point and diffuse sources. Many nutri- 
ents and contaminants (e.g. phosphorus, and heavy 
and trace metals) are primarily associated with fine- 
grained sediment (Horowitz, 1991). Medium- to long- 
term records (i.e. >10 years) of the contaminant and 
nutrient content of river sediment are needed to place 
present-day values into a historical context, to identify 
longer-term trends and to predict likely future con- 
centrations. However, long-term records of sediment- 
associated contaminant and nutrient levels are lacking 
for most river systems within the U.K. In the absence 
of such river monitoring data, the sedimentary record 
contained within depositional environments offers the 



potential to reconstruct the contaminant and nutri- 
ent content of the suspended sediment transported by 
rivers over long periods of time. This paper reports an 
investigation which uses cores of overbank floodplain 
deposits to reconstruct the nutrient and contaminant 
content of the suspended sediment transported by the 
Rivers Aire and Swale, U.K., over the last 100 years. 

Study area 

A detailed description of the two study catchments is 
presented in Walling & Owens (2003). The Rivers 
Aire and Swale are located in Yorkshire, northeast 
England. The catchments of both rivers are sim- 
ilar in terms of size and many physical and climatic 
characteristics, but land-use differs markedly. The 
River Swale drains a predominantly rural catchment 
of 1346 km^, with moorland and pasture land-use in 
the headwaters and steeper parts of the catchment, 
and cultivated land in the lower-lying, downstream. 
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parts of the catchment. In contrast, the River Aire 
drains a heavily urbanized and industrialized catch- 
ment of 1932 km^, with a population of approximately 
2 million people. The main industries in the catchment 
include wool, textiles, chemicals, engineering, and 
food and drink manufacturing. The River Aire is heav- 
ily polluted and receives discharges of sewage effluent 
from sewage treatment works (STWs) and combined 
sewer overflows (CSOs), and discharges from industry 
and the road drainage network. Upstream of the main 
urbanized and industrialized areas, the River Aire 
drains an area characterized by moorland and pasture 
land-use. 



Methods 

Sediment cores were collected from an upstream and 
downstream site on both rivers between 1997 and 
2001: sites 2 and 6 (River Aire) and sites 1 and 4 
(River Swale) from Walling and Owens (this volume. 
Fig. 1). At each site, a core was collected using a 
motorized percussion corer. It has been necessary to 
assume that each core is representative of the flood- 
plain environment at each location. Cores were col- 
lected at sites that were undisturbed and had received 
only very limited amounts of fertiliser (thus not in- 
fluencing significantly the downcore profiles in P and 
K). The cores were sectioned into 2 cm increments, 
air-dried and gently disaggregated prior to analysis. 
Each sediment increment was passed through a 2 mm 
sieve and analysed for ^^^Cs and unsupported ^^*^Pb 
activity, by gamma spectrometry, to establish a chro- 
nology for each core. Each sediment sample was 
subsequently passed through a 63 /xm sieve and the 
<63 /xm fraction was analysed for particle size com- 
position, phosphorus (P) content, and metal (Al, Cr, 
Cu, K, Pb, Sr and Zn) concentrations (for informa- 
tion on techniques see Owens et al., 1999, Owens & 
Walling, 2002). All P and metal concentrations are 
expressed per unit dry mass. 

Core chronologies between 1963 and the time that 
the cores were collected have been established by 
equating the depth of the peak in ^^^Cs concentra- 
tion with the well-documented peak in ^^^Cs fallout 
in 1963 (see Walling & He (1997) for information on 
the approach, and Owens et al. (1999) for a ^^^Cs 
depth profile for one of the cores). Core chronolo- 
gies for the period 1900-1963 have been derived from 
the unsupported ^^*^Pb measurements and by using the 
CICCS model proposed by He & Walling (1996). For 



both time periods, a linear depth-age relationship has 
been assumed. Dates before 1900 are based on extra- 
polation of the 1900-1963 deposition rate, although 
these dates are only tentative as they extend beyond 
the range of the CICCS model. 



Results 

The River Aire 

Figure 1 presents information on downcore variations 
in the particle size composition and the P and metal 
content of the <63 /xm fraction of overbank sediment 
for floodplain cores collected from upstream (Sils- 
den) and downstream (Beal) locations on the River 
Aire. Prior to examining downcore variations in P and 
metal content in the floodplain sediment cores, it is 
necessary to examine whether post-depositional trans- 
formations and/or downcore variations in particle size 
composition may have influenced downcore changes 
in P and metal concentrations. Figure la shows the 
downcore variation in the particle size composition of 
deposited sediment. In the case of the core collec- 
ted from Silsden, there is a general trend for the dso 
to increase slightly towards the surface of the core, 
whereas within the core collected from Beal, the dso 
decreases slightly towards the surface. Despite these 
broad trends in grain size composition, there are no 
major downcore variations in the particle size compos- 
ition of the sediment. Small variations in particle size 
composition may, however, explain some of the small- 
scale variations in P and metal content within each 
core. Downcore variation in the Al content of depos- 
ited sediment can be used to check for the influence of 
downcore changes in particle size composition and to 
test for the possibility of post-depositional transform- 
ations in the deposited sediment (cf. Horowitz , 1991). 
However, for the core from Beal, the Al content of 
the deposited sediment is approximately constant with 
depth (Fig. lb), suggesting that particle size effects 
and post-depositional transformations are of limited 
importance. For the core from Silsden, there is some 
downcore variation in the Al content of the sediment 
that may explain some of the downcore variations in 
the P and metal content. However, the downcore vari- 
ations in Al do not match the general downcore trends 
in P or metal content. 

Figure Ic-d show downcore variations in the P 
content of the floodplain deposits. In the case of the 
core collected from Silsden (Fig. Ic), the P content of 
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the sediment is relatively low below ca. 20 cm depth 
(dated to the early 1900s). This is in keeping with the 
low population and the rural land-use upstream of this 
site (Owens & Walling, 2002). Above ca. 20 cm depth, 
and in particular above ca. 10 cm depth (dated as ca. 
1950), there is a marked increase in the inorganic- 
and total-P content of the deposited sediment and this 
is likely to reflect the introduction and expansion of 
STWs in the towns upstream of this site and the in- 
creased use of fertilizers (cf. Walling et al., 2001; 
Owens & Walling, 2002). Figure Id shows downcore 
variations in the P content of the sediment for the core 
collected from Beal, which lies below the main urban 
and industrialized area. Between the base of the core 
and 38 cm depth (dated to ca. 1900) there is a gentle 
upcore increase in the P content of the sediment. Al- 
though the values are higher than the values at Silsden 
for the same time period, they are generally low and 
<1000 /xg g“^ Above ca. 38 cm depth, there is a 
marked increase in the inorganic- and total-P content 
of the sediment, with maximum total-P values of ca. 
4000 /xg g“^ near the surface. This upcore increase 
in total-P is likely to reflect an increase in discharges 
of inorganic -P to the river from point sources such as 
STWs and CSOs since ca. 1900, as the urban area ex- 
panded (Owens & Walling, 2002). There is a decrease 
in total- and inorganic-P towards the surface (dated as 
ca. 10 years) which reflects the improvement of many 
STWs, and the effect of directives and regulations 
(Environment Agency, 1999). 

Figure le-i show downcore variations in the metal 
content of the deposited sediment. In the case of K 
(Fig. le), for the cores collected from Silsden and 
Beal there are consistent trends. Between the base 
of the cores and 9 cm and 16 cm depth, respect- 
ively (both dated as mid 1950s), the K contents of 
the sediment are approximately constant with depth, 
with a marked upcore increase in K content occur- 
ring above these depths. These upcore increases in 
K are likely to reflect increased application of K-rich 
fertilizers on agricultural land in the catchment after 
the Second World War, due to a national drive for 
increased agricultural productivity. 

In the case of Cr, Cu, Pb and Sr, there are periods 
characterized by increased levels of these metals in the 
sediment deposits for the core collected from Beal, 
and these are likely to reflect increased inputs from 
industrial and urban point sources. Thus, in the case of 
Sr (Fig. If), the values for the Silsden core are either 
zero or very low. For the core collected from Beal 
there is a general trend of increasing Sr content above 



ca. 38 cm depth (dated to ca. 1900), with a marked 
increase above 24 cm depth (dated as late 1930s). 

The Cr content of the sediment in the core col- 
lected from Silsden (Fig. Ig) is <50 /xg g~^ and 
essentially constant with depth. For the core collec- 
ted from Beal, values increase from the base of the 
core to a maximum of ca. 300 /xg g~^ at 28 cm depth 
(dated to the late 1920s). Upcore of this peak, the Cr 
content of the sediment decreases, although values at 
the surface are still considerably higher than values at 
Silsden. Although low levels of Cr are often naturally 
present in the environment (as evidenced by the low 
values recorded at Silsden), the elevated levels of Cr 
at Beal probably reflect its frequent use in industry for 
textile colouring, petrol refining, leather tanning and 
in paint, wool and paper manufacturing, amongst other 
things. Thus, temporal variations in the Cr content of 
sediment deposited at Beal may reflect temporal vari- 
ations in Cr discharges to the river from industry, and 
recent improvements in the operation of STWs and 
CSOs. In addition, previous research by the authors 
(Carton et al., 2000) has demonstrated that most of the 
Cr presently transported in the downstream reaches of 
the River Aire is derived from its main tributary, the 
River Calder. Downcore changes in the Cr content of 
floodplain deposits at Beal may also reflect temporal 
changes in the industry in the Calder sub-catchment. 

The downcore trends for Cu (Fig. Ih) and Pb 
(Fig. li) are similar to those for Cr described above. 
For Silsden, levels of Cu and Pb are low and are ap- 
proximately constant with depth. At Beal, the values 
are elevated relative to Silsden and increase upcore 
from the base of the core to peaks at 28 cm (dated as 
late 1920s) and 22 cm (dated as early 1940s) for Cu 
and Pb, respectively. Above these depths, values de- 
crease upcore. The elevated levels recorded at Beal are 
likely to reflect changing contributions from industrial 
and urban sources such as the burning of fossil fuels, 
smelting processes, and the use of Cu and Pb piping. 
The decrease in the levels of Cu and Pb towards to 
surface may reflect the removal of Cu and Pb piping, 
the increased use of unleaded petrol, the removal of Pb 
from many paints, and improvements in the operation 
of STWs and CSOs. 

River Swale 

Figure 2 presents information on downcore variations 
in sediment properties for cores collected from the 
upstream (Low Row) and downstream (Skipton-on- 
Swale) sites on the River Swale. Unlike, the River 
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Aire, there are no major urbanized or industrialized 
areas between the two sites. Figure 2a shows down- 
core variations in the dso of the sediment for the cores 
collected from each site. In the case of the core from 
Low Row, the dso of the deposited sediment is gener- 
ally constant with depth, with small-scale variations. 
In the case of the core from Skipton-on-Swale, there 
is a marked peak in dso at 10-12 cm depth (dated as 
1940s), which also occurs at this date in other cores 
collected from this site (as part of other projects) and 
coincides with a large flood event in the Swale catch- 
ment in 1947 (cf. Owens et al., 1999). This layer of 
coarse sediment at 10-12 cm depth would be expected 
to result in a marked decrease in the concentrations of 
P and metals (Horowitz, 1991). There are no major 
changes in the concentrations of the sediment proper- 
ties that can be linked to this coarser sediment layer. 
There is, however, a decrease in the dso of the de- 
posited sediment at 22-24 cm depth (approximately 
dated as late 19th century) which does coincide with 
an increase in the P and metal content of the deposited 
sediment. Generally, however, the downcore trends 
described below cannot be explained by changes in 
dso- 

Downcore values of the Al content of the sediment 
in the two cores (Fig. 2b) are broadly constant with 
depth. For the core collected from Skipton-on-Swale, 
there are slightly higher values between ca. 36 cm and 
4 cm (dated as late 18th century to late 1980s) and 
a noticeable spike for the 22-24 cm depth increment 
(dated as late 19th century), but these cannot explain 
the trends in the P and metal content of the deposited 
sediments, described below. The downcore changes 
in the Al content of the sediment from both cores 
suggest that particle size effects are unlikely to exert 
an important influence on the depth profiles of the P 
and metal concentrations, and that post-depositional 
transformations have probably not occurred. 

Figure 2c-d show downcore changes in the P con- 
tent of the overbank deposits from the two sites. In 
both cases, values of total-P are relatively low when 
compared to the core collected from the River Aire 
at Beal and this reflects the rural nature of the Swale 
catchment. Values of P are higher for the core collec- 
ted from Skipton-on-Swale compared to Low Row due 
to differences in land-use between the two sites (pas- 
ture/moorland and arable, respectively). The upcore 
increase in the total-P content of the sediment in the 
core from Skipton-on-Swale, particularly in the upper 
10 cm (dated as the 1950s), reflects the increased use 
of fertilizers on arable land and increased contribu- 



tions from point sources associated with small towns 
(cf. Walling and Owens, this volume). 

Figure 2e depicts the downcore change in the K 
content of the sediment from the two sites. Values are 
low and generally <700 /xg g“^ with the exception 
of a single spike of ca. 800 /xg g~^ for the 22-24 cm 
depth increment for the core collected from Skipton- 
on-Swale. This spike is likely to be caused by a fining 
of the sediment deposited at this depth. Although the 
values of K for the core from Low Row are broadly 
constant with depth, values for the core from Skipton- 
on-Swale increase upcore, reflecting increasing use of 
K-rich fertilisers on arable land between the two sites. 
The two cores collected from the River Swale do not 
exhibit the same marked upcore increases in K recor- 
ded in the two cores collected from the River Aire, 
suggesting differences in the main source of K (and 
possibly amounts of fertiliser applied) between the two 
catchments. 

The downcore variations in the Cr and Cu contents 
of the sediment from the core collected from Low 
Row (Fig. 2f-g) are essentially constant with depth, 
with small-scale variations superimposed upon this 
constant trend. Values of Cr for the core from Skipton- 
on-Swale broadly decrease upcore, but there are pro- 
nounced spikes in both Cr and Cu concentrations at 
22-24 cm depth due to particle size effects. 

The downcore changes in the Pb and Zn content 
of the sediment from Low Row and Skipton-on-Swale 
are illustrated in Fig. 2h-i. At both sites, values of 
Pb and Zn increase upcore from the base of the core 
to maximum values at 22-24 cm for the core from 
Low Row, and at 28-30 cm for the core from Skipton- 
on-Swale. For both cores, these peaks in Pb and Zn 
content are dated to approximately the mid 19th cen- 
tury. Upcore of these peaks, concentrations tend to 
decrease towards the surface. The trends for Pb and 
Zn reflect historic metal mining activities in the head- 
waters of the Swale catchment (cf. Walling & Owens, 
2003, Fig. 1) and the redistribution of metalliferous 
deposits downstream of these sites (Hudson-Edwards 
et al., 1999; Owens et al., 1999). Large-scale min- 
ing was mainly restricted to the 19th century, peaking 
in the middle part of the century, after which most 
of the readily accessible ores were worked-out. The 
higher values for Skipton-on-Swale reflect the fact that 
many mines were located downstream of Low Row 
(cf. Walling & Owens, 2003, Fig. 1). 
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Discussion and conclusion 

For the River Aire, the P, Cr, Cu, K, Pb and Sr content 
of the overbank sediment has increased since the turn 
of the century at the site below the main urban and in- 
dustrial areas. Furthermore, the P and metal content of 
the sediment deposited at Beal is higher than that from 
the site upstream of the urban areas. Both the elevated 
levels and the upcore increases at Beal reflect point 
source inputs from STWs, CSOs and direct discharges 
from industry. For many of these properties, however, 
there has been a trend of decreasing concentrations 
in recent decades. This may reflect changes in the 
nature of industrial activity and compliance with legis- 
lation and directives aimed at reducing the discharge 
of nutrients and contaminants to watercourses. 

There are no major urban and industrial areas in 
the catchment of the River Swale and the cores show 
no evidence of major increases in the P and metal (i.e. 
K, Cr and Cu) content of the sediment over the last 
ca. 100 years. There was, however, a period in the 
middle and latter half of the 19th century during which 
concentrations of Pb and Zn were much higher than 
those of sediment deposited in recent decades, and this 
period coincides with the period of peak Pb and Zn 
mining activity in the headwaters of the catchment. 

Because of the paucity of long-term river mon- 
itoring data, sediment in depositional environments 
represent a valuable source of information with which 
to reconstruct records of the nutrient and contaminant 
content of sediment, to establish the relative levels of 
contemporary sediment-associated nutrients and con- 
taminants and to identify long-term trends. As such, 
analysis of sediment deposits provides a means of test- 
ing if legislation and remediation measures are having 
a significant and beneficial effect. 
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Abstract 

Anoxic degradation of sedimentary biogenic debris using closed sediment incubation experiments was studied in 
eutrophic subalpine Lake Bled (NW Slovenia) which, for most of the year, has an anoxic hypolimnion. Production 
rates of dissolved inorganic carbon (DIG), NH 4 +, P 04 ^“ and dissolved Si, and reduction rates of S 04 ^“ were 
measured and anoxic mineralization rates were modelled using G-model. The depth profiles indicated major 
mineralization of biogenic debris and S 04 ^“ reduction near the sediment surface. A comparison between depth 
integrated anoxic mineralization rates and diffusive benthic fluxes of DIG, NH 4 + and P 04 ^“ showed that the anoxic 
incubation experiments provide a good estimate of N degradation of biogenic debris. The contributions of S 04 ^“ 
reduction and acetate fermentation in NH 4 + production are about 30 and 70%, respectively. The DIG production 
accounted for only 15% of DIG benthic flux, indicating that methanogenesis and oxidation of methane provides 
80% of this flux. Only about 30% of P 04 ^“ was released because phosphate precipitated in the closed incubation 
experiments. The depth integrated production of Si accounts for 70-80% of Si benthic fluxes indicating intense 
dissolution of biogenic Si in the surficial lake sediment. 



Introduction 

Biogeochemical processes in surficial sediments and 
at the sediment-water interface affect the quality of 
overlying and surface waters as well as the geochem- 
istry of sediments (Furrer & Wehrli, 1996). Reaction 
rates can be determined by modelling pore water pro- 
files, measuring benthic fluxes at the sediment-water 
interface (Gachter & Wehrli, 1990), and, for anoxic 
processes, using closed incubation experiments sim- 
ilar to those applied in coastal marine environments 
(Aller & Yingst, 1980; Burdige, 1991). This method 
has not gained wide application in lacustrine research 
but could be useful because the anaerobic processes 
usually dominate in the deep waters and sediments 
of eutrophic lakes. Anoxic conditions often limit the 
supply of electron acceptors thus limiting the rate of 
organic matter degradation rather than the availability 
of sedimenting organic matter accumulated to the lake 
bottom. Methanogenesis is often the terminal process 
in anoxic degradation of organic matter in lacustrine 
sediments because the concentration of sulphate is low 



and methane is produced by acetate fermentation and 
GO 2 reduction. 

The aim of this study was (1) to determine the an- 
oxic sedimentary organic matter decomposition path- 
ways in Lake Bled (NW Slovenia) using closed sedi- 
ment incubation experiments and ( 2 ) to compare the 
reaction rates with previously determined diffusive 
benthic fluxes (Germelj et ak, 1996). Lake Bled is 
an eutrophic subalpine lake of glacial origin influ- 
enced by several local pollution sources. Deeper water 
layers are for most of the year anoxic and sediment- 
ary organic matter is mostly the product of microbial 
communities (Germelj et ak, 1996). 

Materials and methods 

Virtually undisturbed sediment cores were collec- 
ted by a Meischner & Rumohr (1974) gravity core 
sampler (4 cm i.d.) in October 1996 in the western 
basin of Lake Bled (14° 07' 30'' E, 46° 22' 30" N) at 
the depth of 30 m (Germelj et ak, 1996). The cores 
were immediately transported to the laboratoy and 
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sliced into 2 cm intervals. Samples from three sed- 
iment layers (0-2, 4-6 and 10-12 cm) were gently 
homogenized, packed into 50 ml polyethylene cent- 
rifuge tubes (usually 8 per layer) and incubated for a 
period of 200 days in the dark at temperatures of 6 
and 11 °C to reproduce the temperature variations in 
surficial sediments of Lake Bled. No additional wa- 
ter beyond the natural pore water was added. One 
tube from each series was removed approximately 
every 25 days and centrifuged at 7000 rpm for 15 
min. The supernatant water was sampled under N2 
atmosphere, filtered through 0.45 /xm pore size Milli- 
pore HA membrane filters and analyzed for solutes as 
described below. The concentration changes in super- 
natant waters with time of incubation were multiplied 
by the porosity of the sediment layer (0.9; Cermelj 
et al., 1996) to obtain the production rates. Depth- 
integrated production rates were obtained by vertically 
integrating rates to a sediment depth of 12 cm. 

Alkalinity was measured by acid titration (Gieskes 
& Rogers, 1973). DIG was calculated from alkalin- 
ity and in situ temperature corrected pH using the 
apparent dissociation constants of Hanson & Jagner 
(Millero, 1995). Phosphate and silicate were con- 
sidered in carbonate system calculations while the role 
of dissolved organic compounds remains unknown. 
Nitrate, ammonium, phosphate and silicate were 
measured photometrically (Grasshoff et al., 1983), 
and sulphate turbidimetrically (Tabatabai, 1974). Dis- 
solved Ca^+ and Mg^+ were determined by flame 
A AS. 



Results 

The G-model (Westrich & Berner, 1984; Burdige, 
1991) was applied to evaluate the temporal concen- 
tration changes of DIG, NH4+, P04^“ (Figs 1-3) and 
S04^“ caused by anoxic degradation processes of sed- 
imentary biogenic debris. The rates of DIG, NH4+ and 
P04^“ production were calculated using the equation 
(Burdige, 1991): 

dCi/dt = ki¥Gm,i/l + Ki, ( 1 ) 

where Gm,i is the concentration of metabolizable C, N 
and P fraction per unit mass of solid sediment, kt is the 
first order rate constant for organic C, N and P release. 
F is a factor used to convert particulate concentration 
(mg/1) to dissolved concentration (mM) and Ki is the 
adsorption coefficient of NH4+ and P04^“. Kt adjus- 
ted for porosity were approx. 1.3 for NH4+ (Mackin 



& Aller, 1984) and 1.2 for P04^ (Krom & Berner, 
1980), respectively. For S04^“ changes, the equation: 

dCs/dt = -akiG^j (2) 

was applied where a is the stoichiometric ratio 
between S04^“ reduction and DIG production rates 
(approx. 0.5), and kt and Gmj are described above. 
For DIG and S04^“ Kf =0 was assumed (Li & Gregory, 
1974). 

The contribution of the dissolved carbonate min- 
erals (calcite, dolomite) to DIG was established using 
the concentrations of dissolved Ca^+ and Mg^+ as in- 
dicators of dissolution and precipitation of carbonates: 

2(mca2+ + niMg2+) = niHcOs- (2) 

where m are the molalities of dissolved species 
(Berner, 1966). The production of Ca^+ (Fig. 5) and 
Mg^+ increased with depth. In our experiments, the 
increased DIG concentrations appeared only at the 
depth interval 0-2 cm which is in accordance with the 
depth distribution of “easily degradable” sedimentary 
organic matter determined by the general diagenetic 
equation for DIG (Lojen et al., 1999). The DIG pro- 
duction to S04^“ reduction rate was in the range 
of 1.82-2.25 and, thus, near the stoichiometric ratio 
(Berner, 1980). Lower, at depth intervals 4-6 cm and 
10-12 cm, the difference between the measured DIG 
concentrations and the contribution of carbonate min- 
erals was negative, indicating sinks of DIG. This is 
due to CO2 reduction to CH4, which is the dominant 
process in the production of CH4 in Lake Bled (Ogrinc 
et al., 1997; Lojen et al., 1999), since pore waters 
were not saturated with respect to calcite, aragonite 
and dolomite in our experiment. Also, pore waters in 
Lake Bled are mostly unsaturated or in equilibrium 
with respect to calcite and aragonite throughout the 
year (Lojen et al., 1999). We described the conversion 
of CO2 to CH4 by a pseudo-first order reaction: 

-dXco^/dt = rf = dXcYi^/dt = kcXco^, (4) 

where X{ is the mol-fraction of the species i, t the 
time, rf the rate of the forward reaction, and k^ the 
pseudo-first order rate constant for the chemical reac- 
tion. Inserting the k^ values obtained in experiments at 
temperatures of 6 and 1 1 °C in the Arrhenius equation 

kc = Aqx^{-EJRT), (5) 

where R is gas constant, T absolute temperature and 
A pre-exponential factor, we estimated the apparent 
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Figure 1. Results of the incubation experiments with sediments from three depth intervals, 0-2, 4-6 and 10-12 cm, at temperatures of 6 
and 11 °C. The figures represent DIC concentration changes with time (filled squares) and the DIC concentration corrected for dissolution of 
carbonate minerals (»negative< concentrations, open circles) using Equation (4). The best fit curves have been calculated using Equation (2). 



activation energy (E^) ranging between —40 and —62 
kJ/mol, which is in agreement with of —58 kJ/mol 
reported elsewhere (Berner, 1980). 

At the depth interval 0-2 cm the release of NH4+ 
(Fig. 2) shows two distinct steps of organic N de- 
gradation. In the first part (0-100 days) the NH4+ 
concentration is correlated to S04^“ reduction, while 
in the second part of the experiment (100-200 days) 
the fast increase in the concentration indicates fer- 
mentative degradation of the organic matter, since 
there is actually no S04^“ reduction. Using the G- 
model we observed a great difference in the quality of 



metabolizable organic matter involved in both cases. 
The C/N ratio decreases from approx. 6 in the first part 
to approx. 1 in the second part of the experiment due to 
methanogenesis. The reactivity of the organic N in the 
first process is about 3 -times higher than the reactivity 
in the second. Both results indicate the degradation of 
organic matter with a C/N ratio close to the Redfield 
ratio in the first part, and fermentation reactions in 
the second part of the experiment. This supports the 
idea, suggested by Lojen et al. (1999) on the basis of 
values of remineralized sedimentary Corg., that 
the deposited phytoplankton biomass represents the 
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Figure 2. Changes of NH 4 + concentrations with time at depth intervals, 0-2, 4-6 and 10-12 cm at temperatures of 6 (open circles) and 11 °C 
(filled squares). 



most reactive fraction of sedimentary organic matter 
in the lake. Similar NH4+ production rates were not 
observed in lower sediment layers. 

P04^“ concentration (Fig. 3) increased only at 
the depth interval 0-2 cm. In the lower intervals the 
P04^“ phosphate concentration decreased very rap- 
idly to the equilibrium value. The decrease of P04^“ 
was defined according to the equation of Van Cappel- 
len & Berner (1988): 

^Cp/^^ = ^(7^ (6) 

where k is the rate constant, n the reaction order (n=l), 
and a is the difference between P04^“ concentration 
and the equilibrium concentration o - (Cp— Cp,eq). 
The decrease of concentration is attributed to apatite 
formation and represents a sink of dissolved POq^" 
to the solid phase in accordance with supersatuation 
of pore waters with respect to apatite during the 
experiment. 

The kinetic parameters of the dissolved silica (dSi) 
concentration changes (Fig. 4) were determined using 
the following equation (Lerman, 1979): 

dC/dr = ^(Cs-C), (7) 



where Cs is the solubility of dissolving phase and k 
is the reaction rate constant. If Cs>C dissolution oc- 
curs, and if Cs<C precipitation occurs. Solving the 
Equation (7) for dissolution of Si and fitting the data 
to equation: 

C = Cs + (Co - Cs)exp(-kt) (8) 

using nonlinear regression method (Levenberg- 
Marquardt algorithm) we obtained the values for the 
dissolution constant rate and the solubility. These 
two parameters were then used to calculate the Gibbs 
free energy (AG) of silica dissolution and the silica 
dissolution rate at each case. To estimate the produc- 
tion of dSi we used Equation (8) and the calculated 
rate constant. The calculated silica dissolution rate 
was corrected for sediment porosity. The average AG 
for silica dissolution is 17 kJ/mol indicating that the 
decomposition of phytoplankton assemblages is the 
primary source for dSi in pore waters (Lawson et ak, 
1978). The equivalent AG for quartz dissolution is, for 
example, distinctively higher (Wollast, 1974). 
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Figure 5. Vertical distribution of anoxic production (R) of DIC, NH4+, P04^ and dSi, and Ca^+ dissolution at temperatures of 6 (filled 
squares) and 11 °C (filled circles). The values reported represent the depth integrated (0-12 cm) production or dissolution rates. 



Table 1. Anoxic production of DIC, Ca^+, NH4+, P04^“ and dSi, 
and S04^“ reduction rates in surficial sediment (integrated over 
0-12 cm deph), and diffusive fluxes (Cermelj et al, 1996) of DIC, 
NH4+, P04^“ and dSi at the sediment-water interface in Lake Bled 
(mmol m~^ d“^) 





DIC 


Ca2+ 


NH4+ 


PO43- 


dSi SO42- 


Production 


1.05 


1.35 


2.1 


0.03 


0.63 -0.59 


rates 












Diffusive 


4.56 


- 


2.45 


0.09 


0.81 - 


fluxes 













Discussion and conclusions 

S 04 ^“ reduction plays an important role in the pro- 
duction of DIC, NH 4 + and P 04 ^“ only in the surficial 
layer. The precipitation of Fe sulphides occurs due to 
the supersaturation of these minerals in pore waters 
and it is confirmed by the presence of total S in the 
solid phase (Muri et al., 2002) and framboidal pyrite 
in the surficial sediment lay er (Lojen et al., 1999). 
At the depth intervals 4-6 cm and 10-12 cm there 
was no evidence of S 04 ^“ reduction (not shown). 
Although this process is negligible it could be still 
operative as demonstrated by low concentrations of 
S 04 ^“ present in deeper layers and slowly increas- 
ing sulphide concentrations (Lojen et al., 1999). The 
boundary between S 04 ^“ reduction and the methane 
formation zone mostly lies at depth between 2 and 



4 cm and the arbitray depth of 3 cm may be chosen 
as a boundary between the two zones. Integrating 
the values of DIC production (Fig. 5), corrected for 
carbonate dissolution of 1.35 mmol m“^ d“^ over 
a surficial depth interval of 3 cm the obtained pro- 
duction rate amounts to 1.05 mmol m“^ d“^ This 
represents about 20% of the total diffusive flux of DIC 
(Table 1) and is in accordance with data of Ogrinc 
et al. (1997) that about 80% of pore water DIC ori- 
ginates from methanogenesis. Furthermore, the NH 4 + 
production rate, integrated over the first 3 cm interval 
(Fig. 5), shows that the contribution of both processes 
amounts to 2.1 mmol m“^ d“^ which represent nearly 
100% of the total diffusive flux of NH 4 + out of sedi- 
ment (Table 1). The contribution of S 04 ^“ reduction 
(approx. 30%) and fermentation processes (approx. 
70%) to the total NH 4 + production rate shows the 
importance of both processes in organic matter de- 
gradation in Lake Bled. Below the depth of 4 cm the 
NH 4 + production is very low and NH 4 + concentra- 
tions are affected mostly by adsorption and desorption 
processes (Mackin & Aller, 1984). 

P 04 ^“ production due to S 04 ^“ reduction is re- 
stricted to the same depth interval as the NH 4 + pro- 
duction (Fig. 5). Integrated over the same depth in- 
terval, P 04 ^“ production averages 0.03 mmol m“^ 
d“^ (Table 1). Considering the P 04 ^“ diffusive flux 
of 0.09 mmol m“^ d“^ the production calculated 
in our experiments represents only about 1/3 of the 
total P 04 ^“ diffused to the water column at the same 
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sampling station (Table 1). We assume that precip- 
itation of P 04 ^“ proceeds in our closed incubation 
experiment. It is possible, however, that incubations 
could alter the natural conditions favouring apatite 
precipitation. In lacutrine environments, the dissolu- 
tion and precipitation of phosphates is considered an 
important buffer mechanism which regulates the levels 
of phosphorus in pore waters and the release to the 
overlying waters affecting the trophic status of the 
lake. 

The dissolution of biogenic Si decreases over the 
12 cm interval (Fig. 5). The integrated production rate 
varies between 0.55 and 0.72 mmol m~^ d~^, repres- 
enting 70-90% of the previously calculated diffusive 
flux for the same site (Table 1). Since the dissolution 
rate is positive over all the depth interval of 12 cm we 
can conclude that the dissolution of biogenic Si takes 
place even in deeper sediment layers. 
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Abstract 

Rapid progress has been made recently in the understanding of heavy metal sorption and speciation on sediment 
and soils. One aspect that was overlooked in the previous studies was the process of pollutant transformation and 
transportation in hyper-concentrated solid-liquid systems. In this paper, batch experiments on copper sorption in 
association with loess at high sediment concentrations were conducted. However, some reaction mechanisms were 
difficult to determine experimentally due to the limitations of speciation extraction methods. In an additional study, 
the MINTEQA2 chemical equilibrium model was used to calculate the speciation and precipitation of copper sorp- 
tion by loess to give quantitative predictions and detailed information about the reaction process. The experiments 
and the modeling simulation were made under the same sorption conditions, with sediment concentrations ranging 
from 50 to 200 kg/m^ and adsorbates of CUSO 4 and Cu(N 03 ) 2 , in order to compare their results. The modeling 
results clearly supported the experimental results, fully explained the mechanisms of the effects of chemical form 
and sediment concentration on the copper sorption, and strengthened the dominant role of carbonates among the 
main components of loess in the process of copper sorption. 



Introduction 

The sorption of heavy metals on solid particles is one 
of the important processes that control the partition 
between sediments and water bodies. The sorption and 
speciation of heavy metals on sediment and soils have 
been studied extensively in recent years (Mclaren & 
Crawford, 1973; Wu, 1989; Barrow, 1992; Yang et ak, 
2001). One aspect that was overlooked in the previous 
studies was the process of pollutant transformation and 
transportation in hyper- concentrated solid-liquid sys- 
tems, e.g. the hyper-concentrated flows with sediment 
concentration over 400 kg/m^ in the Yellow River. In 
this paper, sorption experiments were conducted to in- 
vestigate the unclear partition of heavy metals between 
the solid and liquid phases at high sediment concen- 
trations. The sorption experiments were carried out on 
loess, which is one of the main sources of the Yellow 
River sediment. Loess is abundant in the river basin 



and has high carbonate content and relatively high 
pH. CUSO 4 and Cu(N 03)2 were used as adsorbates 
because copper is one of the common heavy metal 
pollutants. 

In the sorption process of copper on loess, precipit- 
ation and co-precipitation will occur between the cop- 
per and carbonates, and thus the role of the carbonates 
should not be neglected. To differentiate between the 
sorbed copper species in loess, such as exchangeable, 
bound to carbonates, bound to organic matter, bound 
to iron and manganese oxides, and residual (Ding & 
Yang, 1995), the sequential extraction method (Tessier 
et ak, 1979) was adopted. Challenges to this method 
still exist due to problems such as: (a) the resorp- 
tion of heavy metals during the extraction process 
(Rendell et ak, 1980; Wang & Smith, 1989); (b) the 
change in the extracting agent concentration or pH 
value during the extraction process; (c) the interphase 
redistribution of metal elements during the extraction 
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process (Kheboian & Bauer, 1987); (d) the influence 
of sample collection, preservation, and pretreatment 
on the measured results (Kersten et al., 1987). 

The limitations of speciation extraction methods 
make it difficult to determine the mechanisms exper- 
imentally. To solve this problem, it is necessary to 
establish and improve quantitative models to simu- 
late the interaction between sediments and pollutants. 
One of the previously established models, the MIN- 
TEQA2/PRODEFA2 (Version 4.01, 1999) (Allison et 
al., 1991), is a geochemical equilibrium speciation 
model developed by the US Environmental Protection 
Agency. This model has an extensive thermodynamic 
database. It is capable of computing equilibria among 
the dissolved, adsorbed, solid, and gas phases in an 
environmental setting from given total dissolved con- 
centrations for the components of interest and any 
other relevant invariant measurements for the system 
to be modeled. It has not been applied to hyper- 
concentrated solid-liquid systems because it was ori- 
ginally designed for weak pollutant solutions with 
low sorbent concentrations. In further work following 
the experiments, the applicability of the MINTEQA2 
model to the sorption process of copper on loess in a 
hyper-concentrated solid-liquid system was investig- 
ated for the purpose of giving quantitative predictions 
of the partition of copper between sediment and water, 
as well as more detailed information about the process. 



Materials and methods 

Materials 

The reagents used in the experiments were of analyt- 
ical grade or better. Two types of soil samples were 
used as sorbents: the original loess and the treated 
loess in which most carbonates were removed. The 
carbonate (CaCOs) contents in both the original and 
treated loess samples were measured using the acid- 
base titration method as 3.91% and 0.83%, respect- 
ively. 

Methods 

In the experimental study, carbonate in loess was re- 
moved with acetic acid (Loeppert, 1984). 30 ml of 
glacial acetic acid and 2 1 deionized water were added 
to 600 g loess. The mixture was stirred intermittently 
until all gas had been released, and then equilib- 
rated with 0.5 M CaCl2. After this procedure, the 



supernatant was removed. All the original and treated 
loess samples were air-dried at room temperature, then 
ground, homogenized and sieved through a 0.076-mm 
sieve. The results from the copper sorption experi- 
ments on the above treated loess were compared to 
those on the original loess to determine the role of 
carbonate in the sorption process. 

The sorption experiments were made with sedi- 
ment concentrations ranging from 50 to 200 kg/m^ 
and adsorbates of CUSO4 and Cu(N03)2 with copper 
concentrations less than 1300 mg/1. These conditions 
allowed us to investigate the effects of sediment con- 
centration and copper chemical form. The following 
procedure was used in the sorption experiment. De- 
pending on the soil concentration, 50, 100 or 200 
kg/m^, a certain amount of soil sample was meas- 
ured and immersed in 15 ml deionized water in a 
100-ml centrifuge tube. After being activated for 24 
h, a 15 ml copper ion solution (in the chemical 
form of CUSO4 or Cu(N03)2) was added to the soil 
suspension. After equilibration for 90 min in the air- 
bath shaker at 18±1°C, the pH of the suspension 
was measured, and the suspensions were then cent- 
rifuged. The supernatant was analyzed using a flame 
atomic absorption spectrophotometer (Analytik Jena 
AG). The sorption amount of copper on loess was cal- 
culated as the difference between the initial and the 
flnal copper concentrations in the solution. 

While in the modeling, the speciation and precipit- 
ation of copper sorption by loess was calculated using 
the MINTEQA2 model. The input reaction informa- 
tion came directly from the experiments conducted as 
mentioned above. 

In order to simplify the model, the copper sorption 
process was divided into two parts: the precipitation 
reaction with carbonates, and the adsorption reaction 
on iron and manganese oxides. Since experimental 
results revealed that the content of organic matter in 
loess was very low (< 1 % in mass) and was remarkably 
lower than the content of iron and manganese oxides, 
the organic matter was neglected in the adsorption 
process. 

The adsorption reaction equation was presumed as: 
2K-clay -1- Cu^+ = Cu-clay2 + 2K+, in which K-clay 
represents the active adsorption sites provided by the 
iron and manganese oxides. The conventional adsorp- 
tion isothermal equation proposed by Langmuir was 
adopted. The most difficult task was to determine the 
equilibrium constants for the adsorption reactions. In 
this model, only iron and manganese oxides were con- 
sidered as absorbents, so the equilibrium constants of 
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Figure 1. Modeling and experimental relationship between cop- 
per sorption and initial copper concentration for different copper 
chemical forms (S is the sediment concentration). 




copper sorption on the surface of iron and manganese 
oxides measured by Kathleen et al. (1980) were adop- 
ted. The data showed that the equilibrium constants of 
copper sorption on iron and manganese oxides were 
proportional to the pH of the solutions. 



Results and discussion 

Effects of different chemical forms of copper on 
copper sorption by loess 

The modeling trends of copper sorption on loess with 
the increase of initial copper concentration for dif- 
ferent copper chemical forms are consistent with the 
experimental results. Figure 1 shows that under low 
initial copper concentration, the modeling results of 
the copper sorption are almost the same as the ex- 
perimental results. With the increase of initial copper 
concentration, the difference becomes more obvious, 
although up to 1300 mg/1 initial copper concentra- 
tion, the difference is still less than 10%. However, 
it is satisfactory for the complicated two-phase system 
considered here. 

When CUSO4 is used as the adsorbate, the copper 
sorption continues to increase and does not reach its 
saturation value. However, when Cu(N03)2 is used as 
the adsorbate, the copper sorption tends to reach a sat- 
uration value. Investigating the precipitates presented 
as the final modeling products (Table 1) shows that the 
different sorption trends for two chemical forms res- 
ults mainly from the precipitation reaction. This result 



is due to the precipitate being dominant among the 
final sorption products. 

Since the anion S04^“ participates in the precipit- 
ation reaction, the precipitate proportion continues to 
increase when CUSO4 is used as the adsorbate. How- 
ever, for Cu(N 03)2, the precipitate form is mainly 
Cu 2(0H)2C03. With fixed carbonate content in the 
loess, the precipitate proportion continues to decrease 
and thus results in the saturation of copper sorption. 

Effects of sediment concentration on copper sorption 
by loess 

Figure 2 shows that when the initial copper concentra- 
tion is constant, the copper sorption always decreases 
with the increase of soil concentration. This finding 
is consistent with the ‘particle concentration effect’ of 
heavy metal sorption. 

Figure 2 also shows the effect of different chemical 
forms of copper. When the initial copper concentration 
is low, the relationships between copper sorption and 
sediment concentration under both chemical forms are 
almost the same. However, when the initial copper 
concentration is high, these relationships are different. 
The above difference can be explained by the mod- 
eling results of sorbed copper speciation distribution 
(Table 2). The equilibrium pH increases with increas- 
ing sediment concentration. The adsorption equilib- 
rium constant is proportional to the pH, which implies 
that both precipitation and adsorption reactions have 
been enhanced, resulting in minor dissolution propor- 
tions. Consequently, with the increase of sediment 
concentration, the copper sorption difference between 
CUSO4 and Cu(N 03)2 becomes less and less until it is 
finally undetectable at sediment concentration of 200 
kg/m^. 

Effects of carbonates on copper sorption by loess 

The above modeling results clearly show that car- 
bonates play a dominant role in the copper sorption 
process on loess. Among the calculated equilibrium 
products, precipitates account for more than 50% 
in most cases. For further examination of the effect 
of carbonate, modeling results have been compared 
between the copper sorption on both original and pre- 
treated loess samples in which most carbonates were 
removed. 

According to the modeling results, the copper 
sorption on carbon-removed loess is less than 50% of 
that on original loess. No precipitates are formed at 
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Table 1. The modeling precipitates and their proportion of the total mass of sorp- 
tion products on original loess (100 kg/m^) with solutions of varying initial copper 
concentration 



Initial copper 
concentration 


Precipitate 


Precipitate 
proportion (%) 


(mg/1) 


CUSO4 


Cu(N 03)2 


CUSO4 


Cu(N 03)2 


96.025 


Cu2(0H)2C03 


Cu 2(0H)2C03 


82.4 


80.2 


207.35 


Cu4(0H)6S04 


Cu2(OH)2 CO3 


81.5 


88 


325.7 


Cu4(0H)6S04 


Cu2(0H)2C03 


88.8 


78 


478.2 


Cu4(0H)6S04 


Cu2(0H)2C03 


92.4 


77.4 


511.1 


Cu4(0H)6S04 


Cu2(0H)2C03 


92.7 


76.3 


650.8 


Cu4(0H)6S04 


Cu2(0H)2C03 


93.6 


74.2 


957 


Cu4(0H)6S04 

CaS04'2H20 


Cu2(0H)2C03 


93.6 


63.2 


1333.75 


Cu4(0H)6S04 

CaS04'2H20 


Cu2(0H)3N03 


91.9 


49.2 
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Figure 2. Modeling and experimental relationship between copper sorption and sediment concentration at different initial copper concentrations 
for different copper chemical forms (Cp is the initial copper concentration). 
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Table 2. The modeling conditions and the calculated proportion of sorbed copper speciation (dis- 
solved, adsorbed and precipitation) of the total mass of sorption products under different sediment 
concentrations (the initial copper concentration is 957 mg/1) 



Sediment 

concentration 

(kg/m^) 


Adsorption 

equilibrium 

constant 


Equilibrium 

pH 


Dissolution 

proportion 

(%) 


Adsorption 

proportion 

(%) 


Precipitation 

proportion 

(%) 


50 


CuSOq 


2.72 


5.41 


4.4 


0.6 


95 




Cu(N03)2 


2.8 


5.47 


31 


5.3 


63.7 


100 


CuSOq 


2.90 


5.54 


3.5 


2.9 


93.6 




Cu(N03)2 


3 


5.6 


19.7 


17.1 


63.2 


200 


CuSOq 


4.73 


6.75 


0.1 


13.2 


86.8 




Cu(N03)2 


4.21 


6.4 


0.6 


28.9 


70.5 




Equilibrium pH 

Figure 3. Variation of adsorption equilibrium constant for modeling 
of copper sorption on original and treated loess with equilibrium 
pH (the line ‘a’ is the group of equilibrium constants for modeling 
on original loess, the line ‘b’ is the group of increased equilibrium 
constants for modeling on treated loess). 



equilibrium, and adsorption is the dominant process, 
which further proves the crucial effect of carbonates 
on copper sorption. In the modeling of copper sorp- 
tion on the original loess, the adsorption equilibrium 
constants (K) are achieved by the proportional rela- 
tionship between log K and pH of the solutions given 
by Kathleen et al. (1980) (line ‘a’ in Fig. 3). The re- 
lationship is proven to be useful from the comparison 
between the modeling and experimental results. How- 
ever, in the modeling of copper sorption on pre-treated 
loess, in order to make the calculated copper sorption 
consistent with the experimental results, log K should 
be increased about 3 units on average on the basis of 
the given relationship by Kathleen et al., loc. cit. The 
lower the pH, the greater the increase of log K (line 



‘b’ in Fig. 3), which means that the adsorption is more 
sensitive to pH in treated loess than in the original. 
This may result from a change in the sorption mechan- 
ism. One possible explanation is that the compositions 
of treated loess have been changed from the addition 
of glacial acetic acid and the removal of carbonates. 
It also implies that the modeling of copper sorption 
on carbonate-removed soil samples should be further 
studied and improved. 



Conclusions 

In general, the MINTEQA2 model is applicable for the 
case of weak solutions with low substance concentra- 
tion, and it is mainly used for the simulation of heavy 
metal dissolution, adsorption and precipitation pro- 
cesses in solutions. But for copper sorption on basic 
soils with high carbonate content (sediment concentra- 
tion <200 kg/m^, copper concentration <1300 mg/1), 
it is capable of modeling the sorption of metals 
and predicting the formation of precipitates, sorption 
products, and their percentages. The modeling results 
fully support the experimental results. 

The difference in copper sorption between differ- 
ent copper chemical forms is caused by precipitation. 
S 04 ^“ participates in the precipitation reaction in 
most cases, so the precipitation proportion and copper 
sorption of CuSOqare greater than those of Cu(N 03 ) 2 . 
This difference decreases with increasing sediment 
concentration due to the rapid increase of precipitation 
and adsorption proportions. 

In the process of copper sorption on basic loess, 
carbonates play a dominant role by participating in 
the precipitation reactions. In the modeling of cop- 
per sorption on treated loess with less carbonates, no 
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precipitates are formed. The modeling results indicate 
that the sorption mechanism in the treated loess might 
be different from that in the original. The modeling 
of copper sorption on carbonate-removed soil samples 
should be improved. 
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Abstract 

The sources of dissolved inorganic carbon (DIG) were determined in Lake 658 at the Experimental Lakes Area in 
northwest Ontario, Canada. The study covered a period from June to October 2001 in five different locations in 
the lake. The pore water chemistry (concentration of DIC and dissolved organic carbon (DOC), pH, total alkalinity 
(TA), and isotopic composition of DIC (5 ^^Cdic)) were determined on a monthly basis. Additionally, isotopic 
composition of the sedimentary organic carbon (5^^Corg) was measured. The carbon dynamics in the sediment 
was simulated by a diagenetic model, which accounts for basic processes controlling the concentration of DIC, 
while the model to describe the isotope data must include other processes such as oxidation of methane within the 
sediments. In the sediment pore water the concentration of DIC represents approx. 20% of the total carbon and its 
isotopic composition reflects the combination of organic carbon degradation using various electron acceptors and 
methanogenesis. The production of methane, which forms via acetate fermentation and is partially oxidized in the 
upper layer of the sediment, was especially pronounced in the shallow littoral zones of the lake. 



Introduction 

Lake nutrient budgets are influenced by tight coupling 
between benthic and overlying water processes and 
greatly depend on sedimentary degradation and dissol- 
ution. Degradation of sedimentary organic matter res- 
ults in the consumption of dissolved oxidants such as 
oxygen, nitrate and sulphate and solid-phase oxidants 
such as manganese and iron (hydr)oxides. Exchange 
between pore water and overlying water means that 
the oxidation of organic carbon in sediments can have 
an important effect on the amount of O 2 in overlying 
water, as well as the total amount of nutrients available 
for photosythesis. In freshwater (low sulfate) envir- 
onments, methanogenesis proceeds uninhibited once 
anaerobic conditions are established. Competition by 
sulfate reducing bacteria is essentially absent so that 
the short-chained volatile fatty acids pool is available 
and provides, in addition to acetate fermentation or 
methylated amines, important substrate for produc- 
tion of methane which is characterized by significant 
depletion in ^^C (Marty, 1992; Whiticar, 1999). Con- 



sequently, anoxic conditions can also impart isotopic 
control on the DIC reservoir. The distribution of dis- 
solved species can be described by appropriate math- 
ematical models derived from the general diagenetic 
equation which enables us to determine the fluxes of 
dissolved species at the sediment-water interface and 
the rate of organic matter degradation (Berner, 1980; 
Herczeg, 1988; Eurrer & Wehrli, 1996). 

The pore waters investigated in this study are en- 
closed within non-carbonate sediments and have a 
relatively high organic carbon content. Therefore, it 
represents an ideal environment to study the distribu- 
tion and isotopic control of carbon cycling processes 
during early diagenesis. 



Materials and methods 

Site description 

The research was carried out at Lake 658 at the ELA 
(Experimental Lakes Area - 49° 40' N, 93° 44' W) in 
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northwest Ontario, Canada. Lake 658 is a small, oli- 
gotrophic, headwater lake on the Canadian Shield with 
an area of 0.0083 km^ and a mean depth of 7.5 m. Wa- 
ter inflow is by surface runoff and two small streams, 
in the western basin, while the water outflow is joined 
to Lake Winnage by a small channel. The hydrologic 
residence time in the lake is 3 years. Thermal stratific- 
ation starts in May, and turnover of the water-column 
is generally completed by the end of October. The 
anoxic hypolimnion is usually established by late sum- 
mer. Reoxygenation of the entire water column occurs 
rapidly during turnover. Porosity in the top 10 cm is 
> 0.8 indicating that the sediment is largely composed 
by clayely silt. Organic carbon contents exceed 10% 
of total sediment by dry weight. 

Sampling and analyses 

Sediment samples were collected at five different loc- 
ations in Lake 658. In the epilimnion at the stations 
G2 (2 m) and G3 (3 m), at G4 (7 m) in the hypo- 
limnion and at the station W Basin, the deepest part 
of the lake (13 m), where the environment becomes 
anoxic during the summer (Fig. 1). Undisturbed 15 cm 
deep sediment cores were taken in June, July, August 
and September 2001 by SCUBA diving, inserting a 
Plexiglas tube (5 cm i.d.) directly into the sediment. 
The cores were transported immediately to the labor- 
atory and sectioned into 2 cm intervals in an anaerobic 
glove box. The sediment was placed in polycarbonate 
centrifuge tubes and centrifuged for 10 min at 10000 
rpm in a refrigerated centrifuge. The pore water was 
extracted into glass syringes and stored in a refriger- 
ator at ~4°C. A subsample of the solid phase was 
oven-dried (65 °C) and ground to a fine powder for 
analyses of total and organic C and corresponding 
isotopic composition, 5^^Corg. 

Pore water pH and total alkalinity (TA) were de- 
termined immediately. The pH was measured with a 
UniFET microelectrode. TA was determined by the 
Gran titration method. Dissolved inorganic carbon 
(DIG) concentrations were determined using a Shimat- 
dzu TOC-5000 analyzer after acidification with 1 M 
HCl. Concentrations of H 2 CO 3 * were calculated from 
DIG and pH using apparent dissociation constants ac- 
cording to Stumm & Morgan (1981). The precision of 
the measurement was: ±0.01 for pH, ±1% for TA, and 
±2% for directly measured DIG. 

Samples for 5 ^^Cdic were introduced into evac- 
uated septum vial containing 100 % phosphoric acid. 
The isotopic ratio of CO 2 produced was measured 



on a Europa 20-20 ANCA-TG mass spectrometer. 
Sediment samples for the determination of the stable 
isotopic composition of organic C were treated first 
with 1 M HCl and then ignited to CO 2 at 1800 °C in 
a recirculating stream of oxygen. The stable isotopic 
composition of the CO 2 produced was determined 
with an Europa 20-20 ANCA-SL mass spectrometer. 
Stable isotopic results are reported with 5 -values as 
deviations in %c from the V-PDB standard. Analyses 
of organic C and total N in sediment samples were per- 
formed using a Carlo Erba elemental analyzer (mod. 
EA 1108). Organic C content was determined after 
acidification of samples with 1 M HCl (Hedges & 
Stern, 1984). 

The precision of the analyses, based on replicate 
measurements, was ±0.2%o for 5^^Cdic and 5^^Corg. 
The precision for organic C and total N analyses in 
sediments was ±3%. The water temperature and con- 
centration of dissolved oxygen in the water column 
were measured regularly, biweekly as a part of the 
monitoring program during the sampling period. The 
Department of Fisheries and Oceans (DFO), Freshwa- 
ter Institute, Winnipeg, Canada provided the data. 



Results and discussion 

The concentration of sedimentary organic carbon, its 
corresponding isotopic composition, 5^^Corg, as well 
as C/N ratios depend on the sampling location. Ob- 
served concentrations of Corg and Ntot in the surface 
sediments were high, ranging from 10 to 36% dw (dry 
weight sediment) of Corg and 0.7 to 1.9% dw of Ntot- 
The highest concentrations were determined at loca- 
tion G 2 in the shallow part of the lake near the wetland 
stream. Irregular changes in the concentrations of Corg 
and Ntot with depth, were more pronounced in the 
epilimnetic than in hypolimnetic sediments. However, 
sediments at the top 12 cm displayed roughly constant 
5^^Corg values with depth at all five locations. The 
depth averaged 5 ^^Corg values were —25.6 ± 0.8%o at 
location Gl, -26.9 ± 0.3%o at G2, -25.8 ± 0.9%o 
at G3, -28.2 ± 0.4%o at G4 and -30.1 ± 0.7%o at 
the W Basin. These data indicate that water plants 
and terrigenous organic detritus from the surroundings 
were the main sources of organic carbon in the shallow 
areas of the lake, while in the hypolimnium at 13 m 
the influence of methanothrophic bacteria was evid- 
ent (Freeman et al., 1990). The calculated C/N ratios 
of these sediments vary between 10 and 26, which is 
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Figure 1. Study area with the sampling locations Gl, G2, G3, G4 and W Basin in boreal Lake 658 at the ELA, northwest Ontario, Canada. 



Table 1. The bottom water temperature, the % of DIG derived from methanogenesis within the pore water and diffusive fluxes of DIG, JdiC’ 
together with the corresponding isotopic composition, 3 ^^Cj_dic during the sampling period. Also listed are the best-fit parameters obtained 
by fitting diagenetic equation to DIG profile and the best-fit value for ^ (3^^Cp)ic) obtained by fitting the model to profile 



Location 


Period 


T 


DIG 




Rc(z) 




(S'^Cdic) 










[°C] 


methanogenesis 


Ro 




P (DIG) 


Jdic 








[%] 


[mmol dm ^ s ^ ] 


[cm-1] 


[cm-1] 


[mmol m-7 d-^ 


[%c] 


W Basin 


June 


4.6 


67 


9.76- 


10-^ 


0.46 


0.11 


1.65 


A.l 


G4 


June 


6.2 


38 


2.23 • 


10“^ 


0.13 




0.19 


-12.5 




July 


6.5 


37 


1.16- 


10-^ 


0.15 


0.14 


0.60 


-14.1 




August 


6.2 


43 


4.70 • 


10-7 


0.07 


0.07 


0.52 


17.1 




September 


6.8 


47 


3.33 • 


10“^ 


0.06 


0.07 


0.43 


34.6 


Gl 


June 


16.2 


12 


2.19 • 


10-7 


0.13 




0.86 






July 


18.3 


34 


5.73 • 


10-7 


0.57 


0.50 


0.78 


9.8 




August 


20.8 


29 


1.93 • 


10-^ 


0.12 


0.35 


0.13 


-6.5 




September 


17.9 


75 


-1.47 • 


10-7 


0.14 


0.32 


-0.5 


-6.9 


G2 


June 


17.6 


8 


7.74 • 


10-7 


0.13 




0.47 






July 


22.9 


20 


3.02- 


10-7 


0.41 


0.24 


0.58 


13.9 




August 


21.2 


58 


9.10- 


10-7 


0.58 


0.25 


1.22 


11.4 




September 


17.9 


64 


4.97 • 


10-7 


0.29 


0.32 


0.81 


23.0 


G3 


July 


18.5 


65 


2.31 • 


10-^ 


0.14 


0.64 


0.13 


0.4 




August 


20.8 


42 


3.42- 


10-7 


0.34 


0.36 


0.78 


7.9 




September 


17.7 


78 


5.08 • 


10-7 


0.23 


0.28 


1.71 


11.3 
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Figure 3. Relationship between values and DIC concentrations in pore waters at sampling locations in Lake 658. The curve shown is 

the resulting best-fit according to the model proposed by LaZerte (1981): = 20.5 - 17.9 *[DIC]“^-^"^. 



characteristic for vascular land-plant debris (Meyers, 
1994). 

Concentrations of DIC and its corresponding iso- 
topic composition, 5 ^^Cdic. in pore water increased 
with depth at all five locations. The influence of de- 
composition of organic matter is reflected at the top 
few cm of the sediment, while the importance of meth- 
anogenesis may be seen by the large positive gradient 
in 5 ^^Cdic, which is more pronounced in the littoral 
sediments (Fig. 2). In order to estimate the rate of the 
decomposition of organic matter in the sediments, the 
observed variations in the concentrations of DIC, were 
described by a diffusive -reaction model (Berner, 1980; 
Ogrinc et al., 2002): 



a [DIC] 
dt 



^ afiDic] 

-WCO3- 9^2 



+ Rc(z), 



( 1 ) 



where t is time [s], z is depth [cm], Rc(z) is the CO 2 - 
production rate [mmol dm“^ s“^] and DhcOs- 
s“^] is the sediment diffusion coefficient for HCOs" 
corrected for temperature from the diffusion coeffi- 
cient of Li & Gregory (1974) and average porosity 
(Lerman, 1979). This equation assumes that the poros- 



ity and diffusion coefficient of dissolved species do 
not change significantly with depth and the influence 
of bioirrigation is negligible (Berner, 1980; Herczeg, 
1988). Indeed, the results of Sweerts et al. (1991) 
show that in most freshwater sediments the sediment 
diffusion coefficient can be predicted reliably from 
the molecular diffusion coefficient at in situ temper- 
ature. The empirical model describes the overall rate 
of organic carbon decomposition as a first-order kin- 
etic process (Berner, 1980), thus Rc(z) is assumed to 
decrease exponentially with depth: 

Rc(z) = Roexp(-^z), (2) 

where ^ is the empirical constant called the depth 
attenuation coefficient and Rq is the CO 2 -production 
rate at the depth z=0 (i.e. the water-sediment inter- 
face). Equation (1) was solved considering special 
boundary conditions for the steady-state (Ogrinc et al., 
2002). Values for parameters Rq and ^ were obtained 
by fitting the diagenetic model including Equation (2) 
to pore water profiles of DIC. The best-fit values sum- 
marized in Table 1 were obtained by searching for the 
minimum in the sum of squares of differences (ssq) 
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between calculated and experimental values. Results 
show that the degradation rate of organic matter in the 
hypolimnium at the station G4 was slightly decreas- 
ing in correlation with decreasing O 2 content. At the 
deepest location of the lake (W Basin) the degrad- 
ation rate was four times higher in June 2001 than 
those determined at the station G4, probably caused 
by highly reactive fraction of organic matter derived 
from settling phytoplankton. This is in agreement with 
other studies showing that summer and fall are the 
most important periods for particulate loss from the 
water column (Kelly & Chynoweth, 1981). Seasonal 
changes in the CO 2 -production rate at the sediment- 
water interface was also observed in the littoral zones 
of the lake, the highest being observed at stations 
G2 and G3 near the wetland stream inflow. These 
changes could be explained by the quality of sedi- 
mentary organic matter, the temperature cycle during 
the sampling period and the higher sedimentation rate 
in this part of the lake. There was a lower CO 2 - 
production rate observed at the station G1 during the 
sampling period with the DIG influx determined in late 
summer. This station is located near the lake outflow 
into the Lake Winnage, which might influence the 
production of DIG at this location as well sediment 
structure. 

The same model was used to describe the profile of 
isotopic composition of DIG, 5 ^^Cdic- The model 
estimates for ^ values are listed in Table 1 . It was not 
possible to describe the DIG and 5 ^^Cdic data with the 
same values of in all situations. However, the DIG 
concentration and corresponding isotopic composition 
in pore water was reasonably well described using the 
same values in the model at the station G4 and in 
September profiles at all sampling locations. The ap- 
parent value that best fits the data in the deepest 
part and at the station G2 of the lake was lower than 
the calculated decomposition rate estimated from the 
DIG model fits. These findings lead us to suppose that 
not all the processes affecting DIG in pore waters are 
taken into account. A modified model may include an 
additional component of ^^C-poor DIG generated by 
oxidation of methane in the pore waters. 

The diffusive fluxes of DIG, Jdic. across the 
sediment-water interface were estimated using Pick’s 
first law of diffusion. Applying Equations (1) and (2) 
to calculate the concentration gradient of DIG in pore 
water, the flux is approximated by: 



where 0 is the porosity. The apparent diffusive fluxes 
of DIG are collected in Table 1. In addition, the 
isotopic composition of the DIG flux at the sed- 
iment/water interface was calculated according to 
Sayles & Curry (1988). The calculated values col- 
lected in Table 1, show a high enrichment in 
indicating an influence of methane formation. Al- 
though there are no data for methane concentration 
in Lake 658 sediment pore waters, the increase in the 
H 2 CO 3 * concentration can be used as an approxima- 
tion for methane production in the sediments (Rudd 
& Hamilton, 1978; Herczeg, 1988). The DIG pro- 
duced from methanogenesis was estimated from the 
slope of the plot of H 2 CO 3 * concentration vs. concen- 
tration of DIG (r^ of the regression ranged between 
0.70 and 0.96). The calculated values are presented 
in Table 1. In the hypolimnetic pore water at 7 m 
(station G4) the production of DIG by methanogen- 
esis remains almost constant (average 42%) during the 
sampling period, when the temperature was fairly con- 
stant. Higher proportions of regenerated DIG derived 
from methanogenesis were determined in the deep- 
est part (W-basin: 67%) and in the shallow areas of 
the lake, ranging from 30 to 78% during the summer. 
This indicates that DIG production from methanogen- 
esis was probably sensitive to temperature and organic 
carbon input. 

The prevailing methane formation pathway was es- 
timated mathematically, following the procedure pro- 
posed by LaZerte (1981) describing the relationship 
between the DIG concentration and corresponding iso- 
tope composition in aquatic sediments. The methano- 
genetic pathway was determined by fitting the model 
to the 5 ^^Cdic vs. [DIG] data. The parameters needed 
were 5 ^^Cdic at depths 0 and 00 , 5^^Corg, and the 
isotope fractionation factor between Corg and CH 4 de- 
termined from 5^^Corg and 5 ^^Cch 4 - Since there were 
no data available on the isotopic composition of meth- 
ane, the methane was assigned a value of — 60%o 
(±15%o; Whiticar, 1999) in this calculation. It was es- 
timated from the resulting best-fit equation shown in 
Figure 3 that about 85% of methane was produced by 
acetate fermentation. 



Conclusions 

Pore water profiles of DIG in the hypolimnetic and 
littoral sediments of a soft-water lake show steep 
gradients in the upper 12 cm of the sediments column. 
Seasonal changes in the CO 2 -production rate and con- 



( 3 ) 
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sequently the DIC fluxes at the sediment-water in- 
terface observed in these sediments were limited by 
the supply of O 2 , and directly linked to the quality 
and quantity of sedimentary organic matter, and the 
temperature cycle. profiles show strong positive 
enrichments over the bottom-water interface due to 
methanogenesis proceeding predominantly (85%) by 
acetate fermentation. The amount of organic carbon 
regenerated by methane fermentation was estimated 
to be between 8 and 78% depending on the temper- 
ature and organic carbon input. Modeled profiles of 
the 5 ^^Cdic in the deepest part of the lake and the lit- 
toral zone at the station G2 during the summer did not 
agree with the concentration data. This indicate that 
a diagenetic model for the isotope data must include 
other processes such as oxidation of methane within 
the sediments, which release relatively ^^C-poor DIC 
into the pore waters. 
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Abstract 

A sampling programme was undertaken to monitor the total carbon (C) and total nitrogen (N) content of suspended 
matter in a small undisturbed upland drainage basin in the New Territories of Hong Kong. Mean C and N contents 
were 12.9% and 1.0%, respectively, for 132 samples. Samples collected under stable flow conditions had mean C 
and N contents of 12.8% and 1.1%, respectively. Stormflow samples had mean C and N values of 12.9% and 1.0%, 
respectively, which were very similar to the levels observed under stable flow conditions. The mean C: N ratios 
of 12.5 and 13.4 for stable flow and stormflow also reveal little variation with hydrologic conditions. When all 
the data is considered, little seasonal variation was observed in C and N. However, in winter there is a significant 
difference in C and N content between stable and stormflow samples. When C and N are plotted against water 
level, the scattergraphs suggest that as stage increases the percentage of C and N in the suspended matter declines. 
Scattergraphs of C and N against suspended sediment concentration reveal a negative association. This may reflect 
the dominance of inorganic sediments produced by erosion processes during rainfall. 



Introduction 

With its lack of groundwater and variable rainfall 
yield, Hong Kong has traditionally been forced to util- 
ise surface water stored in impounding reservoirs as 
its main source of water (Water Supplies Department, 
1996). The engineering response to water supply has 
been the construction of impounding reservoirs. These 
have been linked to water gathering grounds located in 
the steep upland areas of Hong Kong, by catchwaters 
and tunnels. Consequently, in Hong Kong headwater 
catchments have been very important to water sup- 
ply. The importance of headwaters to water supply 
in general, has been identified by Kovar et al. (1998) 
and Haigh et al. (1996). Given the historical import- 
ance of headwater catchments in Hong Kong in terms 
of water supply it is unfortunate that comparatively 
little attention has been given to sediment produc- 
tion and transport in these basins. The pioneering 
work of Lam (1974) and the later studies by Dudgeon 
(1984), Peart (1997, 1998) and Hill & Peart (1998) 
provide some quantitative information on erosion, sed- 



iment production, and transport in headwater drainage 
basins. These investigations focus on the more tradi- 
tional aspects of sediment production and transport in 
streams. However, as Walling & Webb (1992) indicate 
recognition of the wider environmental significance 
of sediment transported by streams means that there 
is a need for information on the physical and chem- 
ical properties of the sediment. Sediment may play 
an important role in elemental cycling (e.g. Meybeck, 
1982; Probst et al., 1994; Gao et al., 2002) and the 
transfer of nutrients and pollutants (e.g. Ongley et al., 
1981; Kronvang, 1992; Russell et al., 1998; Stone, 
2000). Release of particulate associated nutrients and 
contaminants may impact water quality in impounding 
reservoirs (e.g. Caitcheon et al., 1995). A knowledge 
of suspended sediment properties may also be useful 
in evaluating their source (e.g. Peart & Walling, 1988; 
Caitcheon et al., 1995; Collins et al., 1998). The nature 
of the suspended matter is also reported by McDowell 
& Asbury (1994) to have implications for stream eco- 
logy. Skvortsov (1959) lamented the fact that while 
extensive data were available on sediment discharge 
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and transport, information on the composition of sus- 
pended matter was limited. This is the current situation 
in Hong Kong: very few observations have been made 
of the properties of suspended matter. This lack of in- 
formation on headwater streams in Hong Kong may 
be paralleled elsewhere. Writing about highland and 
headwaters in general, Haigh et al. (1996) indicated 
that one of the current concerns was the need for 
environmental monitoring and the collection of bench- 
mark data. Furthermore, McDowell & Asbury (1994) 
note that elemental fluxes for large tropical watersheds 
have received considerable study, but in comparison 
little is known about small tropical watersheds. This 
study reports observations on suspended sediment car- 
bon (C) and nitrogen (N) content for a small drainage 
basin or headwater catchment in Hong Kong, thereby 
providing some benchmark data. 



Study site 

In the New Territories of Hong Kong near Shek Kong, 
a small drainage basin has been monitored at the Ka- 
doorie Agricultural Research Center, the location of 
which is shown in Figure 1. Elevation of the basin 
ranges from 200 to 552 m and the area of the basin 
is around 0.15 km^. The vegetation is well developed 
secondary mixed broadleaf woodland and shrubland. 
The bedrock geology of the basin consists of a mixture 
of fine-grained granodiorite and tuffs and breccias of 
the Repulse Bay Volcanics Group, both of which are 
Mesozoic in age. Quaternary debris flow deposits oc- 
cur in the basin. Soils are Ultisols and Oxisols and in 
general the upland soils of Hong Kong are acidic. The 
slopes are steep with an average gradient of 30°. 

The measurement site is located on a second order 
stream with baseflow runoff values of around 3 1 s“^ 
There is a marked seasonal pattern to runoff which 
reflects the rainfall input. At the study basin the av- 
erage annual rainfall for the period 1991-2001 was 
2747.5 mm, of which 87% fell during the summer. 
Annual rainfall for 1998, 1999, 2000 and 2001 was 
2728.4, 2666.8, 2731.5 and 3631.5 mm, respectively. 
Runoff is similarly concentrated in the wet season with 
Peart & Jayawardena (1989) reporting wet: dry season 
runoff ratios ranging from 2.4 to 4.7 for 7 small basins 
in Hong Kong. For hydrological purposes, the wet 
season includes the months April-September, whilst 
the dry season is from October to March. Seasonal 
temperatures at the Kadoorie Agricultural Research 
Centre gave summer maxima of 34.8, 34.9, 35.0 and 



35.0 °C for 1998, 1999, 2000 and 2001, respectively, 
while the annual winter minima were 6.0, 0.6, 3.1 and 
4.5 °C. 



Methods 

Sampling was carried out during the years 1998-2001 
at the outlet of the small basin. Under stable runoff 
conditions, large volume water samples of up to 90 
1 were collected. Storm-period sampling typically in- 
volved 400-600 ml volume samples, some of which 
were collected manually, and others from an ISCO 
model 2700 automatic sampler. The ISCO sampler 
was emptied and re -set on a daily basis. Manual 
sampling was carried out in a well mixed area of flow 
whilst the inlet to the ISCO sampler was located in the 
middle of the channel above the bed. Sampling was 
carried out to reflect seasonality and to obtain samples 
over a representative range of stage and sediment con- 
centrations. Upon return to the laboratory the suspen- 
ded sediment was separated by filtration using GF/C 
filter papers. The filter papers were not pre-ignited be- 
cause they are composed of 100% borosilicate and are 
binder free. These were subsequently air dried and the 
sediment disaggregated before analysis. 

The suspended sediment samples were not pre- 
treated to remove carbonates prior to analysis. Before 
analysis for total (i.e. organic and inorganic frac- 
tions) C and N all samples were gently ground and 
passed through a 250 micron mesh sieve. Total C and 
N were measured using a Perkin Elmer model 2400 
elemental analyser. Two replicates were analysed for 
each sample and the mean value calculated. Blanks of 
the GF/C filter paper reveal no contamination from this 
source. 



Results 

The summary descriptive statistics of the total C and N 
content, along with their ratio are presented in Table 1. 
Suspended matter in the headwater stream contains 
around 1% N and nearly 13% C with an average ratio 
of 13.2. A division of the data based upon samples 
collected under stormflow conditions as opposed to 
stable runoff presented in Table 1 reveals very similar 
percentages of C and N under the two types of runoff 
conditions. Table 1 does reveal that under stable flow 
the variability of the C content is much lower than for 
the stormflow samples. Both N content and the C:N 
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ratio are also less variable for stable flow samples com- 
pared to stormflow but the contrast is much less than 
for C. 

A seasonal division of the data set is presented in 
Table 1 . The non-parametric Mann- Whitney test was 
used to compare the mean values for the paired data in 
Table 1. No significant differences were detected for 
the percent C and N and their ratio in a comparison of 
all samples collected during the summer against those 
taken during the winter. Furthermore, comparison of 
stormflow against stable flow samples collected dur- 
ing the summer wet season failed to reveal differences 
at the 0.05 significance level. However, percent C 
and N in winter do exhibit a statistically significant 
difference between stable and storm conditions. 

The plotting of scattergraphs of C, N and the C:N 
ratio against water level has been used to evaluate the 
effect of stage on the composition of the suspended 
matter. Figure 2 presents the scattergraphs along with 



their associated best fit regression lines. The gradient 
of the regression lines for both C and N suggest that as 
water level increases their percentage in the suspended 
matter declines. It should be noted, however, that the 
levels of explanation of the variation in C and N ac- 
counted for by water level are low, being 10 and 15%, 
respectively. The C: N ratio appears to be relatively 
independent of water level. 

The influence of suspended sediment concentra- 
tion upon the percentage of C, N and their ratio in 
the suspended matter has been investigated. Scatter- 
graphs are presented in Figure 2 and they reveal that as 
the concentration of suspended sediment increases, the 
content of C and N in the material decreases. In con- 
trast, the C:N ratio has a positive association with sus- 
pended sediment concentration. However, these trends 
may need to be viewed with some caution because the 
high levels of suspended sediment are represented by 
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Table 1. Suspended sediment C, N and C:N ratios 







C(%) 


N(%) 


C:N 


All Data 


mean 


12.9 


1.0 


13.2 


n: 132 


median 


12.8 


1.0 


12.9 




coef. of variation 


27.1% 


27.3% 


17.1% 


Stable flow 


mean 


12.8 


1.1 


12.5 


n: 31 


median 


12.8 


1.0 


12.7 




coef. of variation 


9.0% 


22.6% 


14.9% 


Storm flow 


mean 


12.9 


1.0 


13.4 


n: 101 


median 


12.6 


1.0 


12.9 




coef. of variation 


30.6% 


28.9% 


17.4% 


Summer-all 


mean 


13.0 


1.0 


13.2 


n: 108 


median 


12.9 


1.0 


12.9 




coef. of variation 


29.1% 


26.3% 


15.8% 


Winter-all 


mean 


12.2 


1.0 


13.2 


n: 24 


median 


12.1 


1.0 


12.7 




coef. of variation 


12.1% 


33.3% 


22.6% 


Summer-storm 


mean 


13.0 


1.0 


13.3 


n\ 94 


median 


12.9 


1.0 


12.9 




coef. of variation 


31.0% 


28.6% 


16.5% 


Summer stable flow 


mean 


13.0 


1.0 


13.1 


n: 14 


median 


12.9 


1.0 


12.8 




coef. of variation 


9.3% 


8.7% 


7.4% 


Winter storm 


mean 


11.1* 


0.8* 


15.1 


n:l 


median 


11.5 


0.9 


14.2 




coef. of variation 


15.2% 


33.3% 


22.9% 


Winter stable flow 


mean 


12.7 


1.1 


12.2 


n: 17 


median 


12.2 


1.0 


12.4 




coef. of variation 


8.9% 


29.6% 


19.6% 



* Statistically significant at the 0.05 level. 



only a few samples which may exert a higher degree 
of control upon the form of the regression line. 



Discussion and conclusions 

Total C and N have been determined in the suspended 
matter at the outlet of the drainage basin. Given the 
absence of carbonates in the soils and bedrock of the 
basin, along with the lack of human disturbance, it is 
believed that most of the C and N in the suspended 
sediment are organic. 

In an early review of particulate organic C, Mey- 
beck (1982) observes that the content in suspended 



matter is highly variable ranging from 0.5 to 40%. In 
the small study basin the total C content has a mean of 
12.9% which falls within the range identified by Mey- 
beck (1982). However, Ludwig et al. (1996) report 
particulate organic C as a percentage of total suspen- 
ded solids for some world rivers: values range from 
0.3 to 10%, rather lower than the average C of the 
study basin. In terms of comparison to other tropical or 
sub-tropical watersheds a number of studies are avail- 
able. A comparatively low value for total C content of 
around 1% has been reported by Peart (1993) for the 
Lam Tsuen River, a basin which is also in the New 
Territories of Hong Kong. From the Xijiang River in 
South China, Gao et al. (2002) report particulate or- 
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ganic C values ranging from 1.9 to 4.7%. For three 
small tropical watersheds in Puerto Rico monitored by 
McDowell & Asbury (1994), percent by weight or- 
ganic C values of around 2.7-3. 0-8. 2% are obtained. 
Martins & Probst (1991) report on particulate organic 
C for a number of African rivers. For example, par- 
ticulate organic C accounts for between 2 and 9% of 
total suspended sediment in the Niger River, 9.5% in 
the Benue River and less than 2% in the Senegal River. 
They also report particulate organic C values ranging 
from 4 to 8% in the Zaire River. Probst et al. (1994) 
cite particulate organic C as being 6% of the total river 
suspended sediment concentration in the Congo River 
whilst Richey et al. (1990) observe that in the Amazon 
River the equivalent value is also 6%. Based upon 
sampling of the R. Ganges in Bangladesh Ittekkot et al. 
(1985) report values of particulate organic C ranging 
from 0.73 to 6.11%. Additional observations on par- 
ticulate organic C in Himalayan rivers have also been 
presented by Subramanian & Ittekkot (1991). They re- 
port values of 2.2% for the R. Indus at Karachi and for 
four monitoring stations on the R. Ganges at Haridwar, 
Kanpur, Calcutta and Bangladesh values of 0.6, 1.14, 
1.0 and 2.3%, respectively, for particulate organic C. 
Particulate organic C ranged from 1.0 to 6.97% for 
five monitoring stations on the Brahmaputra River. 
The values for the particulate C content of suspended 
matter reported in Table 1 are rather higher than those 
typically observed in tropical and sub-tropical rivers. 
This difference may reflect, in part, the scale of the 
drainage basins with the study basin being very small 
compared to the other catchments. 

The coefficient of variation of 27.1% indicates a 
degree of variability in the total C content of suspen- 
ded matter in the small study basin. Other investiga- 
tions which evidence variation of particulate organic 
matter within suspended matter of a given river in- 
clude Gao et al. (2002), Ittekkot et al. (1985), Martins 
& Probst (1991) and Walling & Kane (1984). 

In terms of particulate organic N, Meybeck (1982) 
suggests that this is commonly between 0.1 and 1.3%. 
The mean value of 1.0% obtained from the study 
basin falls within this range, however, a coefficient of 
variation of 27.3% evidences some variability. Data 
presented by McDowell & Asbury (1994) for three 
tropical montane watersheds in Puerto Rico indic- 
ate particulate organic N values of around 0.2-0.5%, 
rather lower than the percent N values recorded at the 
study basin, but within the range reported by Mey- 
beck (1982). Evidence of the variability of particulate 



N content of suspended sediment is provided by, for 
example, Walling & Kane (1982, 1984). 

The C:N ratio for the suspended matter in the study 
basin has a mean value of 12.5 and 13.4, respectively, 
for samples collected under stable flow and stormflow 
conditions. These are rather higher than the values re- 
ported as being typical (8-10) by Meybeck (1982). 
However, in Meybeck’s (1982) study the Nile river 
in Egypt, along with the Amazon and Negro rivers in 
Brazil, were cited as having C:N ratios of 12.7, 13 and 
12, respectively, which are much closer to those repor- 
ted here. Based upon three small drainage basins in 
Puerto Rico, McDowell & Asbury (1994) report C:N 
ratios of 13.2, 13.8 and 12.1, respectively: values very 
similar to those of this study. McDowell & Asbury 
(1994) also note that for two of their three drainage 
basins (Q. Sonadora and Q. Icacos) the C:N ratio of 
the suspended sediments increased significantly with 
discharge. This is in contrast to the study basin where 
C:N is independent of water level in the stream. 

A simple division of the data for the study stream 
into summer wet season and winter dry season re- 
vealed no significant difference for percent C and 
N or their ratio. Walling & Kane (1982) also failed 
to identify a clear seasonal pattern in percent C and 
N in three rivers in Devon, England. In contrast, 
Subramanian & Ittekkot (1991) illustrate seasonality 
in particulate organic C in the Indus, Ganges and 
Brahmaputra rivers. The same study also reveals sea- 
sonality of particulate organic N in the Brahmaputra 
but the data for the Ganges does not reveal any obvious 
signs of trend based upon time of year. Seasonality 
of particulate organic C is also reported by Gao et al. 
(2002) and Ittekkot et al. (1985). 

The scattergraphs of percent C and percent N 
against the suspended solids concentration of the 
sample presented in Figure 2 reveal a negative as- 
sociation. Other studies which report an inverse re- 
lationship between total suspended solids and total, 
or organic, particulate C include Gao et al. (2002), 
Martins & Probst (1991) and Walling & Kane (1982). 
Meybeck (1982), Ittekkot & Laane (1991) and Ludwig 
et al. (1996) suggest that at the global scale a trend 
of a decrease in percent particulate organic C with 
increasing suspended sediment concentrations can be 
observed. Ittekkot & Laane (1991) suggest that this 
trend could be a consequence of a reduction in primary 
production due to high suspended matter concentra- 
tions. Meybeck (1982) observes that if the particulate 
organic C is mainly autochthonous, then these sources 
are diluted by land derived mineral matter and that 
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this may be important in large rivers. For small rivers 
where organic matter may be allochthonous, he sug- 
gests that the inverse relationship may be evidence of 
allochthonous material being transported less in com- 
parison to mineral material at higher rates of erosion. 
This explanation is possible in the study basin. An 
inverse relationship between percent N and suspended 
sediment concentration is reported by Walling & Kane 
(1982) for the R. Greedy in Devon, England. 

Data from this study has revealed a negative as- 
sociation between percent C and N and water level, 
a surrogate measure for discharge. This may reflect 
the dominance of inorganic sediments produced by 
erosion process during rainfall. Interestingly, Walling 
& Kane (1982) also report an inverse association 
between both total C and total N with discharge for 
the Greedy, Exe and Dart Rivers in Devon, Eng- 
land. Based on a study in the Xijiang River, Gao et 
al. (2002) report a higher percentage of particulate 
organic G at low water levels. 

The scatter in the bivariate plots of G, N and their 
ratio against water level and suspended sediment con- 
centration in Figure 2 may reflect the complex, and 
dynamic, nature of sediment production and transport 
in small drainage basins. However, it will also re- 
flect the complexity of particulate organic matter in 
the fluvial environment. For example, there are many 
potential sources (e.g. Wetzel & Likens, 2000) and 
production, decomposition and storage also have to be 
considered (e.g. Jones, 1997). In the Hong Kong en- 
vironment seasonality of litterfall and degradation will 
interact with runoff and erosion and further complic- 
ate understanding of G, N and their ratio in suspended 
matter. 
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Abstract 

Over a period of three years, the flux of particulate phosphorus to the sediment-water interface of Lake Kinneret 
was monitored by using seston traps deployed near the bottom of both accumulation and resuspension zones. 
The trap material was subjected to sequential phosphorus extraction. The obtained data set was compared to 
the phosphorus distribution in the surface layer of bottom sediments. Due to the sequence of drought years less 
allochtoneous phosphorous is reaching the lake resulting in a continuous decline of total particulate phosphorus 
(TPP) in the upper sediment layer. The observed decline in sedimentary TPP in spite of increased TPP sediment- 
ation can be seen as a dilution effect due to the sedimentation of material with a relatively lower P content. The 
change in sedimentation can be seen as the result of increased resuspension at low lake levels. With sedimentary P 
in the littoral zone being unaffected by the drop in the external P load, the changes observed in the profundal zone 
appear to be driven by internal wave activity. 



Introduction 

Sedimentation plays a critical role in aquatic ecosys- 
tems as a regulator of nutrient fluxes from the water 
column to the sediments (e.g. Koski-Vahala et ak, 
2000). Settling particles in lake water originate from 
three major sources: allochthonous, autochthonous 
and resuspended material. The relative portion of these 
sources varies greatly depending on the lake’s depth, 
external loading, basin morphometry, wind regime and 
its trophic state (Hakanson & Jansson, 1983). Such 
particle-settling flux shows a high temporal and spatial 
variability within and among lakes. When compar- 
ing sedimentation trap data from 11 Swedish and 9 
Swiss lakes, Weyhenmeyer & Blosch (2001) presented 
particle-settling fluxes ranging from 0.1 to 385 g m~^ 
d~^. Most of the variability within lakes originated 
from a seasonal sedimentation pattern. Experimental 
results showed that in both shallow and deep lakes 
(mean depth >9 m), resuspension is the major con- 
tributor to seston (Evans, 1994; Weyhenmeyer et ak, 
1997). In thermally stratified lakes, internal wave 
activity was shown to be the major cause for resuspen- 



sion (Weyhenmeyer, 1996). Of special interest with 
regard to particle settling flux is the fate of particu- 
late phosphorus (PP) for its contribution to internal 
phosphorus (P) loading (Andersen & Jensen, 1992). 

Although lake sediments act as an overall sink for 
PP (Rydin, 2000), seston settled on the lake bottom 
generally contains a relative small portion of refract- 
ory, permanently bound PP (Penn et ak, 1995). Espe- 
cially in deep lakes phosphorus from organically and 
iron bound P fractions was released back into the wa- 
ter column during early diagenesis (Tessenow, 1975; 
Hupfer et ak, 1995). Sequential P extraction is the 
most common tool to determine different forms of PP 
in seston and sediments (Bostrom et ak, 1988; Rydin, 
2000; Borovec & Hejzar, 2001). Using this technique, 
Pettersson (2001) showed the seasonality of PP distri- 
bution in seston and surficial sediments of Lake Erken 
with organic and labile bound P dominance during the 
stratified period and inorganic PP dominance during 
the time of mixis. 

Until the mid-1990s, P loading in warm mo- 
nomictic Lake Kinneret (LK) used to be dominated 
by external sources (Nishri, personal communication). 
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Markel et al. (1992) showed that 70% of the partic- 
ulate inorganic P entering LK via the River Jordan is 
from basaltic source. For the period 1969-1984, Smith 
et al. (1989) established a P mass balance for LK. They 
calculated an annual average lake mass of 92 ± 22 t 
P, an inflow of 120 ± 47 t P, an outflow of 11 ±6 
t P, and a net sedimentation of 109 ± 61 t P. Of the 
external P load 44% constituted of PP, 43% dissolved 
non-reactive P and 13% soluble reactive P (SRP). 

Their conclusion that the sediments of LK function 
as a P sink is supported by the findings of Eckert et al. 
(1997) who between 1992 and 1994 measured average 
PP concentration of 1 . 1 mg gDW“ ^ in the upper 10 cm 
of dissected intact sediment cores. HCl extractable P 
increased with depth from 40% in the upper 0.5 cm to 
58% at 10 cm depth, indicating diagenetic effects such 
as apatite formation. 

After 1996, this balance changed. Due to an un- 
broken sequence of drought years the annual winter 
floods of the River Jordan ceased and the spring max- 
ima of the lake level dropped from —209 m in 1996 
to —213 m in 2001 (Fig. 1). As a result, the annual 
external P load to the lake decreased from 120 tons to 
50 tons. The present paper is aimed at investigating 
the P sedimentation and the P partitioning in seston 
and in the surficial sediment of LK under the changing 
P-loading scenario. 



Study site 

Lake Kinneret is a warm monomictic fresh water lake 
located in the northern part of the Afro-Syrian Rift val- 
ley. At maximum lake level (—209 m) the lake has a 
surface area of 168 km^ (22 km long by 12 km wide) 
and a total volume of 4- 10^ m^. Average and max- 
imum depths are 24 and 42 m, respectively. The Jordan 
River is the major inflow, while water pumped into 
the National Water Carrier constitutes the main out- 
flow. Since maximum in water input and exploitation 
occur in different seasons, the lake altitude fluctuates 
between 209 and 213 m below mean sea level (Ser- 
mya, 1978). Lake Kinneret is thermally stratified from 
April until December with surface water temperatures 
ranging between 15 °C in winter and 30 °C in summer 
(Serruya, 1978). During the stratified period the ther- 
mocline depth varies between 14 and 17 m. In April, 
the hypolimnion becomes anoxic, followed by the ac- 
cumulation of sulfide (Eckert & Triiper, 1993). The 
deepening of the thermocline starts in October and is 
completed with the turnover in December. 



Jordan R 
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Figure 1. Map of Lake Kinneret and location of sampling sites & 
Lake level fluctuations of L. Kinneret between 1995 and 2001. 



Methods 

Between July 1998 and February 2001, cylindrical se- 
ston traps were deployed ca. one meter above the lake 
floor at the central lake station A (40 m) and at station 
F (20 m. Fig. 1). The traps consisted of four 50 cm 
long PVC tubes (0 6 cm) each equipped with a 250 
ml sampling vessel following the design of Koren & 
Ostrovsky (2000). In order to prevent mineralization 
of the trapped material each vessel contained a dia- 
lysis bag with 10 ml formaldehyde. The traps were 
sampled in biweekly intervals. The seston material 
was extracted by centrifugation followed by determin- 
ation of the water content. Duplicate wet subsamples 
were further used to determine the different fractions 
of PP using a modified version of the sequential P 
extraction method proposed by Hieltjes & Ljiklema 
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(1980) for calcareous sediments. In contrast to the 
original method we analyzed the NaOH extract for 
both soluble reactive P (SRP) and total P (TP), the 
latter by persulphate digestion (APHA, 1985), in or- 
der to include organically bound P possibly extracted 
during this step. Thus our methodology distinguished 
between NH 4 CI extractable or loosely bound P (LB- 
PP), NaOH extractable (metal bound, Me-PP), HCl 
extractable (calcite bound, Ca-PP) and organic P (POP 
as the sum of residual P and TP-SRP, determined in the 
NAOH extract). During each step, SRP was determ- 
ined as molybdate reactive P according to standard 
analytical procedures (APHA, 1985). 

From February until July 1997 and from July 1998 
until March 2001 intact, sediment cores were sampled 
monthly from stations A, F and S (12 m. Fig. 2) 
using a gravity corer (Tessenow et al., 1977). A 
0.5 cm thick slice of the sediment surface layer was 
removed and processed as described for the seston 
material. Hypolimnetic total dissolved P (TDP) con- 
centrations presented in this study are taken from the 
Lake Kinneret database. 



Results and discussions 

During the 4 years of our investigations, the PP con- 
tent measured in the sediment surface layer of intact 
sediment cores from the central lake station varied 
from 750 to 1900 /xg P gDW“^ (Fig. 2A). Besides 
some seasonal peaks (March, July-September, 1999 
and March 2000) our results indicate a general down- 
ward trend of TPP. The pie diagram below each year 
suggests a decrease in the relative portion of Ca-PP 
(47.6% in 1997, 35.1% in 2000) while LB-PP in- 
creased during the same period from 3.9 to 14.2%. Re- 
gression analysis of the annual TPP averages against 
time shows a decline of 147 /xg gDW“^ yr“^ (Fig. 3). 
The trend observed at station A was confirmed by 
our findings from station F. Here TPP dropped signi- 
ficantly from 1400 /xg gDW“^ in February 1997 to 
700 /xg gDW“^ in June 2000 (Fig. 2B) underlying a 
distinct seasonal trend with TPP increasing during fall 
and winter. On the annual average the observed de- 
cline was very similar to that at station A with 146 /xg 
gDW“^ yr“^ (Fig. 3). Obviously the drop in the Ca-PP 
fraction at this station was even more pronounced than 
the one observed at the lake’s center (64% in 1997 and 
44% in 2000, Fig. 2B). This decline was accompanied 
by a relative increase in LB-PP and Me-PP while POP 
remained stable between 1998 and 2000. In a similar 
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Figure 2. Time change of particulate phosphorus fractions in the 
upper 0.5 cm of bottom sediments. (A) Station A, (B) Station F. Pie 
graphs display annual average percentages. LB-PP ^ Me-PP ^ 
Ca-PP B POP). 



work at Lake Erken (Goedkoop & Pettersson, 2000) 
the observed high seasonal variability (1600-2100 /xg 
P gDW“^) of TPP in the sediment surface layer of 
profundal sediments appeared to be related closely to 
phytoplankton development and benthic bacterial bio- 
mass. This range of seasonal TPP fluctuations was 
similar to what we observed in LK, but unlike L. Erken 
no seasonal trend could be distinguished at the center 
of the lake. 

The dramatic decline of Ca-PP in the sediment sur- 
face layer of profundal LK sediments over the 4-year 
period of our investigations appears to be closely re- 
lated to the changed external P-loading from 120 to 50 
tons (Nishri, pers. comm.). The findings of Markel et 
al. (1994) who traced the precipitation of external P as 
a phosphate surface complex at the center of the lake 
help to link the observed drop in sedimentary TPP to 
the reduced external P-load. 
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Figure 3. Regression of the annual average concentrations of total 
particulate phosphorous in the upper 0.5 cm of sediments from Stn. 
A (open cycles, dotted line) and Stn. F (filled cycles) against time. 
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Figure 4. Annual average distribution of particulate phosphorus 
fractions in the upper 0.5 cm of bottom sediments at Stn’s A, F & S 
(^ LB-PP Me-PP Ca-PP ■ POP). 
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The relative portion of PP fractions in the (surface 
sediment layer) SSL of littoral sediment cores (10 m 
station S) showed very little seasonal variability (not 
shown). With annual averages ranging between 1220 
and 1300 /xg PgDW“^ respectively, TTP concentra- 
tions remained constant in comparison to Stations A 
and F (Fig. 4). The same was due for the different PP 
fractions with 3% LB-PP, 4% Me-PP, 67% Ca-PP and 
22% POP. This uniform distribution can be explained 
by the fact that littoral sediments in LK are sandy and 
homogenized by frequent resuspension and resettling 
events. As such littoral sediments are less sensitive to 
changes in external P loading which would explain for 
the difference to the profundal stations where annual 
averages for TPP dropped in both cases by 500 /xg 
gDW“^ 

We expected to find a link between the changes 
observed in the SSL and the quantitative analysis of 
seston material sampled near the bottom of Stations 
A and F Between June 1998 and February 2001, net 
sedimentation rates at Station A varied between 1 and 
13.5 g m“^ d“^ (Fig. 5 A). The settling flux revealed a 




Figure 5. Results from seston trap deployment in the near bot- 
tom zone of Stn.A between June 1998 and January 2001. (A) net 
sedimentation flux (B) Concentrations of particulate phosphorus 
fractions in seston material. Pie graphs display annual averages. (^ 
LB-PP ^ Me-PP Ca-PP g POP). 



distinct seasonal trend with deposition rates increasing 
drastically during the winter months while decreas- 
ing again in spring - sharply in 1999 and gradually 
in 2000. A comparison between the 1999 and 2000 
lake cycles indicates an increase in the annual settling 
flux from 1400 to 2300 gDW m“^ yr“^ According to 
Ostrovsky et al. (1996) who showed the influence of 
seiches-induced mixing on resuspension in the zone 
of internal wave braking of LK, the observed increase 
in seston flux during summer 2000 can be related to 
the drop in the water level during the same period. A 
lower lake level lowers the washing zone affected by 
the seiches amplitude and as such exposes sediment 
zones to resuspension that were previously under hy- 
polimnetic influence. Accumulated fine sediments are 
then readily remobilized. 

The P content of the seston material varied largely 
between 0.7 and 6 mg P gDW“^ (Fig. 5B). Gener- 
ally TPP concentrations increased during the period 
October- January while being lowest in spring. When 
comparing this seasonality with the change in the net 
sedimentation (Fig. 5A) it becomes obvious that P 
concentrations were high when the sedimentation rate 
was low and vice versa. Regression analysis between 
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both variables resulted in a significant negative cor- 
relation (R^ = 0.43, p < 0.001). Regarding the 
relative portion of the different PP fractions in seston 
our analysis showed that POP was the dominant frac- 
tion throughout the measuring period (see pie graphs 
below year). Ca-PP which was the smallest fraction 
in 1998 (15.9%) increased steadily mainly on the ex- 
pense of LB- and Me-PP to 17.7% in 1999 and 33.4% 
in 2000. Translating these results into the PP flux to 
the sediment the rates obtained range between 2.5 and 
24 mg P m~^ d~^ (Fig. 6). The P flux to the sediments 
was generally lowest during October, and P sediment- 
ation increased strongly thereafter during each of the 
three years investigated. The relative increase of Me- 
and Ca-PP in November points towards a coprecipita- 
tion of P with iron oxide formed during oxidation of 
hypolimnetic water during the lake’s destratification 
process and with calcite formed due to increasing pH 
values (Broberg & Persson, 1988). Integration of our P 
flux measurements shows in comparison to previously 
published data (Eckert & Nishri, 2000) that PP sedi- 
mentation increased from 2000 mg m~^ yr~^ in 1997 
to 2500 in 1999 and to 3500 in 2000 (our data set for 
1998 was incomplete). In a first instance one might 
get the impression that this increase contradicts our 
TPP results in the SSL as observed during the same 
time period. However, due to an increase in particu- 
late matter flux, average TPP concentrations in seston 
dropped considerably from 3000 mg gDW“^ in 1998 
to 2350 mg gDW“^ in 2000 and as such PP reach- 
ing the SSL became more and more diluted over time 
leading to the drop in sedimentary TPP. 

The time series of net sedimentation at Station F 
(not shown) revealed the same seasonality as in the 



case of Stn. A but at higher sedimentation rates. Max- 
imum values were 11 and 22 gDW m~^ yr“^ in 1999 
and 2000, respectively. Higher sedimentation rates 
at Stn F were an expected result since this field site 
is located within the washing zone of internal wave 
braking causing high resuspension (Ostrovsky et al., 
1996). Apart from two sharp peaks at 4 mg gDW“^ 
PP concentrations in seston material varied between 
1 and 3 mg gDW“^ and were lower than those at St. 
A. The different PP fractions were distributed rather 
uniformly with [%]: LB-PP = 11.2 ± 5.0, Me-PP = 
11.2 ± 4.5, Ca-PP = 25.0 ± 9.9 and POP = 52.4 ± 
13.6. Similarly to Stn. A, the TPP concentrations of se- 
ston were negative correlated to the sedimentation flux 
explaining the observed decrease of TPP in the SSL. 
During the period of our measurements, PP sedimenta- 
tion rates at this site were lowest in October (5 mg m~^ 
d“^) and maximum in January (20 mg m~^ d~^ in 
1999 and 48 mg m~^ d~^ in 2000) while otherwise 
varying between 7 and 12 mg m~^ d~^. Unfortunately 
our data set from F is incomplete due to frequent loss 
of sampling equipment and therefore unsuitable for 
calculating the annual P flux. 

In order to perform a simple P mass balance at 
the central lake station (A) figures are needed in or- 
der to characterize the P flux from the sediments into 
the water column. Since LK sediments were shown 
to effectively prevent sedimentary P release while 
the overlying water is oxic (Eckert et al., 1997) the 
hypolimnetic accumulation of total dissolved phos- 
phorus (TDP) is a useful indicator for P release. The 
TDP development in the hypolimnion of LK for three 
consecutive years from April 1998 to January 2001 
is shown in Figure 7. TDP concentrations typically 
increased in time until the overturn in January. Integ- 
ration of biweekly TDP profiles in the water column 
allows for an estimate of the sedimentary release, ac- 
counting 1600 mg P m~^ yr~^ in 1998, 1150 in 1999 
and 1400 in 2000. The previously published rate for 
1997 was 1200 mg P m~^ yr“^ (Eckert & Nishri, 
2000). 

Figure 8 gives an overview of the different avail- 
able P-flux data at the sediment-water interface of the 
central lake station for the years 1997-2000. During 
1997 and 1998, when our seston trap measurements 
covered only the stratified period of the annual lake 
cycle PP sedimentation was 1500 and 1200 mg m~^ 
yr“^ 1000 mg of which as bioavailable P (BAP = 
POP + Me-PP). In both years the hypolimnetic TDP 
accumulation exceeded the BAP flux of the same 
period. At annual PP sinking fluxes of 2500 and 





228 




Figure 7. Isopleth diagram of total dissolved phosphorus concentrations in the water column of Stn A between April 1998 and January 2001 
(Lake Kinneret Data Base, with courtesy of Aminadav Nishri). 
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Figure 8. Integrated phosphorus fluxes at the sediment water inter- 
face of Stn A for 1997 until 2000. 



3400 mg in 1999 and 2000, respectively, PP 
sedimentation during the stratified period increased in 
comparison to the proceeding years to 1700 and than 
to 1800 mg m“^ yr“^ This indicates a general in- 
crease in PP sedimentation during the past three years. 
BAP reaching the sediment during the stratified period 
was 1400 mg m“^ in 1999 and 1300 mg m“^ in 2000, 
a quantity close to that of TDP accumulating in the 
hypolimnion (1100 and 1500 mg m“^, respectively). 

Using the figures for 1999 and 2000, we calcu- 
lated the expected sedimentary PP concentration by 
subtracting the accumulated TDP from the annual PP 
sedimentation while dividing the result by the annual 
net flux and arrived at 0.93 and 0.79 mg P gDW“\ 



respectively, with the measured values in the SSL were 
1.08 and 0.76 mg P gDW“^ This finding support our 
hypothesis that the longterm decrease in sedimentary 
P in spite higher P sedimentation is due to a dilution 
effect leading to lower P concentrations in the seston. 



Conclusions 

Our 4-year data set on P sedimentation and PP con- 
centrations in the SSL of LK sediments allows for the 
following conclusions. 

Due to the sequence of drought years less al- 
lochtoneous phosphorous is reaching the lake resulting 
in continuous decline of Ca-bound PP in the upper 
sediment. 

The observed decline in sedimentary PP concen- 
tration in spite of increased PP sedimentation can be 
seen as a dilution effect due to the sedimentation of 
material with a relatively lower P content. The change 
in sedimentation can be seen as the result of increased 
resuspension at low lake levels. 

With sedimentary P in the littoral zone being unaf- 
fected by the drop in the external P load, the changes 
observed in the profundal region appear to be driven 
by internal wave activity. 
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Abstract 

Boundary layer flow characteristics and sediment permeability control pathways and magnitude of material ex- 
change in the surface layer of aquatic sediments. In flne-grained cohesive beds, bottom currents and sediment 
microtopography shape the diffusive boundary layer and locally produce areas where the interfacial solute fluxes 
are increased or reduced. Where sediment permeabilities exceed 10“^^ m^, advective pore water flows driven by 
boundary flow-topography interaction dominate the sediment-water exchange of matter, with transport rates that 
exceed those of molecular diffusion by two orders of magnitude and more. The curved paths of the advective pore 
flows through the surface layers of such sandy beds generate complex three-dimensional biogeochemical patterns 
with extreme spatial and temporal variability ranging from millimeters to decimeters and seconds to seasons. High 
flltration rates, a bacterial community flrmly attached to the mineral grains, rapidly changing biogeochemical 
zonations and winnowing of the sediment surface layers by frequent resuspension convert these beds into effective 
biocatalytical Alter systems. 



Transport mechanisms at the sediment-water 
interface 

In shallow aquatic environments, the sediment bed is 
the most important site for accumulation, storage and 
biogeochemical transformation of organic matter and 
contaminants (Canfleld et al., 1993; Wainright et al., 
1992; Villar et al., 1999). The extent to which the sed- 
imentary processes are linked to the overlying water 
column is determined by transport mechanisms that 
carry particulate and dissolved substances into and out 
of the bed (Berner, 1976; Vanrees et al., 1996). In 
most aquatic environments, the most important trans- 
port processes are molecular diffusion, gravitational 
settling, bioturbation and burrow irrigation (bioirrig- 
ation), pore water advection and burial due to lateral 
sediment transport (Aller, 1982; Shum & Sundby, 
1996; Vaughn & Hakenkamp, 2001). All these mech- 
anisms are strongly affected by boundary layer flows 
making water currents, surface gravity waves and tur- 
bulence dominant factors controlling benthic-pelagic 
coupling. 



Boundary flows and diffusive sediment-water 
exchange 

Where the boundary flows are weak, flne-grained sedi- 
ments can accumulate producing deposits with organic 
matter and solute concentrations that exceed those 
in the overlying water column by far (Berner, 1980; 
Ignatieva, 1996). Due to the resulting concentration 
gradients and the relatively low hydraulic conduct- 
ivity of these deposits, molecular diffusion in such 
beds usually is the most important mechanism for the 
transport of dissolved substances across the sediment- 
water interface. In such environments, the boundary 
layer hydrodynamics govern the biogeochemistry of 
the sediment surface layers by controlling the solute 
concentration gradients at the sediment water interface 
(Jprgensen, 1994; Golosov & Ignatieva, 1999). These 
gradients are not only shaped by the characteristics of 
the boundary layer flow (e.g., laminar or turbulent) but 
also by the interaction of the flow with the microto- 
pography of the sediment. Jprgensen & Des Marais 
(1990) observed the compression and dilatation of 
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Figure 1. Upper pane: cross-section of a fine grained sediment that was inhabited by oligochaetes (interface indicated by dotted line) and 
the oxygen concentration isolines that are shaped by the interaction of the microtopography, hotspots and boundary layer fiow. The isolines 
were derived from oxygen profiles measured with a microsensor at a spatial resolution of 250 and 100 /xm in horizontal and vertical direction, 
respectively. The isolines reveal compression of the diffusive boundary layer (DBL) and enhanced vertical and horizontal oxygen fiux (lower 
pane) at microtopography and two hotspots (at x = 20 mm and x = 32 mm). The latter were caused by fresh faecal pellets deposited on 
the surface by oligochaetes. The elevated fiux between 10 and 30 mm relative to the fiux between 40 and 50 mm can be attributed to the 
compression of the DBL. Median grain size 6.3 /xm, permeability k = 1.5x 10“^^ m^; porosity = 0.8, organic content = 2.9%, shear velocity 
u* = 0.09 cm s“^. 

oxygen concentration isolines due to locally accelerat- Advective filtering in permeable sediments 
ing or decelerating contour flows at microtopography exposed to flow 
of a microbial mat. In their recent microscale studies 

of oxygen distribution at the surface of a silty bioturb- The importance of boundary flows for the metabolic 

ated sediment, R0y et al. (2002) demonstrated that activities in the sediment increases with increasing in- 
flow-microtopography interaction affects also the dif- tensity of the flow near the sediment-water interface 

fusive boundary layer and oxygen flux in flne-grained (Berninger & Huettel, 1997; Migne & Davoult, 1998). 

marine sediments. At sub-millimetre scale, the sedi- In river and shallow coastal environments, strong bot- 

ment surface appears as a three-dimensional structure tom currents frequently resuspend and winnow the 

where the concentration gradients that loosely fol- sediment resulting in coarse-grained beds with relat- 

low the topography support fluxes not only in vertical ively high hydraulic conductivities and low content of 

but also in horizontal direction (see Fig. 1). A one- organic matter (Li & Amos, 1999). Nevertheless, such 

dimensional measuring approach may underestimate sediments can have oxygen consumption rates similar 

oxygen flux in such settings by 5-15% revealing the to those recorded for flne-grained beds rich in organic 

importance of flow, topography and the ensuing three- matter suggesting that these beds efficiently mineralise 

dimensional nature of the sediment water exchange. organic material originating from the overlying wa- 

ter column (Andersen & Helder, 1987; Lohse et al., 
1996). However, strong currents and turbulence ex- 
ceeding the settling velocities of organic matter and 
line particles by far require other processes than grav- 
itational settling for the uptake of such substances 
into the sediments. The boundary layer hydrodynam- 
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Figure 2. Upper pane: advective pore water exchange due to oscil- 
lating boundary currents interacting with ripple topography gener- 
ated by waves. Stained pore water is released to the water column at 
the ripple crests, while unstained water intrudes the sediment in the 
ripple troughs. Experimental settings: median grain size, 250 /xm; 
k = 2.9x10“^^ m^; water depth in wave tank, 20 cm; wave amp- 
litude, 10 cm; wavelength, 120 cm; av. w* = 0.12 cm s“^; filtration 
rate, 90 L m^d“^ . Lower pane: comparison of advective and diffus- 
ive release of solute tracer from the same sediment under stagnant 
flow conditions and exposed to the waves. Advective release due 
to waves in this case increased solute flux by factor 10 relative to 
diffusion. 



A813C (%o) 




Figure 3. Results of an in situ experiment on transport of 
^^C-labelled Ditylum brightwellii diatom cells into North Sea 
sediments of different grain size and permeability. Fine sand: 
k = 2.4x10“^^ m^; penetration time, 32 h; medium sand, 
k = 22.6xl0“^^m^; penetration time, 20 h. Interfacial water flows 
carried labeled diatoms down to 3 cm in the fine sand and down to 
6 cm in the medium sand. In the latter this transport distance was 
covered in less than 1 day. 



max: 74 




Figure 4. Zones of enhanced nitrification are generated up- and 
downstream of protruding surface structures (in this case a small 
mound of 2.5 cm height, upper pane), while pore water rich in 
ammonia is drawn to the surface underneath the protrusion creat- 
ing steep gradients between aerobic and anaerobic sediment zones 
(lower pane). Here ammonium-oxidizing bacteria find ideal growing 
conditions. Likewise metals are affected by the advective pore water 
flows. Dissolved ferrous iron and dissolved manganese are drawn 
from deeper anoxic sediment layers to the surface. The upwelling 
pore water flows, thus, create a pathway of reduced metals through 
the oxidized surface layer of the sediment permitting the release of 
these substances to the water column. Pollutants can be released 
from such sediments in the same manner. Median grain size 350 
/xm, permeability k = 5.1x10“^^ m^; porosity = 0.4; organic 
content = 0.2%; shear velocity u* = 0.38 cm s“^. (Modified after 
Huettel, M., W. Ziebis, S. Forster & G. W. Luther, 1998. Advective 
transport affecting metal and nutrient distributions and interfacial 
fluxes in permeable sediments. Geochim. Cosmochim. Acta, 62(4): 
613-631.) 



ics again are the key factor controlling the transfer 
of matter into these sediments. In such high-energy 
environments, advective pore water flows and lateral 
sediment transport control the transfer of matter into 
the permeable bed. 

Interfacial advective flows are driven by small 
lateral pressure gradients (ca. 1-3 Pa cm“^) that res- 
ult from the interaction of unidirectional or oscillat- 
ing boundary layer flows with sediment topography 
(Huettel & Gust, 1992). Obstruction of the flow by 
protruding structures causes local increase of pressure 
that forces water and suspended particles into por- 
ous sediments, while the acceleration of flow when 
passing over these protrusions results in a pressure 
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Figure 5. The same set of nitrate pore water profiles originating from permeable carbonate sediment (Kaneohe Bay/Oahu, permeability 
k = 5x10“^^ to 9x10“^^ m^) depicted in one- (upper pane), two-(middle pane), and three-dimensional (lower pane) plots. The pore water 
samples were taken from a sediment volume with 35 x 35 cm surface area and 70 cm depth using the seepers represented by the grey vertical 
lines in the lower pane of the graph. In permeable sediments the variation of concentrations between individual vertical profiles measured 
in close proximity may be caused by the complex three-dimensional nature of the biogeochemical zonation. By collecting horizontal spatial 
information with the vertical profiles, this three-dimensional structure can be shown. 



decrease that draws pore water from the sediment 
(Savant et al., 1987; Thibodeaux & Boyle., 1987; 
Huettel et al., 1996) (see Fig. 2). In typical coastal 
settings this transport reaches to approximately 15 cm 
sediment depths. Because there is no river or sea bed 
that is perfectly smooth, all natural sediments with a 
permeability exceeding 10“^^ m^ function as effective 
filter systems when exposed to boundary layer flow. 

The ecological relevance of the interfacial advect- 
ive water flows is linked to the transport of reactive 
materials into permeable sediments. Laboratory and 
in situ experiments showed that phytoplankton cells, 
bacteria and organic detritus particles are transported 
several centimeters into the sediment within 12-24 h 
(Pilditch et al., 1998; Huettel & Rusch, 2000; Rusch et 
al., 2001) (see Fig. 3). This process causes rapid par- 
ticulate matter uptake in environments where strong 



boundary currents prevent the gravitational deposition 
of organic matter. 

Concurrent with the transport of organic particles 
into the bed, water rich in oxygen and other electron 
acceptors (e.g., nitrate, sulfate) is forced into the sed- 
iment and, because the fluid experiences less friction 
than the particulate matter, passes through the layers 
where the intruding particles accumulate within the 
bed (Huettel & Rusch, 2000). The pore water flow 
field associated with sediment topography dictates a 
directed flow from the area of intrusion to the release 
zone providing an efficient exchange mechanism for 
pore water and dissolved metabolites. More than 90% 
of the bacterial cells in sandy sediments are attached 
to the mineral grains (Rusch et al., 2001). When water 
rich in organic matter and electron acceptors is flushed 
through sand beds, the bacterial community converts 
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Figure 6. The permeability and depth ranges of the main transport 
mechanisms in aquatic environments. The zone where bioturbation 
is dominant is depicted for marine coastal environments. (Modified 
after Huettel & Gust, 1992. Impact of bioroughness on interfacial 
solute exchange in permeable sediments. Mar. Ecol. Progr. Ser. 
89(23), 253-267.) 



these beds into efficient biocatalytical filters (see Fig. 
4). 



Spatial and temporal heterogeneity in sedimentary 
biogeochemical processes due to boundary 
flow-topography interaction 

Because in natural environments sediment topography 
as well as the boundary layer flow characteristics 
change on time scales ranging from seconds to sea- 
sons, the fast advective transport of particles and fluid 
caused by the topography-flow interaction generates a 
rapidly changing biogeochemical zonation of complex 
three-dimensional structure (Huettel et al., 1998) (see 
Fig. 5). These rapid spatial and temporal changes fur- 
ther enhance the biocatalytical activity of permeable 
aquatic sediments and accelerate the transformation 
of matter in these beds (Aller, 1994). A low con- 
tent of reactive materials in such beds, thus, cannot 
be interpreted as low metabolic activity but rather is 
the consequence of rapid turnover and high exchange 
rates. 



Conclusions 

The hydrodynamical boundary flow conditions and the 
permeability of the sediment define whether diffusion 
or advection dominates the exchange of substances 
between aquatic sediments and the overlying water 
column. When sediment permeability exceeds 10“^^ 
m^, advective transport surpasses diffusion (see Fig. 
6). In natural environments, this picture is complicated 
by the activity of benthic meio- and macrofauna organ- 
isms that enhance interfacial transport of solutes and 
particles by bioturbation and bioirrigation. In coastal 
permeable beds, this biological transport locally can 
be as efficient as advective exchange; however, the 
biological activity is also controlled by the boundary 
hydrodynamics (e.g., due to supply of oxygen or food 
particles). Exchange of solutes and particles in aquatic 
environments is controlled by the hydrodynamic con- 
ditions at the sediment-water interface, and measure- 
ments attempting to quantify the interfacial exchange 
have to take the variability of the boundary flows and 
sediment permeability into account. 
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Abstract 

Phoslock™ is a specially modified clay designed to permanently bind phosphorus in those situations where 
phosphorus (P) release from sediments is a main driver of algal bloom formation. Extensive laboratory and 
mesocosm trials have demonstrated the effectiveness of Phoslock™ in binding sediment released P using less 
than a millimetre thickness of clay. Two full-scale applications were undertaken in the summer of 2001/2002 in the 
impounded riverine section of two estuaries along the coastal plain of south west Western Australia. Both rivers 
are subject to blue-green algal blooms in the summer months. Phoslock™ applied in a slurry from a small boat 
reduced dissolved P in the water column to below detection limit in the few hours it took for the clay to settle 
and substantially reduced P efflux from the sediments during the course of the trial. The effect of P reduction on 
phytoplankton growth was clearly evident in the phytoplankton dominated Vasse River but was less clear in the 
alternating phytoplankton to aquatic plant dominated Canning River which is also subject to surface nutrient inputs. 



Introduction 

Eutrophication is a common feature of many Aus- 
tralian waterways - lakes, rivers, wetlands and es- 
tuaries - with a propensity to cyanobacterial blooms 
(Jones, 1994). The combination of high nutrient de- 
livery from both urban and agricultural sources and 
impoundment in shallow water bodies during hot dry 
summers greatly exacerbate the symptoms of eutroph- 
ication. 

A history of phytoplankton activity and organic 
matter accumulation ensures that internal nutrient 
loading is a significant source of nutrients to fuel sub- 
sequent phytoplankton activity in these impounded 
water bodies. In Western Australia, settlement of es- 
tuarine and riverine floodplains has required extensive 
drainage in some urban areas. In the agricultural catch- 
ments of these floodplains overclearing has led to rises 
in the groundwater table necessitating drainage back 
to the receiving water body which in the case of the 
two study areas is the impounded portion of an estu- 
ary. Eor many years the prevailing dogma in Australia 
has been that both freshwater and estuarine waterways 



were phosphorus limited with respect to phytoplank- 
ton (Harris, 1997), however recent studies (Thompson, 
1998; Hart & Grace, 2000) have shown nitrogen limit- 
ation in almost all waterways in which phytoplankton 
bioassays have been conducted. 

Given the recognized role of sediment nutrient 
supply in summer phytoplankton activity, the Water 
and Rivers Commission (WRC) and their research 
partner, the Commonwealth Scientific and Industrial 
Research Organization (CSIRO) developed a modi- 
fied clay (Phoslock™), to work under a wide range 
of environmental conditions (pH ca. 5-10) including 
anoxia (Douglas, 1999). 

This paper describes the preliminary results of full 
scale Phoslock™ applications in two freshwater sys- 
tems in Western Australia, both of which are riverine 
portions of estuaries impounded by wooden weirs to 
maintain a freshwater environment during the sum- 
mer for mainly urban populations. As a consequence 
both are subjected to summer cyanobacterial blooms 
although the dynamics of the two systems are quite 
different. The Canning River alternates between the 
states discussed by Moss (1990), clear to turbid wa- 
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ter macrophyte domination and turbid phytoplankton 
domination, whereas the Vasse River is at all times 
a turbid phytoplankton dominated system. In both 
water bodies concentrations of dissolved P (PO^~ 4 ) 
measured as filterable reactive phosphorus (FRP) and 
total phosphorus (TP) in bottom waters were higher 
than surface waters. Canning River data for the period 
1994-1998 are shown in Fig. 2. 

The objectives of the current study were to (1) de- 
termine application rates and timing with respect to 
summer rainfall and other variables; (2) evaluate use 
of Phoslock™ in removing dissolved phosphorus (P) 
from the water column as well as to intercept sedi- 
ment derived dissolved P; and (3) explore the effect of 
reduction of P availability on phytoplankton activity. 
The ability of Phoslock™ to bind P has been well 
established through extensive laboratory and meso- 
cosm trials (Douglas & Coad, 1997; Douglas, 1999); 
the challenge was to determine whether sufficient P 
could be removed to limit phytoplankton activity given 
that the surface and groundwater delivery of P were 
uncontrolled. 



Methods 

Study locations 

The Canning River drains a rural to semi-rural upper 
catchment and an urban and industrial lower catch- 
ment to empty into the Swan-Canning Estuary in the 
city of Perth (see Fig. 1). 

A water supply reservoir upstream and water ab- 
straction by riparian water users results in little to no 
flow upstream of the weir during the period of im- 
poundment (October-May). Water depths for 2 km 
behind the weir range from 1 to 3 m with one 5-m 
depression. Water is mainly fresh and summer water 
temperatures are high reaching 26 °C at the bottom 
and 29 °C at the surface. Thermal stratification leads 
to hypoxic and sometimes anoxic conditions. 

Hypolimnetic oxygenation of the Canning River 
above the Kent St weir through subsurface diffusers 
has been successful over the last 3 years in redu- 
cing anoxia (especially in response to summer rain 
events), improving nitrification and denitrification ef- 
ficiencies, and suppressing P efflux from the sediment 
(Greenop & Robb, 2001). Since previous trial applica- 
tions of Phoslock™ into the Canning River (Douglas 
& Adeney, 2001) indicated that Phoslock™ was very 
effective when combined with oxygenated treatment. 
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Figure 1. Both the Swan Canning and Vasse Wonnerup estuaries lie 
on the Swan Coastal Plain of Western Australia. 



hypolimnetic oxygenation was continued throughout 
the current study. 

The Vasse River flows through the town of Bus- 
selton to Geographe Bay through mixed farming and 
horticulture country (Fig. 1). Over 90% of the flow 
from the Vasse River catchment is now diverted dir- 
ectly into Geographe Bay and away from the lower 
Vasse River by the Vasse diversion drain to allow the 
town of Busselton to expand onto flood prone land. 
The net consequence is that the river is not subject 
to winter flushing flows resulting in substantial accu- 
mulation of fine sediment and organic matter. Water 
quality in the river is extremely poor with high nutrient 
concentrations in summer and autumn and cyanobac- 
terial blooms sufficient to close the river to recreation 
through the summer. Mean TP concentrations have 
ranged from 170 fig D^during 1996-1998 to 330 fig 
r' during 1998-2000. 
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PhoslocJ^^ application and monitoring 

Phoslock^^ is still in the pre commercial stage in 
which the clay is produced as a slurry which is then 
applied from a small boat through a spray manifold. 
The boat is resupplied from a shore -based tank. To 
both periodically remove P from the water column 
and to intercept sediment efflux an initial application 
of sufficient clay to produce a 0.5-mm thickness was 
applied, followed by additional applications through 
the water column in response to seasonal events. The 
intent was to apply a 1-mm thickness over the course 
of the summer. Areas to be treated were located adja- 
cent to the weir boards in the historically worse area 
for blooms and control or untreated locations were 
selected upstream. 

Extensive monitoring programs were established 
for the trials. Water samples were collected from sur- 
face and bottom waters for analysis of total nitrogen 
TN, dissolved inorganic nitrogen (DIN consisting of 
NOjc, NH3), TP, silicate, dissolved organic carbon 
(DOC) and chlorophyll a. Samples for analysis of 
dissolved species were field filtered and shipped on 
ice along with the unfiltered samples under Chain 
of Custody to Australian Environmental Laborator- 
ies in Perth where analyses were performed accord- 
ing to American Public Health Association Standards 
(APHA, 1998). Measurements of physical variables 
such as temperature, conductivity, pH and dissolved 
oxygen (DO) were taken with Hydrolab multiprobe 
sondes on the Canning River and with a WTW (Wis- 
senschaftlich Technische Werkstatten) multiprobe on 
the Vasse River. Phytoplankton samples were integ- 
rated over the water column consisting of three com- 
posites per site and enumerated for dominant species 
using a glass Sedgewick-Rafter chamber under x400 
magnification. 

On the Vasse River weekly sampling at seven sites 
in both the treated and untreated areas commenced 
three weeks prior to treatment and increased to twice 
weekly in the week prior to treatment and the week im- 
mediately after treatment. During the Phoslock^^ ap- 
plications, two to three sets of samples were taken at 2 
h, 6 h and one day after application. Sampling contin- 
ued for 29 weeks after the first application. Sampling 
in the Canning occurred at the same frequency over 27 
weeks at 18 sites. 

Additional water samples were collected for phyto- 
plankton bioassays using the all but one nutrient addi- 
tion technique of Thompson (1998) wherein leaving 
out one nutrient from a full media recipe (Ee, N , P, Si) 




Figure 2. Median concentrations of FRP in both surface and bottom 
waters of the Canning River in the period 1994-1998. 




Figure 3. Bottom water median concentrations of FRP at both 
treated and untreated sites in the Vasse River. 



gives a measure of how much of the missing nutrient 
was available. Previous bioassay work on the Canning 
(Thompson et al, in press) showed that trace metals 
and vitamins were never limiting. Samples were col- 
lected at one treated and one untreated site in both the 
Vasse and Canning Rivers at 2- weekly intervals. 



Results 

Vasse River 

An initial application of 20 tonnes (dry weight equiva- 
lent) Phoslock™ (specific gravity =2. 2) was made to a 
650-m section of the Vasse River during October 2001 , 
with two subsequent applications of 10 tonnes each in 
December 2001 and January 2002. 
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Figure 4. Chlorophyll a concentrations at both treated and un- 
treated sites in the Vasse River. 
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Figure 5. Phytoplankton bioassay results using the all but one tech- 
nique for the untreated site showing N limitation and P availability. 

Prior to the first application of Phoslock™ con- 
centrations of FRP in the surface and bottom waters in 
both the treated and control areas were of a similar 
magnitude (Fig. 3). Throughout the experiment the 
similar magnitude of surface and bottom water con- 
centrations of FRP and physical parameters at all sites 
indicated a well mixed river. A decrease of FRP in 
the treated area from about 50 /xg l“ko about 20 /xg 
l“^was observed after the first application. More signi- 
ficantly, as FRP concentrations in the untreated areas 
increased to concentrations approaching 200 /xg 1“^ 
concentrations in the treated area remained low and 
reached the detection limit of 5 /xg 1“^ after the second 
treatment. In the treated area FRP concentrations were 
lower compared to the untreated area for 194 days. 

Phytoplankton growth as measured by Chi a did 
not show such a clear trend (Fig. 4). Concentra- 
tions in both the treated and untreated areas fluctuated 




Date 



Figure 6. Phytoplankton bioassay results for the treated site show- 
ing P limitation as compared to the untreated site. 

around 10 /xg l“^Chl a until the summer heat in- 
creased growth rates to visible bloom activity. Chi a 
in the treated areas fluctuated around 30 /xg l“^and 
reached a maximum of 80 /xg 1“^ 

Phytoplankton blooms did develop late in the sum- 
mer showing higher total counts in the untreated area 
compared to the treated but the species mix was quite 
different between the two areas. In the untreated 
area nitrogen fixing cyanobacteria predominated {Ana- 
baena circinalis) and in the treated area non nitrogen 
fixing cyanobacteria were common. 

Phytoplankton bioassay results for the untreated 
area (Fig. 5) showed nitrogen limitation as indic- 
ated by no growth in the ‘none’ treatment and no 
growth in the all but nitrogen treatment. Strong growth 
without any additional phosphorus indicated abund- 
ant available phosphorus. In the treated area, the all 
but phosphorus treatment was virtually the same as 
the none and the all but nitrogen treatments, indicat- 
ing a reduction in bioavailable phosphorus of ca 96%: 
nitrogen and phosphorus were co-limiting (see Fig. 6). 

Canning River 

An initial application of 30 tonnes of Phoslock™ was 
made to a 1 .5-km section in November 2001, after the 
weir boards were in place and flow had diminished. 
Application was interrupted for 2 weeks due to light 
rain which increased flow over the weir. A subsequent 
application of 15 tonnes was made in January 2002 
at the onset of hot weather. A third application of 15 
tonnes was held in abeyance with the intention of dos- 
ing the river following a summer rain event, which did 
not occur. The entire treated area was oxygenated via 




241 




Date 



Figure 7. FRP concentrations in the Canning River untreated and 
treated sites for surface and bottom waters. 




06/10/01 17/11/01 29/12/01 09/02/02 23/03/02 04/05/02 

Date 

Figure 8. Chlorophyll a concentrations at both treated and un- 
treated sites in the Canning River. 

the hypolimnetic diffusers during the trial period and 
bottom water oxygen concentrations were maintained 
at 5 mg 1“^ 

Reductions in concentrations of FRP after 
Phoslock™ application were less clear in the Canning 
than in the Vasse although reductions in both surface 
and bottom FRP did occur. Average concentrations in 
the untreated area (across all sites) for both surface and 
bottom waters are shown in Fig. 7. Bottom water FRP 
concentrations in the untreated area (across all sites) 
were higher than the surface throughout most of the 
trial, becoming low in both and surface and bottom 
waters towards the end of the trial. 

In the treated area (see Fig. 7), average FRP con- 
centrations (across all sites) dropped in both surface 
and bottom waters after Phoslock^^ application but 
remained above the detection limit of 5 /xg 1“ ^ until the 
end of the trial. Chlorophyll a concentrations (Fig. 8) 



fluctuated in both treated and untreated sites with no 
discernible difference between the two areas. Phyto- 
plankton bioassay results for two dates at treated and 
untreated sites showed N to be the most limiting nu- 
trient, generally an order of magnitude more limiting 
than P which was most available at the untreated site. 



Discussion 

Although these data are preliminary it would appear 
that a substantial shift in phosphorus availability was 
affected at both Vasse and Canning trial sites with 
clear results from the Vasse and at first examination, 
less clear results from the Canning. As noted in pre- 
vious trials, Phoslock™ application reduced not only 
bottom water but also surface water P concentrations. 
There is some evidence that FRP was progressively 
removed from water as the slow flow of the Canning 
River and wind movement brought elevated FRP water 
from the control areas through the treated area. 

For both trial areas Phoslock™ was applied in 
the historically worse area for blooms adjacent to the 
weir boards and the untreated areas selected upstream 
of the treated areas historically showed less bloom 
activity as measured by phytoplankton cell counts. 
In the Vasse River it was clear from the nutrient 
chemistry, phytoplankton bioassay, and phytoplankton 
taxonomic results that the application of Phoslock™ 
had changed the system. Most striking was the lower 
chlorophyll a concentrations in the treated areas with 
respect to the control and the shorter duration of the 
bloom activity. The Vasse River appeared relatively 
unaffected by surface drainage during the course of 
the trial. Although a phytoplankton bloom discoloured 
the water in the treatment site potentially toxic species 
were in low concentrations compared to the untreated 
site. Additional analysis of the extensive data set is 
required to determine the significance of this species 
shift. 

In the Canning River the emergent macrophyte 
Potamogeton crispus grew prolifically in the early part 
of the summer throughout the treated area and part of 
the untreated area but died off in the hot temperatures 
of January and February. Competition for nutrients 
between aquatic plants and phytoplankton appears to 
determine (Vincent, 2001) whether this linear lake is 
either dominated by the semi-emergent macrophytes 
Potamogeton crispus, Hydrilla verticillata and float- 
ing plants such as Azolla and Lemna or is a turbid 
phytoplankton {Anabaena, Anabaenopsis) dominated 
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system during the hotter summer months. Populations 
of large Ceriodaphnia spp noticed in phytoplankton 
samples collected in the river in reaches colonized 
by Potamogeton disappeared as the Potamogeton col- 
lapsed. The clear water was quickly dominated by 
phytoplankton and floating plants such as Azolla sp. 
and Lemna sp. which were moved back and forth 
within the weir pool by prevailing winds. 

The loss of grazers and the rapid recycling of nu- 
trients from the collapsing aquatic plants may partly 
explain the phytoplankton growth in the treated areas. 
Nutrient delivery from drainage waters entering into 
the treated area were the suspected cause of higher P 
and N concentrations at one of the treated sampling 
sites. From previous studies (WRC, unpublished) 
there appears to be rapid conversion of FRP to organic 
P (as seen in the increase of TP) as a result of biolo- 
gical uptake. During short periods of anoxia (during 
shutdown of the hypolimnetic oxygenation) elevated 
P concentrations in bottom water were not observed in 
contrast to previous years when bottom water P peaks 
corresponded to the onset of anoxia. 

Consideration of the sediment distribution and the 
pattern of Phoslock™ application suggest an addi- 
tional possibility. The thickest accumulation of P and 
organic rich sediment in the treated areas was seen, 
in previous studies, to be at the margins of the chan- 
nel. To provide refuge for the Swan River Goby and 
to avoid smothering of the emergent aquatic plants, 
Phoslock™ was not applied close to the emergent 
leaves along significant portions of the banks. It is 
thus possible that insufficient sediment coverage was 
achieved with the Phoslock™ application, explaining 
the slow drop off of FRP when compared to the rapid 
response observed in the Vasse River. 

The higher flow and lower dosing rates in the Can- 
ning may also explain the difference between the two 
areas. In the Vasse the theoretical 1 mm dry equivalent 
of Phoslock™ was achieved, whereas in the Canning 
less than 0.5 mm dry equivalent was applied. 



Summary 

In phytoplankton dominated waters such as the Vasse 
River, reducing the efflux of P from the sediments can 
alter the overall P availability, reduce phytoplankton 
biomass and cause a change in phytoplankton species 
composition. The significance of these changes has yet 
to be examined. In macrophyte dominated systems, 
interception of sediment derived P is more complex 



requiring good ecosystem understanding to guide the 
timing and quantity of Phoslock^^ application. 

Phoslock™ is effective in intercepting P released 
from the sediments and can strip dissolved P from 
the water column when applied as a slurry. Applying 
successive treatments throughout the summer with the 
first application prior to bloom formation appears to be 
an effective strategy in managing P concentrations in 
the water column. Retaining Phoslock^^ for treatment 
after summer rain also appears to be sound strategy 
and aiming for 1mm dry equivalent Phoslock^^ to 
bottom sediment is advised. 

From this and previous studies, however, it is clear 
that this technique will only be effective in controlling 
algal blooms in combination with source control and 
sensible catchment management. Future work will 
explore the use of Phoslock™ in the treatment of 
waste streams such as urban and rural drains, and 
agricultural sources as an adjunct to improved site 
management practices. 
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Abstract 

Short experiments (14-21 days) were carried out during autumn 1998 and spring 1999 at one selected site of the 
Venice Lagoon to measure bioturbation activities and mixing rates, as well as to obtain quantitative information on 
benthos functionality. Fluorescent sediment particles (luminophores, 63-350 /xm) were introduced as pulse inputs 
at the sediment surface. The concentration-depth profiles of the tracer were simulated with a new advection- 
diffusion-non local model applied under non-steady state conditions. This allowed the quantification of the mixing 
parameters associated with different mechanisms: biodiffusion (Db), bioadvection (W) and non-local mixing (Ke, 
zi, Z 2 ). A parameter RS (removed sediment) was also calculated to account for the flux of sediment due to non- 
local transport. Results show that bioturbation was dominated by biodiffusion in autumn and by bioadvection in 
spring. Mean mixing parameters Db, W, and RS changed from 3.09 to 0.87 cm^ y“^, from 0.93 to 15.50 y“^ and 
from 5.85 to 7.79 g cm“^ y“^ respectively. 



Introduction 

Bioturbation is defined as the process of sediment mix- 
ing that results from macrofauna burrowing, feeding, 
and reworking within the surficial sediment. This pro- 
cess has profound effects on both early diagenesis and 
preservation of sediment records. In fact, the rates 
of oxygen penetration and organic matter decompos- 
ition, the dissolution of biogenic components such as 
CaCOs and Si02, and the pore water concentrations 
of nearly all dissolved species are affected by bioturb- 
ation as a function of its intensity (Berner, 1980; Aller, 
1982; Wheatcroft et al., 1990, 1992). Furthermore, 
the displacement of interstitial fluids, the increase of 
sediment surface in contact with bottom water, and 
irrigation enhance the exchange of dissolved species 
at the sediment-water interface. In addition, the dis- 
placement of particles and particle reactive species 
blurs or destroys the sediment record, i.e., the inform- 
ation that sediment can store in their strata. Therefore, 
a better understanding of bioturbation in its mechan- 
isms, rates, and effects is important for a wide range 
of disciplines. 

In the past, biogeochemists have approached bi- 
oturbation through simplified models based on the 



analogy with diffusion (e.g., Wheatcroft et al., 1990). 
The community-wide mixing rates were obtained by 
measuring the vertical concentration profiles of vari- 
ous tracers and fitting theoretical profiles to the ob- 
served gradients. The calculated biodiffusivity (L>b), 
which integrates all bioturbation activities over a suf- 
ficiently long time, cannot explain short time-scale 
effects. Among these, a tracer distribution with a max- 
imum at the surface, followed by a sharp decrease 
with depth, is typically generated by biodiffusive 
mixing (Guinasso & Schink, 1975; Cochran, 1985; 
Wheatcroft et al., 1990). This mixing is produced by 
organisms that move sediment particles in a random 
manner over short distances. On the contrary, sub- 
surficial peaks are generated by vertical transfer of 
the tracers to depth caused by two independent pro- 
cesses: bioadvection (Fisher et al., 1980) and non local 
transport (Boudreau, 1986). Bioadvective transport 
is generated by head-down oriented organisms called 
‘conveyor-belt species’ that cause an active transport 
of sediment trough their gut from the ingestion zone 
located at depth in the sediment to the sediment sur- 
face (Fisher et al., 1980; Rice, 1986; Gerino et al., 
1994). Their effect on a tracer profile is similar to that 
due to a high accumulation rate. In turn, non-local 
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mixing is caused by two mechanisms: one is due to 
the egestion of fecal pellet at depth by surface deposit 
feeders denominated ‘inverse conveyors’, whereas the 
other, called ‘regeneration’, supplies fresh material 
that mechanically drops into burrows from the inter- 
face to depth (Smith et al, 1986/87; Gardner et al., 
1987; Francois et al., 1997). 

Several models have been proposed to simu- 
late bioturbation mechanisms different from diffusion 
(Fisher et al., 1980; Smith et al., 1986/87; Gardner et 
al., 1987; Boudreau, 1997; Gerino et al., 1994, 1998). 
In particular, Gerino et al. (1998) used a particle trans- 
port model containing both diffusive and advective 
terms to simulate the depth distribution of the pulse 
input of a conservative tracer. An evolution of this 
model, which is able to account for non local mix- 
ing, is used in this paper. In the present study, an 
experiment was carried out to obtain information on 
bioturbation mechanisms and rates in a shallow envir- 
onment of the Venice Lagoon. This site was selected 
because it is not disturbed by marine traffic and by 
the illegal clam fishing that affects a great part of the 
lagoon. 



Materials and methods 

Figure 1 shows the study area and the experimental 
site. G is located at 0.5 m depth in the central part of 
the Palude di Cona. It corresponds to a typical shallow 
water environment with estuarine characteristics that 
receives the discharge of the Dese river, one of the 
main freshwater suppliers to the lagoon (Zonta et al., 
1994). 

The experimental procedure, based on the use of 
dyed sediment particles called luminophores, was de- 
scribed in detail by Gerino (1990) and Gerino et al. 
(1994). Experiments were carried out in autumn 1998 
and in spring 1999. At the experimental site, three 
open PVC tubes (25 cm long, 12.2 cm i.d.) were in- 
serted into the sediment and a thin frozen mud cake 
(0.5 cm thick), containing 2 g of both pink and green 
tracer (63-125 /xm), was set at the sediment surface 
thus simulating a pulse input. One control core with 
defaunated sediment was set in similar conditions. The 
tubes were carefully retrieved after 15 days in au- 
tumn and 21 days in spring, quickly transferred to 
the laboratory and subsampled at 0.5-5 cm intervals. 
Luminophores were counted with a microscope un- 
der UV light, and counts were converted into weight 
units using the number of particles per mass of lumino- 



phores in a given size fraction divided by the weight of 
sediment. Furthermore, the tracer profile in each core 
was normalized against its inventory. 

Results and discussion 

The tracer vertical distributions (Fig. 2) show evident 
penetration of luminophores in the experimental cores. 
On the contrary, the tracer remained confined at the 
surface in the control cores, even if in spring there 
is an expansion of the surficial peak down to a depth 
of 2 cm, thus excluding physical disturbance. How- 
ever, the three depth-distributions obtained from each 
experiment are never identical, in that they exhibit 
multiple tracer peaks at different depth in the subsur- 
face zone. In particular, the autumn profiles G(a) show 
an average penetration of 8 ± 3 cm (median ± range of 
variation, n = 3), with the highest concentration close 
to the surface. G(a)i shows three well-defined sub- 
surface peaks (Fig. 2), whereas tracer accumulations 
are less marked and closer to the surface in G(a )2 and 
G(a)s. In spring cores, especially G(s)i and G(s)s, the 
maximum concentrations are located immediately be- 
low the sediment surface. These distributions account 
for the presence of advective transport. The heterogen- 
eity of biological transport processes in replicate cores 
is probably an effect of the non-homogeneous hori- 
zontal macrofauna distribution at the decimetric scale 
of the cores. 

To estimate bioturbation parameters, the profiles 
were simulated using the bioadvection-biodiffusion- 
non local model in non-steady-state conditions. This 
model was developed by adding a non-local compon- 
ent to the regular diffusion advection model (Officer 
& Lynch, 1982, Gerino et al., 1994, 1998). The non- 
local mixing is modeled such as a removal function 
that determines the fraction of tracer removed from 
the surface within the particle collection zone, and an 
injection function that simulates the displacement of 
this material into the deposition zone. Since the exper- 
iments were conducted over a very short time period, 
and advection was not recorded in the control cores, 
the sedimentation rate is not taken into account in the 
model. The basic equation is: 

+ K{z,t)-R{zJ), 

where C is the normalized tracer concentration, t is 
the time (years), z is the depth (cm) positive down- 
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ward, Db is the biodiffusive mixing rate (cm^ 

W is the bioadvective transport rate (cm y“^), and R 
is the removal function that determines the fraction of 
tracer (g cm“^ y“^) removed from the surface. This 
quantity of tracer is collected at the sediment surface 
by inverse conveyor or lost from the sediment surface 
by passively falling into the burrow. K is the injec- 
tion function of the non-local transport that simulates 
tracer inputs (g cm“^ y“^) into the injection zone of 
the sediment column and Ke is a constant parameter 
(y“^) estimated from the model. The depths z\ and 
Z 2 represent the upper and lower limits of the injec- 
tion zone respectively. The non-local transport is thus 
quantified by a flux of sediment ‘removed from the 
surface’, called Removed Sediment (RS, g cm“^ y~^)- 
Knowing that sediment was removed from a marked 
mud cake with a thickness of 0.5 cm, surface S (cm^), 
density d (g cm“^) and volume V (cm^), RS can be 



expressed as a function of Ke (y“^) that is RS = Ke 
(V/S) d. A parameter r=0.5/Wmax is introduced to ac- 
count for the time during which the tracer is still at the 
top 0.5 cm of surface sediment and limits the period 
available for non-local transport. In this case: 

{ 0 for z > 0.5 or r > r 

k(z,t) — — for z < 0.5 and t < r 



K(z,t) = 



Ke forz g [zi,Z 2 ] 
0 for z ^ [zi, Z2] 



with model initial conditions 



C(z,t = 0) = lforzG[0, 0.5] 
C(z,t = 0) = 0forz>0.5 
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Normalized luminophores concentration 
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Figure 2. Concentration-depth profiles of luminophores in sediments. G(a)i, G(a) 2 , G(a )3 and G(s)i, G(s) 2 , G(s )3 are the experimental 
replicates obtained in autumn and in spring, respectively; G(a)c and G(s)c are the defaunated control cores. Values are normalized against total 
inventories. 



Normalized tracer concentration 
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Figure 3. Best-fitting of the experimental profile G(a)i (core with fauna at site G during autumn 1998) with a theoretical profile. The best-fitting 
of the corresponding control (core without fauna at site G during autumn 1998) is also shown. 
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and boundary conditions 

C{z ^ + 00 , 0 = 0 



WC(z=Q,t) “ ]z=0,? = 0 

dz 

an analytical solution is provided by Officier & Lynch 
(1982): 



C{z,t) 



exp 



(z - Wt f 
4Dbr 



\fXVDZt 

Wz ^ z + Wt ^ 
exp( erfc^^^= — Ret + Ket 



with 



Z2 - Zi 

Re = Ke— ^ (2) 

0.5 

Since experimental time remains relatively short 
compared to advection velocities, and because the 
highest tracer concentrations remain very close to the 
surface, it is assumed that the initial tracer impulse 
has never migrated down to the limit depth where the 
organisms ingest food and sediment (Fischer et al., 
1980) via bioadvective processes. The model allows 
the calculation of the theoretical tracer concentration 
given suitable values of the parameters Db, W, zi, 
Z2, Ke, T. These parameters are selected from profiles 
that produce the best fit with the experimental data 
using the least square method. When two or three sub- 
surficial peaks were present, the upper tracer profile 
was assigned to bioadvective and/or biodiffusive pro- 
cesses, and other deeper tracers accumulations were 
taken into account as due to non local processes. The 
total theoretical profile is the sum of the theoretical 
sub-profile concentrations. Figure 3 shows an example 
through the bestfitting of the tracer depth-distribution 
in core G(a)i. 

Table 1 shows the values of Db, W, Ke, zi, Z2, and 
RS estimated from each experimental profile. Coef- 
ficients are comparable with those reported in the 
literature (Aller & Cochran, 1976; Benninger et al., 
1979; Clifton, 1991; Cerino et al., 1994; Cerino et 
al., 1998) and in most cases obtained with the same 
method in environments with a morphology similar 
to that of the Venice Lagoon. D. Prevedelli (pers. 
com.) studied the macrofaunal density and composi- 
tion at the experimental site in the two seasons. Results 
suggest that oligochaeta and the polychaeta Hediste 
diversicolor and Streblospio shrubsolii are the main 



responsible of non-local mixing. On the other hand, 
the seasonal differences of W could be attributed to 
several factors. In particular, the increased temperature 
could have enhanced biological activities or induced 
changes in the functional composition of the benthic 
community. 



Conclusions 

The following conclusions can be drawn: (1) the lu- 
minophores penetrated into the sediments only due to 
the activity of benthic organisms in that physical pro- 
cesses were not effective, as demonstrated by control 
cores; (2) the short time scale of the experiments and 
the use of the model allowed a clear discrimination 
and quantification of the diffusive, advective, and non- 
local processes under realistic in situ conditions. In 
spite of that, 2-3 weeks were not sufficient for the 
tracer to reach the depth of maximum ingestion, since 
the advective subsurficial peaks remain well defined; 
(3) the polychaeta//. diversicolor and S. shrubsolii are 
probably the major responsible of the non local mixing 
associated with deep tracer peaks; and (4) repeated 
experiments evidence a greater importance of bioad- 
vective processes during spring than during autumn. 
This change might be attributed to several factors like 
temperature, macroinvertebrate community composi- 
tion, or organic matter content. Identification of envir- 
onmental factors controlling bioadvection should be 
further considered in situ or in laboratory experiments. 
In a future prospective, the inclusion of sedimentation 
in the bioturbation model will let us to simulate the 
formation of the sediment record. This will enable 
to make provision for the effects of changes of the 
contaminant inputs, very important in deciding any 
monitoring program. 



Acknowledgements 

Funds for this research were provided by the ‘Pro- 
ject 2023’ founded by the Ministry of Public Works 
through the Magistrate alle Acque of Venice and the 
Consorzio Venezia Nuova. This is contribution No. 
1296 from the Istituto di Ceologia Marina, Bologna 
(Italy). 




250 



Table 1. Bioturbation coefficients and RS values from model simulations. biodiffusive mixing rate; W\ 
bioadvective mixing rate; Ke\ downward transport of tracer displaced by ‘non-local mixing’; z\, Z 2 ', upper 
and lower limits of the ‘non-local mixing’ zone; RS; removed sediment from the surface layer by non local 
transport, expressed per unit area of sediment-water interface. G(a) and G(s) represent average coefficients 
(mean ± confidence limit, n = 3, p < 0.05) for each season (a = autumn and s = spring). G(a)c and G(s)c 
are control core coefficients. These last values are given for information and do not enter in the calculation of 
average coefficients. 



Site 


Db 


W 


Ke 


z\ 


Z2 


RS 




(cm^ y“^) 


(cmy“l) 


(y“^) 


(cm) 


(cm) 


(g cm“2 y-1) 


G(a)i 


0.1 


2.1 


58.4 


1 


9 


18.7 


G(a )2 


3.2 


0.2 


7.3 


4 


7 


2.3 


G(a )3 


6 


0.5 


7.3 


4 


5 


2.3 


G(a)c 


1.1 


0.3 


0 


0 


0 


0 


G(a) 


3.09 ± 3.36 


0.93 ± 1.16 


24.33 ± 33.38 


3.00 ± 1.96 


7.00 ± 2.26 


7.79 ± 10.68 


G(s)i 


0.5 


19.8 


14.6 


2 


5 


4.7 


G(s)2 


1.2 


8.7 


14.6 


2 


7 


4.7 


G(s)3 


0.9 


18 


25.5 


3 


10 


8.2 


G(s)c 


3.9 


0 


0 


0 


0 


0 


G(s) 


0.87 ± 0.4 


15.50 ±6.74 


18.25±7.15 


2.33 ± 0.65 


7.33 ±2.85 


5.85 ± 2.30 
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Abstract 

Effects of habitat rehabilitation of Little Topashaw Creek, a sinuous, sand-bed stream draining 37 km^ in northwest 
Mississippi are described. The rehabilitation project consisted of placing 72 large woody debris structures along 
eroding concave banks and planting 4000 willow cuttings in sandbars. Response was measured by monitoring 
flow, channel geometry, physical aquatic habitat, and fish populations. Initially, debris structures reduced high flow 
velocities at concave bank toes, preventing further erosion and inducing deposition. Physical response during the 
first year following construction included creation of sand berms along eroding banks and slight increases in base 
flow water width and depth. Fish collections showed assemblages typical of incising streams within the region, but 
minor initial responses to debris addition were evident. Progressive failure of the structures and renewed erosion 
were observed during the second year after construction. 



Introduction 

Warmwater streams in the Southeastern U.S. have 
remarkably high levels of biodiversity and are thus 
important ecological resources. However, many of 
these streams are severely degraded by erosion and 
sedimentation linked to human activities. Headward- 
progressing channel incision in the upper parts of 
watersheds and attendant downstream sedimentation 
is endemic within the region. Annual sediment yield is 
~1000 t km“^, or about an order of magnitude more 
than the national average (Shields et ak, 1995). Phys- 
ical aquatic habitat quality is poor in incised reaches, 
usually exhibiting a surplus of shallow water depths 
and shifting, sandy substrate and a deficit of woody 
debris, pool habitats, and stable substrates (Shields et 
ak, 1994). In incising channels, large woody debris 
(LWD) is input to channels by bank failure processes, 
and in-channel debris accumulations are associated 
with sediment retention (Downs & Simon, 2001), in 
some cases reversing incision (Shields et ak, 2000). 



* The U.S. Government right to retain a non-exclusive, royalty- 
free licence in and to any copyright is acknowledged. 



LWD is an important component of aquatic habitat 
in warmwater streams, retaining particulate organic 
matter (Bilby & Likens, 1980), providing substrate 
for biomass production by benthic macroinvertebrates 
(Benke et ak, 1985), and fostering higher levels of 
invertebrate species richness and abundance (Cooper 
& Testa, 1999). LWD creates zones of flow accel- 
eration and deceleration that provide higher levels of 
physical diversity (Shields & Smith, 1992), which are 
important to fish (Warren et ak, 2002). Native spe- 
cies are likely adapted to high debris densities typical 
of North American streams prior to European settle- 
ment when LWD was abundant due to beaver {Castor 
canadensis) activity and the absence of human actions 
to remove debris and old-growth forests. We hypothes- 
ized that recovery of physical aquatic habitat and fish 
community structure could be accelerated by placing 
LWD structures in an incised, warmwater stream. 



Study site 

A site was selected along 2 km of Little Topashaw 
Creek, a fourth-order stream (1:24000 topographic 
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Figure 1. Reaches of Little Topashaw Creek, Mississippi sampled 
for this study, (a) Upstream, (b) Restored reach showing large 
woody debris structures on outside of bend 1 year after construction, 
(c) Downstream. 



map) in north central Mississippi draining about 37 
km^ (Fig. 1). Criteria used in site selection included 
rapid bank erosion, an abundant supply of sandy bed 
material from upstream, nearby sources of native plant 
and animal colonists, and an advanced stage of incised 
channel evolution (Simon & Darby, 1999). The single- 
thread, meandering channel had an average sinuosity 



of 2.1, an average slope of 0.0025, an average width 
of 33 m, and an average depth of 3.6 m. Channel 
bed materials were primarily 0.2-0. 3 mm sand. Chan- 
nel morphology was extremely dynamic, typical of 
incising channels in the region. Historical air photos 
suggest mean channel width increased by a factor of 
4-5 between 1955 and 1997. Surveys of 14 cross- 
sections before and after a flow of 55 m^ s“^ (peak 
stages reached mid-bank elevation) that occurred three 
months prior to our addition of LWD indicated an av- 
erage increase in cross-sectional area of 6% (std. dev. 
= 1%) with bank retreat as great as 7.6 m (mean = 
2.0 ± 2.6 m). This event triggered 60 m of upstream 
migration of a 0.6-m high headcut and produced two 
chute cutoffs across point bars. 

Addition of large woody debris 

Large woody debris structures were designed as de- 
scribed by Shields et al. (2001) and constructed on 
concave, eroding banks using either woody debris 
(~10%) or living trees (~90%). Living trees were 
>0.20 m diameter at breast height, an average of 6.7 
± 3.2 m long, and were harvested with root balls and 
crowns intact. The finished project consisted of 72 
structures built with 1168 trees obtained by clearing 
3.4 ha. Placement of structures produced an order of 
magnitude increase in woody debris loading within 
the 2-km-long project reach (Fig. lb). Logs placed 
perpendicular to the flow direction (‘key members’) 
were ~9 m long and were partially buried in trenches 
excavated into banks when bank slopes were gradual 
enough to permit trench excavation. About 52% of 
the logs used had intact rootwads, and about 30% of 
the rootwads retained a ball of soil. To provide ad- 
ditional structural stability during high flows, metal 
earth anchors were cabled to 58 (80%) of the com- 
pleted structures. About 4000 willow (Salix nigra) 
cuttings were planted on point bars and in sediment 
deposits adjacent to selected debris structures using 
a water-jetting technique. Including willow planting, 
costs for construction were approximately US$88 m“^ 
channel treated, roughly 20-50% of costs for recent 
construction of traditional stone stabilization projects 
in the region. 

Methods 

Effects of debris addition on physical habitat qual- 
ity and fish were quantified by semiannual (June and 
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late September or early October) sampling of selected 
subreaches at base flow during 1999-2001 inclusive. 
Although debris structures were constructed during 
July- August 2000 and willows were planted during 
January-February 2001, the 1999-2000 data were 
classified as ‘before debris addition,’ and the 2001 
data, ‘after debris addition.’ The October 2000 data 
were influenced only minimally by the debris struc- 
tures because a prolonged drought prevented the struc- 
tures from exerting any effects on channel morphology 
until November 2000. 

Five, 150-m-long subreaches were sampled: two 
were downstream of the modified region in a reach 
geomorphically similar to the treated reach, two 
were within the modified reach, and one was in a 
straight, relatively narrow channel immediately up- 
stream. Within each reach, physical habitat variables 
were measured along 10 transects placed at 15-m 
intervals. Along each transect, water depth and sub- 
strate were recorded at a point 25 cm from the left 
bank and at four to six additional points spaced at 
equal intervals. Water surface width was measured 
with a tape. Discharge was computed using depth 
and velocity data collected using a wading rod and 
an electromagnetic current meter. Fish were sampled 
concurrently with physical habitat using a backpack- 
mounted electroshocker as described by Shields et al. 
(1998). 

Effects of debris addition on flow patterns that 
contribute to retention of fine particulate organic mat- 
ter were quantified using a tracer dye experiment 9 
months after construction. Discharges during the dye 
experiment (~0.3 m^s“^) were above base flow, but 
well below high flow levels. Slug-injections of Rhod- 
amine WT dye were made upstream and downstream 
from the treated reach, and passage of the resulting dye 
cloud was documented by periodically collecting grab 
samples for several hours 1.3-1. 7 km downstream 
from the injection points. The reach traversed by the 
downstream dye cloud had similar flow resistance 
characteristics (bed slope, channel cross-section, bed 
material size, sinuosity) to the treated reach except for 
the presence of the debris structures and the attendant 
features created in the channel bed by scour and depos- 
ition adjacent to the structures. The downstream study 
was completed first to avoid interference from the 
upstream injection. Time-concentration curves were 
normalized by dividing concentrations by the mean 
concentration and the time values by reach length. 

Effects of debris on aquatic habitats during high 
flows were observed using acoustic-Doppler depth- 



velocity loggers as described by Shields et al. (2001). 
Loggers were secured above the stream bed along a 
transect across the channel within a bend where debris 
structures had been placed on the concave bank and 
within an unmodified, eroding bend with similar geo- 
metry to the modified bend. Depth and velocity meas- 
urements were recorded every 5 min during major 
runoff events. Debris effects on erosion and deposition 
were quantified using cross-section and thalweg sur- 
veys conducted before and during the first year after 
construction. 



Results and discussion 

Physical habitat data collected at similar discharges 
before (Spring = 0.048 m^s“^ Fall = 0.018 m^ s“^) 
and after (Spring = 0.043 m^ s“^ Fall = 0.012 m^ s“^) 
construction showed that scour adjacent to the woody 
debris structures and beaver dams resulted in deeper 
(~2x) and slightly wider aquatic habitats at base- 
flow relative to pre-construction conditions (Fig. 2). 
Untreated reaches up- and downstream became shal- 
lower or were unchanged. Water depths were greater 
in the upstream reach than within the treated reach or 
downstream due to the presence of several upstream- 
migrating nickpoints. The upstream reach was typical 
of a transitional phase that is a precursor of the in- 
ferior conditions downstream (Shields et al., 1998). 
The treated reach became significantly deeper follow- 
ing debris addition (p < 0.003, Mann- Whitney rank 
sum test) while Fall depths were shallower in com- 
parison reaches (p < 0.002). Trends in water surface 
width were not as clear (Fig. 2). However, mean water 
width in the treated reach increased from 3.0 m in Fall 
1999 (before addition of woody debris structures) to 
5.0 m in the Fall of 2001. The dye experiment showed 
that debris structures increased flow resistance, mod- 
erated velocities and increased retention time (Fig. 

3) . Mean velocity for the treated reach was 17 cm 
s“^ but 29 cm s“^ for the downstream reach. Al- 
though the mean velocity was less in the reach treated 
with debris, dispersion was nearly the same for both 
reaches, as evidenced by the width of the dye curves 
in Fig. 3. Acoustic-Doppler loggers recorded velocity 
magnitudes within debris structures that were only 50- 
60% of those measured in the channel adjacent to the 
structure or in the bend without debris structures (Fig. 

4) . Velocities within the debris stmcture were gener- 
ally less than 30 cm s“ ^ and usually below 10 cm s“ ^ 
even during events that were large enough to produce 
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=> Before debris addition (1999) ■== Before debris addition (1999) 

= After debris addition (2001) After debris addition (2000) 

Figure 2. Distribution of water depth and width before and after addition of woody debris to restored reach in late summer 2000. The boundary 
of each box closest to zero indicates the 25th percentile, horizontal lines within the boxes mark the mean and median, and the boundary of each 
box farthest from zero indicates the 75th percentile. The error bars above and below the box indicate the 90th and 10th percentiles. Outliers are 
shown as point symbols. 




Reach Length/Time, m s‘^ 

Figure 3. Tracer dye concentration curves following slug injection of fluorescent dye. x-Axis represents reach length divided by time. 
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Figure 4. Effect of large woody debris structures on high flow velocities. Velocity measured by acoustic-doppler loggers is plotted on the v-axis 
against simultaneous records of flow depth plotted on the y-axis for locations within bends with (top) and without (bottom) debris structures 
along the outside of the bend. 
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Table 1. Summary of electrofishing catch, Little Topashaw Creek, Mississippi. Boldface values are significantly greater than before construction 
means for the same reach (p = 0.05, two-way ANOVA). Mean values are given ± standard deviation 



Quantity 


Upstream reach 




Reach modified by debris 
addition and willow planting 


Downstream reach 




Before 

construction 


After 

construction 


Before 

construction 


After 

construction 


Before 

construction 


After 

construction 


Mean no. of 
fish per 
sample 


74 ±79 


80 ±20 


129 ±72 


132 ±106 


139 ±75 


213 ± 150 


Mean 
biomass (g 
per sample) 


262 ± 155 


280 ± no 


149 ± 78 


187 ±74 


166 ± 95 


323 ± 208 


Total no. of 
species 


12 


12 


18 


16 


16 


16 


Mean no. of 
species per 
sample 


6.8 ±0.8 


8.0 ± 1.4 


6.0 ± 2.7 


9.3± 2.2 


5.4 ± 2.8 


11.0 ±0.0 


Centrarchids 
(% of total 
catch by 
number) 


18 


16 


3 


8 


6 


5 


Largest fish 
(length, cm) 


17 


17 


12 


17 


20 


13 



^The expression ‘sample’ here refers to a collection from a 150-m long sampling reach. 



flow depths >3 m. Events with depths of only m 
produced velocities >100 cm s“Hn the bend without 
debris structures. Habitat preferences of centrarchids 
and ictalurids generally lie within the 10-50 cm s“^ 
range (e.g., Stuber et al., 1982, McMahon and Terrell 
1982). 

Changes in fish population density, average size, 
and community structure (Table 1) mirrored trends 
observed in other incised stream ecosystems (Shields 
et al., 1997, 1998). Collections were dominated by 
cyprinids (90% of numbers, 64% of biomass) and 
centrarchids (6% of numbers, 27% of biomass), but 
the relative dominance of cyprinids was inversely re- 
lated to the mean water depth (r^ = 0.30, p = 0.002) 
(Fig. 5). Opposite trends were indicated for numbers 
and biomass of the centrarchids with = 0.59 and 
0.54, for the association between percent of numer- 
ical and biomass catch, respectively, and mean depth 
{p < 0.00005). Addition of pool habitat following 



debris addition increased the fraction of numbers and 
biomass comprised by centrarchids in the treated reach 
from 3 to 10% and from 13 to 23%, respectively. Spe- 
cies richness was unaffected by debris addition, but the 
average number of species per 150-m reach increased 
in all three zones (upstream, within the treated reach, 
and downstream) following debris addition (Table 1). 
Relatively large changes in fish numbers, biomass, and 
species richness observed in the downstream reach 
(Table 1) may have been due to export of benthic 
drift and organic matter from the treated reach. Three 
species typically associated with deeper habitats were 
captured in the treated reach following debris addition 
but not before (Micropterus salmoides, Lepomis me- 
galotis, Ictalurus punctatus), and M. salmoides was 
found only in the restored reach. Although changes in 
the size of centrarchids were not statistically signific- 
ant (/? > 0.16, Mann-Whitney rank sum test) in any of 
the zones, only one of the 27 centrarchids captured in 
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0 10 20 30 40 50 



Mean water depth, cm 

Figure 5. Response of cyprinids (white symbols) and centrarchids 
(black symbols) to changes in mean water depth. The percent of 
catch by number for upstream, restored, and downstream reaches 
are represented by circles, triangles, and squares, respectively. Thus 
white circles show the percent of numerical catch from the un- 
treated upstream reach comprised by cyprinids, while black circles 
represent the centrarchids within the same samples. 

the two years before debris addition was longer than 
10 cm, but four of the 40 captured afterward were 
longer than 10 cm. 

Stream bank erosion was initially checked by 
placement of the debris structures, and deposition 
of sand berms adjacent to steep, concave banks was 
conducive to stability during the first year follow- 
ing construction. However, many of these deposits 
were scoured away during high flows and attendant 
bed degradation occurring 16 and 17 months follow- 
ing construction, resulting in progressive failure (loss 
of woody materials) of ~30% of the structures and 
renewed erosion of banks. 



Conclusions 

Addition of LWD in the form of engineered structures 
produced marginal improvements in physical habitat 
quality in a rapidly incising sand bed stream. Fish 
community responses were less pronounced, but were 
consistent with previous observations of response 
to addition of pool habitats in incising warmwater 
streams. Progressive failure of the structures leaves the 
prospects for long-term ecological recovery in doubt. 
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Abstract 

The Langmuir equation has been widely used for description of the adsorption characteristics in different solid- 
liquid systems, although it was originally advanced for adsorption of gas molecules on a planar surface. In this 
paper, the applicability of the Langmuir equation was discussed when it is modified or extended to describe sorption 
on heterogeneous surfaces such as soils or soil components. The sorption of Cu(II) by loess was investigated 
experimentally with sediment concentration ranging from 10 to 100 kg/m^, and copper concentration from 64.80 
to 7499 mg/1. The measured results were found well fitted with the nonlinear Langmuir isotherm in form, but 
for the loess with high carbonate content, the Cu precipitation becomes the primary mechanism instead of the 
original adsorption in the ordinary cases with low carbonate content. Thus, the parameters identified from the same 
Langmuir form would be essentially different in their physical meanings comparing with those in the conventional 
Langmuir equation. Using the MINTEQA model, copper precipitation was calculated and the implications of para- 
meters in Langmuir equation were interpreted. Both the ‘sorption coefficient’ and the ‘sorption maximum’ in the 
Langmuir equation for copper precipitation are very close to those for copper sorption, but the ‘sorption coefficient’ 
for copper precipitation is greater than that for copper sorption and oppositely for the ‘sorption maximum’ , which 
explains why precipitation dominates the sorption process. 



Introduction 

Heavy metal adsorption by solid particle is of im- 
portance to controlling the partition of heavy metal 
between sediments and water or soil and its solution. 
The characteristics of heavy metal adsorption on solid 
surface are often described by nonlinear isotherms, of 
which the Langmuir equation is one of the earliest and 
most widely used isotherms (Griffin & Au, 1977). The 
Langmuir isotherm, which is originally developed for 
description of the adsorption between solid and gas 
(Harter & Smith, 1981), is available only under cer- 
tain assumptions. Therefore, it is questioned whether 
the Langmuir isotherms could be used to solid-liquid 
systems (Zhou et al, 1996; Misak, 2000). Harter and 
Baker (1977) indicated that the Langmuir equation 
cannot be used to understand adsorption dynamics 
and bonding strengths. Elprince and Sposito (1981) 



pointed out that the traditional equation of the Lang- 
muir type is not appropriate to describe ion exchange 
processes. 

On the other hand, accompanied with the adsorp- 
tion process, the precipitation may become eminent 
for some cases. Moreover, it is often difficult to separ- 
ate adsorption from precipitation in the experiments, 
so the sorption was used to identify the decrease 
of solute in liquid phase, resulted from adsorption 
and precipitation or polymerization process (Sparks, 
1995), and seldom studies investigate the effects of 
precipitation on the application of Langmuir equation. 
In this paper, the copper precipitation as well as its 
effects on the parameters in Langmuir equation are in- 
vestigated with both experiments and the MINTEQA 
model. 




260 



Materials and methods 

Materials 

The reagents used in this experiment are of analyt- 
ical or higher grade. The loess obtained from the 
Middle Yellow River, was used as sorbent. The igni- 
tion loss is 5.58%, and the primary chemical compos- 
itions of loess include Si02 (66.5%), Al203(2.5 %), 
Fc 203 (4.45%), CaO (3.02%), MgO (1.72%), K2O 
(2.51%), Na20 (2.25%), MnO (0.08%), Ti02 (0.64%) 
and P2O5 (0.20%). The main analytical equipments 
are electric muffle furnace and ICAP-9000SP (Jarrell- 
Ash). The pH of loess usually is alkaline at 7.5 to 8.6. 
The loess was air-dried at room temperature, and then 
ground, homogenized and screened to 0.076 mm. 

Methods 

Two series of experiments were conducted in this re- 
search. One was to determine the sorption isotherms of 
different soil concentrations at a copper concentration 
from 64.80 to 661.5 mg/1; and the other was to meas- 
ure the sorption isotherms of different initial copper 
concentrations ranging from 245.4 to 7499 mg/1 with 
a constant soil concentration of 100 kg/m^. 

Each sample was immersed in 25 ml deionized wa- 
ter in a 250-ml Erlenmeyer flask respectively, and the 
suspensions were activated for 24 h. A 25-ml solution 
of copper (as CUSO4) was then added to each soil sus- 
pension sample. All the equilibrium experiments were 
carried out in air-bath shaker for 1.5 h at 22±1 °C, 
and then kept for 12 h. After equilibration, the pH 
of each sample was determined, and the suspensions 
were centrifugated. Each supernatant fluid was ana- 
lyzed by flame atomic absorption spectrophotometer 
(Hitachi Model 180-80). The Cu sorption amount of 
the sediment was calculated by the difference between 
the initial and the final copper concentration in each 
solution. 



Results and discussion 

Applicability of Langmuir equation 

When describing the adsorption to soils and sediments 
(Mellah & Chegrouche, 1997), the Langmuir isotherm 
is usually expressed as 

Ge = k/?Ce/(l + kCe), (1) 



Table 1. The parameters in the Langmuir equation with 
different soil concentrations 



Soil concentration 
(kg/m3) 


k(l/mg) 


b (mg/g) 


R 


10 


0.1291 


16.79 


0.9064 


20 


0.0626 


15.77 


0.9331 


30 


0.0363 


11.28 


0.8823 


50 


0.1803 


9.359 


0.9059 


70 


0.3212 


1211 


0.8823 


90 


0.2971 


6.979 


0.9365 


100 


0.2557 


6.400 


0.9974 



where Gq is the weight of the adsorbate per unit weight 
of adsorbent, Cq is the equilibrium adsorptive concen- 
tration, kisa. constant related to the binding strength, 
and b is the maximum amount or the saturated adsorp- 
tion amount that is determined by the specific surface 
area. 

Using the software package of STATISTICA 5.0, 
the parameters in Equation (1) could be obtained 
with the sorption data at different soil concentrations 
(Table 1), from which the correlation coefficients {R) 
of Langmuir equation for different soil concentra- 
tions were no less than 0.88 (significant level 0.05). 
This implies that the copper sorption, including both 
adsorption and precipitation, could be described by 
Langmuir equation as claimed by Jain & Ram (1996). 

The statistical results in Table 1 cannot provide 
new understanding of the sorption mechanism but 
purely descriptions of sorption data. The conformity 
of experimental sorption data to a particular isotherm 
does not mean that this is a unique description of 
the experimental data (Mellah & Chegrouche, 1997; 
Namasivayam & Panganathan, 1995) or that only 
adsorption is operational. 

Because of the high carbonate content in Loess 
and the small solubility product constant of basic car- 
bonate of copper, the precipitation of copper in basic 
carbonate form plays a key role, and its percentage is 
as large as 80% (Zhao et al., 1998). Therefore, the 
Langmuir model is more an empirical model than a 
rigorous theoretical one (Lan et al., 2001). Veith & 
Sposito (1977) pointed out that the Langmuir equa- 
tion cannot be used statistically to determine whether 
adsorption or precipitation is occurring during anion 
fixation reactions in soils. 
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Soil concentration (kg/m^) 

Figure 1. Effect of soil concentration on the parameters in the 
Langmuir equation. 



Effect of soil concentration on the parameters in 
Langmuir equation 

The relations between the calculated parameters of k 
and b in the Langmuir equation and the soil concen- 
trations are shown in Figure 1, in which k decreases 
firstly and followed by a rise and then a fall stage 
with increasing soil concentration. The parameter b 
decreases with increasing soil concentration, which is 
similar to the curve of heavy metal adsorption versus 
solid concentration (James & Jenne, 1991). 

Figure 1 shows the variation of parameters, k and 
b, with soil concentration, which is contradicted with 
the Langmuir’s adsorption theory that claims both k 
and b should be determined by the temperature and 
specific surface area of adsorbent, respectively, for 
given adsorbate and adsorbent. Therefore, the phe- 
nomena shown in Figure 1 cannot be explained by the 
adsorption mechanism. 

The assessment model, MINTEQA2/PRODEFA2 
(version 4.0) (Allison et al., 1991) was employed in 
this study to calculate the percentage (the precipitated 
copper/the total copper) and the amount (the amount 
of precipitated copper per unit weight of adsorbent) 
of precipitated copper. Figure 2 demonstrates that the 
minimum and the maximum percentages of precipit- 
ation are corresponding to soil concentrations of 30 
and 70 kg/m^, respectively. The reason for variation 
of precipitation percentage may be related to the vari- 
ation of equilibrium pH in the reaction system (Fig. 3), 
which increases with the rise of soil concentration and 
enhances the adsorption and precipitation. When soil 
concentration is low, the pH increases slowly, lead- 
ing to a slow increase of precipitation but a quick 





0 20 40 60 80 100 

Soil concentration (kg/m^) 

Figure 3. Effect of soil concentration on the equilibrium pH. 



increase of adsorption reaction. When soil concentra- 
tion is greater than 30 kg/m^, a faster increase of the 
pH would result in the quick rise of the percentage 
of precipitation. As soil concentration goes up to cer- 
tain value, e.g., 70 kg/m^, the further increase of pH 
would not increase the percentage of copper precipit- 
ation owing to the limited remains of copper ions. In 
addition, the decline trend of precipitated copper with 
increasing soil concentration is also shown in Figure 2. 

The similar curves shown in Figures 1 and 2 hint 
the possibility of good correlations between k and the 
percentage of precipitated copper, and between b and 
the amount of precipitated copper. Consequently, very 
good correlations was found with correlation coeffi- 
cients greater than 0.95 at a significance level of 0.05. 
This implies that the parameters in the Langmuir equa- 
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Copper concentration (mg/1) 

Figure 4. Effect of the initial Cu concentrations on the parameters 
in the Langmuir equation (soil concentration 100 kg/m^). 




Copper concentration (mg/1) 



Figure 5. Effect of the initial Cu concentrations on Cu precipitation 
(soil concentration 100 kg/m^). 



tion are closely related to copper precipitation under 
the conditions discussed herein. 

Effect of initial copper concentration on the 
parameters in the Langmuir equation 

Hendrickson & Cory (1981) found that selectivity 
coefficient or the surface binding strength is related 
to adsorbate concentration. In Figure 4, variations 
of the parameters k and b with the maximum initial 
copper concentration are illustrated. Likewise the vari- 
ations of the precipitation percentage and precipitated 
amount with increasing maximum initial concentra- 
tion of copper are shown in Figure 5. The precipitated 
amount increases significantly with increasing initial 
copper concentration, but the pace is slowed down as 
the copper concentration goes higher. The number of 
reaction ions (C03^“ and OH“) provided by the loess 
is definite at a constant soil concentration. Therefore, 
the precipitated copper would reach to the maximum 
upon certain limit of the initial copper concentration 
being exceeded. 

With similar statistical procedures as in the above 
section, an evident positive correlation was found 
between the parameter k and the percentage of pre- 
cipitated copper with a correlation coefficient of 0.93 
and a significance level of 0.05. Another positive cor- 
relation lies between the parameter b and the amount 
of precipitated copper with an even higher correlation 
coefficient of 0.98 and a significance level 0.05. The 
conventional adsorption theory requires that the values 
of k and b should be constant for a given temperature, 
adsorbate, and adsorbent in case that only the adsorp- 
tion is operational in a reaction system. However, both 





Figure 6. Comparison of parameters corresponding to precipitation 
and sorption in the Langmuir isotherm. 



k and b vary significantly in the present study, the 
former is closely related to the percentage of precip- 
itation and the latter is highly correlated to the amount 
of precipitated copper. It is apparent that the precipita- 
tion reaction becomes the primary aspect of the copper 
sorption by loess with high carbonate content. 

With the same experimental conditions as Figure 4, 
the precipitation amounts calculated from the MIN- 
TEQA were used to calibrate the parameters k' and bk 
Comparison has been made between the two sets of 
parameters, i.e. (C and b') for pure precipitation and 
{k and b) for sorption based on the experimental data. 
The E YS.k and E ws.b relations are shown in Figure 6. 
The parameter E is close but slightly greater than k, 
which reflects the stronger binding strength from the 
precipitation reaction than the adsorption. However, E 
is slightly less than b, which implies that the precip- 
itation maximum is less than the sorption maximum 
in terms of the same structure of Langmuir isotherm. 
Therefore, the dominant role of the precipitation in the 
copper sorption process by loess with high carbonate 
content could be well understood. 
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Conclusions 

The conventional Langmuir equation could be well 
used for data fitting for copper sorption by loess with 
high carbonate content, but the implications of the 
parameters in the equation might be quite different. 
Using the same structure of the Langmuir equation, 
the sorption coefficient and the sorption maximum 
are calculated based either on the experimental data 
for copper sorption or on the predicted results from 
the MINTEQA model for copper precipitation. The 
sorption coefficient increases with increasing soil con- 
centration and decreasing initial concentration max- 
imum of copper, whereas the sorption maximum de- 
creases under the same conditions. The initial copper 
concentration would not affect the parameters in the 
Langmuir equation upon the soil concentration and the 
maximum initial concentration of copper being fixed. 

Although the ‘sorption coefficient’ for copper pre- 
cipitation is slightly greater and the ‘sorption max- 
imum’ is slightly smaller than that for copper sorption, 
the two sets of parameters calibrated under conditions 
of sorption and precipitation, respectively, are gen- 
erally very close, which showed that the copper pre- 
cipitation does dominate the sorption process. Further 
correlation analysis demonstrated that the sorption 
coefficient is significantly positive correlated to the 
percentage of precipitated copper, whilst the sorption 
maximum closely related to the amount of precipitated 
copper. 
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Abstract 

To clarify the sediment yield processes following a disturbance by a forest fire in a mountainous catchment, and 
considering the hydrological and geomorphological processes in the headwater, we measured bedload sediment 
yield at rainfall events in disturbed and secondary forest catchments in the western part of Japan. The three 
catchments were under different hydrogeological conditions. The IK, TB and TY catchments were disturbed by 
forest fires in 2000, 1994, and 1978, respectively. In the IK catchment, although runoff response to rainfall was 
fastest with high peak flows, the catchment also had the highest base flow. Moreover, the annual sediment yield 
there was about ten times as high as in the other two catchments, and it was found that there was a steep linear curve 
in the relationship between precipitation and bedload sediment yield. This is thought to be caused by overland flow 
generation following water repellency on the slopes, and by the accumulated sediment that forms the thick soil layer 
on the valley bottom. On the other hand, in the TB catchment runoff experienced high peak flows at rainfall events 
and low base flows, and there was a gradual linear curve in the precipitation-sediment yield relationship. This 
might be the result of there being a thin soil layer on the hillslope and on the valley bottom because of successive 
erosion after the fire. In the TY catchment, runoff had a low peak flow at rainfall events and a high base flow; and 
the bedload sediment yield increased exponentially with increasing precipitation. Therefore, sediment yield in the 
TB catchment was more than that in the TY during storm events with precipitation of less than 100 mm, whereas 
it was the opposite during heavier rainfalls. It indicates that there is a thick soil layer on the slope and a thin soil 
layer on the valley bottom in the TY catchment following the recovering of vegetation, and that the sediment yield 
process predominates only during big rainfall events, only then does subsurface flow generate. 



Introduction 

Many studies have been conducted to clarify the im- 
portance of sediment yield activity in mountainous 
catchments (Morgan, 1986; Dietrich & Dunne, 1993). 
The disturbance of a forest particularly contributes 
to an increase in the runoff and sediment yield rates 
(Kirkby & Morgan, 1980). In Japan, significant dis- 
turbances of forests are mainly seen after forest fires 
(Nakagoshi et ak, 1987), and it is the major effects on 



sediment yield around the Seto Inland Sea, a coastal 
region in the western part of Japan, where it is relat- 
ively dry in summer and red pine (Pinus densiflora) 
forests dominate. In these regions, bedload sediment 
transport inflicts great impacts on the residential areas 
or the coastal sea because the steep mountainous areas 
are very close (less than 5 km) to these areas. 

The burning of the vegetation cover leads to an in- 
crease in the erosion processes on the slope (White & 
Wells, 1979) because of the effect of water repellency 
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Figure 1. Location of study areas and observation systems in the three experimental catchments. 



following wildfires (DeBano, 2000; Nagahama et al., 
2001). Therefore, a forest fire generally increases run- 
off and sediment yield rates relative to undisturbed 
forested land (Soler & Sala, 1992). However, these 
studies discussed their findings on a hillslope scale 
based on observations of large catchments, and re- 
searches on a headwater scale based on observations 
of small catchments are few compared with those on 
a hillslope scale (Walling & Webb, 1983). Moreover, 
a comprehensive knowledge of geomorphic processes 
is still poorly understood in these regions despite that 
it is important to clarify the sediment yield processes 
after a forest fire. 

The objective of the present study was to invest- 
igate bedload sediment yield following a disturbance 
by a forest fire on a headwater scale, and to clarify 



long-term variations of the bedload sediment yield 
processes from measurements in three small catch- 
ments that had different elapsed time periods since the 
forest fires. 



Area descriptions and methods 

The three experimental catchments (IK, TB and TY), 
which were disturbed by forest fires in 2000, 1994, 
and 1978, respectively, are located in Hiroshima Pre- 
fecture, in the western part of Japan (Fig. 1). The 
watershed area in all catchments is approximately 1.5 
ha. The vegetation and fire properties in the catch- 
ments are shown in Table 1. The altitude of these 
catchment is from 60 to 180 m and the average slope 





Table 1. Forest fire, meteorological, vegetation and topographical characteristics in the three 
experimental catchments 
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Experimental 

catchment 


IK 


TB 


TY 


Date of forest fire 


8/31/2000 


8/11/1994 


8/31/1978 


Burned area 


63 ha 


357 ha 


215 ha 


Vegetation 


Pinm densiflora 


Finns densiflora 


Finns densiflora 


before fire 


(Japanese red pine) 


(Japanese red pine) 


(Japanese red pine) 


Ap layer 


Burned 


Burned 


Burned 


Catchment area 


1.41 ha 


1.55 ha 


1.53 ha 


Mean annual 
precipitation 


1086.7 mm 


1187.5 mm 


1187.5 mm 


Dominant vegetation 


None 


Grassland 


Secondary Forest 


at present 




(Pteridium aquilium) 


{Finns densiflora) 


Thickness of sediment 
on the valley bottom 


1.5 m 


0.5 m 


0.2 m 


Depth of soil layer 
on slopes 


1.5 m 


0.2 m 


0.5 m 


Geology 


Granite 


Granite 


Granite 



is about 28 degrees. Thickness of sediment on the bot- 
tom of the upper stream is 1.5 m in IK, 0.5 m in TB, 
and 0.2 m in TY, and the depth of soil layer on slopes 
in each catchment is 1.5 m, 0.2 m, and 0.5 m, respect- 
ively. Water repellency on the surface soil is strong 
only in the IK catchment. 

The observation period was for two years from 
January 2000 to December 2001. Annual precipitation 
during these two years was 1044 mm and 1217 mm, 
respectively. To measure the runoff and precipitation, 
30 degrees V-notch weir with water level gauge and 
rain gauge were installed at each catchment. Measure- 
ment of bedload was carried out after every rainfall 
event; 10 times in the IK catchment, 18 in TB, 14 in 
TY (excluding events with non-observation of sedi- 
ment yield). Bedload sediment was trapped in a box 
installed behind the weirs and sediment was dried for 
3 days at 1 10 °C using a drying oven. 

Results and discussion 

Runoff characteristics in each catchment 

Figure 2 shows a hydrograph of each catchment. Run- 
off increases sharply after precipitation in the IK and 
TB catchments, whereas it responds slowly in the 
TY catchment. Additionally, the process of recession 
after a hydrograph peak is quick in the IK and TB 



Table 2. Annual precipitation and bedload sediment yield in the 
three experimental catchments in 2000 and 2001 



Experimental catchment 


IK 


TB 


TY 


2000 sediment yield (kg/ha) 


No data 


9.35 


6.67 


2000 rainfall (mm) 


No data 


1044 


1044 


2001 sediment yield (kg/ha) 


182.7 


10.2 


16.2 


2001 rainfall (mm) 


1029 


1217 


1217 



catchments, but gentle in the TY catchment. A quick 
response to rainfall with high peak runoff such as in 
the IK and TB catchments suggests overland flow gen- 
eration on the slope (Dietrich & Dunne, 1993). On 
the other hand, the delayed response of runoff with a 
low peak flow such as in the TY catchment shows that 
subsurface flow is dominant with a high infiltration 
capacity, and shows the effect of recharge in a forest 
(Dietrich & Dunne, 1993). Base flow was highest in 
the IK catchment, while it ceased in the TB catchment. 
It is considered that this pattern is related to the thick- 
ness of the sediment in the valley bottom and the soil 
layer on the hillslopes. Thus, the thick sediment and 
soil layer in the IK catchment can store a lot of water, 
and consequently base flow runoff is high. 
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Figure 2. Hydrographical change of rainfall intensity and runoff in 
each catchment. 
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Annual bedload sediment yield 

Annual precipitation and bedload sediment yield in 
each catchment are shown in Table 2. In the IK catch- 
ment, sediment yield was 182.7 kg/ha in 2001; one 
order higher than in the other two catchments. This 
suggested that the effect of the forest fire in the IK 
catchment in 2000 had a profound impact on sedi- 
ment yield in 2001. From the results in the other two 
catchments observed for two years, the annual bedload 
sediment yield in the TB catchment was more than that 
in the TY catchment in 2000 even with a lower annual 
precipitation of 1044 mm (i.e. 9.35 kg/ha and 6.67 
kg/ha, respectively). On the other hand, the annual 
sediment yield in the TB catchment was less than that 
in the TY catchment in 2001 with higher annual pre- 
cipitation of 1217 mm (i.e. 10.2 kg/ha and 16.2 kg/ha, 
respectively). 





0 40 80 120 

Ewnt precipitation (mm) 



Figure 3. Relationships between event precipitation and bedload 
sediment yield. 



Bedload sediment yield during storm events 

Relationships between precipitation and the amount of 
bedload sediment yield at rainfall events in each catch- 
ment are shown in Figure 3. There are clear correla- 
tions between precipitation and sediment yield demon- 
strating the characteristic features in each graph. In the 
IK catchment, this relationship shows a steep linear 
curve, which is expressed as 

y = 0.42x. (1) 

This suggests that the disturbance of a forest contrib- 
utes enormously to sediment yield activity immedi- 
ately after a fire. In the TB catchment, the relationship 
shows a gradual linear curve, which is expressed as 

y = 0.044 X. (2) 

This shows the result from a decrease of available sed- 
iment on a slope and on a valley bottom. On the other 
hand, relationships between precipitation and sedi- 
ment yield in the TY catchment show an exponential 
curve, which is expressed as 

y = 0.012 (3) 
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Figure 4. Conceptual processes of bedload sediment yield variation 
following the progress of disturbance by forest fires. 



This indicates that bedload sediment yield activity pre- 
dominates only during heavy rainfalls. Consequently, 
the predominance of sediment yield in the TY catch- 
ment compared with that in the TB catchment is found 
during a heavy rainfall event of more than 100 mm, 
while it hardly happens during a small rainfall event 
of less than 100 mm. 

Sediment yield processes in headwaters at various 
times after a disturbance 

Figure 4 shows the conceptual processes of bedload 
sediment yield variation after a forest fire considering 
surface soil properties and geography. Immediately 
after a forest fire, it is thought that surface runoff is 
generated as a consequence of soil degradation and of 
water repellency on a slope while gully and rill erosion 
progresses. Moreover, part of the sediment transported 
from the slope and temporarily deposited on a val- 
ley bottom continues the sediment yield for several 
years. This process brought about the result that a large 
amount of sediment yield was seen in the IK catch- 



ment with an increase in event precipitation. If several 
years have passed after a fire, the surface soil on a 
slope becomes thin from erosion that had constantly 
advanced. Despite that it is easy to generate a saturated 
overland flow on a slope due to the thickness of the soil 
layer, the amount of sediment yield decreases because 
of the decline of available sediment. It is thought that 
the sources of sediment yield are colluviums on the 
bottom of valleys that remain for several years. There- 
fore, the increased tendency for sediment yield with 
precipitation fell in the TB catchment. When many 
years have passed since a forest fire, little subsurface 
runoff occurs during dry seasons following the recov- 
ery of soil from the growth of vegetation. However, 
during heavy rainfall events it is thought that subsur- 
face erosion occurs following substantial subsurface 
flow. This is the reason that bedload sediment yield is 
dominant only during heavy rainfall events in the TY 
catchment. 



Conclusions 

We determined the change of bedload sediment yield 
processes after disturbances by forest fires, based on 
our observation of bedload sediment yield variations 
in three burnt catchments which had experienced dif- 
ferent times after forest fires. Immediately after a 
forest fire, considerable sediment is transported by 
surface erosion on the slope, part of which is depos- 
ited on the valley bottom. After several years, the 
sediment yield process declines because of thin soil 
layers on the slope and the valley bottom following the 
successive erosion after a fire. However, many years 
have passed after a fire, the sediment yield process is 
dominant only during heavy rainfall events that enable 
substantial subsurface flow to occur. 
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Abstract 

In order to model the transport of cohesive sediments and associated contaminants accurately, knowledge of erosion 
rates is indispensable; at present, these are mostly obtained from the literature and usually extended by field data. 
In contrast to these theoretical approaches we have developed a method to determine erosion rates directly from 
experiments conducted with undisturbed sediment cores in a laboratory flume. Regularly spaced laser lines are 
projected onto the sediment surface during the erosion process. To compute the volume loss over a certain period 
of time, snapshots of the projected lines are taken and the relation between the deformed projected lines and the 
sediment surface is derived. With this relation and bilinear interpolation, the sediment surface is reconstmcted. The 
volume difference between the reconstructed sediment surfaces corresponding to the snapshots is then calculated. 
Consequently, volume loss can be determined in mm^ per time with a maximum error of 7.2%. The average error 
is less than 1%. Combination with the bulk density results in erosion rates in kg m“^ s“^ The high sensitivity of 
the laser lines to sediment surface changes allows the determination of even small erosion rates. Thus, it is possible 
to determine erosion rates directly as a function of shear stress. Since it is possible to vary the area of calculated 
sediment- volume loss, scaling effects can be investigated as well. 



Introduction 

Contaminated bottom sediments and their impact on 
water quality are a major concern in many rivers, 
lakes, harbours, estuaries and coastal areas. An im- 
portant question is whether buried sediments and con- 
taminants can be eroded during floods and storms. In 
order to predict the transport and fate of sediments and 
contaminants during floods in rivers, it is necessary to 
know the erosion and resuspension properties of sedi- 
ments and how they change with depth (McNeil et ak, 
1996). In particular, an exact knowledge of the erosion 
rates of sediments at different shear stresses and at 
different sediment depths is needed to quantify the 
mass of resuspended sediments and to model sediment 
and particulate contaminant transport. For this reason, 
a special flume was constructed at our Institute, en- 
abling the measurement of the onset of the erosion of 
cohesive sediments as a function of sediment depth. 
This flume, called SETEG, has now been extended to 
quantify exactly sediment erosion rates by computer- 
assisted image analysis. The erosion-rate test facility 



is used in connection with a y-ray density profiler, 
which has proven a very useful method for quantify- 
ing erosion-related sediment parameters. In a first test, 
homogenized sediment samples from the head water 
of the weir Marckolsheim, on the upper river Rhine, 
Germany, were used to test and verify the extended 
SETEG system and to demonstrate its abilities. 



Methods and materials 

SETEG system 

The pressure duct used at our Institute is based on a 
flume by McNeil et al. (1996) and further developed 
by Kern et al. (1999). The main structure is shown 
schematically in Figure 1. It is essentially a straight 
flume which has a test section with an open bottom, 
through which a cylindrical coring tube (150 cm in 
length and 13.5 cm in diameter) containing sediment 
can be inserted. The pressure duct has a rectangular 
flow cross section (width 14.5 cm, height 10.0 cm) 
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Figure 1. Schematic setup of the extended SETEG system (after Kern et ah, 1999 modified). 



with a maximum discharge of 38 1 The discharge 
is measured by an electro-magnetic gage. By using 
drop shutters at the end of the closed part of the flume, 
pressurized discharge conditions are given constantly 
(Kern et al., 1999). Shear stress (rp) can be determined 
directly from the flow rate (see formula 1). 




where X is the roughness coefficient, which has to 
be determined iteratively, Q is the discharge, k the 
equivalent sand roughness determined to equal 1.733 
10“^ m for the flume, and D the equivalent hydraulic 
diameter. The coring tube is connected to the open 
bottom of the pressure duct, exposing the sediment- 
water interface to the turbulent flow within the duct. 
A jack with a stepping motor moves the sediment up- 
wards inside the tube. All measuring data are recorded 
digitally in a personal computer. For more detailed 
information, see Kern et al. (1999). The additional 



equipment, called SEDCIA, for determining erosion 
rates essentially consists of two hardware (CCD cam- 
era and laser) and a software component, explained in 
detail in the following and illustrated in Figure 1 . 

Sedcia 

In order to determine erosion rates directly from 
flume experiments, as reliable input parameters for 
sediment-transport models, SEDCIA was developed. 
Moreover, it should fulfil a number of conditions: 
independence of any subjective judgement, reprodu- 
cibility of the results, high precision and high time 
resolution. Therefore, we developed SEDCIA as an 
additional tool to the SETEG system. The main idea is 
to recalculate a sediment surface by computer-assisted 
image analysis. For this purpose, we use a set of 30 
laser lines which are projected onto the sediment sur- 
face during the erosion process. A reference snapshot 
of the sediment surface is taken before the erosion 
starts. Subsequent snapshots are taken within given 
time steps during the erosion experiments. Bilinear 
interpolation between the laser lines offers the op- 
portunity of recalculating the sediment surface and 
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thus determining a volume loss compared to a second 
snapshot taken subsequently. Knowing the density of 
the eroded material one is able to determine sedi- 
ment erosion rates in mass per unit and unit time. In 
the following, the basics of SEDCIA will be given, 
i.e. the required hard- and software, the mathematical 
model, underlying assumptions and finally the sedi- 
ment erosion rate calculation along with observations 
on accuracy, restrictions etc. 

The hardware consists of a CCD camera and a laser 
which are arranged on the SETEG system as shown 
in Eigure 1 . The camera is fixed at an absolutely ver- 
tical and centered position above the sediment core. 
The laser is at the same height as the camera on its 
right side. The distance between the camera, the laser 
and the sediment surface is determined by different 
geometric boundary conditions. The distance between 
the camera and the sediment surface is defined by the 
basic requirement that the whole sediment surface of 
13.5 cm diameter has to be covered by a single snap- 
shot. The distance between camera and laser, which 
means the angle between the incoming laser line and 
the camera lens, is chosen to give high accuracy and 
a maximum erosion depth, because the higher the ac- 
curacy of the system, the lower the maximum erosion 
depth and vice versa. An angle of 20° has proven to 
give the best results. Additionally, the accuracy of the 
system strongly depends on the number of laser lines 
which are projected onto the sediment surface: the 
shorter the distance between two laser lines, the bet- 
ter the interpolation between them. Therefore, a filter 
splits up the single laser line into 30 separate lines. 
This results in a regular line pattern on the sediment 
surface. 

There are two software packages needed to ana- 
lyse the regular laser line patterns: Eirst, a commercial 
software for the camera, which makes it possible to 
take and store snapshots in jpeg file-format with a 
minimum time interval of 3 s and a sufficient res- 
olution and secondly, the software of SEDCIA to 
calculate sediment volume differences between two 
snapshots taken successively. This software was de- 
veloped in cooperation with the Eraunhofer-Institut fiir 
Techno- und Wirtschaftsmathematik in Kaiserslaut- 
ern, Germany, using Matlab. In general, the main 
mathematical problem can be formulated as a set of 
intersection lines between two surfaces, the sediment 
surface and a plane spanned by the laser line. Each 
pixel of the intersection lines in the snapshot (jpeg 
format) can be represented by x and y coordinates. 
By means of prior calibration, shifting of the laser 




Volume Difference 
Measured (mm^) 

Figure 2. Measured versus theoretically determined volume differ- 
ences. 

lines can be attached to a certain volume loss, i.e. 
the z-coordinate can be expressed as a function of x 
and y. Due to bilinear interpolation for all points on 
the sediment surface coordinates can be determined. 
Therefore, with a sequence of sediment surfaces from 
a succession of snapshots, as described above, the 
eroded sediment volume increment can be calculated 
as follows: Let zi = Fi(xi,yi) and Z 2 = F 2 (-^ 2 ^ 2 ) be 
two sediment surfaces and the computational domain, 
then the volume change AVy in (cm^) is defined as 

AVv = j (F 2 ix 2 ,y 2 ) - Fi(xi,yi))dxdy. (2) 

When multiplying Equation (2) with the sediment bulk 
density, the eroded sediment mass Ms in (kg) is given 
by: 

Ms = AVvPs, (3) 

where ps is the sediment bulk density in (kg cm“^). 
As the time interval between two snapshots and the 
computed domain is known, one obtains an erosion 
rate in mass per unit and unit time. 

The definition of a computational domain offers 
the additional opportunity of investigating scaling ef- 
fects: during the same erosion process, with the same 
well-defined conditions, it is possible to determine 
erosion rates on differently sized areas of the same 
sediment surface. The computational domain also 
allows the user to exclude boundary effects which 
occur during the erosion process in the transitional re- 
gion between the solid bottom of the flume and the 
sediment surface itself. 

The accuracy of SEDCIA was tested, using arti- 
ficially made test surfaces, with very different struc- 
tures, from absolutely regular to unstructured surfaces. 
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The test surfaces were connected with the stepping 
motor of the SETEG system (see Eig. 1). As the 
stepping motor allows very exact up- and downward 
motions, it is possible to lower the test surfaces in steps 
of 1 mm. This gives the opportunity of predefining 
a certain volume difference compared to a reference 
position. This theoretical volume difference was then 
compared with the volume difference determined by 
SEDCIA (see Eig. 2). To get a statistical value of the 
measuring accuracy several repeat measurements with 
predefined volume differences were performed. The 
artificially made test surfaces were rotated around their 
center several times at each position. Ten repeated 
measurements were made per step. In Eigure 2, the 
standard deviation of the measured volume difference 
is given in the form of error bars. As can be seen, the 
deviation of the measured volumes from the theoret- 
ically determined volume is very small. Considering 
all volume differences and repeat measurements, one 
gets a maximum error of 7.2%. The average error is 
less than 1%. 

The measurable erosion depth is restricted to a 
maximum in the first version of SEDCIA. Eor two 
consecutive snapshots, the extracted laser lines have 
always to remain inside the computed domain. This 
means that, if a great amount of sediment is eroded 
resulting in a strong shift of the laser lines so that a 
laser line leaves or enters the computed domain, the 
volume loss cannot be calculated. In addition if, due 
to erosion, a laser line shifts more than half of the dis- 
tance between two adjacent laser lines, the volume loss 
cannot be calculated either. Depending on the erosion 
conditions, a maximum erosion depth of 1 cm can 
be measured with the extended SETEG system. So 
far, erosion experiments have shown that an erosion 
depth of 1 cm is sufficient to determine the erosion rate 
accurately. Owing to the experimental design of the 
SETEG system, turbulence gains a strong influence 
on the erosion behavior when the height difference 
between the bottom of the flume and the sediment 
surface becomes too big, which means that a greater 
erosion depth is not reasonable. 



Results and discussion 

In a first test, sediment-erosion behavior under vari- 
ous bottom shear stresses was investigated. Eor this 
purpose, sediment samples from the reservoir Mar- 
ckolsheim, located in the upper river Rhine, Ger- 
many, were manually homogenized. Vertical profiles 
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Figure 3. Bulk density with sediment depth of the tested manually 
homogenized sediment core. 

of sediment bulk density were measured to ensure 
similar sediment properties over the whole depth. Eor 
more detailed information about sediment bulk density 
measurement see, for example, Dreher (1997). As can 
be seen in Eigure 3, the bulk density of the test core 
varies after several days of consolidation only slightly 
over the whole sediment depth. On average, a bulk 
density of 1.69 g cm“^ is adjusted, with a maximum 
deviation of +/- 0.03 g cm“^, which means that in 
terms of erosion related properties the sediment core 
can be taken as homogeneous. By comparison, the 
average bulk density of undisturbed sediment cores 
from this reservoir is 1.55 g cm“^, with maximum 
deviations of 0.3 g cm“^. 

The erosion rates of this homogenized sediment 
core were determined for different shear stresses, ran- 
ging from 2 to 7 N m“^. Results for all shear stresses 
are shown in Eigure 4. Two main aspects are focused 
upon in the following discussion: the reproducibil- 
ity of the results under the same conditions and the 
change of erosion rates over time. In the present case, 
erosion rates were tested two to three times with the 
same shear stress and sediment property conditions 
in order to test reproducibility. To this end the sedi- 
ment core was moved up after each erosion experiment 
and the spare sediment was horizontally cut and re- 
moved by a thin plate to be prepared for the next 
test. Consequently, at the beginning of each experi- 
ment, the sediment surface was even with the bottom 
of the flume. Each of the 16 erosion tests were made 
at different depths of the same homogenized sample. 

On the basis of Eigure 4, it can be seen that data 
derived from SEDCIA have a high degree of repro- 
ducibility. The erosion-rate measurements of three 
different sediment depths at the same shear stress show 
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Figure 4. Erosion rates of manually homogenized sediment cores at 
different shear stresses (2 - 7 N m“^. 

that the erosion-rate variations are within small limits. 
Only the erosion rates at a shear stress of 2 N m“^ 
showed larger variations of up to 50%, but this was to 
be expected due to the very small amount of eroded 
sediment. At very low shear stress the influence of the 
variability of sediment properties on sediment erosion 
rates becomes stronger. As a result of the increasing 
eroded sediment masses, the variation of the erosion 
rates decreases with increasing shear stress. Hence, the 
variation between the repeat measurements decreases 
on average to about 10-15%. 

In Figure 4, the homogenized sediment core was 
tested under different shear-stress conditions, ranging 
from 2 N m“^ to 7 N m“^. These shear stresses corres- 
pond to natural bottom shear stresses which occur on 
average in Marckolsheim reservoir at times of normal 



flow (2-4 N m“^) or a 50-yr flood event (5-7 N m“^ 
and higher). Sediment erosion rates can be determined 
through time with high resolution. Two main trends 
in the change of the erosion rates over time can be 
seen, which depend very much on the chosen shear 
stress. In case of low shear stresses of 2-4 N m“^ the 
erosion rate reaches a plateau after an initial increase 
and then starts to decrease. The plateau is quite dis- 
tinct in case of a shear stress of 2 N m“^ and becomes 
more vague with higher shear stress. Erosion rates at 
shear stresses of 5-6 N m“^ show a rapid increase, 
no plateau and subsequent decline. Finally, at a shear 
stress of 7 N m“^ erosion rates begin immediately to 
decrease after the beginning of the experiment. The 
change of the erosion rate over time at shear stresses 
below 2-4 N m“^ can be explained as follows. Due to 
the cohesive and biological factors which cause stabil- 
ization of the sediment surface, erosion starts slowly 
until the first aggregates are eroded and destabilization 
of the sediment takes place so that the erosion rates 
begin to rise to a maximum and reach a plateau. The 
value at this plateau can be seen as the erosion rate 
for this sediment layer at the given shear stress. Later, 
a decrease to very small erosion rates occurs. The 
longer the sediment surface is exposed to the given 
shear stress, the more it moves, due to erosion, away 
from direct exposure to the water body, i.e. the act- 
ing hydrodynamic forces become smaller and so does 
the erosion rate. In addition, as a result of the lim- 
ited sediment surface area, the influence of the solid 
boundary causes artefacts. In the case of the highest 
shear stress of 7 N m“^and higher, the initial increase 
and plateau of the erosion rate does not occur. This 
is because under the high shear stress, biological and 
cohesive stabilization of the sediment is not sufficient 
to prevent immediate strong erosion. 



Conclusions 

SEDCIA as introduced in this article is a useful 
tool for answering questions of practical and sci- 
entific relevance concerning sediment-erosion rates. 
Sediment-erosion rates can be measured as a func- 
tion up to a maximum erosion depth of 1 cm with 
a maximum error uncertainty of 7.2% and an aver- 
age error uncertainty of less than 1%. In connection 
with the SETEG system and a bulk density profile, 
the erosion properties at various depths of a sedi- 
ment core can be investigated. Furthermore, SEDCIA 
will be applied to provide data for numerical mod- 
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els of contaminated sediment transport and associated 
risk-assessment strategies. Modification of the exist- 
ing system, so that higher shear stresses and erosion 
depths can be investigated are future targets. The 
knowledge of in-situ threshold shear stress and erosion 
rates, together with the bottom shear stress for differ- 
ent flood events, offers the opportunity of estimating 
the hydrological risk of erosion for fine cohesive sed- 
iments. The field investigations of Westrich & Witt 
(2000) and Westrich & Kern (1999) show that erosion 
behavior is strongly affected by the hydraulic con- 
ditions during sedimentation, consolidation and the 
associated diagenetic processes in the sediment layers. 
Thus the varying erosion stabilities and erosion rates 
are affected by many factors. In this connection Lick & 
J. McNeil (2001) especially mentioned the following 
parameters: bulk density, average particle size, particle 
size distribution, mineralogy, organic content, volume 
of gas and time after deposition. SEDCIA offers a 
high-precision tool for a better understanding of these 
factors and their impact on sediment erosion. 
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Abstract 

Bottom-sediment cores were used to investigate the occurrence of 44 metals and trace elements, and 15 organo- 
chlorine compounds in Tuttle Creek Lake, a reservoir with an agricultural basin in northeast Kansas, U.S.A. On 
the basis of U.S. Environmental Protection Agency sediment-quality guidelines, concentrations of Ag, As, Cr, Cu, 
Ni, and Zn frequently or typically exceeded the threshold-effects levels for toxic biological effects. Organochlorine 
compounds either were not detected or were detected at concentrations generally below the threshold-effects levels. 
Statistically significant positive depositional trends were determined for several elements. However, because the 
vertical profiles of element concentrations typically indicated a bimodal distribution and much of the variability 
could be attributable to analytical variance, the statistical trends may not represent actual trends. DDE concen- 
trations reflected the history of DDT use. Substantial increases in grain corn and soybean production, irrigated 
land, and hog production in the basin have not had a discernible effect on sediment quality in the reservoir. Euture 
research focused on small impoundments throughout the basin may enhance understanding of the effects of human 
activity on sediment quality within the Tuttle Creek Lake system and elsewhere. 



Introduction 

Effective reservoir and basin management requires 
several types of information including the chemical 
makeup of bottom sediment. Sediment quality is an 
important environmental concern because sediment 
may act as a sink for water-quality constituents and 
as a source of constituents to the overlying water 
column and biota (Zoumis et ak, 2001). Once in the 
food chain, sediment-derived constituents may pose an 
even greater concern due to bioaccumulation. 

Because conditions may vary considerably among 
reservoirs due to differences in basin characteristics 
(e.g., geology, climate, topography, vegetation) and 
human activity (e.g., land use, land management prac- 
tices), reservoir-specific studies of sediment quality 
are required. Such studies provide information that 
is needed for the effective management of individual 
reservoirs and basins and contributes to the general 
understanding of the relation between reservoirs and 
basins and the effects of human activity. In addition to 
documenting past and present conditions, such stud- 
ies have identified trends, inferred cause and effect 



relations, and ascertained regional differences in sed- 
iment quality (Bradbury & Van Metre, 1997; Van 
Metre et ak, 1997; Christensen & Juracek, 2001). 
Information from reservoir sediment studies may be 
used to partly reconstruct historical water-quality re- 
cords, to determine a present-day baseline with which 
to evaluate long-term changes in reservoir water and 
sediment quality that may be related to changes in 
human activity in the basin, and to provide a warn- 
ing of potential future water-quality problems. Such 
studies also can provide data for the validation and 
calibration of contaminant transport models (Chen & 
Brimicombe, 2000). 

Tuttle Creek Lake, completed in 1962 by the U.S. 
Army Corps of Engineers, is a multi-use reservoir on 
the Big Blue River in northeast Kansas, U.S.A. The 
lake is listed under Section 303(d) of the Eederal Clean 
Water Act of 1972. The 303(d) list is a priority list that 
identifies water bodies that do not meet water-quality 
standards developed on the basis of the use of the wa- 
ter bodies. Eor each impaired water body on the 303(d) 
list, a State is required by the Clean Water Act to de- 
velop a total maximum daily load (TMDL), which is 
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an estimate of the maximum pollutant load from point 
and nonpoint sources that a receiving water can ac- 
cept without exceeding water-quality standards (U.S. 
Environmental Protection Agency, 1991). Sediment- 
quality information will be used in the development 
and evaluation of TMDLs for constituents that contrib- 
ute to the water and sediment quality of Tuttle Creek 
Lake. 

A study by the U.S. Geological Survey (USGS), 
in cooperation with the Kansas Department of Health 
and Environment, was undertaken to assess the chem- 
ical quality of the bottom sediment in Tuttle Creek 
Lake. Specific study objectives were to: 

(1) determine the occurrence of, as well as trends in, 
selected chemical constituents in the sediment; 

(2) Assess the quality of the sediment on the basis of 
available sediment-quality guidelines; and 

(3) Relate, to the extent possible, any observed con- 
stituent trends in the sediment to documented 
historical changes in human activity in the basin. 



Description of Itittle Creek Lake Basin 

The Tuttle Creek Lake Basin is an area of about 
24900 km^ that drains part of southeast Nebraska 
and northeast Kansas, U.S. A. Land use in the basin 
is mostly cropland and grassland. In 2000, the reser- 
voir had a surface area of about 5,100 ha and a 
water- storage capacity of about 345 million m^ at the 
conservation-pool elevation of 328 m above sea level. 

Physiographically, the Tuttle Creek Lake Basin can 
be characterized with reference to physical divisions 
as defined by Lenneman (1946). The upstream half 
of the basin is located mostly in the High Plains and 
Plains Border Sections of the Great Plains Province. 
The High Plains Section is typified by flat plains with 
limited stream dissection and little local relief. This 
section is underlain by fluvial and eolian deposits that 
consist of sand, gravel, silt, and clay. The Plains Bor- 
der Section is more dissected than the High Plains 
Section and thus has greater local relief. This section 
is underlain by shale, sandstone, and limestone, with 
minor fluvial and eolian deposits. The downstream 
half of the basin is located mostly in the Dissected 
Till Plains Section of the Central Lowland Province. 
This section is characterized by dissected deposits of 
glacial till that consist of silt, clay, sand, gravel, and 
boulders that overlie bedrock of primarily shale and 
limestone, with some sandstone. 



Slopes in the basin range from typically less than 
3% in the High Plains Section to as much as 10% or 
more elsewhere in the basin. In general, soil erodibility 
is somewhat higher in the upstream half of the basin 
(U.S. Department of Agriculture, 1994). Long-term 
mean annual precipitation in the basin is about 76 cm. 

Within the basin, notable changes in human activ- 
ity during the life of the reservoir that may affect 
the deposition of constituents in the reservoir bot- 
tom sediment included substantial increases in grain 
corn and soybean production, irrigated land, and hog 
production (U.S. Department of Agriculture, 2001). 



Methods 

To determine the occurrence of selected chemical con- 
stituents, bottom-sediment cores were collected in 
1999 at 22 sites within Tuttle Creek Lake using a grav- 
ity corer. The coring sites were selected to provide a 
spatially representative sample of conditions through- 
out the reservoir. The sediment samples extracted from 
the cores were analyzed for 44 metals and trace ele- 
ments, 15 organochlorine compounds (i.e., pesticides 
and PCBs), and 1 radionuclide. Analyses for metals 
and trace elements were performed using the meth- 
ods described by Arbogast (1996) and Briggs & Meier 
(1999). Analyses for organochlorine compounds were 
performed using the methods described by Wershaw 
et al. (1987). The depositional history of cesium- 
137, determined by gamma-ray spectrometry (Amer- 
ican Society for Testing & Materials, 2000), was 
used to verify that the bottom sediment was relatively 
undisturbed for the purpose of trend analyses. 

One core (hereafter referred to as the trends core) 
was divided into 15 sample intervals for the purpose of 
trend analyses. The trends core was collected at a site 
in the submerged Big Blue River channel in relatively 
deep water where the sediment was least likely to be 
disturbed. Trends in constituent concentrations were 
examined by computing a nonparametric Spearman’s 
rho correlation coefficient. Trends were considered to 
be significantly positive (constituent concentration in- 
creased with decreasing depth in the sediment core) or 
negative (constituent concentration decreased with de- 
creasing depth in the sediment core) if the probability 
(two-sided p-value) of rejecting a correct hypothesis 
(i.e., no trend) was less than or equal to 0.05. 
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Table 1. Statistical summary of concentrations and comparison to sediment-quality guidelines for selected 
constituents in bottom-sediment samples from Tuttle Creek Lake, Kansas, U.S.A. 



Constituent 

(unit of measurement) 


Number of 
detections/ 
number of 


Concentration 




Sediment-quality 

guidelines^ 




analyses 


Minimum 


Median 


Maximum 


TEL 


PEL 


Metals and trace elements 

Ag (/xgg“l) 


41/41 


0.4 


0.73 


1.2 


0.733 


1.77 


As (/xgg“l) 


41/41 


6.9 


14 


18 


7.24 


41.6 


Cd (/xgg-1) 


41/41 


0.26 


0.44 


0.61 


0.676 


4.21 


Cr (/xgg“l) 


41/41 


48 


81 


120 


52.3 


160 


Cu (/xgg“l) 


41/41 


20 


34 


44 


18.7 


108 


Hg (/xgg“l) 


40/41 


<0.02 


0.04 


1.4 


0.13 


0.696 


Ni (/xgg“l) 


41/41 


19 


38 


77 


15.9 


42.8 


Pb (/xgg-1) 


41/41 


16 


25 


160 


30.2 


112 


Zn (/xgg“l) 


41/41 


65 


120 


150 


124 


271 


Organochlorine compounds 

Chlordane (/xg kg“^) 


0/34 


<3 


<3 


<3 


2.26 


4.79 


DDD (/xgkg-1) 


10/34 


<0.5 


<0.5 


1.4 


1.22 


7.81 


DDE (/xgkg-1) 


30/34 


<0.2 


0.36 


5.2 


2.07 


374 


DDT (/xgkg-1) 


0/34 


<0.5 


<0.5 


<0.5 


1.19 


4.77 


Dieldrin (/xg kg“^) 


10/34 


<0.2 


<0.2 


0.39 


0.715 


4.3 


PCBs(/xgkg-l) 


0/34 


<5 


<5 


<5 


21.6 
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^Guidelines from U.S. Environmental Protection Agency (1997). TEL and PEL values for organochlorine com- 
pounds converted from mg kg“^ to /xg kg“^ . 

[TEL, threshold-effects level; PEL, probable-effects level; <, less than]. 



Results and discussion 

The U.S. Environmental Protection Agency (USEPA) 
has established sediment-quality guidelines in the 
form of level-of-concern concentrations for sev- 
eral metals, trace elements, and organochlorine 
compounds (U.S. Environmental Protection Agency, 
1997). Two such level-of-concern guidelines are re- 
ferred to as the threshold-effects level (TEL) and the 
probable-effects level (PEL). The TEL is assumed to 
represent the concentration below which toxic bio- 
logical effects rarely occur. In the range of concen- 
trations between the TEL and PEL, toxic effects oc- 
casionally occur. Toxic effects usually or frequently 
occur at concentrations above the PEL. In this paper, 
discussion of constituent concentrations with respect 
to sediment-quality guidelines is limited to the nine 
trace elements and six organochlorine compounds for 
which guidelines are available (see Table 1). 



Metals and trace elements 

Metals and trace elements, especially the latter, are 
important determinants of sediment quality because of 
their potential toxicity to living organisms (Eorstner 
& Wittman, 1981). Toxicity is a function of several 
factors including the type of organism, availability of 
a metal or trace element in the environment, and its po- 
tential to bioaccumulate once in the food chain. Most, 
if not all, metals and trace elements may be toxic in an- 
imals and humans if the concentrations are sufficiently 
large (Pais & Jones, 1997). 

Of the 44 metals and trace elements analyzed, 40 
were detected in all or virtually all of the sediment 
samples analyzed and at all or virtually all sites for 
which the analyses were performed. The exceptions 
included Au, Bi, S, and Tl, which were detected in- 
frequently if at all. Results for all metals and trace 
elements analyzed are available in Juracek & Mau 
( 2002 ). 

Trend analyses indicated a statistically significant 
positive depositional trend for Co, Cr, Ga, Ee, Li, Mg, 
Mo, Ni, Sc, Se, Sn, Ta, and Zn. However, despite the 
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statistical significance, these trends may not represent 
actual trends for two reasons. First, an assessment of 
the trends with respect to analytical variance (defined 
here as the mean element concentration for the core 
plus or minus 10%) indicated that many of the trends 
may be due to analytical variance. This conclusion was 
based on the fact that, for most of the elements for 
which a positive trend was indicated, the majority of 
the concentrations were within 10% of the mean value. 
Second, visual inspection of the vertical profiles indic- 
ated that most of the constituents for which a positive 
trend was indicated actually had a bimodal distribution 
rather than a trend. 

In general, the bimodal distribution was character- 
ized by relatively small concentrations in the bottom 
one-fifth of the trends core and relatively large and 
uniform concentrations in the upper four-fifths of the 
core. A possible explanation for the smaller concen- 
trations at the bottom of the core may be disturbance 
of the Big Blue River flood plain during construction 
of the dam coupled with a mobilization and redepos- 
ition of flood-plain and channel-bank materials during 
the initial filling of the reservoir. Such locally derived 
sediment may be chemically different from sediment 
originating elsewhere in the basin. 

Concentrations of Ag, As, Cr, Cu, Ni, and Zn 
frequently or typically exceeded the TELs. For As, 
Cr, Cu, and Ni, virtually all concentrations exceeded 
the TELs but were less than the PELs. For Ag and 
Zn, about half the concentrations exceeded the TELs 
but were less than the PELs. Cd, Hg, and Pb con- 
centrations generally were less than the TELs (see 
Table 1). 

Organo chlorine compounds 

The use of organochlorine insecticides in agriculture 
in the United States began in the 1940s and increased 
to peak levels during the 1950s and 1960s. Then, 
because of their persistence in the environment, a 
tendency to bioaccumulate, and potential effects on 
wildlife and human health, most of the organochlorine 
insecticides were banned or severely restricted during 
the 1970s (Nowell et al., 1999). 

PCBs were identified as environmental pollutants 
in 1966 with toxic effects similar to those of DDT. By 
1977, worldwide production of PCBs had practically 
ceased (Alloway & Ayres, 1997). However, because 
of their persistence, PCBs remain widespread in the 
environment. 




Figure 1. Variation in DDE concentrations with depth of bot- 
tom-sediment core samples collected from site in Tuttle Creek Lake, 
September 1999. 



Of the 15 organochlorine compounds analyzed, 
only aldrin, DDD, DDE, and dieldrin were detected. 
In general, the concentrations of DDD, DDE, and 
dieldrin were less than the TELs (see Table 1). No 
sediment-quality guidelines have been established for 
aldrin. 

DDE, a degradation product of DDT, was detected 
in most sediment samples analyzed and at all 10 sites 
for which the analysis was performed. For intervals 
1-5 of the trends core (i.e., the oldest sediment in 
the core), a Spearman’s rho of 0.70 was computed. 
This positive depositional trend was not significant at 
the 0.05 level. For intervals 5-15 (i.e., the youngest 
sediment in the core), a Spearman’s rho of -0.90 was 
computed. This negative depositional trend was signi- 
ficant at the 0.001 level. These results indicated that, 
over the life of the reservoir, a reversal in the trend of 
DDE deposition occurred (Fig. 1). The pattern of DDE 
deposition, which was consistent with results reported 
elsewhere (e.g.. Van Metre et al., 1997), paralleled the 
history of DDT usage. DDT was used extensively in 
agriculture during the 1950s and 1960s. Then, with 
the ban of DDT in 1972, its use declined (Manahan, 
2000 ). 



Summary and conclusions 

In this study, bottom-sediment cores were used to 
investigate the occurrence of 44 metals and trace ele- 




281 



ments, and 15 organochlorine compounds in Tuttle 
Creek Lake. On the basis of USEPA sediment-quality 
guidelines, concentrations of Ag, As, Cr, Cu, Ni, 
and Zn frequently or typically exceeded the TELs for 
toxic biological effects. Cd, Hg, and Pb concentra- 
tions generally were less than the TELs. Likewise, 
organochlorine compounds either were not detected 
or were detected at concentrations that generally were 
less than the TELs. DDE concentrations reflected the 
history of DDT use. 

A statistically significant positive depositional 
trend was indicated for several elements. However, be- 
cause the vertical profiles of element concentrations 
typically indicated a bimodal distribution and much 
of the variability in concentrations could be attribut- 
able to analytical variance, the statistical trends may 
not represent actual trends. In general, the bimodal 
distribution was characterized by relatively small con- 
centrations in the bottom one-fifth of the core and 
relatively large and uniform concentrations in the up- 
per four-fifths of the core. A possible explanation for 
the smaller concentrations at the bottom of the core 
may be locally derived sediment deposited during the 
initial filling of the reservoir. 

Over the life of the reservoir, notable changes in 
human activity within the basin included substantial 
increases in grain corn and soybean production, ir- 
rigated land, and hog production. As of 1999, these 
changes have not had a discernible affect on sedi- 
ment quality in the reservoir. Two possibilities may 
account for the lack of a discernible affect. One pos- 
sibility is that the changes in human activity have 
not caused substantial changes in sediment quality 
(although, water quality has likely been affected). An- 
other possibility is that sediment quality has changed 
but much of the affected sediment is being stored in 
the basin (perhaps in small impoundments). 

The importance of this study is fourfold. Eirst, 
a baseline of sediment-quality information has been 
provided that will allow for future evaluations of 
changes in reservoir water and sediment quality that 
may reflect changes in human activity in the basin. 
Second, several trace elements were found to be at 
concentrations in the sediment that may merit addi- 
tional research to determine sources, fate, and re- 
mediation alternatives. Third, this study indicated that 
additional investigation, perhaps focused on small 
impoundments throughout the basin, is needed to 
improve understanding of the effects of changes in 
human activity on sediment quality within the Tuttle 
Creek Lake system. Einally, information from this and 



other reservoir studies may be used in comparative 
analyses to determine which basin characteristics are 
the most important determinants of sediment (and as- 
sociated constituent) yield from basins. The results 
of such comparative analyses will have widespread 
applicability for reservoir and basin management. 



Acknowledgment 

This study was made possible in part by support from 
the Kansas State Water Plan Eund. 



References 

Alloway, B. J. & D. C. Ayres, 1997. Chemical Principles of Environ- 
mental Pollution (2nd edn.). Blackie Academic & Professional, 
New York. 395 pp. 

American Society for Testing and Materials, 2000. Standard prac- 
tice for high-resolution gamma-ray spectrometry of water. In 
Annual Book of ASTM Standards, sec. 11, Water and Environ- 
mental Technology. ASTM, West Conshohocken (Pa.), v. 1L02, 
D 3639-98a: 294-304. 

Arbogast, B. E, 1996. Analytical methods manual for the Mineral 
Resource Surveys Program. U.S. Geol. Surv. Open-Pile Rept. 96- 
525. 248 pp. 

Bradbury, J. P & P C. Van Metre, 1997. A land-use and water- 
quality history of White Rock Lake reservoir, Dallas, Texas, 
based on paleolimnological analyses. J. Paleolimnol. 17: 227- 
237. 

Briggs, P H. & A. L. Meier, 1999. The determination of forty two 
elements in geological materials by inductively coupled plasma- 
mass spectrometry. U.S. Geol. Surv. Open-Pile Rept. 99-166. 15 

pp. 

Chen, X. & A. J. Brimicombe, 2000. A three-dimensional model for 
the transportation of Pe and Mn in Arha Reservoir. J. Envir. Sci. 
12: 161-17L 

Christensen, V. G. & K. E. Juracek, 200L Variability of metals in 
reservoir sediment from two adjacent basins in the central Great 
Plains. Envir. Geol. 40: 470-48L 

Penneman, N. M., 1946. Physical divisions of the United States. 
U.S. Geol. Surv. special map, scale 1:7 000 000, 1 sheet. 

Porstner, U. & G. T. W. Wittmann, 1981. Metal Pollution in the 
Aquatic Environment. Springer- Verlag, New York. 486 pp. 

Juracek, K. E. & D. P Man, 2002. Sediment deposition and oc- 
currence of selected nutrients and other chemical constituents in 
bottom sediment, Tuttle Creek Lake, Northeast Kansas, 1962-99. 
U.S. Geol. Surv. Water-Resources Inv. Rept. 02-4048. 73 pp. 

Manahan, S. E., 2000. Environmental Chemistry (7th edn.). Lewis 
PubL, Boca Raton (Pla.). 898 pp. 

Nowell, L. H., P D. Capel & P D. Dileanis, 1999. Pesticides in 
Stream Sediment and Aquatic Biota - Distribution, Trends, and 
Governing Pactors. Lewis PubL, Boca Raton (Pla.). 1001 pp. 

Pais, I. & J. B. Jones, Jr., 1997. The Handbook of Trace Elements. 
St. Lucie Press, Boca Raton (Pla.), 223 pp. 

U.S. Department of Agriculture, 1994. State Soil Geographic Data 
Base-U.S. Coverage by States Including Puerto Rico. U.S. Dept. 
Agric., Soil Conserv. Serv., October 1994, CD-ROM digital data. 




282 



U.S. Department of Agriculture, 2001. National Agricultural Statist- 
ics Service, published estimates data base. Information available 
on the World Wide Web, accessed March 19, 2001, at URL 
http://www.nass .usda.gov: 8 1/ipedb/. 

U.S. Environmental Protection Agency, 1991. Guidance of Water 
Quality-Based Decisions - The TMDL process. Office of Water, 
Washington, D.C., EPA440/4-9 1-001. 59 pp. 

U.S. Environmental Protection Agency, 1997. The incidence and 
severity of sediment contamination in surface waters of the 
United States, vol. 1 - National sediment quality survey. U.S. 
Envir. Protection Agency Rept. 823-R-97-006, September 1997, 
various pagination. 



Van Metre, P. C., E. Callender, & C. C. Euller, 1997. Historical 
trends in organochlorine compounds in river basins identified 
using sediment cores from reservoirs. Envir. Sci. Technol. 31: 
2339-2344. 

Wershaw, R. L., M. J. Eishman, R. R. Grabbe & L. E. Lowe (eds), 
1987. Methods for the Determination of Organic Substances in 
Water and Eluvial Sediments. U.S. Geol. Surv. Techniques of 
Water-Resources Inv., book 5, chap. A3. 80 pp. 

Zoumis, T., A. Schmidt, L. Grigorova & W. Calmano, 2001. Con- 
taminants in sediments: remobilisation and demobilisation. Sci. 
Tot. Environ. 266: 195-202. 







Hydrobiologia 494 : 283-290, 2003. 

B. Kronvang (ed.), The Interactions between Sediments and Water. 
© 2003 Kluwer Academic Publishers. 



283 



Polycyclic aromatic hydrocarbons in sediments of the Venice Lagoon 

M. Frignani^ L. G. Bellucci^ M. Favotto^ & S. Albertazzi^ 

^Istituto di Geologia Marina del CNR, Via Gobetti 101, 40129 Bologna, Italy 

^Consorzio Interuniversitario Nazionale “La Chimica per I’Ambiente”, Via della Liberia 5/12, 

30175 Marghera (VE), Italy 

Tel: +39-051-6398906. Fax: +39-051-6398940. E-mail: mauro.frignani@bo.ismar.cnr.it 



Key words: polycyclic aromatic hydrocarbons, sediments, sources, diagenesis, pollution chronology, 
Venice Lagoon 



Abstract 

Three sediment cores were collected in the Venice Lagoon: two from mud flats (E, F) and one from the San 
Giuliano Canal (II), which borders the industrial district. Samples were analysed for the 15 polycyclic aromatic 
hydrocarbons (PAHs) listed as priority pollutants by the U.S. EPA. Sediment chronologies were established using 
both ^^^Cs and ^^*^Pb activity-depth profiles, and confirmed by independent information. The highest levels of 
PAHs, up to 16,474 /xg kg“^ characterise the sediment from the industrial canal. In lagoon sediments maximums 
were 618-1,531 /xg kg“^ while surficial values were 315 and 810 /xg kg“^ Dated concentration-depth profiles 
suggest that highest inputs occurred in the first half of last century and were followed by significant decreases. 
The industrial activities played a major role in the PAH contamination of lagoon sediments, as suggested by the 
high concentration gradients in the study area. The main source, based on the information provided by the relative 
abundance of congeners, is represented by high temperature combustion processes. Petrogenic sources may have 
influenced some samples, whereas the effects of selective transport and diagenesis are difficult to assess. The 
sediment of the industrial canal has the potential to occasionally cause adverse effects in sensitive species. 



Introduction 

A wide series of both natural and anthropogenic pro- 
cesses causes the formation of polycyclic aromatic hy- 
drocarbons (PAH), a well known class of compounds 
with carcinogenic properties that are regarded as pri- 
ority pollutants by the U.S. Environmental Protection 
Agency (EPA). Anthropogenic sources include com- 
bustion of fossil fuels, coal gasification and liquific- 
ation processes, waste incineration and production of 
coke, carbon black, coal tar pitch, asphalt and petro- 
leum cracking (Hallet & Brecher, 1984, and references 
therein; McCready et ak, 2000). Another common 
anthropogenic source of PAHs is spillage of fossil 
fuels, both unrefined and refined products. PAHs also 
stem from natural combustion sources such as forest 
fires, and certain compounds (perylene and retene) 
are thought to be produced diagenetically (Wakeham 
et ak, 1980). Because of their hydrophobic nature, 
PAHs in the aquatic environment are accumulated by 
sediments. 



Until the 1970s, Porto Marghera was one of the 
most important industrial districts in Italy and it has 
long been considered the main source of contaminants 
to the lagoon (Pavoni et ak, 1992). Levels of PAHs 
in sediments of the Venice Lagoon were reported in 
the past by Pavoni et ak (1992) and di Domenico et 
ak (1998). On the other hand, Bellucci et ak (2000, 
2002) and Frignani et ak (2001a,b) showed that the 
contamination of lagoon sediments by heavy metals, 
polychlorinated dibenzo-/7-dioxins, dibenzofurans and 
biphenyls is low, especially in comparison with the 
very high levels that can be found within the industrial 
canals, in particular those of the 1st Industrial Area. 

The major objective of the current study was to 
provide information on history of PAH contamina- 
tion of the Venice Lagoon, relative importance of the 
sources, present trends, and potential toxicological 
significance. 
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Methods 

Sampling was carried out in July-September 1998 
by means of a manual piston corer at three sites 
chosen in order to retrieve mostly fine and relat- 
ively undisturbed sediments that could preserve the 
records of contamination. Cores were immediately ex- 
truded to obtain 2-4 cm thick sections which were 
put in glass jars with aluminium foil caps. Samples 
were then frozen and stored at -18 °C until analysis. 
Ten grams of well mixed wet sediments were trans- 
ferred to glass beakers and spiked with a series of 
5 deuterated PAHs (acenaphtene-dlO, chrysene-dl2, 
naphtalene-d8, perylene-dl2, phenanthrene-dlO,) as 
internal standards. The extraction was performed by 
ASE 200 (DIONEX Sunnyvale, CA) with 50 ml of n- 
hexane/dichloromethane 50/50 at 150 °C, 1500 psi, 7 
min heat-up, and 2 cycles of 10 min static time. The 
extracts, transferred to hexane, were cleaned up using 
the automatic system Dioxin Prep (Eluid Management 
System Inc.). Pre-packed disposable columns, con- 
taining multi-layer silica and sodium sulphate, were 
used. 

The HRGC/HRMS analyses were carried out us- 
ing a HP 6890 plus gas chromatograph coupled to a 
Micromass Autospec Ultima mass spectrometer oper- 
ating in El mode at 35 eV with a resolution of 10 000 
(10% valley). Sample injections were performed in the 
splitless mode on a 30 m Rtx 5 ms column (Restek 
0.25 mm ID, 0.25 /xm film). The column was held at 
60 °C for 1 min, then progressively heated to 140 °C 
(15°C min-‘), 300°C (6°C min-'), 325°C (4°C 
min-*), and finally held at 325°C for 4 min. Mass 
Spectral data were acquired in Selected Ion Monitoring 
mode. The quantitative determination was carried out 
by the isotope dilution method, using relative response 
factors previously obtained from 3 injections of stand- 
ard solutions with different concentrations. Two deu- 
terated PAH (acenaphtilene-d8, benzo(a)pyrene-dl2) 
were added to each extract before injection for re- 
covery calculations. Recoveries were always between 
40% and 110%. Errors were 20%, for the lowest con- 
centrations, or better. The laboratory blanks, repeated 
twice a week, where lower than 10% of the min- 
imum concentration in samples. The concentrations of 
PAHs in all sediment samples were calculated on a dry 
weight basis. Water contents were determined by dry- 
ing separate sub-samples overnight in a conventional 
oven at 105 °C. 

Alpha counting of ^^*^Po was used for ^^*^Pb de- 
terminations, assuming secular equilibrium between 



the two isotopes, whereas ^^^Cs was measured by 
non destructive gamma spectrometry (Erignani et al., 
2001a). 



Results and discussion 

PAH concentrations 

We measured naphthalene (Nph), acenaphthylene 
(Ay), acenaphthene (Ac), fluorene (Eluo), phenan- 
threne (Phe), anthracene (Ant), fluoranthene (Pit), 
pyrene (Py), benzo(a)anthracene (BaA), chrysene 
(Chry), benzofluoranthenes (BP) as the sum of 
benzo(b)fluoranthene and benzo(k) fluoranthene, 
benzo(a)pyrene (BaP), indeno(l,2,3-)pyrene (IPy), 
dibenzo(ah)anthracene (DBA), and benzo(ghi)perylene 
(Per). Pigures 2-4 show that PAH contents in core 
samples range from a minimum of 66 to a maximum of 
16474 fig kg“^ All the highest values (2966-16474 
fig kg“^) belong to core II, from the San Giuliano 
Canal. Concentrations in lagoon sediments are much 
lower: 113-1531 fig kg“^ in core E and 66-734 fig 
kg“^ at site P. This pattern suggests that the indus- 
trial area is a major source of contaminants and that 
its influence decreases at increasing distance from its 
canals. This is confirmed by the similarities between 
the PAH assemblages in sediments from both the San 
Giuliano Canal and the lagoon. As suggested by sev- 
eral papers (e.g. Bellucci et al., 2000, 2002; Erignani 
et al., 2001a,b), resuspension of the canal sediments 
is presently a major threat to the environment because 
it can transfer to the lagoon the contaminated material 
stored within the industrial area. 

The contamination levels reached in the San Gi- 
uliano Canal appear higher than those found by many 
authors in Mediterranean harbours and coastal areas 
(Raoux & Garrigues, 1993; Baumard et al., 1998) 
and are comparable to or lower than those reported 
for areas heavily impacted by industrial activities: for 
instance a maximum value of 38 0000 fig kg~^ was 
shown by McCready et al. (2000) for the Sidney Har- 
bour, while Benlahcen et al. (1997) found up to 48 000 
fig kg~^ in south-eastern Prance coastal sediments. 

Core chronologies 

Apparent sediment accumulation rates were obtained 
for lagoon sediments using excess ^^*^Pb (^^^Fhex) 
profiles, assuming constant ^^*^Pb flux and constant 
sedimentation, whereas ^^^Cs activity-depth distribu- 
tions were used as an independent confirmation (Prig- 
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nani et al., 2001). The results were 0.23 cm (0.17 
g cm y“^) and 0.27 cm y“^ (0.23 g cm y“^) for cores 
E and F, respectively. These values are confirmed by 
the position of the peak concentrations of other or- 
ganic contaminants such as polychlorinated biphenyls, 
dibenzo-/7-dioxins and dibenzofurans with respect to a 
salt marsh core from the northern lagoon (M. Frignani, 
unpublished data) whose chronology is more accurate 
due to the absence of mixing. Based on these sedi- 
ment accumulation rates, the dates associated to PAH 
peak concentrations in core F are ca. 1926 and 1944 
(Fig. 4), whereas the single peak in core E dates back 
to 1914. The discrepancy between the dates of the 
single peak of Core E and the lower peak in F can 
be justified by the uncertainties introduced by both 
the dating methods and the low resolution of the PAH 
profiles. 



PAH downcore distributions 

The X-radiographs of cores, together with grain size 
composition and OC concentrations (M. Frignani, un- 
published data), show that there are no major down- 
core compositional discontinuities that can bias the 
sediment record, except in II. The material at site E 
and F is very fine with practically no sand, thus ac- 
counting for slack hydrodynamics in this part of the 
lagoon. On the contrary, the sediment of the canal be- 
comes coarser in the topmost 20 cm: the sand content 
changes from 5% at 18-21 cm depth to 68-80% at 9- 
1 1 cm and above. This could have been caused by a 
significant increase of the hydrodynamics of the canal. 

In core II (Fig. 2) the secondary peaks downcore 
reach values of 7294 and 7107 /xg kg“^ whereas the 
highest concentration is 16474 /xg kg“^ at 12-15 cm 
depth. Afterwards there is a decrease to 2966 /xg kg“^ 
followed by a recent increase to 5688 /xg kg“^ at the 
surface. Therefore, the concentration has been reduced 
by 5. 5-2. 9 times in the last period. This decrease is 
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Figure 2. Depth distribution of PHAs in sediment core II. The congener profiles at selected depths are also reported (the ordinate express the 
permil relative abundance of each congener). The grey band marks the grain size change. 



not an artefact due to the grain size coarsening, which 
is located just in correspondence of the peak between 
18-21 and 9-1 1 cm depth (Fig. 2). However, the litho- 
logical change may have affected both the PAH peak 
concentration and the sediment accumulation rate. Un- 
fortunately, there is no means to assess a date to the 
peak value at this site. 

In core E (Fig. 3), the PAH concentration in- 
creases starting from the beginning of last century, 
soon reaches a maximum of 1531 /xg kg“^ and then 
decreases irregularly. The slow decrease (1,9 times 
from the peak value to the surface), is probably due 
to the influence of the highly contaminated sediments 
of the San Giuliano Canal. 

Two well defined peaks are shown by core F (Fig. 
4) and the most recent, dated ca. 1944, can be due to 
a local influence. Core F is located ca. 7 km to the 
NE with respect to E. Here the maximums (618 and 



734 /xg kg“^) are lower and concentration decreases 
to 315 /xg kg“^ at the surface (2-2.3 times). 

According to Pavoni et al. (1992), evidences exist 
that contamination of waters and sediments started in 
1920, after the first world war, with the development 
of the first part of the industrial area, then acceler- 
ated after the 1933, and again after the second world 
war. Our data substantially confirm this pattern. The 
decrease of PAH contamination in the second half of 
last century can be interpreted as the effect of im- 
provement of industrial technologies, closure of many 
industrial plants and treatment of wastewater. 

Source identification 

The congener profiles of Figures 2-4, and the ratios 
between congeners (Table 1) can provide information 
about the sources of PAH assemblages found in sed- 
iments. These assemblages are mostly dominated by 
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Figure 3. Depth distribution and chronology of PHA contamination in sediment core E. The congener profiles at selected depths are also 
reported (the ordinate express the permit relative abundance of each congener). derived dates are underestimated (see text). 



high molecular weight (HMW) compounds with four 
rings or more (i.e. Fit, Py, BaA, Chry, BaP, BF, Ipy, 
DBA and Per), whereas the concentrations of low 
molecular weight (LMW) compounds are often very 
scarce. As a consequence, the ratios between the sum 
of the two series of congeners (LMW/HMW, Table 1) 
are rather low. This suggests that high temperature 
combustion processes were the predominant source of 
PAH contamination (McCready et al., 2000 and ref- 
erences therein). The only sample where the LMW 
compounds are relatively high (ratio > 0.9) is in core 
F below 24 cm depth, where the presence of both 
naphthalene and phenanthrene is very significant. A 
similar but less evident feature was found in core E at 
33-36 cm depth, where naphthalene is relatively high 
(ratio 0.7). These samples could have been influenced 



by petrogenic PAHs. Several other ratios, also listed 
in Table 1 , are currently used to assess the relative im- 
portance of the sources (Soclo et al., 2000; McCready 
et al., 2000): Phe/Ant, Flt/Py, and Chry/BaA. For 
instance, Phe/Ant ratios are very high in petrogenic 
PAHs, and a value lower than 10, as in our case, in- 
dicates pyrolytic contamination. The abnormally high 
value of sample F(24-27) could confirm a higher con- 
tribution of petrogenic PAHs, as suggested above. 
Fluoranthene and pyrene, typical pyrogenic products, 
are often the dominant species of PAH assemblages 
in our samples, together with the benzofluoranthenes. 
Baumard et al. (1998) and Soclo et al. (2000) repor- 
ted a value of 1 .37 for the Flt/Py ratio in the coal tar 
SRM 1579, whereas in our samples the Flt/Py ratios 
range from 0.47 to 1.34. The significant deviations 
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Figure 4. Depth distribution and chronologies of PHA in sediment core F. The congener profiles at selected depths are also reported (the 
ordinate express the permit relative abundance of each congener). 



from the expected ratio could be due to the superim- 
position of non source-related effects such as selective 
transport and diagenesis. Furthermore, Chrysene and 
benzo(a)anthracene derive from pyrolytic sources in 
a ratio that should be lower than 1. Higher values, 
as ours, may be due to diagenetic processes that can 
cause the transformation of the less stable BaA (Soclo 
et al., 2000). 

Potential toxicological significance 

After Long et al. (1998) and McCready et al. (2000), 
for each sample mean ERM (effect range medium) 



quotients were calculated by dividing the concen- 
trations of the individual PAH compounds by their 
respective ERM guidelines (both in /xg kg“^ dry 
weight), summing these quotients and dividing by 
the number of PAH compounds for which ERM 
guidelines are available. This method assumes additiv- 
ity of toxic effects, accounts for the effect of mixtures 
of toxic chemicals and provides a useful means of 
ranking sites that have multiple contaminants (Mc- 
Cready et al., 2000). A mean ERM quotient P>1.0 
implies that adverse biological effects are likely to oc- 
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Table 1. Ratios between low and high molecular weight congeners 
and between individual PAHs (see text for explanations) 



Sample (cm) 


LMW/HMW 


Phe/Ant 


Elt/Py 


Chry/BaA 


11(0-3) 


0.3 


5.80 


1.34 


1.30 


11(3-6) 


0.3 


3.01 


1.31 


1.28 


11(6-9) 


0.3 


4.88 


1.31 


1.20 


11(12-15) 


0.1 


2.34 


1.18 


1.88 


11(18-21) 


0.2 


4.27 


1.07 


1.98 


11(24-27) 


0.2 


2.83 


0.86 


2.22 


11(33-36) 


0.2 


2.23 


0.95 


2.07 


11(39-42) 


0.3 


1.24 


0.47 


2.12 


11(45-48) 


0.2 


2.02 


0.89 


2.26 


11(51-54) 


0.2 


1.66 


0.69 


2.35 


E(0-1.5) 


0.3 


3.71 


0.88 


1.42 


E(3-6) 


0.3 


3.80 


0.93 


1.47 


E(6-9) 


0.3 


3.59 


0.96 


1.44 


E(9-12) 


0.2 


3.53 


0.73 


2.44 


E(12-15) 


0.2 


2.04 


0.76 


2.93 


E(15-18) 


0.1 


3.00 


0.83 


2.20 


E(18-21) 


0.1 


1.76 


1.11 


2.15 


E(24-27) 


0.3 


2.63 


0.92 


4.00 


E(33-36) 


0.7 


- 


0.50 


- 


E(0-1.5) 


0.4 


4.67 


1.03 


1.50 


E(3-6) 


0.3 


5.50 


1.00 


1.46 


E(6-9) 


0.3 


5.33 


1.16 


1.44 


E(9-12) 


0.2 


5.50 


1.25 


1.90 


E(12-15) 


0.2 


2.61 


1.17 


2.60 


E(15-18) 


0.2 


6.40 


0.96 


2.43 


E(18-21) 


0.2 


3.24 


1.02 


2.47 


E(24-27) 


0.9 


20.00 


1.14 


6.00 


E(33-36) 


1.1 


9.00 


1.00 


- 



cur. Mean ERL (effect range low) quotients were also 
calculated. 

Results are summarised in Table 2. None of the 
samples had a mean ERM quotient >1.0, indicating 
a low probability of adverse biological effects due to 
PAHs. Only at II the concentrations of most individual 
PAH compounds exceeded their ERL guidelines, and 
consequently these samples had a mean ERL quotient 
>1.0. This indicates that only within the industrial 
area PAH levels have the potential to occasionally 
cause adverse effects in sensitive species. 

Conclusions 

Prom the analysis of PAH distributions in sediment 
cores, one from the San Giuliano Canal and two from 
lagoon sites, we can draw the following conclusions: 



Table 2. Mean effect range me- 
dium (ERM) and effect range low 
(ERL) quotients calculated for se- 
lected samples (see text for ex- 
planations) 



Sample (cm) 


ERL 


ERM 


11(0-3) 


2.22 


0.23 


11(12-15) 


4.33 


0.56 


11(39-42) 


3.10 


0.32 


11(51-54) 


2.45 


0.28 


E(0-1.5) 


0.34 


0.03 


E(6-9) 


0.44 


0.04 


E(18-21) 


0.35 


0.05 


E(0-1.5) 


0.15 


0.01 


E(12-15) 


0.19 


0.02 


E(18-21) 


0.15 


0.02 



(i) the highest PAH concentration (16474 /xg kg“^) 
was found at depth in the canal. Lagoon sediments are 
much less contaminated, with maximum values of 618 
and 1531 /xg kg“^ that become 315 and 810 /xg kg“^ 
in the surficial sediment; (ii) the strong gradient and 
the relative abundance of congeners point out the over- 
all importance of industrial sources, in particular high 
temperature combustion processes; (iii) lagoon core 
chronologies show that the highest inputs occurred 
in the first half of last century and were followed by 
significant decreases. 
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Abstract 

Hyporheic exchange is often controlled by subsurface advection driven by the interaction of the stream with sedi- 
mentary pore water. The nature and magnitude of the induced exchange flow is dependent on the characteristics of 
both the stream flow and the sediment bed. Fundamental hydrodynamic theory can be applied to determine general 
relationships between stream characteristics, sediment characteristics, and hyporheic exchange rates. When the 
stream bed is flne enough to allow application of Darcy’s Law, as with sand beds, the induced advective exchange 
can be calculated from fundamental hydrodynamic principles. Comparison with a wide range of experimental 
results demonstrates the predictive capability of this theory. Coarser sediments such as gravels are more complex 
because they admit turbulent interactions between the stream and subsurface flows, which can produce considerable 
exchange even when the bed surface is flat and no flows are induced by the bed topography. Even for this case, 
however, scaling arguments can still be used to determine how exchange rates vary with stream and sedimentary 
conditions. Evaluation of laboratory flume experiments for a wide range of stream conditions, bed sediment types 
including sand and gravel, and bed geometries demonstrates that exchange scales with the permeability of the bed 
sediments and the square of the stream velocity. These relationships occur due to fundamental hydrodynamic pro- 
cesses, and were observed to hold over almost flve orders of magnitude of exchange flux. Such scaling relationships 
are very useful in practice because they can be used to extend observed hyporheic exchange rates to different flow 
conditions and to uniquely identify the role of sedimentary conditions in controlling exchange flux. 



Introduction 

As a region of transition from the stream to the 
surrounding aquifer, the hyporheic zone has been 
shown to be a critical component of the environment 
of stream ecosystems. Sharp gradients in physical, 
chemical, and biological conditions produce extreme 
diversity in the hyporheic zone, and often give rise 
to unique processes that do not occur elsewhere in 
the overlying stream or underlying aquifer. As a res- 
ult, fluxes through the hyporheic zone tend to in- 
fluence a very wide range of ecologically relevant 
substances, including nutrients, carbon, and contam- 
inants (Brunke & Gonser, 1997; Winter et al., 1998; 
Jones & Mulholland, 2000). However, there is cur- 
rently great uncertainty about the relationship between 
stream conditions, hyporheic exchange fluxes, and 



overall transport of ecologically relevant substances 
(Jones & Mulholland, 2000; Hall et al, 2002). 

A considerable amount of recent research has 
sought to elucidate the basic hydrodynamic processes 
that are responsible for hyporheic exchange. Speaking 
broadly, this work can be subdivided into held studies 
to examine the features of the stream-aquifer system 
that drive exchange, and laboratory studies to examine 
the underlying processes in detail. Herein, we syn- 
thesize much of the recent process-oriented laboratory 
work so as to draw some general conclusions about 
the factors that control hyporheic exchange. We will 
analyze the role of stream conditions in driving ex- 
change fluxes and the role of sedimentary conditions 
in establishing the pore water transport environment. 
By considering the functionality of exchange fluxes 
with stream and sedimentary parameters, we will at- 
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tempt to identify key variables that are expected to 
be the most critical determinants of hyporheic ex- 
change. This information should clarify the underlying 
hydrodynamic and hydrogeologic factors that control 
hyporheic exchange and prove useful to stream ecolo- 
gists and other stream researchers in comparing results 
obtained from different study sites or at one site un- 
der different flow conditions, designing experiments 
to measure hyporheic processes, and distinguishing 
the rates of hyporheic biological or biogeochemical 
processes from hydrodynamic exchange rates. 



Theory 



where V is the stream velocity, g is the acceleration 
due to gravity, H is the bedform height, and d is the 
stream depth. 

The pore water velocity field can be used to dir- 
ectly calculate hyporheic exchange. The characteristic 
dimensionless timescale for bedform-driven advective 
exchange with an infinite sediment bed is given by 
Elliott & Brooks (loc. cit.): 

t 2 ^ 

t = kUlffy— = k Khlffy— = 

0.28 for///. <0.34 

2g\Q3A) 

( 2 ) 



Sandy stream beds are generally covered by periodic 
topographical features known as bedforms. These bed- 
forms develop characteristic shapes due to the inter- 
play of the stream flow and transport of bed sediment 
grains. Protrusion of bedforms into the stream flow 
causes a periodic variation in the dynamic head at 
the bed surface, with high pressure occurring on the 
upstream sides of bedforms and low pressure in the 
recirculation zone downstream of bedforms. These 
pressure gradients drive advective pore water flow 
into, through, and out of the bed. In sandy sediments, 
exchange due to these advective hyporheic exchange 
flows generally dominates diffusive transport by two 
orders of magnitude or more (Savant et al., 1987). 

Elliot & Brooks (1997a) analyzed this advective 
‘pumping’ process from fundamental hydrodynamic 
principles. Their analysis involved approximating the 
boundary head distribution with a sinusoidal profile, 
solving Laplace’s equation in the subsurface to de- 
termine the pore water head distribution, and applying 
Darcy’s law to determine the advective pore water 
velocity field. The characteristic Darcy velocity for 
hyporheic exchange is given by Mm = kKh^a, where k 
is the wave number of the bedforms {k = 2 tz IX, where 
X is the wavelength), K is the hydraulic conductivity 
of the sediments, and is the half-amplitude of the 
sinusoidal head distribution at the bed surface. The 
variation of head over the bedform surface depends 
on the velocity head of the stream (V^/2g) and the 
extent of bedform penetration into the stream (H/d) 
according to: 



hm 



2 f 

0 . 28 ^ I y 

(h/A\ 

U.34j 



2g 



for H/d < 0.34 
for H/d > 0.34 



(1) 



where 9 is the porosity of the bed sediments. This the- 
ory has been extended to allow analysis of exchange 
with finite stream beds as well (Packman et al., 2000a). 
Eor shallow stream beds where an impermeable layer 
constrains exchange to a depth, d\y, the appropriate 
exchange timescale is: 

^ fidinh{kd]j) 

^ kdb ^ 
m tmhikdb) 

9 4 2g VO-34/ 

for///. < 0.34 (3) 

This theory indicates that the rate of hyporheic pump- 
ing exchange is strongly dependent on the stream 
velocity (V), the bedform geometry (particularly the 
wavelength X = 27z/k), and the hydraulic conductivity 
(K) and porosity (9) of the bed sediments. In addition, 
the depth of the sediments is also important when hy- 
porheic exchange is constrained by an impermeable 
boundary. 

The exchange in a gravel bed can be signific- 
antly enhanced relative to that in a sand bed. In 
addition to bedform-induced advective flows, direct 
coupling of stream and pore water flows due to tur- 
bulent interactions can produce significant exchange 
in gravel bed sediments (Nagaoka & Ohgaki, 1990). 
Zhou & Mendoza (1993) theorized that the larger pore 
spaces in gravel admit the penetration of considerable 
stream-driven turbulence into the bed, which causes 
a non-Darcy slip velocity at the bed surface and an 
exponentially decreasing flow in the bed. We recently 
compared hyporheic exchange in gravel beds with 
and without bedforms (Packman et al., 2003), and 
found that net exchange would often be the product 
of both advective and diffusive processes operating 
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Table 1. Experiments used in our evaluation of hyporheic exchange 



Data Source 


Run 

numbers 


Sediment properties 
dg K 6 

(mm) (cm/s) (-) 


Tracer 


Elliot & Brooks (1997) 


17 


0.13 


0.0079 


0.295 


Eluorescein 




8-10, 12, 14-16 


0.48 


0.11 


0.325 




Eylers et al. (1995) 


11 


0.20 


0.04 


0.325 


Lithium 


Packman et al. (2000) 


10, 12-15, 17 


0.48 


0.15 


0.325 


Lithium 


Packman & MacKay (2002) 


1-3* 


0.48 


0.18 


0.325 


NaCl 


Marion et al. (2002) 


2-3 


0.85 


0.38 


0.38 


NaCl 


Packman et al. (2002) 


1-11 


5.0 


15.0 


0.38 


NaCl 


Nagaoka & Ohgaki (1990) 


1-3, 5-7, 9, 13 


40.8 


- 


0.362 


NaCl 



* Each of these experiments involved two measurements of hyporheic exchange (clean and clogged 
bed conditions). 

- Not reported. 



simultaneously. Exchange with bedforms appeared to 
be enhanced due to both turbulent transport in the up- 
per layers of the bed, and advective hyporheic flow 
patterns were observed even when the bed was flat, 
apparently due to periodic pressure variations on the 
bed surface produced by subtle variations in the bed 
surface on the order of the sediment grain diameter. 

Because of the complexity of the hyporheic flows 
in gravel stream beds, no fundamentally based theory 
exists to predict the resulting hyporheic exchange in 
terms of measured stream and bed parameters. Instead, 
bulk solute exchange can be modeled with an effective 
diffusion coefficient. For the case where there is ini- 
tially a tracer concentration Co in the stream and no 
tracer in the subsurface, the exchange flux is given by: 

J = Co/;r(Z)eft/0‘^l (4) 



where Dgff is the effective diffusion coefficient. Us- 
ing this relationship, the magnitude of hyporheic ex- 
change flux can be consistently obtained from the 
initial decrease of the in-stream solute concentration 
measurements as an effective diffusion coefficient. 

It should be emphasized that application of this 
diffusive relationship does not imply that the exchange 
necessarily occurs due to diffusive transport processes. 
An effective diffusion coefficient is utilized here as a 
convenient idealized representation of hyporheic ex- 
change that allows comparison of the relative rates of 
exchange that occur under different conditions and due 
to different mechanisms. We expect that the stream 
flow conditions (velocity and depth), sedimentary 
conditions (permeability and porosity) and bed topo- 
graphy (such as the bedform height and wavelength) 
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Figure 1. Dimensionless exchange with sand and gravel streambeds with bedforms. Elliott & Brooks, 1997b, showed that their data on exchange 
with deep stream beds would collapse similarly when plotted as a dimensionless penetration M* vs. f. 
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Figure 2. Effective diffusion coefficients for experiments with bedforms compared with pumping theory. Bedform-induced hyporheic exchange 
is shown to be influenced by the stream velocity, the permeability and porosity of the bed sediments, and the relative bedform height. 



will generally control hyporheic exchange. By ap- 
plying the preceding analysis to hyporheic exchange 
observed under a variety of conditions, we will clarify 
the relative roles of stream and sediment conditions in 
controlling hyporheic exchange. 



Materials and methods 

Exchange between streams and streambeds has been 
studied in several different recirculating flumes using 
similar methods (Nagaoka & Ohgaki, 1990; Eylers 
et al., 1995; Elliot & Brooks, 1997b; Packman et 
al., 2000b; Packman & MacKay, 2003; Marion et al., 
2002; Packman et al., 2003). Plume experiments offer 
many advantages for the study of hyporheic exchange. 
Primarily, they allow examination of exchange pro- 
cesses under controlled, easily observable stream and 
subsurface conditions. Pull control of the stream and 
sedimentary conditions allows examination of the im- 
portance of individual processes or experimental vari- 
ables. By synthesizing results from a number of dif- 
ferent studies, we seek herein to parameterize general 
relationships for stream-side and sediment-side con- 
trol of hyporheic exchange. The experiments that will 
be used for this comparison, summarized in Table 1 , 
used bed sediments ranging from fine sand (r/g = 
130 fim) to coarse gravel (dg = 4.08 cm), stream 
velocities between 4 and 40 cm/s, and different bed 
geometries including both flat beds and a variety of 



sizes of bedforms. Detailed information on the con- 
ditions of individual experiments can be found in the 
primary citations indicated in Table 1 . 

Similar experimental methods were used for the 
first six studies listed in Table 1 : (i) the desired bed to- 
pography was produced either artificially or naturally 
at an appropriate stream velocity; (ii) steady, uni- 
form flow was established over a stable sediment bed 
(with or without bedforms), (iii) a conservative tracer 
was added uniformly to the recirculating stream in the 
flume, (iv) the tracer concentration in the stream wa- 
ter was measured over time. Sodium chloride (NaCl) 
was the most frequently used conservative tracer, but 
lithium ion and a fluorescent dye were also used. Por 
this methodology, the net tracer exchange with the bed 
is calculated from the reduction in the in-stream con- 
centration over time by considering the mass balance 
between the recirculating stream and pore water in the 
sediment bed. 

The study of Packman & MacKay (2003) em- 
ployed this methodology, but also involved observa- 
tions of the deposition of considerable quantities of 
kaolinite clay in the streambed. Conservative solute in- 
jections were used to assess hyporheic exchange both 
before and after the streambed became clogged with 
clay. Each of these tracer injections will be considered 
separately here. 

Nagaoka & Ohgaki (1990) used an entirely differ- 
ent experimental procedure: they injected a sodium 
chloride solution directly into the stream bed and ob- 
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Figure 3. Comparison of effective diffusion coefficients for hyporheic exchange with both flat beds and bedforms. Left panel shows that the 
hyporheic exchange rate is proportional to the square of the stream Reynolds Number. Right panel shows that exchange is also proportional to 
the square of the sediment size, which suggests that the permeability of the sediment bed controls exchange with both flat beds and bedforms. 



served the resulting tracer concentration at several 
downstream locations in the bed. This procedure did 
not allow observation of net hyporheic exchange, but 
did yield measurements of the effective diffusion coef- 
ficient for exchange across the stream- subsurface in- 
terface. These diffusion coefficients will be compared 
with the effective diffusion coefficients obtained from 
the other experiments. 



Results 

Exchange results will be compared in two different 
ways. Firstly, we will examine the ability of advect- 
ive pumping theory to predict the exchange induced 
by bedforms. In this comparison, we will use the 
in-stream tracer concentration data measured in each 
experiment. This comparison will be restricted to 
cases with bedforms, as no equivalent theory exists to 
attempt to predict exchange with flat sediment beds. 
Secondly, we will compare the results of all experi- 
ments by using the effective coefficient to represent 
the hyporheic exchange rate in each experiment. We 
will particularly identify relationships between ob- 
served exchange rates and basic hydrodynamic and 
sedimentary parameters. 

In comparing experimental results obtained with 
different system geometries, it is convenient to repres- 



ent hyporheic exchange as the average depth of solute 
penetration into the subsurface, M. As the experiment 
proceeds, tracer from the stream increasingly mixes 
into pore water in the stream bed, so that the average 
depth of solute penetration is a surrogate parameter 
for the total mass of tracer that has been transferred to 
the bed. Exchange results from a number of different 
experiments with bedforms are presented in Figure 1 
as the fraction of the bed exchanged, M!d\), plotted 
against the appropriate dimensionless time scale for 
exchange with shallow beds. It can be seen that the di- 
mensionless theoretical model prediction does a good 
job of representing almost all of the experimental res- 
ults. It should be emphasized that the model was not fit 
to any of the results for exchange with clean sediment 
beds. The results of Packman & MacKay’s (2003) ex- 
periments on exchange with clogged streambeds were 
modeled by adjusting the hydraulic conductivity and 
porosity, since these conditions were not known after 
clay plugged the bed. 

The fact that a single, dimensionless theoret- 
ical solution can predict such a wide variety of ob- 
served exchange behavior shows that the underlying 
mechanism of advective hyporheic exchange is well- 
understood, and that the quantitative description for 
hyporheic flows induced by common dune-shaped 
bedforms applies for a wide range of stream and sedi- 
mentary conditions. The same model cannot necessar- 
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ily be expected to apply directly to natural streams, 
which can have a range of different bed features. 
Even so, the underlying process of hydrodynamic in- 
teractions between the stream- and pore-water flows 
will drive exchange with other stream channel fea- 
tures as well, which suggests that elements of this 
theory should be able to be used to interpret hyporheic 
exchange for a very wide range of natural conditions. 

The general applicability of pumping theory can be 
assessed by evaluating how the exchange flux scales 
with important stream parameters. In Figure 2, we 
show that there is a simple linear relationship between 
the effective diffusion coefficient for exchange and the 
parameter grouping KhmlO. Note that the theoretical 
curve indicates a linear relationship between Dg/f and 
KhmlO, but we plot this on a log-log scale in order to 
show a wide range of experimental data in one plot. 
The compilation of results shown in Figure 2 indicates 
that this linear relationship holds for more than three 
orders of magnitude of bedform-driven exchange. The 
parameters K and 6 are the sediment permeability and 
porosity, respectively, which characterize sediment- 
ary hydrogeologic control of hyporheic exchange. The 
parameter hm reflects the bedform-induced pressure 
variation at the bed surface that drives advective ex- 
change flows. As indicated by Equation (1), which 
applies for dunes, the driving mechanism for exchange 
includes both the velocity head of the stream (V^/2g) 
and a geometric term related to the dune shape. While 
the exact relationship given in Equation (1) only holds 
for a specific bed geometry, albeit a common one, 
the dependence on and KI9 reflects underlying 
hydrodynamic processes that control pore water flow. 

To show the generality of this approach, in Fig- 
ure 3 we examine the dependence of exchange with 
stream and sedimentary properties for the full set of 
experimental data. Even though different exchange 
mechanisms are reflected in the experiments conduc- 
ted with flat beds and bedforms, and with sand and 
gravel sediments, the left panel of Figure 3 demon- 
strates that all observed effective diffusion coefficients 
scale with the square of the stream Reynolds Number 
(Re). Since Re = Vdhf], where d is the stream depth 
and rj the kinematic viscosity of water, these results 
indicate that exchange is proportional to for all 
conditions tested. Individual data sets have different 
intercepts in the left panel of Figure 3 due to the effect 
of the sediment properties on the exchange rate. 

The right panel of Figure 3 shows that the ex- 
change rate also scales with the square of the sediment 
grain diameter. This indicates that the sediment grain 



diameter can be effectively used as a surrogate for the 
hydrogeologic properties that depend on it, namely K 
and 6. The observed dependence on dg^ was expected 
because the intrinsic permeability of a granular porous 
medium is known to be approximately proportional 
to the square of the grain diameter. Nonetheless, we 
find it remarkable that the linear relationship between 
exchange rate and the parameter grouping (Re dg)^ 
holds so well for almost five orders of magnitude of 
observed hyporheic exchange behavior, representing 
two orders of magnitude of variation in the sediment 
grain size, almost an order of magnitude variation in 
stream velocity, and distinctly different stream channel 
topographies. The success of the scalings presented in 
Figures 2 and 3 suggests that these relationships can 
be applied to a wide range of natural conditions. 



Discussion and conclusions 

In this work, we synthesized and compared the results 
of a wide variety of laboratory experiments that had 
been used to probe hyporheic exchange processes. All 
of these experiments measured the rate of exchange 
across the stream-subsurface interface, and most of 
them also evaluated the bulk transfer of a conservative 
solute from the stream to the hyporheic zone. Exper- 
imental conditions covered a range of sediment sizes 
from fine sand (dg = 130 /xm) to gravel (dg = 4.08 cm), 
stream velocities from 4 to 40 cm/s, stream depths 
from 3 to 20 cm, and bed topography ranging from 
flat beds to 32 cm long and 4 cm tall dunes. Exper- 
imental results were compared both in terms of the 
complete exchange curves (dimensionless mass trans- 
fer vs. dimensionless time) and by using an effective 
diffusion coefficient to represent the exchange rates of 
experiments conducted under disparate conditions. 

This comparison clearly showed the relative effects 
of stream and sedimentary conditions in controlling 
hyporheic exchange. Exchange due to bedforms is 
predicted well by the fundamentally derived advect- 
ive pumping model. Interactions between the stream 
flow, bedform topography, and pore water causes the 
hyporheic exchange rate to be proportional to the 
permeability of the bed sediments and the square of 
the stream velocity, and inversely proportional to the 
depth of the bed and the porosity of the sediments. 
In addition, the exchange rate also depends on the 
bedform geometry, and particularly on the relative 
penetration of the bedform into the stream. 
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While predictive theoretical analysis is currently 
limited to specific classes of bedform geometry, the 
fundamental nature of the stream- sub surface flow in- 
teractions indicates that the hyporheic exchange rate 
should generally be proportional to the permeability 
of the sediments and the square of the stream velo- 
city. All experimental exchange results evaluated here 
were shown to scale with these parameters. These two 
parameters can thus be considered the most critical 
in attempting to assess the hyporheic exchange rate 
in any natural stream. The stream velocity is import- 
ant because coupling between the stream flow and 
sedimentary pore water will often drive hyporheic ex- 
change, and the hydraulic conductivity controls the 
ability of the sediments to admit any sort of advective 
flux. 

These results can be used to improve interpretation 
of field measurements of hyporheic exchange. This 
work indicates that scaling arguments can be used to 
compare hyporheic exchange rates measured at dif- 
ferent sites or to apply measurements made at a site 
to different flow conditions. The primary advantage 
of this is that the effects of simple flow variations 
can be isolated so that differences in the underlying 
hyporheic conditions can be assessed. We previously 
presented a methodology for this in Worman et al. 
(2002) and showed in Salehin et al. (2003) that this 
methodology can be used to differentiate variations in 
the hyporheic zone related to land use and channel 
characteristics. While those efforts were restricted to 
a particular stream, the results presented here indicate 
that similar methods can be successfully applied to a 
very wide range of stream and sedimentary conditions. 
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Abstract 

The magnitude and frequency of events leading to changes in turbidity have been studied in a large (61 km^), 
shallow (mean depth 3.4 m) wind-exposed lake basin at the western end of Lake Malaren, Sweden. In this paper 
we couple changes in suspended particulate inorganic material (SPIM) resulting from wind driven sediment resus- 
pension, and variations in the discharge and sediment load, to spectral variations in subsurface light and estimates 
of photosynthetically active radiation (PAR). To accomplish this we use a semi-analytical model which predicts 
the spectral variations in downwelling irradiance (£'d(k)) and the attenuation coefficient of downwelling irradiance 
(.^fd('^))» as a function of the concentrations of chlorophyll, dissolved yellow substances, and suspended inorganic 
and organic particulate material. Unusually high river discharge, led to large inputs of yellow substances and large 
in lake yellow substance concentrations (<2ys(420) 20 m“^), causing variations in yellow substance concentration 

to have the greatest role in influencing temporal trends in the attenuation of PAR and variations in the depth of the 
euphotic zone (Zgup). In spite of this, variations in SPIM could account for approximately 60% of the variation 
in Zeup attributed to changes in yellow substances alone. Our results show that changes in suspended sediment 
concentration leads to both long-term and short-term changes in the attenuation of PAR, even in the presence of 
high concentrations of dissolved yellow substances. 



Introduction 

Estimation of underwater light attenuation is of im- 
portance for a wide variety of applications, including 
predictions of the growth of phytoplankton and aquatic 
macrophytes, of underwater visibility, and of solar 
heating of the water. Given its importance it is not sur- 
prising that studies of underwater light, and the factors 
influencing light attenuation have been extensive (see 
Kirk, 1994b; Mobley, 1994). In our case we are in- 
terested in modelling the changes in phytoplankton 
succession using the PROTECH model (Reynolds et 
ak, 2001). In this model a critical parameter is the ratio 
of the depth of the euphotic zone (Zgup) to the depth of 
the mixed layer. Preliminary attempts to use the PRO- 
TECH model in the Galten Basin of Lake Malaren, 
Sweden have shown the growth of phytoplankton to 
be often light limited due to high PAR attenuation, 
making an understanding of light attenuation of im- 



portance to our modelling efforts. Galten is shallow 
(mean depth = 3.4 m), has a large wind exposed sur- 
face (61 km^), and has large hydrologic inputs (basin 
turnover time = 10-130 d). Water discharged into 
Galten can contain large loads of both suspended sed- 
iments and dissolved yellow substances, and in the 
basin itself chlorophyll concentrations can reach high 
(>40 fig 1“^) levels during phytoplankton blooms. 
All of these factors can influence light attenuation. 
However, it seemed that variations in sediment resus- 
pension could lead to more rapid variations in SPIM 
than other processes influencing the concentrations of 
the remaining optically important substances. Thus, 
a modelling approach that includes frequent estim- 
ates of sediment resuspension (Markensten & Pierson, 
this volume) may provide more accurate estimates of 
the light available for phytoplankton growth. Here 
we describe our modelling of PAR extinction, and 
euphotic zone depth, and the role that suspended 
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sediments have in attenuating PAR, especially relat- 
ive to changes in attenuation due to changing yellow 
substance concentration. 



Methods 

Description of model 

Many others have presented models of PAR attenu- 
ation, particularly in relation to variations in sediment 
resuspension or other sources of turbidity (e.g. Gal- 
legos et al., 1990; Somlyody & Koncsos, 1991; Van 
Duin et al., 1992; Blom et al., 1994; Buiteveld, 1995; 
Van Duin et al., 2001). Our model takes an approach 
similar to that of Buiteveld (1995) and Gallegos et al. 
(1990) in that spectral variations in Kd are simulated, 
and in our model these are based on the relationship 
published by Kirk, (1981, 1984, 1994b): 

/fd(A) = l/M 

+ [glU.0-g2]a(X)b{X)r/\ (1) 

where a and b are the total absorption and scatter- 
ing coefficients of the water including dissolved and 
suspended materials, /xq is the average cosine of the 
refracted direct solar beam and and g 2 are constants 
determined by the scattering phase function of the wa- 
ter. In this work we used the values of 0.425 and 0.19 
forgi andg 2 , respectively. 

The total spectral absorption coefficient of the 
water was conventionally expressed by: 

a(X) = < 2 ph(k) -h ad(X) + <2ys(k) + <3w(k), (2) 

where is the phytoplankton related absorption, aa 
is the detrital absorption related to suspended particu- 
late organic matter other than phytoplankton pigments, 
Oys is the so-called yellow substance absorption, and 
<2w is the absorption of the pure water itself (Smith & 
Baker, 1981). 

The total scattering can, in a fashion similar to 
the total absorption coefficient, be separated into the 
scattering of different substances: 

b(X) = V(^) + ^SPiM(k) + b^(X), (3) 

where bph is the scattering of phytoplankton, ^spim 
is the scattering related to suspended particulate inor- 
ganic matter and is the scattering of the pure water 
itself (Smith & Baker, 1981). 



Caluclations of PAR 

Once Kd(X) has been estimated it is then possible to 
estimate the vertical attenuation coefficient of PAR 
(KdPAR)- However, in doing so it is necessary to ac- 
count for spectral variations in Kd(X) and incoming 
irradiance. To estimate KdPAR a representative spec- 
tra of incoming dowelling irradiance just above the 
surface (£'d(k,0-i-)) is used to estimate the dowelling 
irradiance just below the surface (.Ed(k,0-)) after ac- 
counting for the loss of irradiance due to reflection 
from the water surface. 

Once Ed(k,0-) is known, the downwelling irradi- 
ance at the depth of the euphotic zone (Ed(k,Zgup)) can 
be estimated from Kd(X) and a preliminary estimate of 
the euphotic depth (Zgup). 

Ed(X, Zeup) = Ed(A,0-) (4) 

Eollowing this Ed(k,0-), and Ed(k, Zgup) are converted 
to units of quanta (Kirk, 1994a), and the spectra are 
then integrated over the PAR range (400 nm-700 nm) 
to yield estimates of PARq- and PARzeup 

The values of PARq- with PARzeup (at the first 
guess of Zgup), are then compared, the value of Zgup 
is adjusted, and the model is iteratively run until the 
PARzeup is 1% of PARq- (see Pig. 1). Pinally, once 
the true value of Zgup is known, KdPAR is estimated. 

InPARo— — PARzeup 

KdPAR = (5) 

Zgup 

The model is driven using standard water quality 
parameters for input. These are the concentrations of 
chlorophyll (Chi), suspended particulate organic ma- 
terial (SPOM), suspended particulate inorganic matter 
(SPIM), and the absorbance of GP/P-filtered water at 
420 nm (ays 420). The methods used to derive the sub- 
stance specific absorption and scattering coefficients 
(Equations (2-3) and to relate these coefficients to the 
concentrations of substances driving the model can be 
found in Strombeck (2001) and Strombeck & Pierson 
( 2001 ). 



Results and discussion 

Model verification 

In order to verify our estimates of KdPAR, we compared 
results of our model to measured data from two separ- 
ate sources. In the first case we compare our estimated 
value of Kd(X) to those calculated from measurements 
of Ed(k) made with a GER 1500 spectroradiometer 
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Input Parameters 





Figure 1. A conceptual flow diagram of the model used to calculate the PAR extinction coefficient and euphotic Zone depth. The concentrations 
at the top of the model diagram drive the model and result in variations in the output. Parameters printed in bold type are calculated spectrally. 




Measured Kd (500-700) Measured Kdp^p 



Figure 2. Verification of predictions of K^. The left portion of the Figure compares the mean between 500 nm and 700 nm for 

measurements made in Western Lake Malaren. The right graph shows simulated and measured values of In this case the measured 

i^dPAR values are derived from PAR measurements made in the Gal ten Basin. 
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Figure 3. Variations in the optically active substances and the sim- 
ulated variation is Zeup when the PAR model is driven by daily vari- 
ations in all optically active substances. The dashed line (REFeup) 
showing an euphotic depth of 1.5 m is based based on simulations 
using fixed mean values of all optically substances. 

system (Pierson & Strombeck, 2001). These meas- 
urements and related measurements needed to derive 
model parameters were made in the Western part of 
Lake Malaren and include two sets of observations 
in the Galten basin. In the second case we compare 
our modelled values of .^fdPAR to those measured in 
the Galten basin using a LiCor LI-192SA quantum 
PAR sensor. In both cases Kd(X) or .^fdPAR were cal- 
culated as the slope of the natural log of Ed(k) or PAR 
vs depth (Equation (5). Ed(k) spectra were measured 
at 0. 5-1.0 m depth intervals, while PAR was meas- 
ured at approximately 10 cm intervals using a rapid 
profiling system. Unfortunately our spectroradiometer 
lacked the needed sensitivity to estimate Kd(X) at 
wavelengths less than 500 nm in these waters, which 
were highly attenuating in the blue wavelengths. How- 
ever, between 500 nm and 700 nm the model accur- 
ately simulated the spectra. Comparisons of the 
^dPAR values were also highly correlated (Eigure 2). 

Simulations of temporal variations in euphotic depth 

Eigure 3A shows temporal variations in SPOM, Chi 
and < 2 y( 420 ) which were measured at approximately 
one week intervals. In Eigure 3B daily estimates of 
SPIM concentration are generated using the model de- 
scribed by Markensten & Pierson (this volume). These 



data were used to drive the PAR attenuation model de- 
scribed in this paper (Pig. 1) at a daily frequency. In 
the case of SPOM, Chi, and < 2 y( 420 ) daily concentra- 
tion estimates were derived from linear interpolation 
between the less frequent measurements. 

During the period of our investigation all of the 
optically active substances underwent large temporal 
changes in concentration. Most marked were the 
changes in ay(420) and SPIM concentrations which 
occurred during a period of unusually high river dis- 
charge in late July 2000 (see also Markensten & Pier- 
son, this volume). This resulted in ay(420) increasing 
by a factor of approximately 2.9 from a value of 
7.8 m“^ to 22.9 m“^ This is an extremely high value, 
as long term monitoring of the basin shows the peak 
concentration measured here to be greater than the 99 
percentile of Uy(420) frequency distribution derived 
from measurements over more than a 30 year period 
(http://www.ma.slu.se/). During the same period of 
high river discharge SPIM increased by a factor of 1 1 
to a peak value of approximately 20 mg 1“^ During 
other periods SPIM usually remained at concentra- 
tions of at least 5 mg 1“^ largely due to the influences 
of wind related sediment resuspension (Markensten & 
Pierson, this volume). Due to the high concentrations 
of SPIM and yellow substances, light attenuation was 
obviously great, but despite this chlorophyll concen- 
trations were high with an average concentration of 
17.3 fig and a peak concentration exceeding 35 /xg 
1“^ during a fall diatom bloom. During the summer a 
mixture of diatoms and cyanobacteria dominated the 
phytoplankton. SPOM concentrations were relatively 
low, but increased both as a result of riverine inputs 
and phytoplankton growth. 

In Eigure 3B variations in the simulated depth of 
the euphotic zone (Zgup) are shown. Variations in Zgup 
were large during our study, and the euphotic depth 
decreased from a maximum of 2.5 m to a minimum 
of approximately 1 m following the discharge of sed- 
iment laden colored water into the lake basin in late 
July. This change in Zgup corresponds to a change in 
^dPAR of 1.8 m“^ to 4.6 m“^ Also shown in Eig. 3B 
is REEgup a reference euphotic depth that results from 
simulations run when all optically active substances 
are held constant at their mean measured values. In 
this case Zgup varies slightly between 1.6 and 1.5 m, 
changed only due to variations in surface reflection 
with seasonal variations in the solar zenith angle. This 
nearly constant reference value is used as a standard 
by which to judge other sources of variability in Zgup. 
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Figure 4. Percent deviation from the fixed euphotic depth (REFeup) 
shown in Fig 3. For each simulation series one optically active sub- 
stance is varied on a daily basis as in Fig. 3, while the remaining 
optically active substances are held constant at their mean values. 
In the case of SPIM an additional analysis was made where devi- 
ations in Zeup resulted only from wind induced changes in SPIM 
concentration. 

Sensitivity of euphotic depth to optically active 
substances 

In order to evaluate the relative sensitivity of Zgup to 
the measured variations in the optically active sub- 
stances, simulations were run where instead of varying 
all optically active substances simultaneously, only 
one substance was varied while the remaining sub- 
stances were held constant at their mean value. Vari- 
ations in Zeup in each of these simulations were then 
expressed as a deviation from the reference euphotic 
depth shown in Figure 3. 

Percent Deviation = ((Zgup*S — REF^^p)/ 

7?FFeup)*100, (6) 

where ZgupS is the simulated Zgup obtained varying 
one optically active substance (S) and REFgup is the 
reference euphotic depth. From Figure 4 it can be seen 
that the greatest source of variability in Zgup was due 
to changes in the concentrations of yellow substances 
during the study period. The large input of yellow 
substances associated with late July river discharge 
resulted in a greater than 50% variation in Zgup from 
REFgup. Variations in SPIM also played an important 
role in regulating Zgup, and resulted in approximately 
a 30% change in Zgup during the period of highest 
river flow. During the remainder of the study period, 
variations in SPIM resulted in a 5-10% variation Zgup. 



Variations in the concentrations of Chi and SPOM had 
relatively little importance in influencing Zgup. 

To investigate the relative roles of wind induced vs. 
discharge -induced changes in SPIM concentrations on 
variations in Zgup, a second SPIM concentration series 
was created using the model described in Markensten 
& Pierson (this volume). In this case the SPIM model 
was run setting river discharge to zero, but leaving 
wind forcing the same. Variations in Zgup associated 
with this wind induced SPIM variability were then 
simulated as was the case for the original SPIM con- 
centration series, and the resulting values of Zgup are 
expressed as a deviation from REFgup (Equation (6). 
The results of this simulation are also shown in Fig- 
ure 4 and suggest that the effect of wind alone led to 
roughly a 5% variation in Zgup during the entire study 
period. 

Comparison to other turbid lakes 

Many other studies of shallow lakes have found that 
changes in suspended sediment concentration can have 
a significant influence on Zgup, (e.g. Somlyody & 
Koncsos, 1991; Van Dijk & Achterberg, 1992; Van 
Duin et al., 1992; Blom et al., 1994; James et al., 
1997; Van Duin et al., 2001). In the Galten basin how- 
ever, it is both changes in scattering associated with 
suspended sediments (Equation (3), and variations in 
absorption due to changes in yellow substance con- 
centrations (Equation (2), which regulate Zgup. Studies 
of lakes with high and variable concentrations of both 
suspended sediments and yellow substances are far 
less common. To our knowledge only Kirk & Tyler 
(1986) have investigated lakes with similar high levels 
of turbidity and yellow substances. Kirk (1981, 1994c) 
shows that the relative effects of scattering and absorp- 
tion on Kd can be expressed as a function of the ratio 
b/a. Calculations of the mean spectral ratio of b/a (av- 
eraged over the PAR band) show that this ratio varied 
from 1.5 to 5.0 in Galten as Zgup varied as shown in 
Figure 3B. This shows (Kirk 1981, 1994c) that absorp- 
tion had the greatest influence on K^, but that SPIM 
related changes in b could lead to a 50% increase in 
Kd. The b/a ratios also suggest that the influence of 
b on Kd results mainly from increasing the pathlength 
that photons travel in the upper water column, and thus 
the diffuse absorption coefficient. 

A second difference between Galten and many 
of the other studies listed above is that variations in 
suspended sediments are more strongly influenced by 
river inflows in Galten and that changes in Zgup are not 
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as rapid as when turbidity varies largely as a result of 
sediment resuspension. 



Conclusions 

Our results show that realistic simulations of .^fdPAR 
and Zeup were possible using the model described in 
this paper even though there were large variations in 
all of the optically active substances, which served 
as input parameters to the model. During our invest- 
igation there was an event of unusually high river 
discharge, which led to extremely high yellow sub- 
stance concentrations (<2ys(420) 20 m“^). As a 

result, variations in yellow substances had the greatest 
role in influencing temporal trends in Zgup. Variations 
<2ys(420) resulted in a -i-25 to -34% change in Zgup rel- 
ative to a reference euphotic depth (REFgup) calculated 
from non-varying optically active substances (held at 
study period mean values). However, our results also 
show that variations in SPIM caused between a -i-20 
and -15% change in Zgup. The most important factor 
leading to the SPIM derived variability in Zgup was 
related to riverine inputs of suspended particulate ma- 
terial. Wind induced sediment re suspension caused an 
approximately 5% variation in Zgup during the entire 
study period. Our results suggest that even in highly 
colored waters variations in suspended sediment con- 
centrations can have an important role in influencing 
the depth of the euphotic zone and the light available 
to phytoplankton. 
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Abstract 

A model is presented, which describes the daily variations in suspended particulate inorganic matter (SPIM) in a 
large (61 km^), shallow (mean depth 3.4 m) wind-exposed lake basin at the western end of Lake Malaren, Sweden. 
Field studies have shown that wind speed and river inflow are the two major factors leading to changes in SPIM. 
Wind speed and beam attenuation were measured at high (10 min) frequency, while river inflow were monitored at 
daily frequency to develop the model. From these held measurements, model-coefficients were determined for the 
SPIM transport, settling and resuspension. Large-scale variations in SPIM lasting many weeks could be explained 
by events of high river inflow with a correspondingly high particle load. The threshold for river transported SPIM 
to have effect on lake concentration was 150 m^ s“^ while wind induced resuspended SPIM was related to the 
square root of wind speed. 



Introduction 

The suspended particulate matter concentration in 
lakes is of great importance for the light climate and 
subsequently for growth of phytoplankton. An import- 
ant component of the light climate is the estimate of 
light extinction (Kfi. Light extinction is caused by 
yellow substance, suspended particulate matter (SPM) 
and by the properties of pure water. The organic part 
of SPM (SPOM) includes algae while the inorganic 
part (SPIM) often consists of clay and silt. The SPIM 
is more effective in scattering light than is SPOM, 
and generally has a greater affect on K^. There are 
many models, which predict the SPM concentration 
in lakes from wind-generated waves (Luettich et ak, 
1990; Somlyody & Koncsos, 1991; Hawley & Lesht, 
1992; Kristensen et ak, 1992; Blom et ak, 1994; 
Bailey & Hamilton, 1997). Other models have also 
included effects of bottom characteristics (Lou et ak, 
2000) and spawning Carp (Tsanis et ak, 1998). Resus- 
pension by internal seiche movement is another source 
of variation in SPM in lakes (Pierson & Weyhenmeyer, 
1994) for which a predictive model has been created 
(Hagatun & Eidsvik, 1986). Different methods for 



measuring and approaches for modeling sediment re- 
suspension have been reviewed (Bloesch, 1994; Teeter 
et ak, 2001). Few of these studies have collected data 
series longer than 3 weeks at a time (e.g Lou et ak, 
2000). River inflow as a source of SPM has been sug- 
gested (Hawley & Lesht, 1992; Bloesch, 1994), but 
has, as far as we could And, not been included together 
with wind resuspension in the models predicting lake 
SPM concentration. 

The aim of this paper is to present a model to com- 
bine both the effect of wind and river inflow to predict 
SPIM concentration. The model is planned to be used 
for describing the available light to phytoplankton in 
a phytoplankton model (Pierson et ak, 2003). It is run 
and optimized using a 3 month long record of wind, 
discharge and SPIM in a sub-basin of Lake Malaren, 
Sweden. 



Methods 

The western Galten basin of Lake Malaren is a eu- 
trophic basin in southern Sweden with a surface area 
of 61 km^, a mean depth of 3.4 m and a maximum 
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Lake MSIaren 




Figure 1. Bathymetric map of Galten basin of Lake Malaren with 
the 6 m contour line. The location of the transmissiometer is marked 
with ‘T’ in a circle. 




Figure 2. Relationship between beam attenuation coefficient (C 550 ) 
and the concentrations of suspended particulate inorganic matter 
(SPIM) measured at the depth of the transmissiometer in the western 
Galten basin of Lake Malaren 2000-06-20 - 2000-10-11. 



depth of 19 m (Hakanson, 1979). It is wind-exposed 
due to the low topography of the surrounding land. 
Within the lake basin a maximum fetch is found of 
10 km east to west and 5 km south to north. Retention 
time varies from 10 to 130 days depending on season. 

An automated sampling station was installed on an 
island 500 m from the northern lake shore where stand- 
ard meteorological parameters were measured, includ- 
ing wind speed and direction (13 m above ground). A 
Sea Tech beam transmissometer (10 cm pathlength) 



(Bartz et ak, 1978) was mounted horizontally in the 
middle of the water column (3 m from surface and 
3 m from bottom) 500 m west of the island (Fig. 1). 
A single cable from the sampling station was used 
to supply power and receive output from the instru- 
ment. Both changes in the derived beam attenuation 
coefficient (c) (for calculations, see Pierson & Wey- 
henmeyer, 1994) and wind speed and direction were 
measured at high (10 min) frequency. 

The beam attenuation coefficient is the sum of 
absorption and scattering. The transmissometer light 
source had a wavelength of 660 nm, where the domin- 
ant source of absorption is pure water. Consequently, 
variations in scattering are largely responsible for vari- 
ations in C660, and variations in scattering are strongly 
influenced by SPIM due to the relatively small particle 
size and high refractive index of inorganic material. 
The correlation between concentrations of SPIM and 
C660 was significant (Fig. 2). 

The windows of the transmissiometer light source 
and detector were cleaned weekly in order to limit bio- 
logical fouling. At the same intervals, the Sea Tech 
transmissiometer was cross-calibrated against a newer 
Wetlab transmissiometer which was used as part of a 
vertical profiling system that was not subjected to any 
fouling. Data were corrected by linear interpolation to 
remove the accumulated effects of biological fouling. 
We have found that cleaning had a less than 25% effect 
on the measured transmittance. 

Each week a 2 1 water sample was collected at a 
depth of 2-4 m with a 2 m long Ramberg tube sampler. 
Half liter aliquots were filtered through pre -weighed 
47 mm diameter Whatman GF/F glass fiber filters. 
These were then oven dried (110°C) and re-weighed 
to determine the suspended particulate matter (SPM) 
concentration. The inorganic portion of the suspen- 
ded material (SPIM) was measured after the filter was 
burned at 550 °C for 4 h. A depth-integrated sample 
was collected from the epilimnion and preserved with 
Lugols solution for later counts. 

Daily discharge was acquired from SMHI (Swedish 
Meteorological and Hydrological Institute), who mon- 
itors the four main river inlets, which account for 95% 
of the total inflow to Galten. 



Description of a dynamic model for predicting 
SPIM concentrations 

The aim of this model was to predict pelagic SPIM 
concentrations from measurements of wind speed (m 
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Figure 3. Model structure for predicting suspended particulate inorganic matter (SPIM) in a lake. 



s“^) and mean river discharge (m^ s“^). An overview 
of the model is shown in Figure 3. 

SPIM concentration (g m“^) was calculated know- 
ing the lake volume. SPIM exchanges with PIMavaii, 
assumed to be particulate inorganic matter (PIM) de- 
posited as a fraction of the sediment still potentially 
available for wind resuspension. SPIM can also enter 
from the catchment with river inflow. PIMavaii together 
with SPIM should always be less or equal to Maxavaii 
or else PIM will be lost from PIMavaii through PIMiost 
(see Figure 3). We consider PIMavaii not strictly as the 
sediment surface layer, but as a pool of actively avail- 
able PIM. The crucial constant here is Maxavaii (38 mg 
1“^). When PIMavaii together with SPIM has reached 
Maxavaii h IS assumcd that the system is saturated with 
PIM and excess PIM will be lost (not specifying if it is 
buried or flushed out). Maxavaii was derived from his- 
torical records based on the assumption that maximum 
measured SPIM concentrations are related to occa- 
sions when the majority of PIMavaii is resuspended to 
the SPIM compartment of the model. Daily variations 
in SPIM and PIMavaii are described by Equations (1), 
(2) and (3). 

SPIMconc = SPIM / Volume ( 1 ) 



d (SPIM)/dr = PIMin + Resusp - Settling, (2) 



d (PIMavaii)/d? = Settling - Resusp - PIMiost, (3) 



where SPIMconc = The concentration of suspended 
particulate inorganic matter (g m“^). Volume = Basin 
volume, 210*10^ (m^), SPIM = suspended particu- 
late inorganic matter (ton = 1000 kg), PIMin = input 
of PIM into pelagic phase due to runoff (ton day“^), 
Resusp = wind induced PIM resuspension from the 
sediment (ton day“^). Settling = settling out of PIM 
to the sediment surface (ton day“^), PIMavaii = PIM in 
the sediment fraction still available for resuspension 
(tons), PIMiost = PIM transport out of lake and into 
deep inactive sediments (ton day“^). 

The more river inflow to the lake the more PIM 
will be transported as long as there are still PIM in a 
pool of erodible sediment (PIMcatch)- Given sufficient 
available sediment, the transport of PIM into the basin 
will increase with river flow. The relationship between 
particle load and river inflow is described by Equations 
(4) and (5). 

PIMij^ ^ RatcPIMij^ if PIMcatch ^ R&tcPIMij^ or 

PIMin = PIM^^^^h 2 /RatePIMin if PIMcatch < RatePIMin 

(4) 

and 

RatePIMin = Cq * (5) 

where PIMin = input of PIM into pelagic phase due 
to river transport and shoreline erosion (ton day“^), 
PIMcatch = available pool of PIM transported with 
rivers from the catchment, (ton), RatePIMin = expo- 
nential function describing the increased rate of PIM 
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from river inflow (ton day“^), Cq = the river inflow 
constant, 2.68 * 10“^ (dimensionless), Q = the river 
inflow (m^ s“^), expg = the river inflow exponent, 3.4 
(dimensionless). 

The pool of PIM (PIMcatch) accumulated in the 
catchment between the rainstorms is assumed to 
be gradually filled (RatCfin) to a maximum level 
(Maxcatch)- When the pool of PIM reaches the max- 
imum level, no more PIM is added (Equations (6) and 
(7)). 

PIMcatch — Catchfiii — PIMin (6) 

and 

Catchfiii = RatCfiii if PIMcatch < Maxcatch 
or 

Catchfiii = 0 if PIMcatch > Maxcatch 

(7) 

where PIMcatch = the available pool of PIM in the 
catchment (ton), Catchfiu = a rate of PIM build-up in 
the catchment as long as the pool of PIM is not filled 
(ton day“^), Maxcatch = highest level of PIM in the 
catchment before build-up ceases, 7980 (ton), RatCfiu 
= a constant build-up of PIM in the catchment, 332 
(ton day“^). 

The second source of PIM into the pelagic phase 
is re suspension by wind (Resusp), which acts on the 
PIM available in the sediment (Equations (8) and (9)). 

Resusp = PIMavail * R^-tCResusp/T^ave (8) 

and 

Ratesesusp = Cw * Wind‘=’^P«', (9) 

where Resusp = wind induced particle resuspension 
from the sediment (g m“^ day“^), RatCResusp = ex- 
ponential function describing the rate of particle re- 
suspension from windspeed (dimensionless), Dave = 
average depth in the basin, 3.4 (m), Cw = the wind 
constant, 907 (dimensionless). Wind = daily aver- 
aged wind speed at 13 m (m s“^), expW = the wind 
exponent, 0.53 (dimensionless). 

The loss of PIM from the pelagic phase to the 
sediment is described by a settling function based on 
Stokes law (Sinkstoke), which is shown in Equation 
(10). 




Figure 4. Relationship between suspended particulate matter 
(SPM) and the concentrations of suspended particulate inorganic 
matter (SPIM) measured at the depth of the transmissiometer in the 
western Galten basin of Lake Malaren 2000-06-20 - 2000-10-11. 

where Settling = settling out of SPIM to the sedi- 
ment (ton day“^), SPIM = particles in the pelagic 
phase (ton), Sinkstoke = sinking rate derived from the 
Stokes law (m day“^), which remains constant for all 
particles in the model. 

Only one size-class (Size) and one density of 
particles (DensityP = 2.65*10^ g m“^) was used to 
calculate Sinkstoke (Fig. 3). The PIM entering the 
sediment will first enter an available compartment 
(PIMavail) where it can be subjected to resuspension by 
wind. Einally, when the available sediment compart- 
ment is full the PIM will be either buried into deeper 
inactive parts of the sediment, or they will be flushed 
out of the lake which here is described by the function 
PIMiost in Equation (11). 

PIMiost = PIMavail Fraciost if (SPIM -h PIMavail) 

> Maxavail or 

PIMiost = 0 if (SPIM + PIMavail) 

< Maxavail (H) 

where PIMiost = this is PIM which is not available for 
resuspension either due to burial in the sediments or as 
a result of being flushed out of the basin (ton day“^), 
Eraciost = constant for removing excess PIM, 0.05 (di- 
mensionless), Maxavaii = the maximum allowed mass 
of PIM in the lake basin calculated as SPIM and 
PIMavail, 7980 (ton). 



Settling = SPIM * Sinkstoke / F>ave 



( 10 ) 
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Results and discussion 

The pool of potentially available PIM in the catchment 
(PIMcatch) was set to a maximum of 7980 tons, which 
corresponds to 38 mg 1“^ SPIM in the lake. This can 
be compared to an estimated concentration of 28 mg 
1“^ SPIM, which corresponds to the 99-percentile 
(<34 mg 1“^) of monthly SPM measurements 1968- 
2000 (http://infol.ma.slu.se/, 2000-02-02). Two out- 
liers outside the 99-percentile are considered to be un- 
realistically high and are not taken into consideration 
when estimating PIMcatch- The data are converted by 
the regression between SPIM and SPM using weekly 
data from Galten measured between 2000-06-20 and 
2000-10-11 (see Fig. 4). The observed range of SPM 
concentrations from Galten are comparable to invest- 
igations in large and shallow lakes (Luettich et al., 
1990; Hawley & Lesht, 1992). However, other similar 
lakes have up to an order of magnitude higher SPM 
concentrations (Kristensen et al., 1992; Hamilton & 
Mitchell, 1996). 

Behind the approach of using PIMcatch (Equation 
(6) was the idea that when there are many consecutive 
rainstorms in a short time period, the pool of particles 
will empty and the effect of river inflow will be re- 
duced. This pattern was also found in Blackstone river, 
where a sharp increase was followed by a relaxation 
in SPM concentration already before the relaxation in 
flow (Ji et al., 2002). The constant RatCfiu adds 332 
tons d~^, which would fill up the pool of particles 
in PIMcatch after approximately 1 month. The value 
of the RatCfiii-is preliminary and may be revised once 
data with many consecutive rainstorms becomes avail- 
able. The constant Maxavaii sets the upper limit for 
how much PIM can exist as active sediment and in 
pelagic phase and is chosen to be 7980 tons based 
on the same arguments around the historical data as 
PIMcatch above. 

Daily averaged wind speed and river inflow were 
used to run the model (see Fig. 5 A). Vector wind and 
wind scaled with effective fetch (Hakanson & Jans- 
son, 1983) at the sampling site were tested as model 
inputs, but did not improve the model results. In late 
July an exceptional event occurred with the highest 
river flow (382 m^ s“^) since 1977. Normally, river 
flow has annual peaks at 200-300 m^ s“^ occurring 
predominantly in April (mediani 978-2000 = 104 m^ 
s“^), declining to low flow between June and Septem- 
ber (mediani 978 - 2000 = 31 m^ s“^). In contrast, daily 
averaged wind speed does generally not vary much 
between months, with a mean between 1961 and 1998 
of 3.6 m s“^ and annually peaks between 12 and 
19 m s“^ 




1-Jui 1-$4P 1-Ocl 

Figure 5. ( A)Wind speed (at 13 m) and river inflow in western Lake 
Malaren during year 2000. (B) Measured and modeled suspended 
particulate inorganic matter (SPIM). Circles indicate a simulation 
where river inflow were not included. (C) Biomass of phytoplankton 
calculated from weekly microscope counts. 

Optimizations 

Predicted SPIM concentration was compared to the 
time series of SPIM concentration derived from trans- 
missiometer measurements. The values of Size, Cw, 
exp W, Cq and exp Q were calculated using an optim- 
ization routine where these constants were adjusted in 
order to minimize the square of the residuals between 
simulated and measured SPIM. The optimized aver- 
age particle size of 4.5*10“^ (m) can be compared to 
4.7*10“^ (m) which is the size calculated from the 
highest daily sinking rate (1.47 day“^) using Stokes 
law. This occurred when wind speed was low (<2.5 m 
s“^) resulting in relatively low mixing. In our model 
(Equation (9) we have set expW=0.53, which means 
that wind induced resuspended SPIM was related to 
the square root of wind speed. The constant expW 
have been estimated to range between 1 and 1.45 in 
other studies (Somlyody & Koncsos, 1991; Kristensen 
et al., 1992). We think this discrepancy may be related 
to basin morphometry and sediment constitution. 
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The optimized run fits very well with measured 
SPIM (see Fig. 5 B). In mid- July, there is a steep 
increase in SPIM caused by high river flow followed 
by a large decrease in SPIM concentration. In the de- 
clining part of the SPIM peak the pool of particles in 
Maxcatch is depleted so that PIMin does not contrib- 
ute significantly to the pelagic SPIM concentrations. 
The decline in SPIM concentrations from peak val- 
ues is therefore partly a result of the displacement of 
SPIM from the lake basin by the input of river inflow 
with low SPIM concentrations. Over the entire period, 
wind speed fluctuations effected the variation of SPIM 
concentration to fit close to the measured concentra- 
tion, even during high river inflow. During September 
there is a mismatch between modeled and measured 
SPIM, which can be explained by a phytoplankton 
bloom dominated by diatoms, which occurred during 
this time (see Fig. 5 C). The phytoplankton biomass 
is not explicitly included in the model, but the silica 
frustules of diatoms will influence the measured SPIM 
concentration. 

An alternative simulation was performed where 
river inflow was set to zero (Fig.5 B). The simulation 
shows clearly that river flow of 150 m^ s“^ is critical 
for increasing the inflow related SPIM-concentration 
in the lake. The mechanism responsible is thought to 
be increased particle transport from catchment dur- 
ing high river flow, but an alternative explanation is 
that raised lake level would increase shoreline erosion. 
However, samples from one of the major river mouths 
show a 4-fold increase in concentration of total phos- 
phorous (tot-P) between 2000-06-14 and 2000-07-23 
and then relaxing to 2.5 fold the initial value at 2000- 
08-08, while phosphate fraction is virtually unchanged 
(http://www.avf.u.se/, 2002-09-10). Using the tot-P as 
a substitute for SPIM, this result supports that SPIM 
would enter via the rivers during high flow. At the 
peak of SPIM concentration, river inflow accounts for 
15 mg 1“^ compared to 5 mg 1“^ from wind resupen- 
sion. In contrast to river inflow, wind speed has no 
threshold value for the affecting SPIM. Instead SPIM 
concentrations are affected at all wind speeds. The 
model shows us that river related SPIM is important 
both in magnitude and over time for this flushed lake 
basin. Considering annual peaks of river flow normally 
over 200 m^ s“^ river related SPIM considerably af- 
fects the light climate for the phytoplankton during a 
period each year. In future, a longer dataset will help 
to further validate and develop the model, including 
a phytoplankton component and two size classes of 
SPIM. 



Conclusions 

A simple model has been developed which predicts 
SPIM concentration in the lake basin based on vari- 
ations in wind and river inflow. Calibration of the 
model is based on a monitoring of inflow, wind speed 
and lake concentrations of SPIM. Preliminary simu- 
lations show that the model behaves well during a 
period with extremely high flow and normal wind con- 
ditions. Thresholds of 150 m^ s“^ were found for river 
transported SPIM. The wind induced mixing accounts 
for a background SPIM concentration of approxim- 
ately 5 mg 1“^ and extreme increases in river flow 
account for at the most a 15 mg 1“^ increase in SPIM. 
The model shows the importance of riverine input for 
the SPIM concentration during periods with increased 
inflow. 
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Abstract 

Remediation of contaminated sediments requires detailed characterizations of the speciation of the toxic substances 
and their transformations with regard to time and spatial distribution. While many approaches exist to address 
dissolved species of toxicants, there is a need to characterize sediments per se in terms of materials or particles 
which bind toxicants and modulate their bioavailability and rate of burial. Such specific information can be achieved 
through the correlative use of analytical microscopies, applied directly to native aquatic materials and used in con- 
junction with novel particle isolation methods and standard techniques of analytical chemistry. Such sedimentary 
‘materials’ are dominated by clays and other colloidal minerals, microorganisms, humic substances, organic debris, 
iron and manganese oxide coatings and extracellular polymeric substances. By using new technology to (1) identify 
particles and their relative abundances, (2) examine specific toxicant/particle associations at the scale of individual 
abundant particles, and (3) follow transformations over time, we produce information more insightful than was 
obtainable previously. Such knowledge will assist in determining which remediation technologies would be best 
for a given contaminated sediment (i.e. ‘intrinsic remediation’ or dredging/disposal). 



Introduction 

Human activities have introduced toxic amounts of 
metals and undesirable organic substances into aquatic 
ecosystems. The selection and implementation of re- 
mediation plans for contaminated water bodies require 
detailed characterizations of the speciation of the toxic 
substances, and their transformations with regard to 
time and spatial distribution. Such characterizations 
are a prerequisite for informed choices. 

While many approaches exist to address dissolved 
species of toxicants, there is an increasing need to 
characterize sediments per se in terms of materials 
or particles which bind toxicants and modulate their 
bioavailability and rate of burial. Conventional bulk 
analyses are insufficient for planning; they do not 
address the fact that toxicants can be bound to spe- 
cific particulate (or colloidal) species having specific 
properties, such as their scavenging, aggregation and 
settling behaviours (Droppo et al., 1997; Leppard 
etak, 1998; Webb et al, 2000). For modeling pur- 
poses, especially with regard to biologically active 



sediments, the use of specific information derived 
from each of the abundant toxicant/particle complexes 
at a given site is certain to yield better data inputs than 
the current use of averaged information derived from 
bulk techniques. The need to characterize better the 
structure and behaviour of sediments is clear. 

It is evident from recent literature that observations 
at the nanoscale level (0.1-0.001 /xm) could contrib- 
ute greatly to our understanding of toxicant/particle 
complexes in nature (Liss et al., 1996; Droppo et al., 
1997; Lienemann et al., 1997; Leppard et al., 1998; 
Jackson et al, 1999; Webb et al., 2000), especially 
observations made by correlative analytical electron 
microscopy (AEM) (Leppard, 1992; Liss et al., 1996; 
Jackson & Leppard, 2002). 

This paper outlines the need and means to charac- 
terize sediment structure and behaviour, prior to se- 
lecting and implementing remediation plans. Towards 
this end, it describes the scientific basis for attempt- 
ing environmentally-relevant nanoscale studies (using 
correlative analytical microscopy), lists published case 
studies involving sediments and their colloidal sub- 
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components, and directs readers to expert advice on 
methodological problems. This paper also illustrates 
how new nanoscale technology can be used in as- 
sessing remediation technologies and in identifying 
subsequent scientific challenges. 

Basis for the utility of nanoscale research on 
sediments, with case studies 

One would tend to dismiss the utility of making nano- 
scale observations on sediments after a consideration 
of the immense structural complexity expected at the 
nanoscale, along with the numerous interacting pro- 
cesses which contribute to ongoing structural changes 
and the need to visualize readily perturbed colloid as- 
sociations at molecular resolution. However, such a 
consideration shows only that the task is difficult; as 
Jackson & Leppard (2002) have argued, novel high 
technology and a well-reasoned approach should yield 
useful nanoscale observations on natural sediments. In 
fact, recent progress employing analytical electron mi- 
croscopies reveals that: (1) nanoscale abiotic particles 
interact in recognizable ways (Buffle et al., 1998); (2) 
colloids in general (1.0-0.001 /xm), including colloid- 
sized biota, can be visualized realistically (Leppard, 
1992; Lienemann et al., 1998); (3) native suspen- 
ded biological macromolecules and humic substances 
can be visualized (Leppard & Buffle, 1998; Myneni 
et al., 1999); (4) interactions between microbes and 
nanoscale minerals are amenable to analysis (Fortin et 
al., 1997; Jackson et al., 1999); (5) accumulation of 
aquatic contaminant metals by native nanoscale min- 
erals has been analyzed for environmental purposes 
(Tessier et al., 1996; Lienemann et al., 1997; Jack- 
son et al., 1999; Webb et al., 2000); (6) the colloid 
structure of suspended floe has been described and 
its individual nanoscale structures have been charac- 
terized (Liss et al., 1996; Leppard et al., 1998); (7) 
the formation and transformation of native colloidal 
structures in natural waters have been described (Mav- 
rocordatos et al., 2000). These case studies show that 
specific nanoscale sinks for metals can be documented 
and characterized. 

Guide to published work on the methodology and 
minimization of artifact for assessing associations 
between sediment structure and contaminants 

A general guide has been published on the evaluation 
of electron microscope techniques for the descrip- 



tion of aquatic colloids (Leppard, 1992). This guide 
has been extended by a paper on the optimal pre- 
paration of water samples for examining colloidal 
material by transmission electron microscopy (TEM), 
(Lienemann et al., 1998). Energy dispersive X-ray 
microanalysis (EDS), coupled to TEM, yields a mi- 
croprobe for combined ultrastructural and nanoscale 
element analyses of sediment samples; its applica- 
tions have been reviewed recently in the context of 
biogeochemical research (Jackson & Leppard, 2002). 
With such electron-optical technology, one can help 
define sediment in terms of specific contaminant- 
rich materials/particles in aquatic ecosystems; such 
knowledge should aid in the selection of remediation 
technologies. 

The use of the technology above depends on (1) 
correlative methods to preserve natural samples, to the 
greatest extent feasible, in an unperturbed state, (2) an 
effort to couple sampling with the initial preservation 
step (zero to minimal storage time), and (3) an effort 
to obtain contextual information (chemistry, biology, 
geography, geology, physics) for interpretations of in- 
formation from extremely small volumes of sample 
in relation to large scale environmental structures and 
processes. Detailed theoretical and experimental bases 
to achieve these goals are presented in Leppard & 
Buffle (1998). 

Protocols for correlative use of a multiscale, multi- 
microscope, multi-preservation approach to the ana- 
lysis of floes can be found in Liss et al. (1996), a 
paper which describes a useful field kit. Key features 
are the application of (1) multiple microscopies having 
overlapping resolution limits, and (2) four TEM fixa- 
tion protocols used correlatively to overcome specific 
artifacts inherent to each one when used independ- 
ently. Refinements are found in Droppo et al. (1996, 
1997) and in Leppard et al. (1998). One can now 
assess how nanoscale deposits of a metal are par- 
titioned between microbial cells, their extracellular 
polymeric substances (EPS - see Leppard et al., 2002) 
and colloidal minerals. 



Using correlative microscopy to suggest/assess 
remediation technologies 

While the potential for improving intrinsic remedi- 
ation technologies through nanoscale investigations 
is great, as described above, it is unknown the de- 
gree to which sediment structure may influence the 
effectiveness of a remediation technique. Tradition- 
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Figure 1. Multi-method electron-optical examination of floe components, (a) TEM photograph (at 0.003 /xm resolution) of an ultrathin section 
taken through a CSO (combined sewer overflow) floe; the image reveals bacteria, mineral colloids and EPS (extracellular organic polymers 
produced by secretion and/or lysis). Legend: M = mineral colloid; L = lyzed bacterium; B = bacterium; E = EPS. (b) Representative type EDS 
spectrum from a microprobe analysis of a pre-selected mineral colloid. 



ally, intrinsic remediation of contaminated sediments 
has relied on bulk chemistry to evaluate effectiveness 
of treatment. Our research, however, suggests that 
contaminants may be preferentially bound to specific 
sites within sediment floes. For example, detectable 
silver was found to be bound solely to EPS within 
one set of sediments examined (Leppard et al., 2002). 
Such information could improve treatment systems by 
suggesting how to target chemical and biological re- 
actions to specific contaminant binding sites. Figure 1 
shows data, from correlated TEM and EDS, which 



reveals an association of a given metal with specific 
morphology at the nanoscale. 

The degree to which sediment floe density and 
microstructure influence chemical amendment penet- 
ration and activation is unknown. Remediation tech- 
nology efficiency may be hampered if reactive bacteria 
are held deep within the floe matrix. If diffusional 
gradients are not set up within the floe to transport 
injected amendments to internally held contaminants 
and bacteria, then only external and surfacial bacteria 
may take on the role of bioremediation. As such, it is 
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Figure 2. (a) Settling velocity of floes collected from a CSO and a riverine suspended sediment, (b) Effective density and porosity of the same 
floe samples. 



evident that there is a need to understand further the 
structure, including nanostructure, of sediment floes 
in relation to contaminant uptake and remediation. 

Structural properties of suspended floes can 
provide some insight into the diffusional character of 
floe and also its erosional and physical transforma- 
tional properties after settling to the bed (i.e., strength 
and compaction). Part of the correlative approach is 
to link microscopic observation with a measured floe 
settling velocity, density and porosity. To provide an 
example of this approach. Figures 2a, b illustrate com- 
parisons of combined sewer overflow (CSO) floes with 
those of riverine suspended floes entering the same 
body of water. CSO floes are often a primary con- 
tributor to contaminated bed sediments that require 
remediation. It is, therefore, imperative to understand 
their structure/function in order to determine or as- 
sess remediation measures. CSO floes settle slower 
(Fig. 2a) because of their more open matrix, high 
water content and low density (low density is related 
to the high porosity and organic content of the floes) 
(Fig. 2b) relative to the river floes. TEM observations 
of the two floe populations, however, are demonstrat- 
ing that the floes have the same overall composition, 
only in different relative proportions. As such, it is 
evident that the environment in which a floe is formed 
will influence its depositional rate and, upon settling, 
will also influence its erosional potential. 

Floes delivered to a lacustrine setting from a river 
environment will likely be harder to erode than those 
derived from CSOs (assuming similar shears) owing 
to their denser and more compact structure. Once con- 
taminated sediment is delivered to the bed, it will 
be incorporated into the surfacial fine-grained lam- 



inae (SFGL) and eventually into the consolidated bed, 
provided it is in a primarily depositional environment 
(typical of contaminated sediment areas). Once de- 
posited, the sediment will undergo self-weighted con- 
solidation and biostabilization, which will enhance its 
strength. Biostabilization is a process whereby micro- 
bial growth and production of extracellular polymeric 
substances (EPS), in conjunction with sediment col- 
onization by other organisms such as fungi and algae, 
result in an increased stabilization of a bed sediment, 
from the sticking together of individual particles and 
floes (Droppo et ak, 2001). Correlative microscopy 
of stabilized sediments relative to depth of burial is 
the only way to directly observe this phenomenon. 
In essence, biostabilization represents a biofilm in- 
corporated into the surface sediment. The linkage of 
biostabilization within the overall dynamics of the bed 
shear zone has been described by Droppo et al. (2001) 
and its importance to intrinsic remediation techno- 
logies by Amos et al. (2003). Generally, intrinsic 
remediation technologies will initially destabilize the 
bed sediment and make resuspension of contaminants 
more likely, given the required bed shear stress for 
erosion. However, work by Amos et al. (2003) has 
demonstrated for one such treatment system that the 
destabilization effects are short lived and that, partially 
through biostabilization, the sediment regained its ori- 
ginal stability after only three days. This observation 
was made possible, in part, by the use of AEM for 
nanoscale observation of the bed sediment floes. Upon 
erosion, floes are large but strong and will deposit re- 
latively quickly in a low flow environment (Droppo 
& Amos, 2001). This has important implications 
when one disturbs the sediment for remediation; once 
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the contaminated sediment is mobilized (e.g. during 
dredging) it will settle quickly (flow dependent) and 
therefore not contaminate other cleaner areas (Droppo 
& Amos, 2001; Amos et al., 2003). From the above 
example, it is evident that understanding the structure 
and settling behaviour of the source sediments and 
contaminated bed sediments can be important when 
assessing bed sediment stability and therefore remedi- 
ation measures (Amos et al., 2003; Droppo & Amos, 
2001; Droppo et al., 2001). 



Concluding remarks 

There are many questions to be answered in relation to 
how sediment structure influences the physical, chem- 
ical and biological behaviour of sediments designated 
for remediation, and how these characteristics may 
influence the selection or efflciency of a given re- 
mediation technology. Speciflcally, one needs better 
to address (1) the degree to which floe microstruc- 
ture and general characteristics such as porosity may 
influence the effectiveness of remediation techniques 
(chemically, biologically and in terms of bed sediment 
stability) and to address (2) how intra-floe microbial 
communities may influence contaminant remediation 
and diffusional gradients through their effects on EPS 
composition, surface activities and packing density. 
Resolving these issues with the assistance of nano- 
scale investigations will aid in the development, selec- 
tion and assessment of remediation technologies for a 
given sediment condition. 
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Abstract 

The particulate organic carbon (POC), nitrogen (PN) and phosphorus (PP) vertical distribution along the water 
column and temporal variability in coastal and offshore waters of the Northern Adriatic Sea were related to the 
hydrodynamic conditions and biological processes. Fresh water inputs from the Po and Adige rivers enhance 
primary production, resulting in high POC, PN and PP concentrations at the surface. In offshore waters, POC 
and PN concentrations were about 3-4 times less than in the coastal waters, while PP were up to 10 times lower, 
highlighting a marked phosphorus depletion. In the bottom layer, the POC content decreases due to the strong 
density gradients which separate bottom waters with prevailing degradation processes. Short term 48 h-variability 
of POC, PN and PP in the coastal waters was determined to a great extent by variations in the spreading of river 
plumes at the surface and by nepheloid layers and resuspension processes in the bottom waters. The particulate 
matter in the Adriatic offshore waters is extremely depleted as regards particulate phosphorus and is characterised 
by Corg:P and N:P ratios higher than the Redfield ratio. 



Introduction 

Particulate matter in the oceans is constituted of living 
organisms and detrital material such as organic frag- 
ments, clays and carbonates, on which organic sub- 
stances, colloids and metals may be fixed or absorbed. 
Particulate matter may have an autochthonous origin 
from living organisms or from physico-chemical trans- 
formations involving the colloids (Chin et al., 1998) 
or may be allocthonous deriving from riverine or at- 
mospheric inputs. In the shallow coastal zone, the 
particulate organic matter undergoes transformations 
and degradation both during settling and at the water- 
sediment interface leading to nutrient regeneration and 
oxygen depletion. In the surface waters of the North 
Adriatic, the particulate organic carbon and nitrogen 
concentrations are related to the Po river outflow and 
to the abundance of phytoplankton (Gilmartin & Rev- 
elante, 1991). The Adriatic sea is characterised by 
very low concentrations of inorganic phosphorus with 
the N/P atomic ratio of the dissolved inorganic salts 
significantly higher than the Redfield ratio (Degobbis, 



1990). Several studies showed that both the Mediter- 
ranean sea (Krom et al, 1991, Thingstad et al, 1998) 
and the Adriatic sea (Pojed & Kveder, 1977) are P 
limited. 

Although the distribution of particulate organic 
carbon and nitrogen has been investigated in the 
Northern Adriatic (Faganeli et al., 1989, Gilmartin 
& Revelante, 1991, Boldrin & Rabitti, 1992), there 
is a lack of information concerning particulate phos- 
phorus, and only recently has particulate phosphorus 
been considered together with organic carbon and ni- 
trogen in the open Adriatic waters (Gismondi et al., 
2002) and in coastal areas such as the gulf of Trieste 
(Faganeli et al., 1988). This study presents the daily 
and seasonal variability of organic carbon, nitrogen 
and phosphorus in suspended matter and the seasonal 
changes of C:N:P ratios in the coastal and offshore 
waters of the Northern Adriatic Sea. 
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Figure 1. Sampling sites in the Northern Adriatic Sea. 

Study area 

The study was carried out at three sites located in the 
Northern Adriatic (Fig. 1). Two sites were located in 
the coastal zone with depths of around 20 m, under the 
direct influence of riverine outflows of the Po (SI) and 
Adige (S2) rivers. The third site (S3), located offshore, 
with a depth of 30 m, was representative of the average 
conditions of the Northern Adriatic basin. 



Materials and methods 

Conductivity, temperature, depth (CTD, Idronaut 
Ocean Seven) and transmittance (Sea Tech transmisso- 
meter, 25 cm optical path) were measured during four 
seasonal cruises (April, July and October 1995 and 
January 1996) in the water column over a period of 48 
h with a CTD profiling frequency of 2 h. In the same 
48 h-timespan, water was sampled in Niskin bottles 
every 4 h at 5-6 depths. Dissolved oxygen (Winkler 
method), chlorophyll a (Chi a), particulate organic 
carbon (POC), particulate nitrogen (PN) and particu- 
late phosphorus (PP) were determined by filtration of 
the water samples on Whatman GF/F pre-combusted 
and pre- weighed fiberglass filters. Chlorophyll a was 
determined by a fluorometer after overnight extrac- 
tion with 90% acetone solution of the grounded filters. 
POC and PN were determined using a CHN elemental 
analyzer, after removal of carbonates with HCl. PP 
was determined by filtration of 4-8 1 of water, and 
IN HCl extraction after combustion at 550 °C for 4 
h (Aspila et ak, 1976). The extracts were analyzed by 
inductively coupled plasma atomic emission spectro- 
scopy (ICP-AES). The precision of the method in the 



determination of C, N and P, was >95%, in the range 
of the measured concentrations. The accuracy of the 
method for C and P was verified periodically against 
the certified reference marine sediment BCSSl (NRC, 
Canada). Bottom sediments were sampled by a box 
corer and settling matter by a sediment trap as de- 
scribed in an earlier work (Giani et ak, 2001). C, N and 
P were determined following the methods described 
for particulate matter. 



Results 

The high discharge of riverine waters in the Northern 
Adriatic Sea creates a marked halocline in the coastal 
waters during the four seasons. Higher outflows of the 
Po river in October and January, and of the Adige river 
in July and October enhance the stratification differ- 
ently, influencing the bio-geochemical processes in the 
surface waters and in the underlying waters. There- 
fore, the data from each site were divided into two 
subsets: surface low-salinity waters (for sites SI and 
S2: S<35 in July and October; S<36 in January and 
April, for site S3: S<36.5 in July and October and 
S<37 in April) and deeper high-salinity waters (for 
sites SI and S2: S>36 in January and April; S>35 
in July and October; for site S3: S >37 in January and 
April; S >36.5 in July and October). Only in January at 
site S3 was the stratification not present as the waters 
were completely mixed (instability) and were charac- 
terised by high salinity. Low-salinity surface waters 
were always oxygen supersaturated except in January 
when phytoplankton biomass was lowest (Fig. 2). In 
the high-salinity waters, the oxygen content was near 
the saturation values or undersaturated with the max- 
imum of the oxygen depletion taking place during the 
warm period (July-October). The phytoplankton bio- 
mass was always more elevated in the coastal surface 
waters with maxima from April to October whereas in 
the offshore site higher biomasses were reached during 
the warm period (July-October) in the higher salinity 
waters (Fig. 2). The maxima were located at the base 
of pycnocline, between 15 and 20 m depth. 

POC and PN and PP concentrations in the coastal 
waters (SI and S2 sites) showed a marked decrease 
from the surface towards the bottom and a 48h- 
variability, which was usually greater in the surface 
waters due to the advection of fresh waters (Fig. 2). 
In the offshore waters, represented by site S3, the 
concentrations of POC, PN and PP in the cold period 
(April) reached their maxima in the surface low sa- 
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Figure 2. Variability of Salinity (S), Temperature (T), Dissolved Oxygen (DO), Transmittance (Tr), Chlorophyll a (Chi a), Particulate Organic 
Carbon (POC), Particulate Phosphorus (PP) and Particulate Nitrogen (PN) during 48h in different seasons for low (LS) and high salinity (HS) 
waters of the coastal belt (sites SI and S2) and of the offshore zone (site S3). Mean values and standard deviations are represented. 
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Unity waters, whereas in the warm period, when the 
thermocline was well established (July and October), 
the maxima coincided with that of chlorophyll a at the 
base of the pycnocline. 

At each site and in each season Chi a, POC, PN, 
PP were inversely correlated with salinity (p< 0.001), 
except in July at the offshore site, when the correla- 
tion was positive, as the phytoplankton biomass was 
higher in the deeper waters. In January the correlation 
of Chi a vs salinity was not significant at the coastal 
sites. POC was almost always significantly (p< 0.001) 
correlated with Chi a, except at the coastal sites during 
winter. 

The results have been grouped into two classes on 
the basis of the relative oxygen saturation in order 
to separate the waters where primary production pro- 
cesses prevail from those where respiration and min- 
eralization processes are more relevant (see Table 1). 
The C:N:P ratios in particulate matter have been de- 
rived from the linear regression curves and have been 
compared to the Redfield ratios (C:N:P = 106:16:1, 
Redfield et al., 1963). 

The Corg:N ratio derived from the linear regression 
varies from 5.4 to 8.2 (see Table 1). The values were 
near the Redfield value (6.6) at all investigated sites 
during April and October, when the primary produc- 
tion was higher (Giani et al., 1999). The Corg:P ratios 
estimated from the linear regression fall in the range 
47-400, with the highest values in the offshore waters 
(see Table 1). In the coastal stations the ratios were 
near the Redfield value or slightly higher. These ra- 
tios were higher than those reported for the particulate 
organic matter in the gulf of Trieste which anyway 
exhibited a high variability (56±108, Faganeli et al., 
1988). The N/P ratios varied from 5.6 to 48.7, reach- 
ing the higher values in the oxygenated waters during 
April and July. 



Discussion 

The POC and PN concentrations found in the present 
work fall within the range of values reported by Gil- 
martin & Revelante (1991) and by Faganeli et al. 
(1989) for the surface and deep waters of the Adri- 
atic Sea. The offshore waters present 2-4-fold higher 
concentrations as those found in extremely oligo- 
trophic areas of the Mediterranean (Banoub & Willi- 
ams, 1972; Rabitti et al., 1994). The PP concentrations 
at the coastal sites are one order of magnitude higher 
with respect to the offshore waters at S3 site and to the 



data reported for oligotrophic areas of the SE Mediter- 
ranean (Abdel-Moati, 1990) and NW Mediterranean 
(Copin-Montegut & Copin-Montegut, 1983). 

The coastal sites are representative of an area under 
the influence of riverine inputs where high primary 
productivity takes place (Giani et al., 1999), and are 
therefore characterised by an elevated concentration of 
suspended organic matter which is of the same order 
of magnitude both in the Adige prodelta and in the Po 
river prodelta. 

Suspended matter is characterised by higher Corg:P 
and lower Corg:N ratios than settling matter and sur- 
face sediments (see Fig. 3). The particulate matter 
of the offshore station has the highest Corg:P ratio. 
During winter, when the storms greatly enhance re- 
suspension, especially in shallow coastal waters, there 
is a shift of the ratios of the particulate matter towards 
that of the settling matter and of the surface sediments 
(see Fig. 3). 

The Corg:N ratio increases in July at S2 and S3 
sites, possibly as a consequence of the decay of the 
phytoplankton bloom and of the increase of bacterial 
activity (Puddu et al., 1998), whereas in January the 
increase is due to the resuspension of bottom sedi- 
ments, which present higher Corg:N ratios. The Corg:P 
and N:P ratios in the oxygenated waters decrease in 
October and January (see Table 1 and Fig. 3), mainly 
as a consequence of the increase of particulate P both 
due to riverine inputs and re suspension of sediments 
with low Corg:P (see Fig. 3). 

The Corg:P and N:P ratios increase seawards as a 
consequence of the marked decrease of PP concen- 
trations with respect to C and N (Fig. 2). Particulate 
matter in the open waters is therefore characterised by 
higher Corg:P and N:P ratios than the Redfield ratio, 
confirming the results of a recent study carried out in 
the frontal zones of the Adriatic Sea (Gismondi et al., 
2002 ). 

The offshore waters of the North Adriatic therefore 
represent an area of the Mediterranean characterised 
by Corg:P and N:P ratios in the particulate matter sig- 
nificantly higher than those reported for the Western 
Mediterranean (Copin-Montegut & Copin-Montgut, 
1983) and the Eastern Mediterranean (Abdel Moati, 
1990). 

During the same cruises carried out for the present 
study, both the N/P ratio of the dissolved inorganic 
nutrients and of the dissolved organic forms resulted 
in a higher ratio than the Redfield ratio, particularly at 
the S3 site during July (Lipizer et al., 1999), confirm- 




Table 1. C:N, C:P and N:P atomic ratios in the suspended matter derived by the slope ot the linear regression lines ol POC vs PN, POC 
vs PP and PN vs PP using the data collected seasonally over 48 h for waters with different oxygen saturation levels (a = intercept, b = 
slope of the regression liner, r = linear correlation coefficient for p<0.001, n = number of observations) in coastal waters (SI and S2 
sites) and in the offshore waters (S3 site) 
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Figure 3. Mean Corg/N versus mean Corg/P atomic ratios in suspended matter during different seasons (Jan: January, Apr: April, Jul: July, Oct: 
October) and in the surface sediments and settling matter for the coastal belt (sites SI and S2) and for the offshore site (site S3). Error bars 
represent standard deviations. 



ing the lack of phosphorus, especially in the offshore 
waters, both in the particulate and dissolved matter. 

Transparent Exopolymeric Particles, which are 
common in the Adriatic sea (Schuster & Herndl, 
1995), are characterised by C/N ratios higher than the 
Redfield figures (Mari et al., 2001). Mucilaginous ag- 
gregates, which are frequently formed in the North 
Adriatic during summer, are impoverished of N and 
P with consequent high C/N and C/P ratios (Giani 
et al., 1992) and could involve the TEP and colloids 
inclusion in the formation processes. The increase of 
Corg:P and N:P in particulate matter during summer at 
the offshore waters, when the bacterial activity (Puddu 
et al., 1998) and also the enzyme activity of bacteria on 
organic phosphates (Zaccone et al., 2002) are higher, 
could be due to the preferential remineralization of 
P bound to the exopolymeric matter present in the 
dissolved and in the particulate phases. 



Conclusions 

The POC, PN and PP concentrations in the coastal 
waters under the pycnocline are greatly reduced due 
to stratification and to degradation processes taking 
place during the settling of particles. Over 48 h, the 
variability of the concentrations in the coastal waters 
is highly dependent upon advection. In open waters, 
the highest variability corresponds to the subsurface 
chlorophyll maximum when the seasonal thermocline 
is established. Both the Adige and the Po prodeltas 
are characterised by the high standing stock of organic 
particulate matter, due to the high primary production 
induced by the nutrient load carried by riverine waters. 

The decrease of POC and PN concentrations across 
the saline gradient from the coastal to the offshore wa- 
ters can account for an up to 3-4-fold reduction. The 
decrease of PP is more relevant revealing an efficient 
removal of P through settling in the bottom sediments 
of the coastal belt. 

The particulate matter in the oligotrophic waters 
of the North Adriatic is extremely depleted of phos- 
phorus and the deviations of C:P and N:P ratios from 
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the Redfield ratio are more enhanced than those found 
in other part of the Mediterranean sea. 

We hypothesise that the deviation from the Red- 
field ratio could be attributed to the presence of col- 
loids and of transparent exopolymeric particles pref- 
erentially impoverished of P, with respect to N, by 
bacterial activity. 
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